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December 19, 2019

Rich Nieto, District Ranger
USDA Forest Service
Santa Fe National Forest
Coyote Ranger District
HC-78, Box 1

Coyote, NM 87012

RE: comments to the Encino Vista Landscape Restoration Project: Purpose and Need and
Proposed Action

submitted electronically via comments-southwestern-santafe@usda.gov

Dear Mr. Nieto,

The following are comments to the Encino Vista Landscape Restoration Project: Purpose and
Need and Proposed Action (project) issued November 19, 2019 and located on the Coyote
Ranger District, Santa Fe National Forest (SFNF). Please accept these comments on behalf of the
Santa Fe Forest Coalition, Wild Watershed and the Center for Biological Diversity. The 30-day
comments period ends December 19, 2019 making these comments timely.

The Santa Fe Forest Coalition is an all volunteer nonprofit that educates the public, the media
and policy makers on critical issues concerning forest and wildlife preservation in New Mexico.
Member groups include Wild Watershed, Once a Forest, Multiple Chemical Sensitivities
Taskforce, La Cueva Guardians, Tree Huggers Santa Fe and others. Wild Watershed is an all
volunteer organization focused on aquatic conservation and wilderness preservation. These
comments supplement and are in addition to other public comments that these groups may
submit.

The Center for Biological Diversity is a non-profit environmental organization with over
61,000 members, and 1.6 million activist-supporters nationwide who value wilderness,
biodiversity, old growth forests, and the threatened and endangered species which occur on
America’s spectacular public lands and waters. Many of the Center’s members and supporters
frequently use and enjoy the spectacular landscapes of the Santa Fe National Forest for
recreation, sustenance, nature study, and spiritual renewal.

These comments are constrained by the minimal 30-day comment period. The SFNF has offered
no justification for limiting public involvement in scoping to such a degree. Due to lack of time
important issues may have been overlooked and the full implication of others unrealized.
Therefore, these comments are filed under protest.




L C

1. LEGAL BACKGROUND
A. NEPA OBLIGATIONS

Under the National Environmental Policy Act (NEPA), every federal agency that takes a major
federal action “significantly affecting the quality of the human environment” is required to create
a detailed statement discussing: (i) the environmental impact of the proposed action; (i) any
adverse environmental impacts that cannot be avoided; (iii) alternatives to the proposed action,
(iv) the relationship between the short-term uses of man’s environment and the maintenance and
enhancement of long-term productivity; and (iv) any irreversible and irretrievable commitments
of resources which would be involve in the proposed action should it be implemented.! When, as
here, any significant environmental impacts may result from the proposed action, the agency
must complete a meticulous environmental impact statement (EIS).2

B. NFMA OBLIGATIONS

The National Forest Management Act (NFMA) imposes a substantive duty on the Forest Service
to “provide for diversity of plant and animal communities . . .” 16 U.S.C. § 1604(g)(3)(B). This
statutory intent is attained in NFMA’s 2005 implementing regulations that guide implementation
of the 1987 SFNF Plan. It requires the Forest Service to:

document how the best available science was taken into account in the planning process;
evaluate and disclose substantial uncertainties in that science; evaluate and disclose
substantial risks associated with plan components based on that science and document
that the science was appropriately interpreted and applied.

36 C.FR. § 219.11(a)(1)-(4). The Forest Service may satisfy the 2005 regulations’ requirements
through the use of “independent peer review, a science advisory panel, or other review methods
to evaluate the consideration of science in the planning process.” Id. § 219.11(b).

2. THE PROJECT FAILS TO DISCLOSE AND ANALYZE CLIMATE IMPACTS

The project fails to disclose and analyze the important role forests and woodlands play in
sequestering atmospheric carbon. It is well established that removing carbon dioxide from the
atmosphere is crucial to stabilizing the rapidly warming climate. The failure to discuss project
impacts to the climate undermines the public participation goals of NEPA and deprives the
decision-maker of necessary information, contrary to 40 C.F.R. §§ 1502.1, 1503.1-.4, 1505.2,
and 1506.6.

142 U.S.C. § 4332(2)(C)(i)~(v).

2 Sierra Club v. Van Antwerp, 661 F.3d 1147, 1153 (D.C. Cir. 2011) (citing Sierra Club v. Peterson, 717 F.2d 1409,
1415 (D.C. Cir. 1983)); see also 40 C.F.R. §§ 1508.11, 1508.27.

2
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The 2018 Intergovernmental Panel on Climate Change’s (IPCC) special report® found that the
single biggest source of carbon emissions from the land use sector is global deforestation and
forest degradation. In addition to identifying the extreme urgency of achieving significant
emissions reductions by 2030, the IPCC report highlights the important role of land
conservation. Increased forest protection could account for approximately Aalf of the climate
change mitigation needed to keep global temperature rise to 1.5 degrees Celsius or less.4

Unfortunately the SFNF has consistently ignored these findings. The scoping letter for the
massive Encino Vista project fails to even mention the impacts of removing millions of trees on
the rapidly warming and drying climate of the southwest.

Disregarding these potentially dire impacts is negligent in light of the following: 1) more logging
occurs in U.S. forests than in any other nation in the world, making the U.S. the largest global
problem in terms of carbon emissions from logging; 2) forests and other natural systems if
protected in the U.S. could offset as much as 21% of total U.S. greenhouse gas emissions;® and
3) If all tree cutting ceased on national forests, the rate of carbon storage on those lands would
increased by an average of 30 percent over the next five decades.”

Federal lands, including national forests, must be quickly mobilize to preserve carbon stocks.?
Urgently needed is a shift in federal subsidies away from logging/thinning/burning toward
investments in resilient, carbon-rich ecosystems that provide wildlife habitat and steady sources
of clean water. In addition to enhancing the carbon sequestration potential of U.S. public lands,
sensible conservations practices will preserve interconnected wildlife habitat as species adapt to
a rapidly changing climate.

3 Special Report on Global Warming of 1.5°C at https://www.ipcc.ch/srl 5/download/.

4 Erb, K.H., et al. 2018. Unexpectedly large impact of forest management and grazing on global vegetation biomass.
Nature 553: 73-76. Griscom, B.W., et al. 2017. Proceedings of the National Academy of Sciences, Vol. 114, pp.
11645-50.

5 Hansen, M.C,, et al. 2013. High-resolution global maps of 2 Ist-century forest cover change. Science 342: 850-53;
Prestemon, J.P., et al. 2015. The global position of the U.S. forest products industry. U.S. Forest Service, e-Gen.
Tech. Rpt. SRS-204.

¢ Tackling Climate Change: A Climate Change Adaptation and Carbon Dioxide Removal Landscape Analysis (Sierra
Club, Feb. 2019) Attachment A hereto, at p. 14

7 Depro, B.M., B.C. Murray, R.J. Alig, A. Shanks. 2006. Public land, timber harvests, and climate mitigation:
quantifying carbon sequestration potential on U.S. public timberlands. Forest Ecology and Management 255:
1122-1134.

8 The United States Mid-Century Strategy for Deep Decarbonization, p, 15 listing the need to “[q]uickly scale up
forest restoration and expansion on federal lands” as a “Long-term U.S. Mid-Century Strategy Priority”; p. 70:
“Federal lands will play an important role in preserving carbon stocks and providing early action.”; and p. 82 listing
“quickly mobilizing federal lands” as a “Priority for Policy, Innovation, and Research” towards achieving 2050
goals.”
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Without acknowledging the climate stabilizing benefits of preserving and rewilding, this project
calls for more than 200 square miles of public and private forests to be treated by either cutting
trees, deliberate burning or both to purportedly reduce the risk of unmanaged wildfire. This
strategy is faulty and incomplete for several reasons.

First, the assumption that logging/thinning/burning will reduce the severity of wildfires is not
universally supported. Cutting trees causes a substantial net loss of forest carbon storage, and a
net increase in carbon emissions relative to not cutting. In addition, logged areas tend to
experience higher severity fire than unlogged areas (Bradley et al. 2016).° Using over three
decades of fire severity data from relatively frequent-fire pine and mixed-conifer forests
throughout the western United States, Bradley et al. found that “burn severity tended to be higher
in areas with lower levels of protection status (more intense management), after accounting for
topographic and climatic conditions;”

Second, increased vegetation treatment operations will reduce forest carbon stocks in the short
term without guaranteeing increased carbon sequestration in the future. Vegetation reduction
projects will definitely increase carbon emissions in the near-term, releasing carbon through
cutting timber, burning slash, and in the milling and manufacturing process. Likewise
deliberately set fires will release additional carbon.

Third, the scoping letter failed entirely to address the issue of whether the putative future
emission reductions from thinning will occur at all. Although unacknowledged, the project seems
to be trading certain increases in net carbon emissions for uncertain future reductions. As
highlighted by the 2018 IPCC report, global greenhouse gas (GHG) emissions must be cut
approximately in half over the next decade to avoid catastrophic harms from climate change.
These targets require increasingly steep reductions in emissions over the coming decade. Yet this
is precisely the time period during which the carbon emitted from these proposed treatments will
increase atmospheric CO2 levels without any guarantee of reduced emissions in the longer term.

9 Bradley, C. M., C. T. Hanson, and D. A. DellaSala. 2016. Does increased forest protection correspond to higher
fire severity in frequent-fire forests of the western United States? Ecosphere 7(10):e01492. 10.1002/ecs2.1492 at 7,9.
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Fourth, the notion that dense, long-unburned forests must be “thinned” through logging
operations prior to reintroducing fire is simply not scientifically supported, and is directly
contradicted by a wealth of scientific data. !0

The SFNF must quantitatively disclose and analyze the impacts of GHG emissions using
guidance provided by the Council on Environmental Quality (CEQ). Effects include both the
potential effects of the proposed action as indicated by assessing GHG emissions and the effects
of climate change on the proposed action and its environmental impacts. The Global Climate
Change Prevention Act of 1990, sections 6701(b)5 and (c)3, requires that all federal agencies
analyze climate change effects in decision-making and propose alternatives that mitigate the
adverse effects of climate change.

In addressing GHG emissions, the Forest Service must include a comparison of estimated net
GHG emissions and carbon stock changes that are projected to occur with and without the
proposed actions. According to the CEQ, finding that a land management action represent only a
small fraction of global emissions is not an appropriate basis for deciding whether or to what
extent to consider climate change impacts under NEPA. CEQ also notes that monitoring is
particularly appropriate to confirm the effectiveness of mitigation. Unfortunately, the Santa Fe
National Forest has been woefully deficient in monitoring the impacts of its 1987 Land
Management Plan.

In conclusion, the project ignores NFMA'’s requirement to base decisions on the best available
science and NEPA’s requirement to address allegedly insufficient information. To the degree that
impacts to the climate are highly uncertain or involve unique or unknown risks, then an EIS is
clearly required. 40 C.F.R. §1508.27(b)(5). When there is incomplete or unavailable information
concerning reasonably foreseeable climate impacts, the agency must include a summary of the
existing information in the EIS and an evaluation of the impacts based on such information. 40
C.FR. §1502.22.

10 See Keifer, M.B., 1998. Fuel load and tree density changes following prescribed fire in the giant sequoia-mixed
conifer forest: the first 14 years of fire effects monitoring. In: Proceedings of the Tall Timbers Fire Ecology Conf.,
vol. 20. pp. 306-309; Stephens, S.L., Finney, M.A., 2002. Prescribed fire mortality of Sierra Nevada mixed conifer
tree species: effects of crown damage and forest floor combustion. For. Ecol. Manage. 162, 261-271; Fulé, P.Z.,
Cocke, A.E., Heinlein, T.A., Covington, W.W., 2004. Effects of an intense prescribed forest fire: is it ecological
restoration? Restoration Ecology 12, 220-230; Schwilk, D.W., Knapp, E.E., Ferrenberg, S.M., Keeley, J.E., Caprio,
A.C., 2006. Tree mortality from fire and bark beetles following early and late season prescribed fires in a Sierra
Nevada mixed-conifer forest. Forest Ecology and Management 232, 36-45; van Mantgem, P.J., J.C.B. Nesmith, M.
Keifer, and M. Brooks. 2013. Tree mortality patterns following prescribed fire for Pinus and Abies across the
southwestern United States. Forest Ecology and Management 289: 463-469; van Mantgem, P.J., A.C. Caprio, N.L.
Stephenson, and A.J. Das. 2016. Does prescribed fire promote resistance to drought in low elevation forests of the
Sierra Nevada, California, USA? Fire Ecology 12: 13-25; van Mantgem, P.J., N.L. Stephenson, J.J. Battles, E.K.
Knapp, and J.E. Keeley. 2011. Long-term effects of prescribed fire on mixed conifer forest structure in the Sierra
Nevada, California. Forest Ecology and Management 261: 989-994.
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3. THE PROJECT FAILS TO PROTECT THE MEXICAN SPOTTED OWL

The Forest Service has failed for more than two decades to obtain critical information needed to
conserve the Mexican spotted owl (MSO). As a result there continues to be exceptional
uncertainty when assessing both region-wide and site-specific impacts. First and foremost, the
Forest Service has failed to acquire baseline information on MSO population trends. Second, the
Forest Service has failed to acquire any information on the cause-effect relationship between the
large-scale clearing and burning and MSO population trends. NEPA’s regulations require that an
EIS be prepared if the environmental impacts of an agency action are likely to be highly
uncertain. 40 C.F.R. § 1508.27(b)(5).

Despite the clear need for caution, this project calls for an unprecedented level of habitat
disruption to both protected activity centers (PACs) and restricted habitat (steep slopes), far more
than allowed by the 1996 SFNF Plan’s standards and guidelines. This is unwarranted given
studies which suggest that most MSO populations have either declined in the recent past or are
still declining. Further, some evidence suggests that owls may be slow to re-colonize areas where
such declines have occurred (Seamans and Gutiérrez 2006, Stacey 2010, Willey and Willey
2010).

The extreme level of uncertainty coupled with evidence of a declining population argue strongly
against rolling back the binding 1996 standards and guidelines. The proposed project-specific
forest plan amendment would invalidate the current programmatic MSO Biological Opinion
(BiOp) for the SFNF. This BiOp assumes the implementation of the 1996 standards and
guidelines including rigorous population trend monitoring. In the absence of region-wide long-
term population trend monitoring, a separate BiOp would be required for the project to evaluate
whether the proposed landscape-level clearing and burning will jeopardize the owl population
and/or adversely modify its critical habitat.

4. THE PROJECT FAILS TO PROTECT OLD GROWTH FORESTS

NFMA imposes on the Forest Service a duty to ensure that any specific project in the forest
complies with the “land resource management plan of the entire forest,” in this case the SENF
Plan. 16 U.S.C § 1604(1).

The SFNF Plan’s old growth standards begin with an admission of uncertainty, followed by a
commitment to learn and identify old growth in all project planning:

Old growth is not well understood in the Southwest. Consequently, as knowledge is
gained the characteristics and inherent values of old growth stands will be better defined.
Site specific identification of old growth will occur during ecosystem area analysis or
project planning. (SFNF Plan p. 67)
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As noted earlier, NEPA’s regulations requires that an EIS be prepared if the environmental
impacts of an agency action are likely to be highly uncertain. 40 C.F.R. § 1508.27(b)(5). The
project’s impact to old growth are clearly rife with uncertainty.

It is unclear what, if any, knowledge has been gained of old growth’s characteristics and values
over the course of the implementation of the SFNF Plan. It is not disclosed how project-level
knowledge will be gained to better define “the characteristics and inherent values of old growth
stands.” This would include how the SFNF Plan’s parameters for determining old growth has
been refined for this project. For example: number of live trees in the main canopy; variation in
tree diameters; dead trees (standing snags and downed logs); tree decadence; number of tree
canopies; total basal area; and total percent canopy cover.

Only the bare minimum of 20 percent of the project area—the floor established by the SFNF
Plan—is being managed for old growth. Managing for minimums gives no room for error and
errors are inevitable given the acknowledged uncertainty and unprecedented scale and intensity
of proposed activities. Managing for minimums and allowing discretionary cutting of trees up to
23.9 d.b.h. is clearly inconsistent with the SFNF Plan that requires projects to “strive to create or
sustain as much old growth compositional, structural, and functional flow as possible over time
at multiple-area scales.”

It is unclear how old growth can be sustained as required by the SFNF Plan when as much as 30
percent of remainder trees left after aggressive clearing die in prescribed fires and more from
wind throw in newly opened stands. Also, Ips beetle populations increase dramatically in
untreated slash during dry conditions often overwhelming old growth ponderosa pines.

5. THE PROJECT FAILS TO PROTECT SOUTHWESTERN WHITE PINE

At the northern limits of its distribution, the Southwestern white pine (Pinus strobifomis)
population may be exhibiting unique resistance to white pine blister rust as a result of
widespread hybridization with limber pine (Pinus flexilis). Hybridization can increase genetic
diversity and generate novel allelic combinations. Novel combinations may exhibit both
resistance to the devastating blister rust and facilitate adaptive evolution to ongoing and future
climate change. There is evidence that this hybrid zone is shifting northward in response to the
warming climate.!!

Removing individuals that are genetically resistant before it can be determined their value in
countering the disease and adapting to climate change would be a significant loss to regional
biodiversity.

I Menon M, Landguth E, Leal-Saenz A, et al. Tracing the footprints of a moving hybrid zone under a demographic
history of speciation with gene flow. Evol Appl. 2019;00:1-15. https://doi.org/10.1111/eva.12795



& C

Unfortunately, the Forest Service has a long history of ignoring evolutionary processes such as
natural selection. In its formative years the agency encouraged land owners along the eastern
seaboard to cut down all American chestnuts before they were killed by an exotic blight. As a
result genetically resistant trees that may have allowed the species to survive and adapt were
lost.12 A more recent example is salvage logging of beetle killed white bark pine in the northern
Rockies. In this case, resistance and adaption is threatened by both clearing dead and surviving
Pinus albicaulis and large-scale replanting of non-resistant trees.!3

The standards of the SFNF Plan (replacement page 69a) must be met requiring a minimum of
120 Southwestern white pine remain per acre following clearing and burning. However,
preserving all individuals of this unique and relatively uncommon species is biologically
warranted and needed to meet NFMA'’s biological diversity mandate.

6. THE PROJECT FAILS TO PROTECT ROADLESS AREAS

This project failed to identify protection of inventoried roadless areas (IRAs) as a potential issue.
No information was presented concerning the delineation, location and potential impact to IRAs.

National forest roadless lands are heralded for their conservation values. Those values are
described at length in the preamble of the Roadless Area Conservation Rule (RACR) and in the
Final Environmental Impact Statement (FEIS) for the RACR.!4 They include: high quality or
undisturbed soil, water, and air; sources of public drinking water; diverse plant and animal
communities; habitat for threatened, endangered, proposed, candidate, and sensitive species and
for those species dependent on large, undisturbed areas of land; primitive, semi-primitive non-
motorized recreation; reference landscapes; natural appearing landscapes with high scenic
quality; traditional cultural properties and sacred sites; and other locally identified unique
characteristics (e.g., uncommon geological formations, unique wetland complexes, exceptional
hunting and fishing opportunities).

Roadless lands are responsible for higher quality water and watersheds. Anderson et al. 201215
assessed the relationship of watershed condition and land management status, and found a strong
spatial association between watershed health and protective designations. DellaSalla et al. 201116

12 Kelly, A.R. Chestnut surviving blight. Science 40 (1924): 292-93

13 Six, D., C. Vergobbi and M. Cutter. 2018. Are survivors different? Genetic-based selection of trees by mountain
pine beetle during climate change-driven outbreaks in a high-elevation pine forest. Frontiers in Plant Science

14 66 Fed. Reg. at 3245-47 and Final Environmental Impact Statement, Vol. 1, 3-3 to 3—7, available at
http://www.fs.usda.gov/roaddocument/roadless/2001roadlessrule/finalruledocuments.

15 Anderson, H. Mike et al., 2012. Watershed Health in Wilderness, Roadless, and Roaded Areas of the National
Forest System. The Wilderness Society, Washington DC. http://wilderness.org/resource/watershed-health-
wilderness-roadless-and-roaded-arcas-national-forest-system.

16 DellaSala, D., J. Karr, and D. Olson. Roadless areas and clean water. Journal of Soil and Water Conservation, vol.
66, no. 3. May/June 2011.
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found that undeveloped and roadless watersheds are important for supplying downstream users
with high-quality drinking water, and that developing those watersheds comes at significant costs
associated with declining water quality and availability. Protecting and connecting undeveloped
areas is also an important action agencies can take to enhance climate change adaptation.

It is also likely that there are substantial “unroaded” areas that could become inventoried roadless
lands and recommended for wilderness designation in the future. These lands play an important
ecological role in ensuring the persistence of species, providing connectivity and ensuring
watershed functionality.

Therefore, the project planning team must identify, delineate and quantify unroaded lands and
take the required hard look to determine if planned clearing and burning activities may have
significant impacts. We strongly oppose any developments in unroaded portions of the project
area until potential impacts can be comprehensively disclosed and analyzed.

In summary, the cumulative effects of clearing and burning thousands of acres over many
decades in unroaded, lightly-roaded and IR As eligible for wilderness must be analyzed and
disclosed in an EIS.

7. THE PROJECT FAILS TO USE THE BEST AVAILABLE SCIENCE

As noted earlier, NFMA’s 2005 regulations that guide implementation of the 1987 SFNF plan
requires the Forest Service use and document the best available science. 36 C.F.R. § 219.11(a)
(1)-(4). Please consider the following issues when using scientific information to prepare an EIS
for this project. For more detail see the attached comments by Dr. Dominick DellaSala to the
Santa Fe Forest Plan/DEIS currently in review. The references cited below are in his comments.

Biased Fire Scar Sampling

Fire scar estimates to determine fire return intervals are often extrapolated over large areas
instead of using multiple lines of evidence to calculate fire rotation intervals (Odion et al. 2014a,
Moritz et al. 2018).

There are significant uncertainties with extrapolating fire scar point sampling data over large
landscapes with the goal of reconstructing historic fire regimes for comparisons to contemporary
conditions (Baker 2017). They include sample-site selection bias, lack of tree scars in fire-killed
trees (thereby underestimating high severity occurrence), and inappropriate extrapolation of site-
specific data to draw landscape-level inferences (Baker 2017).

One result is a bias toward short fire return intervals which initiates a cascade of errors, the most
obvious are: 1) forests historically were predominately open; 2) contemporary forest conditions
are overly dense; and 3) there is a need for aggressive mechanical treatments to return to an
idealize past forest structure.




. ¢

Records from paleo-ecology reduce sampling bias and records high severity fires that other
methods miss. The paleo-record from charcoal sediments shows that when wet periods are
followed by successive droughts, large fires occur, including high severity patches (Meyer 2010).
Variability in fire return intervals results in high levels of fire-mediated biodiversity (i.e.,
pyrodiversity begets biodiversity, DellaSala and Hanson 2015). These benefits are not possible
with a strategy exclusively based on low-severity managed fires.

Closed Canopy Conditions Arbitrarily Defined

The LANDFIRE model currently in use is arbitrarily constrained to define closed canopy
conditions in the mixed conifer and ponderosa pine frequent fire Ecosystem Response Units as
woody cover exceeding 30%. No empirical evidence is provided for this decision. The result is
that extreme openness is used to determine the desired reference/baseline condition and
contemporary departure indices for alternative analyses.

Closed canopy forests in some cases currently exceed 70%. Dramatic reductions in cover
constitutes a major change that will have significant impacts to species requiring closed canopy
conditions. Large interspaces will be created across the landscape to meet this arbitrarily defined
“open” reference condition, creating novel ecosystems that do not comport with the need to
maintain ecological integrity or diversity.

Ecosystem Response Unit Classification Is Flawed

The outdated Ecosystem Response Unit (ERU) method of classifying vegetation is unreliable
and inaccurate. ERUs are based on an idealized view from the 1950s of what vegetation at a
particular site could potentially become independent of human influence.

The ERU methodology fails on two counts: 1) it runs counter to Forest Service policy set forth in
FSH 1909.12 which mandates the use of ‘natural range of variation,” a scientifically credible
approach that recognize forests as dynamic ecosystems subject to change over time; and 2) does
not acknowledge human influence as a universal shaper of ecosystem structure and function.

The project is embedded within the Colorado Rockies Forest Ecoregion that has been heavily
exploited by humans for centuries and continue to be exploited today. In addition, human-caused
GHG emissions are rapidly warming the planet with increasingly dire consequences for Rocky
Mountain forest ecosystems. Climate change alone invalidates ERUs as a credible management
tool. In addition, it is now nearly impossible to imagine potential vegetation independent of
human influence, let alone develop accurate predictive models for future desired conditions.

Additional problems with ERUs include: 1) the tendency to manage for an idealized vegetation
type that may not be possible at a specific site due to the changing climate; and 2) formulating
desired conditions without planning for the distribution of seral stages of development based on
what is actually present on the landscape. These seral states often provide essential habitat for
many species.

10
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Low Probability of Treatment Success

It is incorrectly assumed that fuel treatments are always effective in lowering wildfire intensity.
In fact, it is extremely unlikely that a wildfire will encounter a treated area during the 10-15 year
period following treatment when fuels are lowest (Schoennagel et al. 2017). Simply increasing
the area treated does not change these odds appreciably given one cannot accurately predict
when and where a fire will occur and many areas are inaccessible (Schoennagel et al. 2017).

8. THE PROJECT MUST BE CONSISTENT WITH SFNF PLAN

As noted earlier NFMA requires that any action taken at the project-specific level comply with
the Forest Land and Resource Management Plan. 16 U.S.C. Sec. 1604(i). Forest Service
procedures also require consistency with the Forest Land and Resource Management Plan (FSM
1922.12 and FSH 1909.12). The following measure must be met to ensure the project is
consistent with the 1987 Santa Fe National Forest Plan (SFNFP).

SFNFP requires that canopy cover of mid-aged (VSS 4)!7, mature (VSS 5) and old (VSS 6)
ponderosa pine forests be managed for an average canopy cover of 40 percent or greater. For
mixed conifer forests the canopy cover averages are one-third 60 percent and two-third 40
percent or greater for mid-aged forest (VSS 4), 50 percent or greater for mature forests (VSS 5)
and 60 percent or greater for old forest (VSS 6). Average canopy cover for spruce-fir is one-third
60 percent or greater and two-thirds 40 percent or greater for mid-aged forest (VSS 4) and 60
percent or greater for mature and old forests (VSS 5 and 6).

The SFNFP’s canopy cover standards apply to all forest and woodland communities not already
protected as Mexican spotted owl habitat (USDA Forest Service 1996:91). These canopy cover
minimums protect the Northern Goshawk (4ccipiter gentiles), a raptor morphologically adapted
to dense forests that studies using radio telemetry consistently demonstrate selects habitats with
high canopy closure (Austin 1993; Beier and Drennan 1997; Boal et al. 2001; Bright-Smith and
Mannan 1994; Drennan and Beier 2003; Hargis et al. 1994 and Stephans 2001). Please indicate
the methods used to identify the VSS classes in the project area that meet these canopy cover
requirements.

The SFNFP requires the project to “identify and manage dispersal (Goshawk) post-family
fledging areas (PFA) and nest habitat at 2 to 2.5 miles spacing across the landscape” (USDA
Forest Service 1996:92). The SFNFP links VSS, tree density and tree age to the “site quality of
the ecosystem management area” (USDA Forest Service 1996:92).

17 VSS is Vegetative Structural Stage. Canopy cover is the percentage of ground area shaded by overhead foliage
(Daubenmire 1959 cited in Ganey and Block 1994:21) measured by the vertical crown projection of the upper, mid
and lower canopies (USDA Forest Service 1996:92).

11
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The SFNFP also lists “dozer piling” as the least preferred treatment for woody debris and wisely
“limits dozer use for piling or scattering of logging debris so that the forest floor and herbaceous
layer is not displaced or destroyed” (USDA Forest Service 1996:94). Maintaining the organic
surface soil layers where ectomycorrhizae fungi are concentrated—mobilizing nutrients and
providing food for Goshawk prey—is critically important to sustaining healthy forest ecosystems
(Reynolds et al. 1992:31). Please indicate site-specific measures that will be taken to limit dozer

piling.

The SFNFP says “no treatments should occur in a stand managed for old growth once the stand
has achieved minimum structural characteristics of old growth” (SFNFP, p. 69).18 To determine
old growth please indicate the methods used for determining the age of trees in the main canopy;
the size, height and number of standing dead trees; the size, length and pieces of down dead
trees; the number of decadent trees; the number of tree canopies; and the total percent of canopy
cover and how this site-specific data will be used in the “quantitative models” specified in the
SFNFP (USDA Forest Service 1996:95).

In addition, please document how the SFMLRP is “incorporating natural variation . . . into
management prescriptions” . . . maintaining “all species of native trees”. . “allowing natural
canopy gap processes to occur” . . . (USDA Forest Service 1996:89) and “monitoring
management practices within designated peregrine falcon habitat” (SFNFP, p. 62) . . . provide “. .
. adequate perch and roost trees for raptors . . . within a 200 foot wide stand along . . . major
ridges” (SFNFP, p. 66) . . . coordinate timber activities in turkey nesting areas “to minimize
impacts between April 20 and June 10” (SFNFP, p. 72) . . . locate log landing areas to the extent
practical “outside . . . threatened and endangered species habitat” (SFNFP, p. 73) . . . maintain
adequate cover “within 8 chains (530 feet) of actively used elk wallows, licks, and

seeps” (SFNFP, p. 73) and, finally, protect “trails, blaze trees, and trail markers” during timber
harvest activities (SFNFP, p. 74).

9. THE PROJECT FAILS TO PROTECT MYCORRHIZAL FUNGI

The project does not mention of the critical role that mycorrhizal fungi networks play in
sustaining forests. No protection is proposed for mycorrhizal networks from vegetation clearing
and burning, roads and livestock grazing. These omissions undermine the environmental
protection purpose of NEPA and the biodiversity mandate of NFMA.

Mycorrhizal networks play important roles in mitigating the impacts of climate disruption to
forest ecosystems. They facilitate regeneration of migrant species that are better adapted to

18 Old growth is defined on p. 69a of the Forest Plan by cover type for a range of live trees in main canopy, variation
in tree diameters, dead trees, tree decadence, number of tree canopies, total basal area and total canopy cover.

12



® 4/

warmer climates and primed for resistance against insect attacks.!® To achieve these benefits all
of the parts and processes of highly interconnected forest ecosystems must be preserved and
protected.

Mycorrhizal fungi distribute photosynthetic carbon by connecting the roots of the same or
different tree species in a network allowing each to acquire and share resources. Large mature
trees become the hubs of the network and younger trees the satellite nodes.

Mycorrhizal networks transmit water, carbon, macronutrients, micronutrients, biochemical
signals and allelochemicals from one tree to another, usually from a sufficient tree to a tree in
need. This type of source-sink transfer has been associated with improved survivorship, growth
and health of the needy recipient trees in the network.

Recognition of kin is also evident between established large hub trees and their seedlings and
saplings. Hub trees shuttle their kin more micro-elements and support more robust mycorrhizal
networks providing them with a competitive advantage. However, hub trees also share resources
with strangers, suggesting these evolutionary mechanisms exist not just for individual species but
also at the community level.

Injury to a tree from defoliation by an insect herbivore or by physically removing foliage results
in the transmission of defense signals through the connecting mycorrhizal mycelium to
neighboring trees. These neighbors respond with increased defense-gene expression and defense-
enzyme activity, resulting in increased pest resistance.

In Douglas-fir, sudden injury to a hub tree not only increases defense enzymes of healthy
neighbors but elicits a rapid transfer of photosynthate carbon to a healthy neighbor. This suggest
that the exchange of biochemicals between trees elicits meaningful changes in the senders’ and
receivers’ behavior that enables the community to achieve greater stability in the face of a
changing climate.20

The complete omission of any consideration of mycorrhizal networks is a symptom of a single
minded vision of the future that is inconsistent with the unpredictability of climate-driven
change. Instead, forest managers should use scenario building models to explore an envelope of
probable futures that becomes wider the further forward one projects.2! In this more multifaceted

' Song, Y.Y. Simard, S.W., Carroll, A., Mohn, W.W. and Zheng, R.S. 2015. Defoliation of interior Douglas-fir elicits
carbon transfer and defense signalling to ponderosa pine neighbors through ectomycorrhizal networks Nature / Sci.
Rep. 5, 8495; DOI:10.1038/srep08495 (2015). Attached

20 ibid. Song et. al. 2015

2! Lempert, R. J. 2002. A new decision sciences for complex systems. Proceedings of the National Academy of
Sciences USA 99:7309-7313 and Parrott, L. and W. S. Meyer. 2012. Future landscapes: managing within
complexity. Frontiers in Ecology and the Environment 10:382-389.
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approach based on complex systems science, managers quantify the likelihood of each scenario
and then address the ranges of uncertainties in the ecological, social, and economic dimensions.??

10. THE PROJECT FAILS TO PROTECT PUBLIC HEALTH

The scoping document calls for more than 77,000 acres to be periodically burned using low-
intensity prescribed fires that produce high particulate smoke emissions. This would expose
affected citizens to far more smoke particulates over time than emissions produced by an
infrequent high intensity wildfire.

There is no known safe level of exposure to small particulate matter in smoke (< 2.5 microns in
size) below which health impacts are not observed. A significant portion of the population,
possibly even a majority, is at increased risk of harm from exposure. A Health Impact
Assessment must be prepared to disclose and analyze potential impacts to the disadvantaged
rural communities adjacent to the project area that will be most directly impacted.

11. QUESTIONS

Public involvement during the short 30 day comment period was limited. One meeting was held
in a remote location and no public notification was published in a newspaper of record. The
scoping document was devoid of critically important information.

A fundamental purpose of NEPA mandates that “federal agencies shall to the fullest extent
possible . . . encourage and facilitate public involvement in decisions which affect the quality of
the human environment.” 40 C.F.R. § 1500.2(d). Since that did not occur we submit the
following questions:

A. PURPOSE AND NEED AND NATIONAL ENVIRONMENTAL POLICY ACT

% Why isn’t protecting lives and property the primary purpose of this project? Making
vulnerable homes fire-safe and clearing flammable vegetation immediately around structures
are proven strategies.

% Will measures to protect soils, water quality and wildlife habitat be mandatory and
enforceable if they are proposed in an Environmental Assessment as opposed to an
Environmental Impact Statement? Please explain the role of mitigation measures in each
document.

B. ROADLESS FORESTS AND ROAD IMPROVEMENT
% How many inventoried roadless areas exist in this area? Are they be proposed for Wilderness
in the new forest plan?
* Constructing temporary roads will increase human caused fires in this area. Does the SEFNF
have the capacity of responding to this increase?

22 Filotas, E., Parrott, L., Burton, P.J., Chazdon, R.L., Coates, K.D., Coll, L., Haeussler, S., Martin, K., Nocentini, S.,
Puettmann, K.J., Putz, F.E., Simard, S.W., and Messier, C. (2014). Viewing forests through the lens of complex
systems science Ecosphere 5:artl
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Will unneeded roads be obliterated to protect water quality and wildlife habitat and prevent
the spread of invasive plants and access by arsonists and poachers?
How will ATVs be effectively restricted during project activities?

C. CLIMATE DISRUPTION
Is the Forest Service allowed to discuss the role that human emissions play in creating a
hotter and drier climate in the Southwest? If so, why was the climate not discussed in the
scoping document?
Is current climate science being used to analyze the impacts of clearing trees and annual
burning?
Why isn’t climate change mentioned as the primary driver of larger and more frequent high-
severity fires?
Why is the aim of this project to restore past forest structure instead of working with natural
succession and evolutionary processes to help the forest adapt to a warmer and drier climate?

D. WILDLIFE AND ANCIENT FORESTS
How will wildlife corridors be maintained in areas cleared and annually burned? Have
corridors been identified in the project area?
Will clearing and burning be restricted in the spring to protect breeding bird nests and other
wildlife? If not, please explain why.
Old growth aspen is important breeding bird habitat. Clearing and burning conifers in the
understory will cause significant harm. Will bird populations in old growth aspen habitat be
monitored to determine impacts? If not, please explain why.
Why are the threats of high severity fire to Mexican spotted owl habitat highlighted while it’s
benefits and the adaptability of the owl to burned forest habitat not discussed? Does the
SFNF monitor the Mexican spotted owl population? If so, what are the current trends?
Why is retaining the minimum allowed old growth the aim of this project when the forest
plan requires as much old growth be managed as possible?
Preservation of old growth and fuel reduction have conflicting aims. How will old growth
forests with their dense multistoried and high canopy cover be maintained on a minimum of
20% of the project area?

E. CLEARING TREES AND ANNUAL BURNING
How many live trees will remain after the initial clearing and burning? How many remainder
trees are expected to die in prescribed fires, bark beetles outbreaks and wind throw in newly
opened stands?
Will the legally required regeneration standards for remainder trees be monitored? If so will
that data publicly be available?
Will the size of burned debris piles be limited to protect soils and discourage invasive plants
from becoming established?

Why are protection measures for the vulnerable Southwestern white pine population not

discussed?
Will on-going livestock grazing impede the goal of restoring low-severity fire regimes?
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% Reference conditions are mentioned as being used to establish a desired forest structure.
Please identify the reference sites in the project’s Colorado Rockies Forest ecoregion.

Respectfully Submitted,
/s/ Sam Hitt

Sam Hitt

President SFFC

Founder Wild Watershed
P.O. Box 1943

Santa Fe, NM
sam(@wildwatershed.org
505-438-1057

16



"

ImIer-Jacguez, Sandra R -FS

From: Sam Hitt <sam@wildwatershed.org>

Sent: Thursday, December 19, 2019 9:24 PM

To: FS-comments-southwestern-santafe
Subject: Encino Vista Landscape Restoration Project

Attachment avaiabie unti Jan 18. 2020

Click to Download
DDS_Skpltancomments wpdfs 093019 copy pdf
179.4 MB

Part two comments attached

| want you to act as if your house is on fire.
Because it is.
Greta Thunberg

Sam Hitt

WILD WATERSHED

48 Old Galisteo Way
Santa Fe, NM 87508
505-438-1057
sam@wildwatershed.org




September 30, 2019

Responsible Official: Jennifer Cramer, Forest Planner

Santa Fe National Forest 11 Forest Lane Santa Fe,

NM 87508 505-438-5442

Submitted via: santafeforestplan@fs.fed.us

Submitted by: Dominick A. DellaSala, Ph. D, Conservation Scientist

Re: Comments on the Santa Fe National Forest Draft Land Management Plan and Draft
Environmental Impact Statement (DEIS)

Please accept these comments for the public record regarding the Santa Fe National Forest Draft
Land Management Plan and DEIS. I am a conservation scientist with over 30 years-experience in
forest ecosystems, including documenting the importance of fire-mediated biodiversity in dry
pine and mixed conifer forests of the West (DellaSala and Hanson 20151). My relevant expertise
also includes developing robust conservation strategies for land managers to accommodate
wildfires for ecosystem benefits while reducing fire risks to communities. I am submitting the
enclosed publications as pdfs in support of my comments, including how extensive logging has
increased fire severity in forests (Bradley et al. 2016), limitations of forest thinning in reducing
fire intensity (DellaSala et al. 2018), livestock grazing and climate change cumulative impacts on
national forests (Beschta et al. 2012), fire ignitions associated with roads (Ibisch et al. 2016),
climate change effects on fire regimes (Abatzoglou and Williams 2017), and ecological
importance of high severity burn patches in dry pine/mixed conifer forests including New
Mexico (DellaSala and Hanson 2019), among other relevant peer reviewed publications. My
comments are meant to improve the Forest Service’s approach to forest-fire resilience in the
Santa Fe National Forest (SFNF) and surroundings with the intent of showing how the agency
can and must do better with respect to using the best available science along with involving
scientists with a biodiversity perspective on wildfire and not just a fuel centric perspective
dominated by fuel management.

The SFNF encompasses 1.6 million acres (nearly the size of Yellowstone National Park) of
diverse conifer forests, woodlands, riparian forests, native grasslands and shrublands that make
up the scenic beauty and quality of life for surrounding communities, including unmatched
recreation, clean water, hunting and fishing, and iconic wildlife species. The SFNF includes
nationally significant roadless areas; designated and proposed Wilderness and Wild and Scenic
rivers; tribal-cultural sites; and essential habitat for large carnivores, ungulates, and at-risk
wildlife such as Mexican Spotted Owl, Southwestern Willow Flycatcher, Jemez Mountain

1 Note — a copy of the book — a very large pdf — can be purchased here https:/www.sciencedirect.com/book/9780128027493/the-
ecological-importance-of-mixed-severity-fires. For the purpose of these comments, | included the relative chapter, however,

these included editing notes as the publisher did not provide chapter pdfs.



salamander, Rio Grande cutthroat trout, and New Mexico meadow jumping mouse. These and
many other species in the project area require intact areas periodically maintained by wildfires of
low and mixed severity effects on vegetation that also include occasional large and small patches
of high severity fire effects. The SFNF’s low elevation forests are predominately influenced by
frequent fires of low severity with fire-flare ups that often kill overstory trees (site and landscape
heterogeneity). During drought cycles and under extreme fire weather these flare ups can include
small and large high severity patches that are important ecologically (DellaSala and Hanson
2019). Upper elevation spruce-fir forests are on centuries long fire rotation intervals (landscape
scale) where high severity fire effects are characteristic (Margolis et al. 2002) and climatic
factors are the top-down driver of fire behavior, not fuels (see Bessie and Johnson 1995). This
variability is not appropriately recognized, planned for, or even properly analyzed in the DEIS,
which mostly emphasizes mechanical treatments designed to move substantial amounts of closed
canopy forests into low fuel condition conducive of low-severity fire effects lacking
diversity/heterogeneity at site or landscape levels.

Much of the Santa Fe National Forest biodiversity is distributed along elevation gradients with
changes in life zones prominent from valley bottoms and foothills to montane and alpine. Thus, a
primary objective of the DEIS should be to maintain landscape connectivity that accommodates
biological diversity across life zones and for focal species, species of conservation concern, and
at-risk species and ecosystems. The DEIS is deficient in analyzing how connectivity is being
impacted specifically by habitat fragmentation in the project area and surroundings (cumulative
effects) caused by roads, extensive thinning and forest canopy reductions, ski area development,
mining, livestock grazing and infrastructure, off highway vehicles (OHVs), and other
developments. Connectivity cannot simply be maintained at the coarse-filter level via vegetation
management and very general site-specific measures incorrectly presented as a fine filter
approach. Connectivity maintenance requires proper analysis (species-specific trigger points and
population viability analysis, see Noon et al. 2003, Schultz et al. 2013) to meet the best available
scientific information (BASI) requirement of the 2012 forest planning rule. None of the
alternatives in the DEIS meet the BASI requirement for connectivity (Box 1 and Box 2).

Box 1. Ecological integrity. The quality or condition of an ecosystem when its dominant
ecological characteristics (e.g., composition, structure, function, connectivity, and species
composition and diversity) occur within the natural range of variation and can withstand and

recover from most perturbations imposed by natural environmental dynamics or human influence
(36 CFR 219.19).

Box 2. Connectivity. Ecological conditions that exist at several spatial and temporal scales that
provide landscape linkages that permit the exchange of flow, sediments, and nutrients; the daily
and seasonal movements of animals within home ranges; the dispersal and genetic interchange
between populations; and the long distance range shifts of species, such as in response to climate
change.




Planning deficiencies regarding integrity and connectivity are summarized as follows:

Connectivity is inadequately addressed by an emphasis on vegetation management in
Ecological Response Units (mostly coarse filter), general site-specific measures
(inadequate fine filter), and some road closures/decommissioning. Notably, in a
comprehensive analysis of biodiversity strategies in a changing climate, connectivity
(site-specific structural features, landscape intactness, corridors) was identified as the
single most important strategy for enabling plants and wildlife to adapt to climate change
and is critical to achieving climate resilient ecosystems (Haber and Nelson 2015). These
authors recommend far more measures for maintaining connectivity than what was
provided in the DEIS.

There are substantial roads (6,900 miles) throughout the SFNF, many of which are
leaking sediments into streams and pose a barrier and mortality risk to wildlife (vehicle
collisions). Roads, cattle, and logging/thinning all affect the biological and physical
environment of focal species, at-risk species, and species of conservation concern and
this requires fine-scale analysis (“trigger points,” and population viability analysis
(PVA); as in Noon et al. 2003, Schulz et al. 2013) along with stepped up conservation
(see conservation requirement of the planning rule below) that must be analyzed at the
appropriate scale using BASI to take a hard look at connectivity and not just providing
unsupported claims that vegetation management actions satisty this requirement.

The DEIS must analyze connectivity to maintain viable populations of focal species, at-
risk species, and species of conservation concern (i.e., via PVA and trigger points)
especially in a changing climate and in the context of both direct and indirect cumulative
effects (e.g., analyze habitat fragmentation as the antithesis of connectivity).

A connectivity analysis needs to incorporate cumulative impacts (e.g., livestock,
thinning, roads), importance of intact areas (especially connecting life zones along
gradients for species movements), and barriers to terrestrial and aquatic focal species, at-
risk species, and species of conservation concern along with specific measures for
reconnecting habitat. Examples of connectivity analyses include identification of species-
specific road density thresholds (generally >1 mi/square mile is problematic for aquatic
species), identification and protection of ungulate migration corridors (e.g., deer and elk
winter and summer range movements) and large carnivore travel routes (especially along

riparian areas) (i.e., the Forest Service must follow approaches in Haber and Nelson
2015).

Maintaining the mixture of fire severity effects on the SFNF is key to meeting the diversity

requirements of the 2012 forest planning rule (see section on diversity of plant and animal
communities), including mixed-severity fires that produce high-severity patches having unique
ecological functions (DellaSala and Hanson 2019). The DEIS is deficient in this regard as it over



emphasizes low-severity fire at the expense of mixed-severity fire effects (including high
severity patches) essential to ecological processes, ecological conditions, and ecological integrity
(Box 1, 3,4, 5).

Box 3. The selected set of ecological conditions and key ecosystem characteristics related to the
composition, structure, ecological processes, and connectivity of plan area ecosystems
(terrestrial, riparian, and aquatic), provide the basis for monitoring ecosystem integrity (36 CFR
219.8(a)(1)) and the diversity of plant and animal communities (36 CFR 219.9).

Box 4. System drivers, including dominant ecological processes, disturbance regimes, and
stressors, such as natural succession, wildland fire, invasive species, and climate change; and the
ability of the terrestrial and aquatic ecosystems on the plan area to adapt to change (§ 219.8)

Box 5. Ecological conditions. The biological and physical environment that can affect the
diversity of plant and animal communities, the persistence of native species, and the productive
capacity of ecological systems. Ecological conditions include habitat and other influences on
species and the environment. Examples of ecological conditions include the abundance and
distribution of aquatic and terrestrial habitats, connectivity, roads and other structural
developments, human uses, and invasive species.

The DEIS conflicts with the above planning rule requirements in the following ways:

= Alternative 3 (natural process alternative) is erroneously dismissed for Alternative 2
(preferred alternative) that relies on far more mechanical treatments than natural
processes. More natural process features from Alternative 3 need to be incorporated into
the final plan. Ostensibly, the main reason for the Forest Service rejecting Alternative 3
stems from inaccuracy problems inherent to LANDFIRE, fire scar analysis sampling
biases, and inappropriate reference conditions tied to Forest Service research publication
GTR-310 that have led to an over-reliance on mechanical treatments to achieve novel
ecosystems devoid of most small trees with remaining trees prone to blowdown.

* The DEIS assumes high-severity fire patches are an anomaly of contemporary fire
systems and therefore does not properly analyze positive contributions of high-severity
patches in contributing to diverse ecosystems (DellaSala and Hanson 2019), particularly
high elevation areas that experience characteristic high-severity fires (the predominant
fire regime) on long fire rotation intervals.

* High-severity patches are ecological diverse habitats (DellaSala and Hanson 2019) and
are important as foraging habitat for raptors such as Northern Goshawks and Mexican
Spotted Owls (see Lee 2018), woodpeckers and songbirds (Hutto et al. 2015), small
mammals and ungulates (Bond 2015), and may play a role in snowshoe hare/lynx
dynamics. This needs to be acknowledged and the at-risk species tables in the DEIS




adjusted to include positive effects of high-severity fires on wildlife instead of all
negative effects as incorrectly noted in the DEIS.

= The DEIS does not include sufficient actions for limiting the spread of invasive species
via vector management of livestock (maximum permitted stocking rate of 11,400 AUMs
is not sufficiently mitigated), roads, and OHVs. Improved foraging habitat for cattle
through thinning and infrastructure changes under the preferred alternative is inadequate
for addressing the chronic invasive species problems across the SFNF that will
accumulate (cumulative effects) over space and time through active management
(thinning entries), continued grazing especially in a changing climate (see Beschta et al.
2012) and road developments (see Ibisch et al. 2016 for a review of road impacts,
including spread of invasive species).

= The DEIS is completely inadequate in addressing the critical habitat needs and population
dynamics of threatened Mexican Spotted Owls (MSO), which require site specific and
region-wide population monitoring and not just knowledge of habitat availability.
Notably, a federal judge on September 11 enjoined all “timber management actions” in
eleven national forests in New Mexico and Arizona for failing to survey and protect the
MSO. The SFNF through Endangered Species Act section 7 consultation must engage in
specific and region-wide population monitoring to ensure the MSO population is
recovering and its habitat protected from thinning and other project actions (e.g., effects
of livestock grazing on prey species).

Overall, the DEIS and supporting documents do not meet the BASI requirement of the 2012
forest planning rule with respect to accurate, reliable, and relevant issues being considered (Box
6). There are incorrect reference conditions tied to the Forest Service research publication GTR-
310 extrapolated from a completely different region, accuracy problems inherent with the
LANDFIRE program at the SFNF scale, uncertainties with fire return interval estimates using
fire scar sampling, and arbitrary determinations regarding closed canopy forest conditions that
has led to an over emphasis on mechanical treatments to achieve desired open forest canopy
conditions at the expense of plant and wildlife diversity.

Box 6. § 219.3 Role of science in planning. The responsible official shall use the best available
scientific information to inform the planning process required by this subpart. In doing so, the
responsible official shall determine what information is the most accurate, reliable, and relevant
to the issues being considered. The responsible official shall document how the best available
scientific information was used to inform the assessment, the plan decision, and the monitoring
program as required in §§ 219.6(a)(3) and 219.14(a)(4). Such documentation must: identify what
information was determined to be the best available scientific information, explain the basis for
that determination, and explain how the information was applied to the issues considered.
(emphasis added)




The DEIS does not sufficiently meet the conservation requirement of the 2012 forest planning
rule (Box 7).

Box 7. Conservation. The protection, preservation, management, or restoration of natural
environments, ecological communities, and species. Conserve. For purposes of subpart A, §
219.9, to protect, preserve, manage, or restore natural environments and ecological communities
to potentially avoid federally listing of proposed and candidate species.

Noted deficiencies in the conservation requirement include:

= Lack of preservation and protection of natural environments (especially roadless areas,
closed canopy mature forests, riparian areas, critical MSO habitat), ecological
communities, focal species, at-risk species, and species of conservation concern.
Alternative 2, for instance, emphasizes extensive mechanical treatments that may cause
irreparable harm to MSO, focal species, at-risk species, and species of conservation
concern through major reductions in canopy closure and understory vegetation. Extensive
thinning of forest canopies may constitute an adverse effects determination in section 7
consultation for the MSO (and prey species) that uses closed canopy forests for nesting
and may use severely burned areas for foraging (see Lee 2018).

Importantly, the DEIS presents a questionable analysis of fire emissions derived from
assumptions in the LANDFIRE program and does not include an appropriate analysis of the
emissions from logging (in-boundary and transportation/manufacturing of wood products),
livestock grazing and infrastructure, and road building/maintenance. An emissions analysis
related to all project activities is necessary to properly assess air quality impacts to surrounding
communities and COz2 contributions to climate change with an alternative chosen that minimizes
emissions related specifically to forest plan activities (direct, indirect, cumulative emissions
impacts).

In sum, I am requesting that the Forest Service modify or include a new alternative that meets the
following requirements:

= Identification and protection of specific connectivity areas (e.g., roadless areas, intact
riparian and watersheds) for achieving viable populations of focal species, species of
conservation concern, and at-risk species in a changing climate (see Noon et al. 2003,
Schulz et al. 2013, Haber and Nelson 2015, especially Table 1). Such areas should be
protected from mechanical treatments especially habitat of at-risk species (e.g., MSO).

= Consistent with the guidelines for connectivity in Haber and Nelson (2015:Tables 1 and
2), it is essential for the forest plan to identify key characteristics of connectivity (also




Haber and Nelson 2015:Table 3), including composition, structure, process/function at
scale: site, landscape, corridors, riparian areas, and wildlife travel routes.

An analysis and mitigation of how conditions on the SFNF and surrounding areas
(logging, roads, development, grazing especially in riparian areas) affect connectivity
(cumulative effects analysis).

Substantial reduction in livestock AUMs and increase in riparian, native meadows, and
aspen grove protections, restoration and invasive species containment. This should
include opportunities for local conservation groups to purchase grazing leases from
willing sellers with the allotments and AUMs permanently retired by the Forest Service.
Livestock should be removed from riparian areas and curtailed in areas with native plant
communities.

Accuracy determination and field verification (and error correction) of LANDFIRE and
forest canopy determinations, particularly in relation to site-specific reference conditions
and ecologically appropriate definitions of closed canopy forests; the >30% closed
canopy definition in the DEIS is arbitrary and has resulted in excessive canopy reduction
measures to achieve “open” conditions.

Use of multiple lines of evidence (e.g., see Odion et al. 2014a, Moritz et al. 2018) in
estimating historic fire regimes and recognition/ analysis of the importance of mixed-
severity fire effects on plant and wildlife diversity, including small and large patches of
high-severity fire effects characteristic of drought cycles, fire flare ups, and upper
elevation forests.

A substantial reduction in mechanical treatments that are otherwise resulting in novel
forest conditions that lack integrity and climate resilience because of the over-emphasis
on open forest conditions that retain few trees. Forests opened by excessive thinning lack
understory shrubs, forbs and small trees that contribute to climate resilience (see Baker
and Williams 2015, Baker 2018); small trees may also have mature/old growth
characteristics because of slow growth rates and more of them need to be maintained as
an important understory cohort for future old-growth development (e.g., by creating small
gaps and leaving many more tree cohorts).

A focus on community wildfire risk reduction through partnerships with private
landowners that emphasize defensible space measures for homes instead of extensive
thinning in the backcountry.

A substantial reduction in livestock grazing including large no-grazing zones that more
aptly address cumulative effects of livestock, infrastructure, and climate change (see
Beschta et al. 2012).

A reduction in project related carbon dioxide emissions by a project level comparison of
emissions alternatives.



My detailed comments and supporting publications follow this signature page.

Sincerely,

(Dl A Colledel

Dominick A. DellaSala, Ph. D
Independent Conservation Scientist



UNCERTAINTIES OF FIRE SCAR METHODOLOGY, REFERENCE CONDITIONS,
AND FAILURE TO MEET BASI REQUIREMENTS OF THE PLANNING RULE

The 2012 planning rule requires forest plans to meet the best available scientific information
(BASI) standard during planning assessments. Ryan et al. (2018) provide specifics on how best
to meet this standard illustrated in their Figure 2:

Figure 2 (from Ryan et al. 2018). Criteria for determining best available scientific information (BASI). Source:
Forest Service Handbook 1909.12.07.12

According to Ryan et al. (2018) “the definition of BASI is contained in the “zero code” chapter
of the handbook and specifies three primary criteria: accuracy, reliability, and relevance (FSH
1909.12.07.12), in addition to referencing the Data Quality Act (PL 106-554) for guidance on
evaluating available information (Figure 2). Available is defined as information that currently



exists in a form useful for the planning process without further data collection, modification, or
validation (FSH 1909.07.01).

Based on the BASI standard above (especially Ryan et al. 2018: Figure 2), there are two main
problems with the DEIS fire assumptions: (1) over reliance on fire scar estimates used to
determine fire return intervals that are then extrapolated over large areas instead of the more
appropriate use of multiple lines of evidence used to calculate fire rotation intervals (landscape
scale; see Odion et al. 2014a, Moritz et al. 2018); and (2) accuracy and reliability problems with
use of LANDFIRE to estimate reference and contemporary conditions in forest plan analyses
(discussed below).

Fire return intervals are biased - While local sampling is important for estimating fire return
intervals at the stand level, there are significant uncertainties with extrapolating fire scar point
sampling data over large landscapes often used by researchers to re-construct historic fire
regimes for comparisons to contemporary conditions (Baker 2017). They include sample-site
selection bias, lack of tree scars in fire-killed trees (thereby underestimating high severity
occurrence), and inappropriate extrapolation of site-specific data to draw landscape-level
inferences (Baker 2017). The hypothetical figure below illustrates the inherent sampling bias of
grouping individual fire scar data to construct composite fire interval (mean CFI).

FIRE SCAR DATA UNDERESTIMATE HIGH SEVERITY
OCCURRENCE & RETURN INTERVALS

[] Uunburned
- Burned

1800 1850 1900

Tree 1---- | ---------m----- |---

Tree 2----|---- -- [------- [---

Tree 3-——-- | ----—---m-mmmm -

Tree 4--- |--- === ] --=mmmmmmme-
Composite- |----- - | ------|-—- =33 yrs.

= Actual Fire Interval = 33-100 yrs (mean = 58 yrs)

= Longer fire intervals = time for fuels to accumulate (only
10 years needed for surface fuel to reach high levels).

= Longer fire intervals = trees can establish between fires

In sum, variability in CFI estimates is masked whenever the mean return interval is used (instead
of the range or scope-of-inference is inappropriately extrapolated from sites to large areas and
whenever measures of central tendency (rather than the range) are used in fire return intervals.
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This results in a cascade of errors beginning with a bias toward very short fire return intervals
(i.e., because the mean and not the range was used), conclusions that historic conditions were
predominately open forests (especially when open is arbitrarily defined using LANDFIRE, see
below), conclusions that contemporary forest conditions are way out of bounds, and, the
inappropriate need for aggressive mechanical treatments. To fix this problem, the best estimator
of fire intervals at landscape scales is to use the fire rotation interval (Baker 2017).

Baker (2017) notes that fire rotations at the landscape scale can be derived from:
1. Areas burned in recent fires from agency fire records or records from remotely sensed
data.
2. Historical areas burned reconstructed from scarred trees or plot locations.
3. Historical areas burned reconstructed using a ratio method and scarred-tree or plot
records, or comparable data in a table or graph.

The Forest Service must provide information on the fire rotations using methodologies in Baker
(2017) supplemented wherever possible with the paleo-ecology literature that can be used to
reduce sampling bias associated with shorter sampling timelines and lack of high severity
detectability from fire scar extrapolations. For instance, Baker (2017) goes through each source
of bias in tree-ring reconstructions and shows that using corrected estimators actually yields
longer fire rotation periods for dry pine/mixed conifer areas. Note that Figure 3 and Figure 4 in
Baker (2017) show the diversity of fire rotations (longer intervals) in the Santa Fe area and the
S2 Table has individual estimates for New Mexico. The sampling bias in fire-scar data must be
disclosed as the DEIS is based mainly on fire-scar interpolation from plots to landscapes thereby
compounding errors.

To correct for sampling bias, the Forest Service must account for variability in fire-free intervals
using more robust methodologies, disclose whether there are historic accounts of fires in the
DEIS area beyond just fire-scars, and include paleo-ecology studies from comparable sites to
illustrate variability in fire regimes over longer time intervals. Significant discrepancies and
debate among researchers about fire scar sampling must be disclosed (e.g., see Odion et al. 2016
response to Stephens et al. 2016 and Moritz et al. 2018).

As an example, a key fire-history study for the Santa Fe watershed is Margolis and Balmat
(2009). These researchers indicate that the historical low-severity fire rotation in this watershed
for dry pine forests was estimated at 39.80 years. They define frequent fire as < 25 years. Using
their definition means that the Santa Fe watershed would not qualify as a frequent-fire regime, as
this is a sufficient mean number of years between surface fires to allow understory fuels
including shrubs and small trees to accumulate levels that would certainly enable the occurrence
of some mixed and high-severity fires and some dense forests overtime. Moreover, this longer
period corresponds with the paleo-record from charcoal sediments showing that when wet
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periods are followed by successive droughts, large fires, including patches of high severity, do
indeed occur (Meyer 2010).

It is important to accommodate this variability in fire return interval estimates as heterogeneity in
the ensuing burn severity patches at the landscape scale results in high levels of biodiversity (i.e.,
pyrodiversity of fire severity patches begets biodiversity, DellaSala and Hanson 2015). Notably,
even slight differences in fire-return intervals are consequential. Baker (2017) reports that
understory fuels in dry forests recover after fires in 7-25 years. If mean fire-return intervals were
<25 years, understory fuels would be limited. However, if the interval was >25 years, as reported
by Margolis and Balmart (2009), then shrubs and small trees would recover across the landscape
and excessive thinning to shift forest to more open-canopy forests with minimal small tree and
shrub cover would be inappropriate at large spatial scales.

The role of shrubs and understory vegetation is also a key ecosystem component in dry forests
allowing for nutrient cycling and below-ground processes, water absorption and retention,
provision of wildlife habitat, pollination and other ecosystem services. Spatial heterogeneity in
fire-return intervals at landscape scales is a key indicator of resilience as it allows for both fire
refugia (longer return intervals) and fire-maintenance (short return intervals). It is essential to
manage for this variability at the site and landscape scale to accommodate wildlife that require a
range of severity effects on vegetation: low, moderate and high severity. In other words, when it
comes to fire, nature is complex (e.g., mixed severity) while management tends for uniformity
(mainly low severity) typically at the expense of fire-mediated biodiversity.

The following Baker (2017) observations about fire interval estimators need to be addressed in

the DEIS:
“Dry-forest landscapes until recently were thought to have historically been primarily old
growth forests, with a history of frequent low-severity fire, across their extent (e.g. [72 ]),
but this has been refuted by GLO reconstructions and early aerial photographs (Table 6 ),
paleoecological evidence [24 ], and early forest-reserve reports and other evidence [63 ,
73 ]. Even in Arizona, which had abundant old forests with frequent fire (Fig 3 ), denser
forests and high severity fire were extensive at certain times and in certain places, as on
Black Mesa and parts of the Mogollon Plateau [60 , 73 ]. It is sensible to restore low-
severity fire to its former dominance in the parts of dry-forest landscapes with a history
of primarily low-severity fire, historically averaging about 34% of western dry-forest
landscapes (Table 6 ). Estimated mean PMFI/FRs [population mean fire interval/fire
rotation] here provide a guide for restoration and management of low-severity fire in
extant old-forest parts of landscapes. For most dry-forests today, which are not old, using
frequent fire (PMFI/FR <25 years) in restoration is not supported, and fuels do not need
to be substantially reduced, because historical PMFI/FRs naturally allowed historical
shrubs and small trees to fully recover after fires. Restoration of low-severity fire is still
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needed. The most appropriate approach, given likely long but uncertain mean rates of
historical low-severity fire, is for most dry forests today to receive at most one prescribed
fire, followed by managed fire for resource benefit, with the goal of mimicking mean
historical PMFI/FRs and variability in fire (fire-size distributions, unburned area) as
forests reach old age.”

Thus, based on Baker (2017) and the problems noted in estimating fire return intervals, the DEIS
needs to greatly scale back thinning except where thinning of small trees is needed to re-
introduce fire nearest homes.

Problems with GTR-310 reference conditions - The DEIS tiers to GTR-310 (Restoring
Composition and Structure in Southwest Frequent Fire Forests). However, GTR-310 does not
even align with the geographic scope of the SFNF, as the SFNF is within the Colorado Rockies
Forest Ecoregion yet GTR-310 is predominately within the Arizona Mountain Forest Ecoregion,
which has a different climate, soil types, historical conditions, and fire regime. Extrapolating
from one region to another is inappropriate (Moritz et al. 2018) and thus GTR-310 cannot be
relied on for project-specific descriptions or actions.

The DEIS relies upon General Technical Report 310 as a primary source for desired conditions
in the SFNF. This is inappropriate because none of the reference studies were from the Sangre de
Cristo Mountains, and the two locations in the Jemez Mountains represent just 12 acres of
sampled forest. The DEIS should instead rely on site-specific reference conditions and exercise
caution when extrapolating fire regimes and forest structures from one geographic location to
another given differences in vegetation, fire rotation intervals, elevation gradients, regional
climate, and the influence of a rapidly changing climate on contemporary and future fire
conditions (see Moritz et al. 2018). Thus, applying the “Flagstaff fire model” derived from GTR-
310 is completely inappropriate for the SFNF.

ACCURACY PROBLEMS WITH LANDFIRE NEED FULL DISCLOSURE AND
CORRECTION

Fire regime condition class (FRCC) and LANDFIRE vegetation models and maps are used by
the Forest Service in planning assessments. These approaches are useful at large spatial scales
(national) but they have well known accuracy problems at the project level that need full
disclosure, cross validation with field data, and error correction.

For instance, Swetnam and Brown (2010) examined accuracy of LANDFIRE and FRCC
assessments in Utah for similar vegetation types as in the DEIS planning area (Box 7).
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Box 7. “LANDFIRE map data were found to be ~58% accurate for BpS and ~60% accurate for
existing vegetation types. Results suggest that limited sampling of age-to-size relationships by
different species may be needed to help refine reference condition definitions used in FRCC
assessments, and that more empirical data are needed to better parameterize FRCC vegetation
models in especially low-frequency fire types.”

Zhu et al. (20006) tested the vegetation mapping protocol of LANDFIRE and likewise concluded
mapping accuracies of 60% or better at 30-m spatial resolution. Notably, such low accuracy
determinations do not comport with Ryan et al. (2018) summary of BASI criteria (their Figure 2
above) and the intent of the Data Quality Act.

Helmbrecht and Blankenship (2016) tested the ability of LANDFIRE to accurately reflect the
true or accepted geographic location of features finding problems with errors in feature locations,
source data, precision of field measurements, and data entry. Problems in map unit assignments
may arise through “errors or limitations in remote sensing data, field plots, statistical modeling,
processing logic, or a combination of these and other factors” (emphasis added). This is
especially the case for forest vegetation and fuels data depending on the age of the source data.
For instance, LANDFIRE data are updated every two years but by the time the data are delivered
to the user, the data are 3 or more years out of date.

To correct for these problems, Helmbrecht and Blankenship (2016) recommend (and the DEIS
should as well) include the following:

. update for landscape changes that have occurred since the LANDFIRE version,

. calibrate to local data and knowledge,

. improve the thematic agreement (accuracy),

. change the spatial or thematic resolution (e.g. lump or split map units),

. modify the map unit classification,

. create additional data versions that reflect temporal variability (e.g. peat soils being available
for burning in drought situations, or exotic annual grasses being present in wet years but not dry
years),

7. facilitate comparative analysis by creating data versions (e.g. analyzing pre- and post-
treatment effects or comparing treatment alternatives),

8. analyze future conditions (e.g. modifying data to represent future conditions under a climate
change scenario).

AN N BN —

In Northern Idaho, Hyde et al. (2015) evaluated two LANDFIRE fuel loading raster options: (1)
Fuels Characteristic Classification Systems (LANDFIRE-FCCS); and (2) Fuel Loading Model
(LANDFIRE-FLM) vs. measured fuel loadings for a 20,000-ha mixed conifer study area. They
found that the LANDFIRE-FCCS layer showed 200% higher duff loadings relative to measured
loadings that led to 23% higher total mean consumption and emissions when modeled in
FOFEM. The LANDFIRE-FLM layer showed lower loadings for total surface fuels relative
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to measured data, especially in the case of coarse woody debris that led to 51% lower mean total
consumption and emissions when modeled in FOFEM. Additionally, LANDFIRE-FLM
consumption was 59% lower relative to that on the measured plots, with 58% lower modeled
emissions. The authors concluded that these differences in fuel loadings led to significant
differences in consumption and emissions depending upon the data and model chosen. The DEIS
therefore needs to disclose how errors in fuel loading consumption were addressed in emissions
determinations regarding wildfires and how these errors were corrected.

In the Sierra Nevada region, Odion and Hanson (2006) found FRCC was not able to accurately
predict occurrence of high-severity fire (Box 8).

Box 8. “We found that the proxy for fire suppression effects, Condition Class, was not effective
in identifying locations of high-severity fire. Condition Classes 2, 3, and 3+ in the McNally fire
all had similar fire severity proportions. When the same Condition Class criteria were applied to
the other two fires, we found that fire severity generally decreased rather than increasing from
Condition Class 2 to 3+. In short, Condition Class identified nearly all forests as being at high
risk of burning with a dramatic increase in fire severity compared to past fires. Instead, we found
that the forests under investigation were at low risk for burning at high-severity, especially when
both spatial and temporal patterns of fire are considered. The lack of an observed relationship
between Condition Class and fire severity suggests that exogeneous forces such as weather,
climate, topography, and neighboring vegetation (for example, pyrogenic shrubs) largely
determine fire-severity patterns in forests.”

Vogelmann et al. (2014) recognized four major potential sources of error associated with
field plot data used in LANDFIRE:

1. Errors occur frequently in the identification of species and measurement of vegetation
structure in the field (for example, in the data for one prototype field plot, a misplaced
decimal point indicated a shrub height of 60 feet).

2. The vegetation on some field plots has undoubtedly changed between the time the field
data were collected and when the imagery was acquired.

3. Geo-location errors in plot and imagery data result in inaccurate characterization of some
imagery pixels.

4. The assignment of plots to specific vegetation classes will have errors associated with the
wide array of opinions among professional field ecologists regarding the field
classification of any given field plot.

To correct for these problems, Vogelmann et al. (2014) suggest (and the DEIS should follow)
that the Forest Service conduct a suite of accuracy assessment methods for LANDFIRE, ranging
from mostly qualitative assessments (such as the critical inspection of products, consultation
with regional experts, and comparisons with existing data sets) to more quantitative analyses
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(such as cross-validation assessments, traditional accuracy assessments at the superzone level,
and select evaluations at local levels). These combined approaches will provide the Forest
Service with the accuracy information necessary to facilitate the appropriate use of the data in
the DEIS.

Cruz and Alexander (2010) note additional problems with related fire modeling summarized in
their abstract. The Forest Service needs to disclose errors associated with use of these models in
the DEIS:

Abstract. To control and use wildland fires safely and effectively depends on creditable assessments of fire potential,
including the propensity for crowning in conifer forests. Simulation studies that use certain fire modelling systems
(i.e. NEXUS, FlamMap, FARSITE, FFE-FVS (Fire and Fuels Extension to the Forest Vegetation Simulator), Fuel

Management Analyst (F MAPlus!), BehavePlus) based on separate implementations or direct integration of
Rothermel’s surface and crown rate of fire spread models with Van Wagner’s crown fire transition and propagation
models are shown to have a significant underprediction bias when used in assessing potential crown fire behavior in
conifer forests of western North America. The principal sources of this underprediction bias are shown to include:
(1) incompatible model linkages; (ii) use of surface and crown fire rate of spread models that have an inherent
underprediction bias; and (iii) reduction in crown fire rate of spread based on the use of unsubstantiated crown
fraction burned functions. The use of uncalibrated custom fuel models to represent surface fuelbeds is a fourth
potential source of bias. These sources are described and documented in detail based on comparisons with
experimental fire and wildfire observations and on separate analyses of model components. The manner in which the
two primary canopy fuel inputs influencing crown fire initiation (i.e. foliar moisture content and canopy base height)
is handled in these simulation studies and the meaning of Scott and Reinhardt’s two crown fire hazard indices are
also critically examined.

DellaSala et al. (2015) further summarize the problems with fuel models and simulations not
comporting with field data and resulting in over-emphasis of efficacy of fuel reduction
treatments and these uncertainties need to be addressed in the DEIS as follows:

“Fuel reduction also has been overpromised to be effective, using questionable logic and
unvalidated models. First, fire intensity in most forest types is much more strongly affected by
wind than by fuel. High fire-line intensity, the primary fire characteristic that promotes crown
fires, is the product of the energy released by burning fuel and the rate of spread of fire
(Alexander, 1982). Energy release by fuel varies over perhaps a 10-fold range, however, whereas
rate of spread can vary over more than a 100-fold range; thus a high rate of spread caused by
strong winds can easily overcome the limited reductions in fuel that are feasible (Baker, 2009).
This was confirmed by a recent analysis of the 2013 Rim Fire in California, which concludes:
“Our results suggest that even in forests with a restored fire regime, wildfires can produce large-
scale, high-severity fire effects under the type of weather conditions that often prevail when
wildfire escapes initial suppression efforts. . . . During the period when the Rim fire had
heightened plume activity... no low severity was observed [in thinned areas], regardless of fuel
load, forest type, or topographic position” (Lydersen et al., 2014, p. 333). Second, common fire
models used to show that forests would be fire-safe after fuel reductions have an underprediction
bias and are not validated. These flawed models include NEXUS, FlamMap, FARSITE, FFE-
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FVS, FMAPIlus, and BehavePlus (Cruz and Alexander, 2010; Alexander and Cruz, 2013; Cruz et
al., 2014). The underprediction bias means that these models often predict that fuel reductions
would reduce or eliminate the potential for crown fires in forests, when in fact fuel reductions do
not achieve this effect. Fixing these models would be difficult and has not yet occurred
(Alexander and Cruz, 2013). Also, these models have not been sufficiently tested and validated
using a suite of actual fires, in which case they would likely be shown to fail (Cruz and
Alexander, 2010). Alternative validated models are available and could be further developed, but
they are not being used (Cruz and Alexander, 2010). Further, studies of tree mortality in thinned
areas following fire do not typically take into account the mortality caused by the logging itself
before the fire, leading to further biased results.”

As further noted by DellaSala et al. (2015) “these concerns should raise red flags about the
effectiveness of fuel treatments, as well as issues regarding liability and responsibility. Imagine
if a company sold airplanes with identified flawed designs and without adequate test flights,
which then crashed. There are thus sound scientific reasons to closely scrutinize government
wildland fuel-reduction programs. Meanwhile, we need to be honest and warn the public that
living within or adjacent to natural forests prone to burn is inherently hazardous. Only treating
fuels in the immediate vicinity of the homes themselves can reduce risk to homes, not
backcountry fuel reduction projects that divert scarce resources away from true home protection
(Cohen, 2000; Gibbons et al., 2012; Calkin et al., 2013; Syphard et al., 2014).”

Closed Canopy Conditions Arbitrarily Defined - the DEIS arbitrarily defines closed canopy
conditions in the mixed conifer-frequent fire and ponderosa pine ERUs as when woody cover
exceeds 30% (DEIS: Figure 14, Figure 16), using LANDFIRE to determine the
reference/baseline condition and contemporary departure indices for alternative analyses. The
preferred alternative is based on moving closed canopy forests into desired open canopy
conditions over 50 years. Closed canopy forests in some cases currently exceed 70% overstory
cover and thus extensive thinning in the preferred alternative constitutes a major change in
overstory cover impactful to species requiring closed canopy conditions. Large interspaces will
be created across the landscape with substantial reductions in canopy cover and percent of forests
in closed conditions to meet this arbitrarily defined “open” reference condition, creating novel
ecosystems that do not comport with the ecological integrity or diversity requirements of the
planning rule.

Importantly, Scott (2008) documented seven potential shortcomings with the canopy and fuel
related provisions of LANDFIR, including:

. canopy cover values are too high,
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. data discontinuities exist within and between map zones,

. canopy bulk density values are too low for use in FARSITE,

. canopy base height is too high to generate crown fire,

. treelist data sources may not be best for canopy fuel calculations

. alternative canopy fuel calculation programs may produce different results
. Refreshing and calibrating LANDFIRE data is needed

Scott (2008) reported that the dead fuel moisture model is especially sensitive to errors in canopy
cover and concludes:

“Moreover, canopy cover mapping errors may lead to significant indirect fire modeling effects. Because
canopy cover is a keystone variable, these indirect effects are difficult to quantify. If canopy cover is
overestimated, LANDFIRE may subsequently map the incorrect fuel model, incorrect CBD, incorrect
CBH, etc., all of which can strongly affect fire modeling outputs in a geospatial fire analysis.”

“Because it is used as an independent variable, the importance of an accurate canopy cover layer in the
LANDFIRE process should not be underestimated.”

THE DEIS NEEDS TO RECOGNIZE THE ECOLOGICAL IMPORTANCE OF MIXED-
SEVERITY FIRES, INCLUDING LARGE AND SMALL HIGH SEVERITY PATCHES
FOR POSITIVE CONTRIBUTIONS TO PLANT AND WILDLIFE DIVERSITY

While low elevation pine and mixed conifer forests are predominately maintained by frequent
fires of low severity effects on vegetation, there are occasional canopy flare ups and high-
severity patches related to local fire-weather conditions, slope, aspect, elevation, and vegetation
condition. This variability in fire effects needs to be maintained under the diversity requirement
of the planning rule. Instead, the DEIS includes no analysis of the positive effects of mixed-
severity fire influences on plant and wildlife communities, especially in upper elevation forests
where fires are on centuries long rotation intervals (landscape scale) and produce diverse
ecosystem effects including the creation of complex early seral forests (Swanson et al. 2011).

Notably, high-severity fire patches generate “biological legacies” (large live and dead trees, logs,
shrubs) essential to forest succession and the maintenance of complex early seral forest
conditions (Swanson et al. 2011, DellaSala et al. 2014, DellaSala and Hanson 2015, DellaSala
and Hanson 2019). Large and small high severity patches provide important foraging habitat for
Mexican Spotted Owls (federally listed, Lee 2018), Northern Goshawks (at-risk species),
ungulate foraging habitat (Bond 2015), snowshoe hare/lynx dynamics, woodpeckers (including
at-risk species: Lewis’s woodpecker) and songbirds (Hutto et al. 2015), bats (Chambers and
Saunders 2013), and boreal owls (at-risk species) in upper elevation spruce-fir forests. The DEIS
inappropriately and arbitrarily assumes high-severity patches constitute wildlife habitat
degradation (e.g., DEIS Volume 1: Tables 51, 57; “catastrophic fire analysis” p. 244).
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Using LANDFIRE, the DEIS inappropriately assumes that current fire return intervals are highly
departed from reference conditions (86%) as is fire severity leading to what the DEIS claims is a
departure from NRV (DEIS Volume 1:89). However, based on a study of high-severity patches
in dry pine and mixed conifer forests across the West, including New Mexico, large (>400 ha)
high-severity fire patches have not been increasing since the 1990s (DellaSala and Hanson 2019.

From DellaSala and Hanson (2019):

Over the entire time series, 1984-2015, there was a significant increasing trend in the
combined total area of CESF [complex early seral forests] patches >400 ha in each year
(t=0.407, p=0.001), but no trend in patch size (t = 0.009, p = 0.802). However, when the
data were analyzed by time periods, there was only a significant difference in the
annual area of CESF habitat created by high-severity fire relative to the earliest time
period (1984-1991), but no significant differences were detected among time periods
since the early 1990s (Table 1, Figure 2). With regard to size of individual large CESF

patches, there were no significant differences detected among time periods (Table 2).

Table 1. Critical values (qoos, 4), absolute difference between mean of ranks ( |Ra-Rsl ), standard
errors (SE), and test statistics (q) to assess statistical significance, at a = 0.05, of any differences
between the four time groups (“1” = 1984-1991, “2” = 1992-1999, “3” = 2000-2007, and “4” = 2008-
2015) for total annual area of CESF patches >400 ha using the Nemenyi non-parametric test for
multiple comparisons between groups with an equal sample size (n =8 years for each time group).
Statistical significance of levels of q are shown as “Y” (significant) or “N” (not significant).

Time group qoos4 | Ra-Rsl SE q Significant?
comparison (q>0054?)
1-2 3.63 45.0 26.53 1.70 N

1-3 3.63 108.0 26.53 4.07 Y

1-4 3.63 107.0 26.53 4.03 Y

2-3 3.63 63.0 26.53 2.37 N

2-4 3.63 62.0 26.53 2.34 N
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3-4 3.63 1.00 26.53 0.04 N

Figure 2 from DellaSala et al. Annual area of large patches (>400 ha) of high-severity fire in the four time periods
((“17 =1984-1991, “2” = 1992-1999, “3” = 2000-2007, and “4” = 2008-2015).

Thus, the DEIS claims about uncharacteristically severe fires, for which mechanical treatments
are based upon, cannot be substantiated by empirical data (including from New Mexico) and thus
the DEIS does not meet the BASI requirements.

Importantly, Hutto et al. (2016) recommended that managers maintain ecological integrity of
western dry pine and mixed-conifer forests through a more informed approach to the importance
of mixed and high-severity fires. Here is their abstract:

Abstract. We use the historical presence of high-severity fire patches in mixed-conifer forests of the western United
States to make several points that we hope will encourage development of a more ecologically informed view of
severe wildland fire effects. First, many plant and animal species use, and have sometimes evolved to depend on,
severely burned forest conditions for their persistence. Second, evidence from fire history studies also suggests that
a complex mosaic of severely burned conifer patches was common historically in the West. Third, to maintain
ecological integrity in forests born of mixed-severity fire, land managers will have to accept some severe fire and
maintain the integrity of its aftermath. Lastly, public education messages surrounding fire could be modified so that
people better understand and support management designed to maintain ecologically appropriate sizes and
distributions of severe fire and the complex early-seral forest conditions it creates.

DellaSala et al. (2017) recommend that managers include mixed-severity effects in dry pine and
mixed conifer forests to achieve ecological integrity and plant diversity. And while much of the
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DEIS project area can be assumed to be in a xeric pine condition, mixed-severity fire effects,
including large and small high-severity patches are indeed characteristic, need to be maintained,
and are being grossly underestimated in ecological importance throughout the DEIS. Thus, the
DEIS does not meet the BASI requirements of the planning rule as well as the diversity,
ecological processes, ecological conditions, and integrity provisions as noted.

BIASED APPROACHES, AREAS OF AGREEMENT & DISAGREEMENT NEED TO
BE ACKNOWLEDGED AND CORRECTED

Bias: The DEIS needs to clearly state scientific disputes (disagreements) and avoid biased
perspectives on fire as generally noted by Iftekhar and Pannell (2015) and Moritz et al. 2018
(below). The following biased perspectives are inherent in the DEIS:

= Action bias — tendency to take actions even when it is better to delay action (in this case
the impacts of aggressive thinning and roads may be more significant than effects of fire
on ecosystems given uncertainties of treatment effectiveness as noted).

= Framing effect — tendency to respond differently to alternatively worded but objectively
equivalent descriptions of the same item (use of catastrophic fire terminology in the DEIS
that fails to account for ecosystem benefits of mixed-severity fires, including periodic
flare-ups of high severity patches).

= Reference-point bias — tendency to overemphasize a pre-determined benchmark for a
variable when estimating the level of that variably (i.e., over-reliance on fire scar
sampling in the DEIS rather than presenting more robust and multiple lines of evidence).

= Satisficing rule — tendency to stop searching for a better decision (i.e., a NEPA based
range of alternatives) once a decision that seems sufficiently good is identified.

* Loss aversion — tendency to value losses more highly than similar gains (i.e., managing
wildfire of moderate-high intensity for ecosystem benefits instead of avoiding it by
mechanical thinning and fire suppression as in the DEIS).

* Limited reliance on systematic learning — tendency to use information from past
successful efforts rather than using information from both successful and failed efforts
via extensive and well-funded ecosystem monitoring (adaptive management and learning
is not possible without well-funded monitoring).

The best way to avoid these biases is to use multiple lines of evidence in re-constructing fire
regimes, not rely mainly on fire scars, and conduct well-funded monitoring studies that fully
assess project effects on species of conservation concern and ecological and cultural values.
Multiple lines of evidence and monitoring are discussed in Odion et al. 2016 and Moritz et al.
(2018) in the Common Ground Report (see below).
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Areas of Agreement/Disagreement (Common Ground): 1 participated as one of the respondents in
the so-called “Common Ground” report and am thoroughly familiar with the report’s findings.
The DEIS should pay particular attention to the following key findings in relation to areas of
agreement, uncertainty, and disagreement and adjust project actions accordingly.

Areas of Agreement (high certainty):

The role of changing climatic conditions is increasingly important in influencing fires.
Multiple fire ecology and fire history research can be useful.

Heterogeneity of fire effects, including patterns of patches created by fires of all
severities, is important to forest resilience to future fires.

Generalized models of historical fire regimes vary by ecoregion and forest type.

Even within the same ecoregion and forest type, there is variation in historical fire
regimes among differing environmental gradients.

Historically, some degree of low-, moderate-, and high-severity fire has occurred in all
forest types, but in substantially different proportions and patch size distributions at
different locations.

Classification of historical fire regimes according to forest types can be coarse; thus,
failure to recognize variation of historical fire regimes within forest types can lead to
overgeneralization and oversimplification of landscape conditions.

Presence of roads, road density and railways, livestock grazing, invasive species, and
mining can alter fire regimes. Even a single one of these influences can have profound
effects on vegetation and fire behavior conditions. When present in combinations,
cumulative effects will arise that may push ecosystems past tipping points (Paine et al.
1998, Lindenmayer et al. 2011).

Knowledge of historical range of variability (HRV) is useful but does not dictate land
management goals. HRV findings from one area may or may not have relevance
elsewhere.

Recent trends in many western forest regions of more large fires and more area burned
are linked to recent climatic trends of hotter droughts and longer, more severe fire
seasons.

Respondents who emphasized the longer time scales of charcoal records noted that most
areas of predominantly low-severity fires showed some incidence of moderate- or high-
severity fire over longer time frames.

It is desirable to use multiple methods to reconstruct historical fire regimes. More can be
learned using multiple approaches and considering data from diverse temporal and spatial
scales.
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Importance of local context in management of fire-prone landscapes underscores the need
to move away from oversimplified narratives that encourage application of fire research
beyond its original scope of inference. Note: the scope of inference is of particular
concern here as over reliance on fire scar sampling for landscape scale interpolation has
inherent biases and uncertainties.

Areas of Disagreement (high uncertainty):

Fire regime inferences from historical and modern tree inventory data, simulation
models, and other approaches have levels of uncertainty.

Whether large, high-severity fires have increased to a significant and measurable degree
in all forest types in comparison to historical fire regimes (i.e., prior to modern fire
suppression) remains debatable.

Fuel treatments are urgently needed across nearly all forests remains debatable.

Fuel treatments should be focused around communities and plantations; but hazard fuel
reduction elsewhere remains debatable.

There is high uncertainty about where and when fuel treatments are beneficial.

Commonly used vegetation classification schemes as a suitable basis for generalizing
about fire regimes remains debatable. Known geographic variation in fire regimes within
forest types argues for improved forest and fire regime classifications.

Tree-ring evidence sometimes supports conclusions that contrast with those derived from
landscape-scale inventory and monitoring data using different sampling frames creates
uncertainty.

General applicability of “thinning and prescribed burning remedies” to offset human
influences is debatable.

Human impacts on forest successional conditions in moist and cold forests remains
debatable.

Extent to which landscape tipping points have been reached as a result of high-severity
fires is debatable.

Effectiveness of fuel treatments under projected climate futures and associated more
extreme fire weather is uncertain.

Interpretation of any research evidence and the scope of related inferences is limited by
scaling (uncertainty) and sampling concerns associated with the methods, and these
limitations apply to all research methods.

All methods for reconstructing historical fire regimes are necessarily indirect and have
degrees of uncertainty. They may include, but are not limited to, interpreting evidence of
past fires or the extent of fire-dependent ecosystems from historical documents, land
surveys, aerial photographic reconstructions, fire-scar and growth-release data from tree
rings, tree age and death dates from tree-ring data, climatic data linked with past fires,
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charcoal and pollen deposits, current characteristics of stands (i.e., structure, species, and
stand age distribution), fire perimeter mapping, historical timber survey data, and use of
statistical distributions for modeling stand-replacing fire.

ROAD IMPACTS AND ROADLESS AREA IMPORTANCE NEED TO BE ANALYZED
TO COMPLY WITH CONNECTIVITY REQUIREMENTS OF THE PLANNING RULE

Roads — Given the extensive and cumulative impacts of roads on ecosystem processes, wildlife,
water quality, and fire ignitions (see below), a minimum road density analysis needs to be
conducted to assure the public that there are no excessive roads and that more roads can and
should be decommissioned and obliterated rather than improving and building more roads. The
DEIS needs to provide a transportation plan analysis to fully assess road-related fire ignitions
associated with improved access and to come up with an alternative that reduces them.

Simply improving culverts and surfacing primitive dirt roads with poor drainage also may not be
enough to improve water quality. Notably, the DEIS provides no information on Clean Water
Act 303d water-quality limited streams and how project-related impacts will be minimized to
comply with state and federal water quality standards2. Water quality must be assessed in
relation to road improvements, greater road access, thinning impacts, and road-stream
intersections.

In sum, the DEIS needs to fully disclose road-related impacts as follows:

= Roads and thinning contributions to soil erosion and sediment inputs affecting water-
quality even when roads are improved.

= Probability of human-caused wildfire ignitions associated with improved road access (see
Balch et al. 2017 for human-caused ignitions, pdf enclosed).

= Fragmentation and degradation of wildlife habitat at road densities > 1 mi/sq mi,
particularly impacts to large carnivores and aquatics.

= Spread of invasive species and their effects on fire regimes.

= Likelihood of mass-wasting events on steep erosive slopes along the road prism.
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Ibisch et al. (2016) provide a global synthesis of road-related impacts including: wildlife
mortality (vehicle collisions); poaching pressure; sediment increases (runoff); chemical
contamination; carbon emissions; spread of invasive species; fire ignitions; and habitat
fragmentation among others. These impacts can extend out to 1 km on either side of the road
prism. Thus, road impacts need to be fully addressed and properly mitigated to assess planned
extensive road upgrades and access.

Roadless Areas - The ecological importance of roadless areas is well-documented in the
literature (Strittholt and DellaSala 2001, Loucks et al. 2003, Crist et al. 2005, Ibisch et al. 2016)
and emphasized in landmark Forest Service policies such as the Roadless Conservation Rule3s
and Interior Columbia River Basin strategy4. At a minimum, the DEIS needs to disclose any
treatments proposed in inventoried roadless areas and low density roaded areas (<1 mi/sq mi)
and must avoid thinning in these areas because of their high conservation value, particularly as
relatively unfragmented blocks of wildlife habitat. Roadless areas and low-density roaded areas
are of considerable importance to ecosystem integrity (as defined by the 2012 planning rule) as
they are often at the headwaters of watersheds essential in maintaining water quality and
terrestrial and aquatic ecosystem integrity (DellaSala et al 2011). Roadless areas also tend to be
of much lower priority for fuels reduction given their fire regimes are less altered by suppression
and they lack the ignition problems associated with roaded areas (e.g., see Roadless
Conservation Rule, Columbia River Basin strategy, DellaSala and Frost 2001).

LIMITATIONS OF THINNING ON FIRE BEHAVIOR IN A CHANGING CLIMATE
NEED TO BE RECOGNIZED AND CORRECTED

The figure below illustrates uncertainties of relying on thinning to reduce fire intensity given that
the period of when fuels are lowest is generally short lived and fires rarely encounter thinned
sites when fuels are lowest (Schoennagel et al. 2017). The extremely low probability of fire and
thinned site co-occurrence invalidates the DEIS assumptions about lowering fire intensity.
Simply increasing the area thinned does not change these odds appreciably given one cannot
accurately predict when and where a fire will occur and many areas are inaccessible
(Schoennagel et al. 2017).

shttps://www.fs.fed.us/r6/icbemp/html/ICBEMP_Frameworkmemorandum-and-strategy 2014.pdf
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Wildfires RARELY encounter forest fuel treatments in West

2005-2014 Forests in West Forests Fuel treatments = thinning and
(220 M acres) prescribed fire

Treatments only affect wildfire if they burn.
<1% treated forest area burns/year.

Similarly, <1% forests burn/year on average.
Ave annual
area burned Only 40% of area burned in West is forest.
in West
[4.0M acres/yr] Forest treatments cannot reduce regional
area burned due to the scale of flammable

ecosystems in the arid West.

Ave annual forest fuel treatments
that subsequently burn in West [24,000 acres/yr]

We need more strategic approaches to
wildfire.

Ave annual
area burned
in US
[6.8M acres/yr]

Sources:

-Schoennagel et al. 2017. Proceedings of the National Academy of Sciences.
Adapt to wildfire in western North American forests as climate changes.
-Barnett et al. 2016. Forests. Beyond Fuel Treatment Effectiveness:

West = 11 Western States, no AK Characterizing Interactions between Fire and Treatments in the US.

Moreover, the DEIS needs to disclose the difference between prescribed fire that is applied at the
stand level (where impacts to soils can be dispersed and limited) vs. pile burning to consume
slash that can cause localized soil damage (excessive soil heating) facilitating the spread of

invasive plants and delaying forest succession (especially if livestock grazing also occurs,
Besctha et. al 2012).

Excessive opening of the tree canopy can also lead to higher wind penetrance and rapid fire
spread, particularly if thinning is conducted on steep slopes and in remote areas with limited
access making fine fuel consumption via pile burning impractical. In a warming climate where
more extreme fire weather is likely, thinning is even less likely to alter fire behavior (Abatzoglou
and Williams 2017, Schoennagel et al. 2017).

CUMULATIVE IMPACTS OF LIVESTOCK GRAZING IN A CHANGING CLIMATE
NEED TO BE FULLY ANALYZED AND GREATLY REDUCED

Livestock grazing and associated infrastructure in combination with climate change are causing
extensive cumulative effects in the SFNF that are not properly analyzed or mitigated by the
DEIS. The DEIS acknowledges that livestock have contributed to degradation of ecosystem
resilience (DEIS Volume 1:5) but the alternatives contain numerous contradictions stating, for
example, that the DEIS (Volume 1:13) “aims to provide Aealthy forested and non-forested lands
that would supply forage for both livestock and wildlife” (Volume 1:13) and that it will “provide
sustained multiple uses, products, and services in an environmentally acceptable manner
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(including timber, livestock forage, recreation opportunities, and leasable and locatable minerals)
(emphasis added, DEIS Volume 1:16), all the while maintaining grazing at ecologically
unacceptable levels (maximum of 11,400 AUMs).

The DEIS (Volume 1:37) recognizes that livestock grazing is “not a natural process” (emphasis
added), yet, continues grazing under all planning alternatives even though it is inconsistent with
ecological processes, ecological integrity, and ecological condition requirements of the planning
rule (as noted in the boxes above). None of the alternatives meet these requirements given the
high level of grazing maintained.

Importantly, the DEIS does not meet the BASI requirement of the planning rule by failing to
analyze cumulative impacts of livestock from roads, infrastructure, and especially climate
change. Besctha et al. (2012) noted livestock use affects a far greater proportion of BLM and
Forest Service lands than do roads, timber harvest, and wildfires combined by altering
vegetation, soils, hydrology and wildlife species composition and abundance “in ways that
exacerbate the effects of climate change on these resources” (emphasis added). Livestock also
contribute to greenhouse gas emissions globally (18% of the total anthropogenic emissions) and
in the SFNF, thus, the DEIS needs to analyze livestock-related emissions.

Beschta et al. (2012) recommended large areas free of livestock use to “help initiate and speed
the recovery of affected ecosystems as well as provide benchmarks or controls for assessing the
effects of grazing versus no grazing at significant spatial scales in a changing climate.”

The DEIS analyzed and dismissed Alternative 3 (lower livestock use) and dismissed a no grazing
alternative as out of scope. However, Alternative 2 is deficient in meeting the ecological
integrity, ecological condition, and ecological processes requirement of the planning rule.
Therefore, the Forest Service needs to develop a new alternative or modify Alternative 2 to meet
the specific recommendations of Beschta et al. (2012: Table 2) as follows.

Beschta et al. (2012:Table 2). Priority areas for permanently removing livestock and feral
ungulates from Bureau of Land Management and US Forest Service lands to reduce or eliminate
their detrimental ecological effects

= Watersheds and other large areas that contain a variety of ecotypes to ensure that major
ecological and societal benefits of more resilient and healthy ecosystems on public lands
will occur in the face of climate change

= Areas where ungulate effects extend beyond the immediate site (e.g., wetlands and
riparian areas impact many wildlife species and ecosystem services with cascading
implications beyond the area grazed)

= Localized areas that are easily damaged by ungulates, either inherently (e.g., biological
crusts or erodible soils) or as the result of a temporary condition (e.g., recent fire or flood
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disturbances, or degraded from previous management and thus fragile during a recovery
period).

= Rare ecosystem types (e.g., perched wetlands) or locations with imperiled species or
communities (e.g., aspen stands and understory plant communities, endemic species),

including fish and wildlife species adversely affected by grazing and at-risk and/or listed
under the ESA

= Non-use areas (i.e., ungrazed by livestock) or exclosures embedded within larger areas
where livestock grazing continues.

= Such non-use areas should be located in representative ecotypes so that actual rates of
recovery (in the absence of grazing impacts) can be assessed relative to resource trend
and condition data in adjacent areas that continue to be grazed.

= Areas where the combined effects of livestock, wild ungulates, and feral ungulates are
causing significant ecological impacts.

Notably, Ratner et al. (2018) document extensive impacts of livestock grazing on aspen groves in
in Utah and their findings are generally applicable west-wide and therefore to the DEIS. These
researchers found livestock significantly suppressed aspen sprout growth and trampled soils in
study plots. They noted that livestock tended to concentrate in aspen groves due to forage
availability and shading, even on allotments where livestock grazing is “controlled” and under
“moderate” grazing. Ratner et al. (2018) recommended reducing livestock pressure via
exclosures at least until aspen height exceeds browsing height and this will require periodic
repetition (exclosures) to ensure proper aspen regeneration. At a minimum, exclosures should
include entire aspen clonal areas and this needs to be incorporated into the DEIS.

Finally, the DEIS needs to allow for permanent allotment retirement and significantly reduced
livestock grazing. This needs to include an analysis of the cumulative effects of livestock grazing
and climate change and emissions related to livestock use, roads, and infrastructure. The DEIS
(Volume 1:31) only allows for continuation of even vacant or understocked allotment and
therefore should be modified or a new alternative developed to permanently retire vacant or
understocked allotments and allow for voluntary buyout of grazing leases by conservation
groups.

RIPARIAN AREAS NEED MORE EFFECTIVE PROTECTION, CONSERVATION,
AND RESTORATION ESPECIALLY FROM LIVESTOCK AND THINNING
TREATMENTS

The DEIS (Volume 1:153) correctly notes that although riparian areas occupy < 3% of the
landscape, they support ~ 80% of the forest’s plant and animal diversity, including several at-risk
species (e.g., Mexican Spotted Owl, Lewis’s Woodpecker, Arizona willow, Jemez Mountain
salamander, masked and water shrew, New Mexican meadow jumping mouse, Northern leopard
frog, Rio Grande chub, cutthroat trout, and sucker). Hubbard (1977; cited in Kauffman et al.
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1984) report that 16-17% of the entire breeding avifauna of temperate North America reside in
just 2 New Mexico river valleys and 77% of 166 nesting birds in the southwest depend on
riparian habitat (Johnson et al. 1977 cited in Kauffman et al. 1984). Thus, riparian areas need
stepped up conservation measures, especially protection from livestock grazing, given their
exceptional importance in southwestern dry ecosystems.

Riparian areas also congregate livestock that have a strong preference for stream-side areas and
wet montane meadows with high forage production. Livestock degrade this important wildlife
habitat type in many ways, including soil compaction, spread of invasive species, stream-bank
erosion, hydrological alterations, water quality and stream temperature degradation, and
trampling effects (Kauffman et al. 1984, Besctha et al. 2012).

Kauffman et al. (1984) list several ways livestock grazing impacts can be reduced in riparian
areas that should be readily adopted by the DEIS:

* Exclusion of livestock grazing;
= Alternative grazing schemes (e.g., late season — after bird nesting);
= Salting, alternative water sources, fencing, range riders to keep livestock out;

* Instream structures (e.g., trash catchers, gabions, small rock dams, individual boulder
placement, rock jetties, and silt log drops) for increasing water table in areas of former
wet meadows as well as improving fish habitat;

= Combining rest rotation with check dams (although the rest-rotation system may increase
trailing and trampling damage, causing streambank erosion and instability);

= Selection of cattle with a preference for upland areas over riparian (cattle are known to
have group-specific preferences)

Because of the disproportionate use of wildlife in riparian areas (especially at-risk species) and
the extensive livestock damage in the area, the DEIS should incorporate the best elements from
Alternative 3 with some notable additions as follows:

= Double the objectives in Alternative 2 (DEIS Volume 1:Table 3, p. 58) for restoring
composition and structure in riparian vegetation.

* Within the riparian management zone, move toward desired conditions for vegetation
types that are outside of or trending away from natural range of variability by restoring
the composition and structure of 30 miles of stream every 10 years. Actions that could
improve riparian areas would include removing invasive plant species, stabilising stream
channels, planting native species, promoting natural revegetation of bare ground, and
redirecting other uses (e.g., providing other watering sources or closing areas to camping
— note this redirection needs to include redirecting cattle and not just “other uses”).
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= Complete aquatic restoration on priority projects on 60 miles of aquatic habitat (e.g.,
increasing pool quantity, providing stream cover, removing or installing fish barriers,
restoring beaver populations, treating invasive aquatic species, etc.) every 10 years to
benefit aquatic species.

= Every 10 years, restore native fish species to 40 miles of streams where nonnative fish are
absent and where natural or human-made fish barriers exist.

* Further reductions in road densities throughout the forest and avoidance of permanent or
temporary roads, particularly those that parallel or cross streams.

= Additionally, an emphasis on beaver reintroduction is complimentary with the above
improvements.

= The DEIS should include large no-grazing riparian zones where cattle are fenced out and
permanently removed to allow riparian recovery and reintroduction of beaver
populations.

FOCAL SPECIES, AT-RISK SPECIES, SPECIES OF CONSERVATION CONCERN
NEED TO BE MONITORED AND HABITAT PROTECTED FROM THINNING AND
GRAZING

The DEIS (Volume 2:312) states that “the 2012 Rule does not require or prohibit monitoring of
population trends of focal species. Instead, it allows the use of any existing or emerging
approaches for monitoring the status of focal species that are supported by current science”
(emphasis added). However, the DEIS is deficient in meeting the BASI requirement of the
planning rule as it inadequately monitors population viability of species and does not provide
enough habitat protection measures for focal species, species of conservation concern, and at-risk
species. Specifically, the DEIS needs to meet the BASI requirement for these species with
respect to connectivity (Haber and Nelson 2015), PVA (Noon et al. 2003), and species-specific
“trigger points” (Schulz et al. 2012).

The DEIS largely bases management of these species on coarse-filter approaches. The DEIS site
specific measures are very general and insufficient as a fine-filter approach.

Importantly, The Committee of Scientists (COS 1999s) stated, ‘‘Habitat alone cannot be used to
predict wildlife populations’” and ‘‘diversity is sustained only when individual species persist;
the goals of ensuring viability and providing for diversity are inseparable. For this reason, the
fine-filter species assessment is critical." To meet the BASI requirements, therefore, the Forest
Service must appropriately provide fine-filter approaches following recommendations of the

COS (1999), Noon et al. (2003) and Schultz et al. (2012) as follows.

sCOS (1999)
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Noon et al. (2003) note: “to assess the viability of species, at least three assumptions must hold
true: (1) attributes that define the coarse filter (i.e., dominant vegetation types) are sufficient and
reliable surrogates for habitat and can effectively predict the occurrence of a given species; (2)
managing coarse-filter attributes will address the factor(s) currently limiting abundance, density,
and persistence of each species; and (3) the spatial resolution of the coarse filter matches the
scale at which given species respond to environmental heterogeneity. Although these
assumptions may be valid for some species in many circumstances, especially species that are
small-bodied, abundant, and tightly linked to a particular vegetation community, the likelihood
that the assumptions are met for all, or even most, species in an assemblage is low. For that
reason, landscape planning employs “fine-filter” assessments, which are based on direct
measures of the status and trends of individual species or on models of population viability to
evaluate the needs of species at risk of decline. Noon et al. (2003) report numerous prediction
errors associated with coarse-filter approaches that need supplementation with species-specific
analyzes. For instance, forest planning needs to include PV A methods in its monitoring and
adaptive management approach to better ensure coarse-filter requirements are representative of
the community of interest.”

Similarly, Schultz et al. (2012) indicate monitoring plans must include species-specific trigger
points that initiate a review of management actions and provisions to ensure species-specific
(fine filter) monitoring will be well funded and implemented. The trigger points must be
enforceable and ensure that specific project actions cease should they further impair the viability
of select species (especially the case for at-risk and listed species).

Schultz et al. (2012) note the 2012 planning rule requires “at least, some amount of direct species
measurement may be needed to assess the effectiveness of the ecological conditions provided
under the coarse-filter approach in achieving the goal of conserving the biological diversity of
the area (USFS 2012:124).”

Schultz et al. (2012) provide recommendations for incorporating more specific fine-filter
monitoring lacking in the DEIS, as summarised:

= Focusing on distribution, rather than traditional measures of population size and growth
rate, which greatly increases the efficiency of broad-scale monitoring programs.

= Advancements in wildlife monitoring, based on detection/non-detection data, including
the use of sign surveys, genetic evaluation, and historical presence—absence survey data
decrease the cost of monitoring changes in distribution, which can be inferred from the
proportion of sample units at which the species is detected.

= Area occupied by a species can be used as an effective measure of a species’ spatial
distribution.
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= Temporal and spatial patterns in detection/non-detection monitoring data allow inference
to changes in animal abundance, the single most influential parameter that provides
insights into likelihood of species persistence.

The methods above recommended by Noon et al. (2003) and Schultz et al. (2012) along with
connectivity measures recommended by Haber and Nelson (2015) should be applied to all 36 at-
risk species, all 32 species of conservation concern, and all 7 focal species in the project area.

Mexican Spotted Owl (MSO) - The Santa Fe National Forest contains 198,888 acres of
designated critical habitat for this owl. MSO requires dense conifer forests for nesting; however,
will forage in recently severely burned areas (Lee 2018). The main factor involved in the decline
of this species has been habitat destruction from logging; severe fire is not necessarily a habitat
loss (Lee 2018), yet the DEIS assumes this to be the case. Large and small patches of severe
burns juxtaposed with fire refugia for nesting may provide optimal habitat for MSO (Lee 2018).
And while much is not known about how thinning affect MSO and its prey, declines in habitat
and prey species have been noted for Northern Spotted Owl (see Odion et al. 2014b for review
and analysis) and California Spotted Owl (Stephens et al. 2014). For all three subspecies of owls,
removal of large trees (before/after fire) and reducing canopy cover (e.g., below 60% for NSO)
constitutes habitat degradation that has been linked to nest occupancy failures (Lee 2018).

Thus, at a minimum, thinning units need to be dropped from MSO critical habitat and
demographic monitoring implemented for this at-risk species.

FIRE EMISSIONS ARE OVER-ESTIMATED USING LANDFIRE AND EMISSIONS
FROM PROJECT ACTIVITIES NEED TO BE ANALYSED FOR DIRECT, INDIRECT,
AND CUMULATIVE EFFECTS

The DEIS pays an inordinate amount of attention to emissions from wildfires yet includes no
analysis of emissions from livestock grazing, livestock infrastructure and transport, thinning and
road development and maintenance. Therefore, the DEIS is deficient in assessing cumulative
impacts of emissions and air quality to the surrounding community from project activities.

With respect to fire emissions, the DEIS needs to pay attention to the literature on wildfire
emissions from related studies in dry pine and mixed conifer forests as follows.

For instance, Mitchell (2015: chapter 10 in DellaSala and Hanson 2015) has an excellent
summary of ineffectiveness of thinning and reduction of carbon stores from thinning.

“While such treatments [referring to thinning and prescribed burning] can sometimes be effective
in reducing fire severity, if and when fires occur in thinned areas (Rhodes and Baker, 2008), they
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can come at the expense of carbon storage. The majority of carbon stored in leaves, leaf litter,
and duff is typically consumed by high-severity wildfire and often constitutes the majority of the
carbon emissions during the a given fire, yet most of the carbon stored in forest biomass (stem
wood, branches, and coarse, woody debris) remains unconsumed even by high-severity wildfires.
Consequently, fuel removal via forest thinning almost always reduces carbon storage more than
the additional carbon that a stand is able to store when made more resistant to wildfire. For this
reason, removing large amounts of biomass to reduce the fraction by which other biomass
components are consumed via combustion is inefficient (Mitchell et al., 2009). Fuel reduction
treatments that involve the removal of overstory biomass (i.e., intermediate-sized and large trees)
are, perhaps unsurprisingly, the most inefficient methods of reducing wildfire-related carbon
losses because they remove large amounts of carbon for only a marginal reduction in expected
fire severity (Figure 10.2).”

“The majority of carbon stored in montane forest ecosystems of western North America remains
unconsumed, even in high-severity wildfires. Large carbon stores in the bole biomass of large
forest trees are not consumed, and the substantial proportion of carbon stored in forest soils is
only slightly consumed. Most of the carbon emissions in a wildfire are from combustion of litter,
duff, and woody debris. In the 2002 Biscuit Fire, CFs for total forest biomass (i.e., trees, snags,
shrubs, woody fuels, litter, duff, and soil), weighted according to their respective prefire
biomass, were 0.13, 0.15, and 0.21 for low-, medium-, and high-severity fires, respectively. Such
factors can be even lower among stands with a higher proportion of carbon storage in bole
biomass that likewise remains unconsumed in high-severity wildfires, such as Sitka spruce (P.
sitchensis )/Western Hemlock (T. heterophylla ) forests in the coast range of the Pacific
Northwest (Smithwick et al., 2002;Mitchell et al., 2009 ). The application of fuel treatments can
be effective in reducing fire severity and carbon emissions, but such treatments come at the cost
of a net reduction in carbon storage relative to fire alone (Mitchell et al., 2009 ).”

In a recent global study of pyrogenic carbon emissions, Jones et al. (2019) concluded that “large
wildfires convert a significant fraction of the burned vegetation biomass into pyrogenic carbon
that can be stored on site for centuries to millennia and this stored carbon is underestimated in
emissions calculations. The amount of carbon emitted globally from wildfires is in fact buffered
by pyrogenic carbon production resulting in burned landscapes becoming a significant carbon
sink.” The value of this sink is not even reported in the DEIS nor is it estimated in LANDFIRE
and it needs to be in the forest plan. Here is the Jones et al. (2019) abstract, the pdf is attached.

Abstract

Landscape fires burn 3—5 million km2 of the Earth’s surface annually. They emit 2.2 Pg of carbon per year to the
atmosphere, but also convert a significant fraction of the burned vegetation biomass into pyrogenic carbon.
Pyrogenic carbon can be stored in terrestrial and marine pools for centuries to millennia and therefore its production
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can be considered a mechanism for long-term carbon sequestration. Pyrogenic carbon stocks and dynamics are not
considered in global carbon cycle models, which leads to systematic errors in carbon accounting. Here we present a
comprehensive dataset of pyrogenic carbon production factors from field and experimental fires and merge this with
the Global Fire Emissions Database to quantify the global pyrogenic carbon production flux. We found that 256
(uncertainty range: 196-340) Tg of biomass carbon was converted annually into pyrogenic carbon between 1997
and 2016. Our central estimate equates to 12% of the annual carbon emitted globally by landscape fires, which
indicates that their emissions are buffered by pyrogenic carbon production. We further estimate that cumulative
pyrogenic carbon production is 60 Pg since 1750, or 33—40% of the global biomass carbon lost through land use
change in this period. Our results demonstrate that pyrogenic carbon production by landscape fires could be a
significant, but overlooked, sink for atmospheric COz.

We repeat from above our concerns about problems with LANDFIRE fire emissions as follows.

In Northern Idaho, Hyde et al. (2015) evaluated two LANDFIRE fuel loading raster options: (1)
Fuels Characteristic Classification Systems (LANDFIRE-FCCS); and (2) Fuel Loading Model
(LANDFIRE-FLM) vs. measured fuel loadings for a 20,000 ha mixed conifer study area. They
found that the LANDFIRE-FCCS layer showed 200% higher duff loadings relative to measured
loadings that led to 23% higher total mean consumption and emissions when modeled in
FOFEM. The LANDFIRE-FLM layer showed lower loadings for total surface fuels relative

to measured data, especially in the case of coarse woody debris that led to 51% lower mean total
consumption and emissions when modeled in FOFEM. Additionally, LANDFIRE-FLM
consumption was 59% lower relative to that on the measured plots, with 58% lower modeled
emissions. The authors concluded that these differences in fuel loadings led to significant
differences in consumption and emissions depending upon the data and model chosen. The DEIS
therefore needs to disclose how errors in fuel loading consumption were addressed in emissions
determinations regarding wildfires and how these errors were corrected.

CONCLUSIONS AND NEED FOR GREATLY IMPROVED PREFERRED
ALTERNATIVE

Based on the above analysis, deficiencies in the DEIS, and need for an improved or new
alternative to better meet the BASI and planning rule requirements, I am requesting that the
SENF revise the DEIS to include the following actions.

* Prioritize community wildfire safety and fire-risk reduction, including home-
hardening, defensible space, additional road closures/decommissioning to reduce
ignitions, and identification/maintenance of community evacuation routes. The most
prudent means of community fire protection is to work from the home-out rather than the
wildlands-in (emphasis added) according to retired Forest Service researcher Jack Cohen

34




(2000; also see Youtube interviewss) and related home fire-risk reduction work (Syphard
etal. 2013, 2014). Community and fire-fighter safety actions should be directed at home
protection and anthropogenic fire-ignitions along high-use roads (especially
ingress/egress; see Balch et al. 2017). As noted above, research demonstrates that there is
a very low (<1%) probability of thinned areas encountering a fire when fuels are lowest
(Schoennagel et al. 2017). Therefore, it is imperative that the Forest Service strategically
direct limited resources at protecting homes rather than extensive thinning in the
backcountry that does nothing for home protection.

* Reduce human-caused wildfire ignitions (see Balch et al. 2017) associated with road
access. The Forest Service needs to conduct project-specific transportation plans to
determine the probability of human-caused fire ignitions in relation to road densities,
road improvements, and increased human access along improved roads. These plans
should address a broad scope of road-related impacts and choose an alternative based on
minimal road access.

* Protect high value conservation areas from logging/thinning/road improvements.
The DEIS needs to fully disclose impacts of road improvements and thinning on low-
density (<1 mi/sq mile) and inventoried roadless areas (see below) and make clear how
late-successional (closed canopy) forests within the project area will be maintained and
restored to levels comparable to historic or documented reference conditions.

* Disclose limitations and uncertainties of fire-scar sampling, importance of fire-free
periods to shrub and tree recruitment and include more robust fire occurrence/
severity estimators that account for variability in fire-free and frequent-fire
intervals. The DEIS primarily relies on fire-scar sampling to determine the dominant fire
regime present yet does not disclose uncertainties and limitations in sampling approaches
(i.e., confidence levels). Notably, paleo-ecology studies conducted over longer timelines
(millennia) than fire scar sampling show high variability in fire regimes related primarily
to regional and local microclimatic factors (slope, aspect, elevation) over time (Meyer
2010). Large fires historically included high severity patches during alternating cycles of
wet followed by droughts (Margolis et al. 2011). This is particularly important as extreme
fire-weather (top-down driver) is known to over-ride bottom up influences (fuels) on fire
behavior in the Rockies (Bessie and Johnson 1995, Schoennagel et al. 2004) and
elsewhere (Abatzoglou and Williams 2017). The effect of global heating and increased
likelihood of regional droughts may (Margolis et al. 2011) or may not (Parks et al. 2016,
Margolis et al. 2017) increase fire severity. This uncertainty is most significant and must
be analyzed to determine the need for and limitations of extensive fuels treatments based
predominately on assumptions regarding frequent-fire regimes that may become
increasingly unlikely in a rapidly changing climate. Additionally, variability in fire return

6 National Fire Protection Association presentations by Jack Cohen -
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(point/plot scale) and fire rotation (landscape scale) intervals accounts for longer fire-free
periods that allow for shrub and small tree recruitment, including both dense and open
forest conditions (see below). Thus, the DEIS needs to fully disclose its characterization
of a low-severity fire regime, and “open” forest conditions (reference sites) with respect
to heterogeneity and in relation to tree canopy mortality, shrub and small tree densities.
Notably, even low severity systems have occasional fire-flare ups that kill dominant
overstory trees and allow for sufficient shrub and small tree recruitment (see Baker
2017).

* Substantially reduce livestock grazing in riparian areas and high value conservation
areas. Stepped up conservation and restoration need to be in the forest plan, including
large no-grazing zones (exclosures), additional riparian and wet meadow/spring
protections, road obliteration, invasive species removals, and beaver reintroductions.

= More fully disclose and avoid impacts to at-risk species like the Mexican Spotted
Owl (MSO). There is no discussion of importance of mixed-severity wildfires in
maintaining foraging habitat for spotted owls (Lee 2018, pdf enclosed). Instead, the DEIS
incorrectly assumes, without site-specific data on owl occupancy or region-wide
population trends, that wildfire (mostly high severity) degrades MSO habitat. However,
Lee (2018) conducted a meta-analysis of fire effects on all three owl subspecies
concluding that mixed-severity fire, including patches of large severity, was not the main
cause of owl nest abandonment; pre- and post-fire logging was the predominant factor.
Also, full disclosure of incidental take under the Endangered Species Act is required and
the Forest Service needs to conduct population monitoring to assess MSO demographics
and region-wide population trends.

= Analyze and maintain connectivity especially for at risk, focal, and species of
conservation concern. The forest plan needs to properly analyze connectivity as noted
herein including PV A, trigger points, and species/landscape specific measures that
properly integrate coarse and fine-filter approaches under the BASI and connectivity
requirements of the 2012 forest planning rule and the noted literature cited herein.

* Reduce emissions from logging and roads. A stated intent of the DEIS is to provide for
resilience to climate change yet there is no requirement of an analysis of project-related
emissions from tree clearing and road improvements. Notably, emissions from wildfires
are typically much lower than landscape-level logging projects aimed at reducing
wildfires (e.g., see Mitchell et al. 2009, Campbell et al. 2016, Law et al. 2018 as
examples of appropriate methodologies). Project-specific alternatives must be developed
to minimize emissions with alternatives selected that produce the lowest emissions.
Alternatives should be compared in CO2 equivalents, including the social cost of carbons.

7See https://19january2017snapshot.epa.gov/climatechange/social-cost-carbon .html
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* Provide a cost-benefits analysis of managing wildfires for ecosystem benefits by
working with fire under safe conditions. The DEIS must disclose project-related costs
of thinning, prescribed fire, and road improvements in comparison to managing fire for
ecosystem benefits as a viable alternative (e.g., refer to the Cohesive Wildland Fire
Management Strategy for wildfire ecosystem benefitss and 2012 forest planning rule
regarding ecosystem integrity, vegetation diversity, and wildfire maintenance). Thus, it
must be disclosed under what conditions will wildfires be managed for ecosystem
benefits vs. suppressed so that when fires do eventually occur appropriate actions are
taken based on pre-fire response planning and the Forest Service is accountable for
implementing those actions accordingly.

* Thinning to create open canopy forests at the expense of closed canopy forests needs
to be greatly reduced and more strategically (surgically) applied. The over-reliance
on thinning stems from accuracy problems noted in the LANDFIRE program, biased fire
scar fire estimates, inappropriate extrapolations from the Forest Service research
publication GTR-310, and a failure to recognize site-specific and landscape
heterogeneity. Thus, thinning treatments need to be greatly scaled back and strategic in
application (mostly nearest homes).

* In limited cases where thinning occurs, forest canopies need to be more fully
maintained for closed canopy species associates by: (1) stops and gaps (explain for the
general reader) in thinning to for increased site heterogeneity; (2) retention of much more
basal area (as compared to site-specific reference sites) especially around tree cohorts to
make them wind firm; (3) retention of old/mature trees on site (based on increment core
analysis and not just diameter at breast height); (4) in cases where tree thinning is
necessary within the drip line of large mature trees, girdle those trees and leave standing
on site as biological legacies; (5) retain more shrubs, forbs, and native grasses by
reducing the interval between successive prescribed fires to allow for understory
recruitment; and (6) fell and tip large trees in stream-side areas to create in-stream
structures rather than thin and remove those trees from the site.

*  “Surgically” applied thinning treatments should be limited to the most drastically
altered forests, most notably, pine plantations in the Jemez and spruce/fir clearcuts on
the eastern side of the SFNF.

* Restoration and conservation measures should be greatly increased to address the
following needs not sufficiently met in the DEIS: (1) beaver reintroduction in riparian
areas; (2) large livestock exclosures especially in riparian areas, wet meadows, and aspen
groves; (3) road closures and road obliterations to provide connectivity; (4) defensible
space within a narrow buffer (~60 feet) around homes; (5) ingress/egress routes for
community protection; (6) increases in invasive species removal and containment; and

& See https://www.forestsandrangelands.gov/strategy/
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(7) identification and protection of site and landscape specific habitat for focal species,
species of conservation concern, and at risk species.

* Compartmentalize the SFNF into fire management units to determine when to
suppress fire for community safety vs. working with fire for ecosystem benefits.o

* Conduct a minimum road access analysis and decommission/obliterate more roads to
reduce impacts to water quality, wildlife habitat and human-caused fire ignitions.

In closing, while I respect the ability of the Forest Service to apply BASI to forest planning
decisions on the Santa Fe National Forest, I remain greatly concerned that the noted inadequacies
in the DEIS have not met the BASI standard. Instead the preferred alternative will (1) fragment
and degrade important wildlife habitat; (2) jeopardize at-risk species (MSO), focal species, and
species of conservation concern; (3) degrade water quality (mainly from roads, livestock, tree
thinning), impact mature forests and riparian areas (along with wildlife and cultural values); and
(4) uses methodologies (e.g., LANDFIRE, fire scar sampling, GTR-310) inappropriate to the
SFNF. There is a heavy reliance on fire-scar sampling without disclosure of biases and
uncertainties and thinning in stands that may possess old growth characteristics by moving them
increasingly into open canopy conditions that lack overstory and understory structures. The
efficacy of Alternative 2 mechanical treatments is highly uncertain because of the likelihood that
the region’s fire regimes will increasingly shift to larger burns due primarily to climate change
(Abatzoglou and Williams 2017) and the extremely low odds that thinned sites will encounter a
fire when fuels are lowest (Schoennagel et al. 2017).

Additionally, and contrary to what is often claimed by the Forest Service, insect and disease
outbreaks are not associated with increased fire intensity. Insect-fire studies, including analysis
of outbreaks and fire intensity in the Rockies and elsewhere (Romme et al. 2006, Kauffman et al.
2008, Bond et al. 2009, Black et al. 2011, Six et al. 2014, Hart et al. 2015, Meigs et al. 2016,
Talucci and Krawchuck 2019) have repeatedly shown that there is no coupling of increased fire
intensity with insect outbreaks. Instead, outbreaks may actually lower fire intensity once the
needles of dead trees fall to the ground (within 1-3 years) as canopy fuels and therefore crown
fires become highly unlikely. Dead trees also do not contribute to fire spread as they do not fall
all at once nor result in accumulation of fine fuels (fine fuel accumulation is associated with
logging). Dead trees are keystone legacies that provide essential habitat for cavity nesting birds,
denning mammals, and numerous other wildlife. Their role in forest ecosystems needs to be
better disclosed and maintained.

While wildfire clearly can be devastating to human communities, it is not an ecological
catastrophe as often claimed. The Forest Service needs to develop better supported consensus

and-point-protection
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alternatives that focus first and foremost on community protection where there is strong
scientific agreement (see Moritz et al. 2014, Schoennagel et al. 2017, Moritz et al. 2018).
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Increased forest fire activity across the western continental United
States (US) in recent decades has likely been enabled by a number of
factors, including the legacy of fire suppression and human settle-
ment, natural climate variability, and human-caused climate change.
We use modeled climate projections to estimate the contribution
of anthropogenic climate change to observed increases in eight fuel
aridity metrics and forest fire area across the western United States.
Anthropogenic increases in temperature and vapor pressure deficit
significantly enhanced fuel aridity across western US forests over the
past several decades and, during 2000-2015, contributed to 75%
more forested area experiencing high (>1 ¢) fire-season fuel aridity
and an average of nine additional days per year of high fire potential.
Anthropogenic climate change accounted for ~55% of observed in-
creases in fuel aridity from 1979 to 2015 across western US forests,
highlighting both anthropogenic climate change and natural climate
variability as important contributors to increased wildfire potential in
recent decades. We estimate that human-caused climate change con-
tributed to an additional 4.2 million ha of forest fire area during 1984-
2015, nearly doubling the forest fire area expected in its absence.
Natural climate variability will continue to alternate between modulat-
ing and compounding anthropogenic increases in fuel aridity, but an-
thropogenic climate change has emerged as a driver of increased forest
fire activity and should continue to do so while fuels are not limiting.

wildfire | climate change | attribution | forests

idespread increases in fire activity, including area burned

(1, 2), number of large fires (3), and fire-season length
(4, 5), have been documented across the western United States
(US) and in other temperate and high-latitude ecosystems over
the past half century (6, 7). Increased fire activity across western
US forests has coincided with climatic conditions more con-
ducive to wildfire (2-4, 8). The strong interannual correlation
between forest fire activity and fire-season fuel aridity, as well as
observed increases in vapor pressure deficit (VPD) (9), fire danger
indices (10), and climatic water deficit (CWD) (11) over the past
several decades, present a compelling argument that climate
change has contributed to the recent increases in fire activity. Pre-
vious studies have implicated anthropogenic climate change (ACC)
as a contributor to observed and projected increases in fire activity
globally and in the western United States (12-19), yet no studies
have quantified the degree to which ACC has contributed to ob-
served increases in fire activity in western US forests.

Changes in fire activity due to climate, and ACC therein, are
modulated by the co-occurrence of changes in land management
and human activity that influence fuels, ignition, and suppression.
The legacy of twentieth century fire suppression across western
continental US forests contributed to increased fuel loads and fire
potential in many locations (20, 21), potentially increasing the
sensitivity of area burned to climate variability and change in re-
cent decades (22). Climate influences wildfire potential primarily
by modulating fuel abundance in fuel-limited environments, and
by modulating fuel aridity in flammability-limited environments
(1, 23, 24). We constrain our attention to climate processes that
promote fuel aridity that encompass fire behavior characteris-
tics of landscape ignitability, flammability, and fire spread via fuel
desiccation in primarily flammability-limited western US forests by

11770-11775 | PNAS | October 18,2016 | vol. 113 | no. 42

considering eight fuel aridity metrics that have well-established
direct interannual relationships with burned area in this region
(1, 8, 24, 25). Four metrics were calculated from monthly data for
1948-2015: (i) reference potential evapotranspiration (ETo),
(ii) VPD, (iii) CWD, and (iv) Palmer drought severity index
(PDSI). The other four metrics are daily fire danger indices cal-
culated for 1979-2015: (v) fire weather index (FWI) from the
Canadian forest fire danger rating system, (vi) energy release
component (ERC) from the US national fire danger rating system,
(vii) McArthur forest fire danger index (FFDI), and (viii) Keetch—
Byram drought index (KBDI). These metrics are further described
in the Materials and Methods and Supporting Information. Fuel
aridity has been a dominant driver of regional and subregional
interannual variability in forest fire area across the western US in
recent decades (2, 8, 22, 25). This study capitalizes on these re-
lationships and specifically seeks to determine the portions of the
observed increase in fuel aridity and area burned across western
US forests attributable to anthropogenic climate change.

The interannual variability of all eight fuel aridity metrics aver-
aged over the forested lands of the western US correlated signifi-
cantly (R* = 0.57-0.76, P < 0.0001; Table S1) with the logarithm of
annual western US forest area burned for 1984-2015, derived from
the Monitoring Trends in Burn Severity product for 1984-2014 and
the Moderate Resolution Imaging Spectroradiometer (MODIS)
for 2015 (Supporting Information). The record of standardized fuel
aridity averaged across the eight metrics (hereafter, all-metric
mean) accounts for 76% of the variance in the burned-area record,
with significant increases in both records for 1984-2015 (Fig. 1).
Correlation between fuel aridity and forest fire area remains
highly significant (R* = 0.72, all-metric mean) after removing the
linear-least squares trends for each time series for 1984-2015,
supporting the mechanistic relationship between fuel aridity and

Significance

Increased forest fire activity across the western United States
in recent decades has contributed to widespread forest mor-
tality, carbon emissions, periods of degraded air quality, and
substantial fire suppression expenditures. Although numerous
factors aided the recent rise in fire activity, observed warming
and drying have significantly increased fire-season fuel aridity,
fostering a more favorable fire environment across forested
systems. We demonstrate that human-caused climate change
caused over half of the documented increases in fuel aridity
since the 1970s and doubled the cumulative forest fire area
since 1984. This analysis suggests that anthropogenic climate
change will continue to chronically enhance the potential for
western US forest fire activity while fuels are not limiting.
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Fig. 1. Annual western continental US forest fire area versus fuel aridity:

1984-2015. Regression of burned area on the mean of eight fuel aridity
metrics. Gray bars bound interquartile values among the metrics. Dashed
lines bounding the regression line represent 95% confidence bounds, ex-
panded to account for lag-1 temporal autocorrelation and to bound the
confidence range for the lowest correlating aridity metric. The two 16-y periods
are distinguished to highlight their 3.3-fold difference in total forest fire area.
Inset shows the distribution of forested land across the western US in green.

forest fire area. It follows that co-occurring increases in fuel aridity
and forest fire area over multiple decades would also be
mechanistically related.

We quantify the influence of ACC using the Coupled Model
Intercomparison Project, Phase 5 (CMIP5) multimodel mean
changes in temperature and vapor pressure following Williams
et al. (26) (Fig. S1; Methods). This approach defines the ACC
signal for any given location as the multimodel mean (27 CMIP5
models) 50-y low-pass-filtered record of monthly temperature
and vapor pressure anomalies relative to a 1901 baseline. Other
anthropogenic effects on variables such as precipitation, wind, or
solar radiation may have also contributed to changes in fuel
aridity but anthropogenic contributions to these variables during
our study period are less certain (22). We evaluate differences
between fuel aridity metrics computed with the observational
record and those computed with observations that exclude the
ACC signal to determine the contribution of ACC to fuel aridity.
To exclude the ACC signal, we subtract the ACC signal from daily
and monthly temperature and vapor pressure, leaving all other
variables unchanged and preserving the temporal variability of
observations. The contribution of ACC to changes in fuel aridity is
shown for the entire western United States; however, we constrain
the focus of our attribution and analysis to forested environments
of the western US (Fig. 1, Inset; Methods).

Anthropogenic increases in temperature and VPD contributed
to a standardized (o) increase in all-metric mean fuel aridity av-
eraged for forested regions of +0.6 ¢ (range of +0.3 6 to +1.1 ¢
across all eight metrics) for 2000-2015 (Fig. 2). We found similar
results with reanalysis products (all-metric mean fuel aridity in-
crease of +0.6 ¢ for two reanalysis datasets considered; Methods),
suggesting robustness of the results to structural uncertainty in
observational products (Figs. S2-S4 and Table S2). The largest
anthropogenic increases in standardized fuel aridity were present
across the intermountain western United States, due in part to

Abatzoglou and Williams

larger modeled warming rates relative to more maritime areas (27).
Among aridity metrics, the largest increases tied to the ACC signal
were for VPD and ETo because the interannual variability of these
variables is primarily driven by temperature for much of the study
area (28). By contrast, PDSI and ERC showed more subdued ACC
driven increases in fuel aridity because these metrics are more
heavily influenced by precipitation variability.

Fuel aridity averaged across western US forested areas showed a
significant increase over the past three decades, with a linear trend
of +1.2 6 (95% confidence: 0.42-2.0 o) in the all-metric mean for
1979-2015 (Fig. 34, Top and Table S1). The all-metric mean ACC
contribution since 1901 was +0.10 ¢ by 1979 and +0.71 ¢ by 2015.
The annual area of forested lands with high fuel aridity (>1 o)
increased significantly during 1948-2015, most notably since 1979
(Fig. 34, Bottom). The observed mean annual areal extent of for-
ested land with high aridity during 20002015 was 75% larger for
the all-metric mean (+27% to +143% range across metrics) than
was the case where the ACC signal was excluded.

Significant positive trends in fuel aridity for 1979-2015 across
forested lands were observed for all metrics (Fig. 3B and Table
S1). Positive trends in fuel aridity remain after excluding the
ACC signal, but the remaining trend was only significant for
ERC. Anthropogenic forcing accounted for 55% of the observed
positive trend in the all-metric mean fuel aridity during 1979—
2015, including at least two-thirds of the observed increase in
ETo, VPD, and FWI, and less than a third of the observed in-
crease in ERC and PDSI. No significant trends were observed
for monthly fuel aridity metrics from 1948-1978.

The duration of the fire-weather season increased significantly
across western US forests (+41%, 26 d for the all-metric mean)
during 1979-2015, similar to prior results (10) (Fig. 44 and Table
S2). Our analysis shows that ACC accounts for ~54% of the in-
crease in fire-weather season length in the all-metric mean (15—
79% for individual metrics). An increase of 17.0 d per year of high
fire potential was observed for 1979-2015 in the all-metric mean
(11.7-28.4 d increase for individual metrics), over twice the rate of
increase calculated from metrics that excluded the ACC signal
(Fig. 4B and Table S2). This translates to an average of an addi-
tional 9 d (7.8-12.0 d) per year of high fire potential during 2000
2015 due to ACC.

Given the strong relationship between fuel aridity and annual
western US forest fire area, and the detectable impact of ACC on
fuel aridity, we use the regression relationship in Fig. 1 to model

-10 0.00 0.10 0.25 0.45 0.70 1.00

Fig. 2. Standardized change in each of the eight fuel aridity metrics due
to ACC. The influence of ACC on fuel aridity during 2000-2015 is shown
by the difference between standardized fuel aridity metrics calculated
from observations and those calculated from observations excluding the
ACC signal. The sign of PDSI is reversed for consistency with other aridity
measures.
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Fig. 3. Evolution and trends in western US forest fuel aridity metrics over
the past several decades. (A) Time series of (Upper) standardized annual fuel
aridity metrics and (Lower) percent of forest area with standardized fuel
aridity exceeding one SD. Red lines show observations and black lines show
records after exclusion of the ACC signal. Only the four monthly metrics
extend back to 1948. Daily fire danger indices begin in 1979. Bold lines in-
dicate averages across fuel aridity metrics. Bars in the background of A show
annual forested area burned during 1984-2015 for visual comparison with
fuel aridity. (B) Linear trends in the standardized fuel aridity metrics during
1979-2015 for (red) observations and (black) records excluding the ACC
signal (differences attributed to ACC). Asterisks indicate positive trends at
the (*) 95% and (**) 99% significance levels.

the contribution of ACC on western US forest fire area for the
past three decades (Fig. 5 and Fig. S5). ACC-driven increases in
fuel aridity are estimated to have added ~4.2 million ha (95%
confidence: 2.7-6.5 million ha) of western US forest fire area
during 1984-2015, similar to the combined areas of Massachusetts
and Connecticut, accounting for nearly half of the total modeled
burned area derived from the all-metric mean fuel aridity. Re-
peating this calculation for individual fuel aridity metrics yields
ACC contributions of 1.9-4.9 million ha, but most individual
fuel aridity metrics had weaker correlations with burned area
and thus may be less appropriate proxies for attributing burned
area. The effect of the ACC forcing on fuel aridity increased
during this period, contributing ~5.0 (95% confidence: 4.2-5.9)
times more burned area in 2000-2015 than in 1984-1999 (Fig. 5B).
During 2000-2015, the ACC-forced burned area likely exceeded
the burned area expected in the absence of ACC (Fig. 5B).
A more conservative method that uses the relationship between
detrended records of burned area and fuel aridity (2) still indicates a
substantial impact of ACC on total burned area, with a 19% (95%
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confidence: 12-24%) reduction in the proportion of total burned
area attributable to ACC (Fig. S5).

Our attribution explicitly assumes that anthropogenic increases
in fuel aridity are additive to the wildfire extent that would have
arisen from natural climate variability during 1984-2015. Because
the influence of fuel aridity on burned area is exponential, the
influence of a given ACC forcing is larger in an already arid fire
season such as 2012 (Fig. 54 and Fig. S5C). Anthropogenic in-
creases in fuel aridity are expected to continue to have their most
prominent impacts when superimposed on naturally occurring
extreme climate anomalies. Although numerous studies have
projected changes in burned area over the twenty-first century due
to ACC, we are unaware of other studies that have attempted to
quantify the contribution of ACC to recent forested burned area
over the western United States. The near doubling of forested
burned area we attribute to ACC exceeds changes in burned area
projected by some modeling efforts to occur by the mid-twenty-
first century (29, 30), but is proportionally consistent with mid-
twenty-first century increases in burned area projected by other
modeling efforts (17, 31-33).

Beyond anthropogenic climatic changes, several additional
factors have caused increases in fuel aridity and forest fire area
since the 1970s. The lack of fuel aridity trends during 1948-1978
and persistence of positive trends during 1979-2015 even after
removing the ACC signal implicates natural multidecadal climate
variability as an important factor that buffered anthropogenic
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Fig. 4. Changes in fire-weather season length and number of high fire
danger days. Time series of mean western US forest (4) fire-weather season
length and (B) number of days per year when daily fire danger indices
exceeded the 95th percentile. Baseline period: 1981-2010 using observa-
tional records that exclude the ACC signal. Red lines show the observed
record, and black lines show the record that excludes the ACC signal. Bold
lines show the average signal expressed across fuel aridity metrics.
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Fig. 5. Attribution of western US forest fire area to ACC. Cumulative forest
fire area estimated from the (red) observed all-metric mean record of fuel
aridity and (black) the fuel aridity record after exclusion of ACC (No ACQ).
The (orange) difference is the forest fire area forced by anthropogenic in-
creases in fuel aridity. Bold lines in A and horizontal lines within box plots
in B indicate mean estimated values (regression values in Fig. 1). Boxes in B
bound 50% confidence intervals. Shaded areas in A and whiskers in B bound
95% confidence intervals. Dark red horizontal lines in B indicate observed
forest fire area during each period.

effects during 1948-1978 and compounded anthropogenic effects
during 1979-2015. During 1979-2015, for example, observed
Mar-Sep vapor pressure decreased significantly across many US
forest areas, in marked contrast to modeled anthropogenic in-
creases (Fig. S6) (34). Significant declines in spring (Mar-May)
precipitation in the southwestern United States and summer
(Jun-Sep) precipitation throughout parts of the northwestern
United States during 1979-2015 (Fig. S7 A and B) hastened in-
creases in fire-season fuel aridity, consistent with observed in-
creases in the number of consecutive dry days across the region
(10). Natural climate variability, including a shift toward the cold
phase of the interdecadal Pacific Oscillation (35), was likely the
dominant driver of observed regional precipitation trends (36)
(Fig. S7 B and D).

Our quantification of the ACC contribution to observed in-
creases in forest fire activity in the western United States adds to
the limited number of climate change attribution studies on
wildfire to date (37). Previous attribution efforts have been re-
stricted to a single GCM and biophysical variable (14, 16). We
complement these studies by demonstrating the influence of
ACC derived from an ensemble of GCMs on several biophysical
metrics that exhibit strong links to forest fire area. However, our
attribution effort only considers ACC to manifest as trends in
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mean climate conditions, which may be conservative because cli-
mate models also project anthropogenic increases in the temporal
variability of climate and drought in the western United States (34,
38, 39). In focusing exclusively on the direct impacts of ACC on
fuel aridity, we do not address several other pathways by which
ACC may have affected wildfire activity. For example, the fuel
aridity metrics that we used may not adequately capture the role of
mountain snow hydrology on soil moisture. Nor do we account for
the influence of climate change on lightning activity, which may
increase with warming (40). We also do not account for how fire
risk may be affected by changes in biomass/fuel due to increases in
atmospheric CO, (41), drought-induced vegetation mortality (42),
or insect outbreaks (43).

Additionally, we treat the impact of ACC on fire as inde-
pendent from the effects of fire management (e.g., suppression
and wildland fire use policies), ignitions, land cover (e.g., exur-
ban development), and vegetation changes beyond the degree to
which they modulate the relationship between fuel aridity and
forest fire area. These factors have likely added to the area
burned across the western US forests and potentially amplified
the sensitivity of wildfire activity to climate variability and change
in recent decades (2, 22, 24, 44). Such confounding influences,
along with nonlinear relationships between burned area and its
drivers (e.g., Fig. 1), contribute uncertainty to our empirical attri-
bution of regional burned area to ACC. Our approach depends on
the strong observed regional relationship between burned area and
fuel aridity at the large regional scale of the western United States,
so the quantitative results of this attribution effort are not nec-
essarily applicable at finer spatial scales, for individual fires, or to
changes in nonforested areas. Dynamical vegetation models with
embedded fire models show emerging promise as tools to diagnose
the impacts of a richer set of processes than those considered here
(41, 45) and could be used in tandem with empirical approaches
(46, 47) to better understand contributions of observed and pro-
jected ACC to changes in regional fire activity. However, dynamic
models of vegetation, human activities, and fire are not without
their own lengthy list of caveats (2). Given the strong empirical
relationship between fuel aridity and wildfire activity identified
here and in other studies (1, 2, 4, 8), and substantial increases in
western US fuel aridity and fire-weather season length in recent
decades, it appears clear from empirical data alone that increased
fuel aridity, which is a robustly modeled result of ACC, is the
proximal driver of the observed increases in western US forest fire
area over the past few decades.

Conclusions

Since the 1970s, human-caused increases in temperature and
vapor pressure deficit have enhanced fuel aridity across western
continental US forests, accounting for approximately over half of
the observed increases in fuel aridity during this period. These
anthropogenic increases in fuel aridity approximately doubled
the western US forest fire area beyond that expected from nat-
ural climate variability alone during 1984-2015. The growing
ACC influence on fuel aridity is projected to increasingly pro-
mote wildfire potential across western US forests in the coming
decades and pose threats to ecosystems, the carbon budget,
human health, and fire suppression budgets (13, 48) that will
collectively encourage the development of fire-resilient land-
scapes (49). Although fuel limitations are likely to eventually
arise due to increased fire activity (17), this process has not yet
substantially disrupted the relationship between western US
forest fire area and aridity. We expect anthropogenic climate
change and associated increases in fuel aridity to impose an in-
creasingly dominant and detectable effect on western US forest
fire area in the coming decades while fuels remain abundant.
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Methods

We focus on climate variables that directly affect fuel moisture over forested
areas of the western continental United States, where fire activity tends to be
flammability-limited rather than fuel- or ignition-limited (1) (study region
shown in Fig. 1, Inset). There are a variety of climate-based metrics that have
been used as proxies for fuel aridity, yet there is no universally preferred
metric across different vegetation types (24). We consider eight frequently
used fuel aridity metrics that correlate well with fire activity variables, in-
cluding annual burned area (Fig. 1 and Table S1), in western US forests.

Fuel aridity metrics are calculated from daily surface meteorological data
(50) on a 1/24° grid for 1979-2015 for the western United States (west of
103°W). Although we calculated metrics across the entire western United
States, we focus on forested lands defined by the climax succession vege-
tation stages of “forest” or “woodland” in the Environmental Site Potential
product of LANDFIRE (landfire.gov). Forested 1/24° grid cells are defined by
at least 50% forest coverage aggregated from LANDFIRE. We extended the
aridity metrics calculated at the monthly timescale (ETo, VPD, CWD, and
PDSI) back to 1948 using monthly anomalies relative to a common 1981-
2010 period from the dataset developed by the Parameterized Regression
on Independent Slopes Model group (51) for temperature, precipitation,
and vapor pressure, and by bilinearly interpolating NCEP-NCAR reanalysis
for wind speed and surface solar radiation. We aggregated data to annu-
alized time series of mean May-Sep daily FWI, KBDI, ERC, and FFDI; Mar-Sep
VPD and ETo; Jun-Aug PDSI; and Jan-Dec CWD. We also calculated the
aridity metrics strictly from ERA-INTERIM and NCEP-NCAR reanalysis prod-
ucts for 1979-2015 covering the satellite era (Supporting Information).

Days per year of high fire potential are quantified by daily fire danger indices
(ERC, FWI, FFDI, and KBDI) that exceed the 95th percentile threshold defined
during 1981-2010 from observations after removing the ACC signal. Obser-
vational studies have shown that fire growth preferentially occurs during high
fire danger periods (52, 53). We also calculate the fire weather season length
for the four daily fire danger indices following previous studies (10).

The ACC signal is obtained from ensemble members taken from 27 CMIP5
global climate models (GCMs) regridded to a common 1° resolution for 1850-
2005 using historical forcing experiments and for 2006-2099 using the
Representative Concentration Pathway (RCP) 8.5 emissions scenario (Table
S3 and Supporting Information). These GCMs were selected based on
availability of monthly outputs for maximum and minimum daily tempera-
ture (Tmax and Tmin, respectively), specific humidity (huss), and surface
pressure. Saturation vapor pressure (es), vapor pressure (e), and VPD were
calculated using standard methods (Supporting Information). A variety of
approaches exist to estimate the ACC signal (26). We define the anthropo-
genic signals in Tax Tmine € €5, VPD, and relative humidity by a 50-y low-
pass-filter time series (using a 10-point Butterworth filter) averaged across the
27 GCMs using the following methodology: For each GCM, variable, month,
and grid cell, we converted each annual time series to anomalies relative to a
1901-2000 baseline. We averaged annual anomalies across all realizations
(model runs) for each GCM and calculated a single 50-y low-pass-filter annual
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time series for each of the 12 mo for 1850-2099. We averaged each month’s
low-pass-filtered time series across the 27 GCMs and additively adjusted so that
all smoothed records pass through zero in 1901. The resultant ACC signal
represents the CMIP5 modeled anthropogenic impact since 1901 for each
variable, grid cell, and month (Supporting Information).

We bilinearly interpolated the 1° CMIP5 multimodel mean 50-y low-pass
time series to the 1/24° spatial resolution of the observations and subtracted
the ACCsignal from the observed daily and monthly time series. We consider
the remaining records after subtraction of the ACC signal to indicate climate
records that are free of anthropogenic trends (26).

Annual variations in fuel aridity metrics are presented as standardized
anomalies (c) to accommodate differences across geography and metrics. All
fuel aridity metrics are standardized using the mean and SD from 1981 to
2010 for observations that excluded the ACC signal. Although the selection
of a reference period can bias results (54), our findings were similar when
using the full 1979-2015 time period or the observed data (without removal
of ACQ) for the reference period. The influence of anthropogenic forcing on
fuel aridity metrics is quantified as the difference between metrics calcu-
lated with observations and those calculated with observations that ex-
cluded the ACC signal. Area-weighted standardized anomalies and the
spatial extent of western US forested land that experienced high (>1 o)
aridity are computed for each aridity metric. Annualized burned area as well
as aggregated fuel aridity metrics calculated with data from ref. 50 and the
two reanalysis products are provided in Datasets S1-S3.

We use the regression relationship between the annual western US forest
fire area and the all-metric mean fuel aridity index in Fig. 1 to estimate the
forcing of anthropogenic increases in fuel aridity on forest fire area during
1984-2015. Uncertainties in the regression relationship due to imperfect
correlation and temporal autocorrelation are propagated as estimated
confidence bounds on the anthropogenic forcing of forest fire area. This
approach was repeated using a more conservative definition of the re-
gression relationship, where we removed the linear least squares trend for
1984-2015 from both the area burned and fuel aridity time series before
regression to reduce the possibility of spurious correlation due to common
but unrelated trends (Fig. S5). Statistical significance of all linear trends and
correlations reported in this study are assessed using both Spearman’s rank
and Kendall’s tau statistics. Trends are considered significant if both tests
yield P < 0.05.

ACKNOWLEDGMENTS. We thank J. Mankin, B. Osborn, and two reviewers
for helpful comments on the manuscript and coauthors of ref. 26 for help
developing the empirical attribution framework. A.P.W. was funded by Co-
lumbia University’s Center for Climate and Life and by the Lamont-Doherty
Earth Observatory (Lamont contribution 8048). J.T.A. was supported by
funding from National Aeronautics and Space Administration Terrestrial
Ecology Program under Award NNX14AJ14G, and the National Science
Foundation Hazards Science, Engineering and Education for Sustainability
(SEES) Program under Award 1520873.

13. Flannigan M, et al. (2013) Global wildland fire season severity in the 21st century. For
Ecol Manage 294:54-61.

14. Yoon J, Kravitz B, Rasch P (2015) Extreme fire season in California: A glimpse into the
future? Bull Am Meteorol Soc 96:55-S9.

15. Barbero R, Abatzoglou JT, Larkin NK, Kolden CA, Stocks B (2015) Climate change
presents increased potential for very large fires in the contiguous United States. Int J
Wildland Fire 24(7):892-899.

16. Gillett NP, Weaver AJ, Zwiers FW, Flannigan MD (2004) Detecting the effect of cli-
mate change on Canadian forest fires. Geophys Res Lett 31(18):L18211.

17. Westerling AL, Turner MG, Smithwick EAH, Romme WH, Ryan MG (2011) Continued
warming could transform Greater Yellowstone fire regimes by mid-21st century. Proc
Natl Acad Sci USA 108(32):13165-13170.

18. Krawchuk MA, Moritz MA, Parisien MA, Van Dorn J, Hayhoe K (2009) Global py-
rogeography: The current and future distribution of wildfire. PLoS One 4(4):e5102.

19. Moritz MA, et al. (2012) Climate change and disruptions to global fire activity.
Ecosphere 3(6):1-22.

20. Marlon JR, et al. (2012) Long-term perspective on wildfires in the western USA. Proc
Natl Acad Sci USA 109(9):E535-E543.

21. Parks SA, et al. (2015) Wildland fire deficit and surplus in the western United States,
1984-2012. Ecosphere 6(12):1-13.

22. Higuera PE, Abatzoglou JT, Littell JS, Morgan P (2015) The changing strength and
nature of fire—climate relationships in the northern Rocky Mountains, U.S.A., 1902-
2008. PLoS One 10(6):e0127563.

23. Pausas JG, Ribeiro E (2013) The global fire-productivity relationship. Glob Ecol
Biogeogr 22(6):728-736.

24. Littell JS, Peterson DL, Riley KL, Liu Y, Luce CH (2016) A review of the relationships
between drought and forest fire in the United States. Glob Change Biol 22(7):
2353-2369.

Abatzoglou and Williams



%
v
~

25.

26.

27.

28.

29.

30.

31.

32.

33.

34.

35.

36.

37.

38.

39.

40.

41.

42.

43.

45.

46.

47.

Williams AP, et al. (2015) Correlations between components of the water balance and
burned area reveal new insights for predicting forest fire area in the southwest
United States. Int J Wildland Fire 24(1):14-26.

Williams AP, et al. (2015) Contribution of anthropogenic warming to California
drought during 2012-2014. Geophys Res Lett 42(16):6819-6828.

Sheffield J, et al. (2013) North American Climate in CMIP5 experiments. Part I: Eval-
uation of historical simulations of continental and regional climatology. J Clim 26(23):
9209-9245.

Hobbins MT (2016) The variability of ASCE standardized reference evapotranspira-
tion: A rigorous, CONUS-wide decomposition and attribution. Trans Am Soc Agric Biol
Eng 59(2):561-576.

Mann ML, et al. (2016) Incorporating anthropogenic influences into fire probability
models: Effects of human activity and climate change on fire activity in California.
PLoS One 11(4):e0153589.

Yue X, Mickley LJ, Logan JA, Kaplan JO (2013) Ensemble projections of wildfire ac-
tivity and carbonaceous aerosol concentrations over the western United States in the
mid-21st century. Atmos Environ (1994) 77:767-780.

Pechony O, Shindell DT (2010) Driving forces of global wildfires over the past mil-
lennium and the forthcoming century. Proc Nat/ Acad Sci USA 107(45):19167-19170.
Littell JS, et al. (2010) Forest ecosystems, disturbance, and climatic change in Wash-
ington State, USA. Clim Change 102(1-2):129-158.

Rogers BM, et al. (2011) Impacts of climate change on fire regimes and carbon stocks
of the U.S. Pacific Northwest. J Geophys Res Biogeosci 116(G3):G03037.

Williams AP, et al. (2014) Causes and implications of extreme atmospheric moisture
demand during the record-breaking 2011 wildfire season in the southwestern United
States. J Appl Meteorol Climatol 53(12):2671-2684.

Dong B, Dai A (2015) The influence of the Interdecadal Pacific Oscillation on tem-
perature and precipitation over the globe. Clim Dyn 45(9-10):2667-2681.

Deser C, Knutti R, Solomon S, Phillips AS (2012) Communication of the role of natural
variability in future North American climate. Nat Clim Chang 2(11):775-779.
National Academies of Sciences, Engineering, and Medicine (2016) Attribution of
Extreme Weather Events in the Context of Climate Change (The National Acade-
mies Press, Washington, DC).

Swain DL, Horton DE, Singh D, Diffenbaugh NS (2016) Trends in atmospheric patterns
conducive to seasonal precipitation and temperature extremes in California. Sci Adv
2(4):e1501344.

Polade SD, Pierce DW, Cayan DR, Gershunov A, Dettinger MD (2014) The key role of
dry days in changing regional climate and precipitation regimes. Sci Rep 4:4364.
Romps DM, Seeley JT, Vollaro D, Molinari J (2014) Climate change. Projected increase
in lightning strikes in the United States due to global warming. Science 346(6211):
851-854.

Knorr W, Jiang L, Arneth A (2016) Climate, CO, and human population impacts on
global wildfire emissions. Biogeosciences 13(1):267-282.

Williams AP, et al. (2013) Temperature as a potent driver of regional forest drought
stress and tree mortality. Nat Clim Chang 3(3):292-297.

Hart SJ, Schoennagel T, Veblen TT, Chapman TB (2015) Area burned in the western
United States is unaffected by recent mountain pine beetle outbreaks. Proc Nat/ Acad
Sci USA 112(14):4375-4380.

. Van Wagtendonk JW (2007) The history and evolution of wildland fire use. Fire Ecol

3(2):3-17.

Bowman DMIJS, Murphy BP, Williamson GJ, Cochrane MA (2014) Pyrogeographic
models, feedbacks and the future of global fire regimes. Glob Ecol Biogeogr 23(7):
821-824.

Parisien M-A, et al. (2014) An analysis of controls on fire activity in boreal Canada:
Comparing models built with different temporal resolutions. Ecol Appl 24(6):1341-1356.
Krawchuk MA, Moritz MA (2014) Burning issues: Statistical analyses of global fire
data to inform assessments of environmental change. Environmetrics 25(6):472-481.

Abatzoglou and Williams

48.

49.

50.

51.

52.

53.

54.

55.

56.

57.

58.

59.

60.

61.

62.

63.

64.

65.

66.

67.

68.

69.

70.

71.

72.

Millar Cl, Stephenson NL (2015) Temperate forest health in an era of emerging
megadisturbance. Science 349(6250):823-826.

Smith AMS, et al. (2016) The science of firescapes: Achieving fire-resilient communi-
ties. Bioscience 66(2):130-146.

Abatzoglou JT (2013) Development of gridded surface meteorological data for eco-
logical applications and modelling. Int J Climatol 33(1):121-131.

Daly C, et al. (2008) Physiographically sensitive mapping of climatological tempera-
ture and precipitation across the conterminous United States. Int J Climatol 28(15):
2031-2064.

Stavros EN, Abatzoglou J, Larkin NK, McKenzie D, Steel EA (2014) Climate and very
large wildland fires in the contiguous Western USA. Int J Wildland Fire 23(7):899-914.
Riley KL, Abatzoglou JT, Grenfell IC, Klene AE, Heinsch FA (2013) The relationship of
large fire occurrence with drought and fire danger indices in the western USA, 1984—
2008: The role of temporal scale. Int J Wildland Fire 22(7):894-909.

Sippel S, et al. (2015) Quantifying changes in climate variability and extremes: Pitfalls
and their overcoming. Geophys Res Lett 42(22):9990-9998.

Littell JS, Gwozdz RB (2011) Climatic water balance and regional fire years in the
Pacific Northwest, USA: linking regional climate and fire at landscape scales. The
Landscape Ecology of Fire (Springer, Dordrecht, The Netherlands), pp 117-139.
Morton DG, et al. (2013) Satellite-based assessment of climate controls on US burned
area. Biogeosciences 10(1):247-260.

Stocks BJ, et al. (1989) Canadian forest fire danger rating system: An overview. For
Chron 65(4):258-265.

Westerling AL, Gershunov A, Brown TJ, Cayan DR, Dettinger MD (2003) Climate and
wildfire in the western United States. Bull Am Meteorol Soc 84(5):595-604.
Flannigan MD, et al. (2016) Fuel moisture sensitivity to temperature and pre-
cipitation: Climate change implications. Clim Change 134(1-2):59-71.

Flannigan MD, Van Wagner CE (1991) Climate change and wildfire in Canada. Can J
Res 21(1):66-72.

Dowdy AJ, Mills GA, Finkele K, de Groot W (2010) Index sensitivity analysis applied to
the Canadian Forest Fire Weather Index and the McArthur Forest Fire Danger Index.
Meteorol Appl 17(3):298-312.

Mitchell KE, et al. (2004) The multi-institution North American Land Data Assimilation
System (NLDAS): Utilizing multiple GCIP products and partners in a continental dis-
tributed hydrological modeling system. J Geophys Res Atmos 109(D7):D07590.

Allen RG, Pereira LS, Raes D, Smith M (1998) Crop evapotranspiration-Guidelines for
computing crop water requirements-FAO Irrigation and drainage paper 56. FAO,
Rome 300(9):D05109.

Willmott CJ, Rowe CM, Mintz Y (1985) Climatology of the terrestrial seasonal water
cycle. J Climatol 5(6):589-606.

Andrews PL, Loftsgaarden DO, Bradshaw LS (2003) Evaluation of fire danger rating
indexes using logistic regression and percentile analysis. Int J Wildland Fire 12(2):
213-226.

Cohen JE, Deeming JD (1985) The National Fire-Danger Rating System: basic equa-
tions. Gen Tech Rep:16.

McArthur AG (1967) Fire behaviour in eucalypt forests (Forestry and Timber Bureau
Leaflet 107).

Griffiths D (1999) Improved formula for the drought factor in McArthur’s Forest Fire
Danger Meter. Aust For 62(3):202-206.

Wallace JM, Hobbs PV (2006) Atmospheric Science: An Introductory Survey (Academic,
Amsterdam), 2nd Ed.

Eidenshink JC, et al. (2007) A project for monitoring trends in burn severity. Fire Ecol
3(1):3-21.

Roy DP, Boschetti L, Justice CO, Ju J (2008) The collection 5 MODIS burned area
product—Global evaluation by comparison with the MODIS active fire product.
Remote Sens Environ 112(9):3690-3707.

van Vuuren DP, et al. (2011) The representative concentration pathways: An overview.
Clim Change 109(1):5-31.

PNAS | October 18,2016 | vol. 113 | no.42 | 11775

>
<
=
=
i
=
=
(=}
(5]
w
w
w

EARTH, ATMOSPHERIC,
AND PLANETARY SCIENCES




esa ECOSPHERE

SYNTHESIS & INTEGRATION

Transitioning western U.S. dry forests to limited committed
warming with bet-hedging and natural disturbances

WiLLiam L. BAKERT

Program in Ecology/Department of Geography, University of Wyoming, Department 3371, 1000 East University Avenue,
Laramie, Wyoming 82081 USA

Citation: Baker, W. L. 2018. Transitioning western U.S. dry forests to limited committed warming with bet-hedging and
natural disturbances. Ecosphere 9(6):e02288. 10.1002/ecs2.2288

Abstract. Historical evidence suggests natural disturbances could allow more forest persistence, than
expected from models, over 40 yr of transition to the net-zero emissions needed to limit warming to <2.0°C
(e.g., Paris Agreement). Forests must ultimately equilibrate with committed warming from accumulated
emissions. Historical dry-forest landscapes were heterogeneous from large, infrequent disturbances (LIDs)
that reduced tree density and basal area, followed by slow, variable tree regeneration and recovery for 1-3
centuries. These together effectively provided bet-hedging through stand- and landscape-level heterogeneity
that enhanced resistance and resilience to a diversity of unpredictable subsequent disturbances. Recent dis-
turbances have not yet exceeded historical variability in rates and patterns, but could cause mortality of
~26-51% of dry-forest area in the transition. This also means 1/2 to 3/4 of dry-forest area could escape most
mortality and the mortality area could also have substantial forest persistence. Projections are unavailable for
droughts or beetle outbreaks, but they recently caused about 34 times as much tree mortality as did moder-
ate- to high-severity fires. Mortality could reduce forest area if new trees do not regenerate, but 24 studies
showed recent regeneration after high-severity fires was slow, but indistinct from historical variability. Sur-
vival of smaller trees provided regeneration after beetle outbreaks and droughts. Regeneration in general
was projected by 2060 to decline by ~ 10% in one study and increase by 50% in another. If openings from
disturbances increased, some grasslands and shrublands could be restored, increasing landscape heterogene-
ity and resistance to disturbance spread. Given these trends and our limited ability to prevent LIDs, I suggest
(1) refocusing restoration to increase bet-hedging resilience to droughts and beetle outbreaks by retaining
small trees and diverse tree species, (2) expanding development of fire-safe landscapes to protect people and
infrastructure from unavoidable increased fire, (3) enabling more managed fire to restore and enhance stand-
and landscape-scale bet-hedging, and (4) accepting that LIDs will revise resistance, resilience, and adapta-
tion, which enhance forest persistence, particularly if post-disturbance survivors are not logged and trees are
not planted. Natural disturbance and slow recovery, if bet-hedged to increase resistance and resilience, could
enable substantial forest persistence.

Key words: adaptation; beetle outbreaks; bet-hedging; climate change; disturbances; droughts; dry forests; fire; natural
recovery; resilience; succession.
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SYNTHESIS & INTEGRATION

INTRODUCTION

Since the 2015 Paris Agreement, the world
plans to reduce emissions to limit warming to
much less than 2.0°C, possibly 1.5°C, and it is
worthwhile to focus on how major ecosystems
may transition to this more limited level of
warming that is now a global commitment.
Extensive disappearing climates and ecosystem
changes and the need for widespread assisted
migration by the mid- to late 21st century under
continuing moderate- to high emissions (e.g.,
Rehfeldt et al. 2014) are less likely. Understand-
ing is now needed of impacts of more limited
warming for specific ecosystems. Here, I review
how bet-hedging and natural-disturbance pro-
cesses (Baker and Williams 2015) could help tran-
sition current dry-forest landscapes in the
western United States to limited committed
warming. Bet-hedging uses small trees, large
trees, and diverse trees to hedge against diverse
disturbances. Committed warming occurs
because once emissions are reduced so they are
at net zero (emissions balanced by fixation), the
long persistence of emitted CO, in the atmo-
sphere and high oceanic heat capacity cause glo-
bal temperatures to remain elevated for centuries
near where they are at net zero (Collins et al.
2013, Mauritsen and Pincus 2017).

Dry forests are major montane ecosystems
(Fig. 1), covering ~ 25.5 million ha of the west-
ern United States (Baker 2015). Dry forests
include (1) dry pine forests most often domi-
nated by ponderosa pine (Pinus ponderosa) or
similar pines with relatively few associated trees,
and (2) dry mixed-conifer forests with pines plus
several other trees (e.g., Abies concolor, Abies
grandis, Populus tremuloides, Pseudotsuga menziesii).
Dry-forest landscapes historically also included
grasslands and shrublands, as well as younger
forests (Fig. 2), some of which were seral stages
after high-severity fires in dry forests, although
others were more persistent (Baker 2017a).

To keep committed warming below 2.0°C
across dry forests of the western United States,
emissions may need to be net zero by A.D.
2050 when 80% of projections show 2.0°C of
warming would be reached with current emis-
sions (Karmalkar and Bradley 2017). However,
globally committed warming of well below
2.0°C that might allow 2.0°C of committed
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warming across dry forests of the western Uni-
ted States could also be achieved if net-zero
emissions are reached by A.D. 2060 after rapid
near-term reductions (Sanderson et al. 2016).
The 2.6 representative concentration pathway
(RCP), the lowest scenario of the Fifth Assess-
ment Report (AR5) from the Intergovernmental
Panel on Climate Change, was thought to feasi-
bly constrain warming to <2.0°C (IPCC 2015),
but this now appears unlikely (Sanderson et al.
2016). The next IPCC report (AR6), with newer
scenarios congruent with 1.5-2.0°C of commit-
ted warming, is not due until 2022. However,
Shared Socio-Economic Pathways (SSPs) that
are being developed suggest a 1.9 RCP could
feasibly constrain warming to 1.5°C (Rogel;
et al. 2018). Updated global carbon-emissions
accounting and pathways make 1.5°C feasible
(Tokarska and Gillett 2018, Van Vuuren et al.
2018). Thus, net-zero emissions by 2060 are
needed and feasible to avoid rising above 1.5-
2.0°C (Tanaka and O’Neill 2018). Therefore, I
consider A.D. 2060, ~40 yr, as the main period
for transitioning dry forests, after which fur-
ther, slower adjustment to committed warming
continues.

No projections yet exist for extent of climate
loss (current climate moves elsewhere or is chan-
ged) or its effects on tree populations in dry for-
ests for pathways leading to net-zero emissions
by 2060, but perspective is still possible now. Pro-
jections of climate loss in dry forests, primarily
from bioclimate models, were mostly for A.D.
2060-2100 and/or RCPs of medium to high emis-
sions (Table 1). Loss of climate would likely be
lower than in RCP 2.6 (Table 1), but specific pro-
jections are lacking. Nonetheless, by 2015, total
human-induced global warming was 0.93°C
(Millar et al. 2017), about 1/2 to 2/3 of the way to
1.5-2.0°C, suggesting that effects that will occur
are well underway. Here, 1 synthesize what
might ensue in dry forests based on recent trends
in natural disturbances, tree mortality, and tree
regeneration, aided by projections and scenarios
to 2060 for low or modest emissions, where avail-
able. Further refinement will be needed, but sub-
stantial evidence is available now that can
provide useful perspective.

Also, bioclimate models do not reveal ecologi-
cal effects, since they usually lack demography;,
dispersal, or natural disturbance, and mostly
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Fig. 1. Dry forests covered about 25.5 million ha of the western United States, including about 12.6 million ha
of dry pine forests and 12.9 million ha of dry mixed-conifer forests. Data are Landfire biophysical settings, which

predict historical vegetation (http://www.landfire.gov).

only show how the climate of an ecosystem
may change, not effects (Campbell and Shinne-
man 2017). Climate loss is expected to move
upward from lower-elevation and northward
from southerly trailing edges of dry-forest
ranges, and tree mortality may follow, but
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unpredictably. Adult ponderosa may be most
vulnerable in interior populations (var. scopulorum)
and less in Pacific populations (var. ponderosa) of
ponderosa pine, but vulnerability in dry forests
may be heterogeneous in general (McCullough
et al. 2017). These models are generally only for
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Fig. 2. Historical dry-forest landscapes included forests as well as openings with grasslands and shrublands,
as shown here in this Whitman Cross photograph from 1897 looking south at Mesa Verde (on the skyline), south-
western Colorado, across a ponderosa pine landscape with Gambel oak (Quercus gambelii) shrublands and mon-
tane grasslands. Reproduced from a scanned print of the original photograph (Cross 297) at the U.S. Geological
Survey Denver Library, Photographic Collection, Denver, Colorado.

adult trees, but tree regeneration may ultimately
control tree persistence and expansion (Bell
et al. 2014, Dobrowski et al. 2015, Petrie et al.
2017). Natural disturbances (droughts, beetle
outbreaks, wildfires, and diseases) will likely
cause the tree mortality as climate is lost. Forest
resilience could be exceeded and a tipping point
(Reyer et al. 2015) crossed. However, inertia
from long tree life spans, changing disturbances,
and tree survival and regeneration might
allow more forest persistence (Campbell and
Shinneman 2017).

Here, 1 first review the historical roles of
large, infrequent disturbances (LIDs), post
-disturbance legacies, and slow natural recov-
ery in dry forests. Then, I review recent natural
disturbances, tree regeneration, and how per-
sistence of tree populations in dry forests to
warming could be aided by bet-hedging. Emer-
gence of climates at higher elevations may off-
set losses in current ranges, if dispersal
succeeds (Campbell and Shinneman 2017), but
is not addressed here.
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HistoricAL VARIABILITY IN NATURAL
DisTURBANCE AND RECOVERY IN DRY-FOREST
LANDSCAPES

Large, infrequent disturbances historically
accomplished most renewal in dry-forest landscapes
Historical dry-forest landscapes included open,
low-density stands with large, old trees and a his-
tory of low-severity fires, but probabilistic land-
scape-scale studies found these open forests over
only about 34%, on average, of dry-forest area
(Baker 2017a). The other 66% historically had more
diverse stand structures (examples in Table 2,
reviews in Odion et al. 2014, Hanson et al. 2015).
Historical forests were often younger, denser, and
had been burned in fires varying in intensity and
severity, as described explicitly in Hessburg et al.
(2007:19): “Instead, area was dominated by forest
structures that were intermediate between new
and old forests, i.e., by pole to medium sized,
rather than large trees.... This observation sug-
gested that before any extensive management had
occurred, the influence of fire in the dry forest was
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Table 1. Projected losses of current dry-forest climates for individual species that occur in current dry forests of
the western United States, based on bioclimate and process-based (only Mathys et al. 2017) models.

Emissions
Change scenario
Emissions level/location Species (%)t Date or RCP} Author(s)

Low

Arizona-New Mexico Pinus ponderosa —58.0  2075-2100 2.6 Mathys et al. (2017)
Plateau

North America Pseudotsuga menziesii -22.0  2075-2100 2.6 Mathys et al. (2017)
Idaho Batholith Pseudotsuga menziesii —19.0  2075-2100 2.6 Mathys et al. (2017)
Wyoming Basin Pseudotsuga menziesii -1.0  2075-2100 2.6 Mathys et al. (2017)

Medium-high
North America Abies concolor —13.4§ 20712100 A2/B2mean McKenney et al. (2007)
North America Abies grandis —49.6§ 20712100 A2/B2mean McKenney et al. (2007)
North America Picea pungens —51.2§ 20712100 A2/B2mean McKenney et al. (2007)
North America Pinus jeffreyi —68.6§ 2071-2100 A2/B2mean McKenney et al. (2007)
North America Pinus ponderosa —40.4§ 20712100 A2/B2mean McKenney et al. (2007)
North America Pinus ponderosa var. ponderosa —45.0 2060 6.0 Rehfeldt et al. (2014)
North America Pinus ponderosa var. scopulorum -77.0 2060 6.0 Rehfeldt et al. (2014)
North America Populus tremuloides —24.7§ 20712100 A2/B2mean McKenney et al. (2007)
North America Pseudotsuga menziesii —31.5§ 20712100 A2/B2mean McKenney et al. (2007)
North America Pseudotsuga menziesii var. glauca -35.0 2060 6.0 Rehfeldt et al. (2014)
North America Pseudotsuga menziesii var. menziesii ~ —18.0 2060 6.0 Rehfeldt et al. (2014)

High
Southwestern USA Picea pungens —81.0  2070-2099 A2 Notaro et al. (2012)
Southwestern USA Pinus ponderosa —47.0  2070-2099 A2 Notaro et al. (2012)
Southwestern Colorado Populus tremuloides —52.0 2060 6.0/8.5mean  Rehfeldt et al. (2015)
Southwestern USA Pseudotsuga menziesii —50.0  2070-2099 A2 Notaro et al. (2012)
North America Pseudotsuga menziesii -59.0  2075-2100 8.5 Mathys et al. (2017)
Southwestern USA All needleleaf evergreen trees —100.0 2099 A2 Jiang et al. (2013)

Note: Area outside current climates may also emerge with some new area of suitable dry-forest climates, not shown here.

1 The change (%) is relative to the present.

i Emissions scenarios are A2 (High emissions), B1 (Low), and B2 (Low-Medium); RCP = representative concentration
pathway, which is the change in radiative forcing (W/m?) in 2100 relative to pre-industrial conditions, as defined for emissions
scenarios by the Intergovernmental Panel on Climate Change (IPCC). RCP 2.6 is Low, 4.5 is Medium, 6.0 is Medium-High, and

8.5 is High emissions.
§ This is the “no dispersal” projection result.

of a frequency and severity that intermittently
regenerated rather than maintained large areas of
old, fire tolerant forest.” The intermittent regenera-
tion likely followed LIDs which varied in intensity,
but were at least partly intense enough to kill sub-
stantial woody plants. Large, infrequent distur-
bances included fires, insect outbreaks, diseases,
droughts, and blowdowns (Foster et al. 1998).
Many historical LIDs in dry-forest landscapes
occurred in periodic climatic episodes. Large fires
were often during droughts, as in 1848 when 41
of 63 fire-history sites across southwestern dry
forests recorded this fire year (Swetnam and Bai-
san 1996), and in 1910 when 1.2 million ha
burned in the northern Rocky Mountains (Odion
et al. 2014). About 10 bark beetles had large out-
breaks in dry forests (Bentz et al. 2010) when tree
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defenses were weakened by drought or other
events, weather favored beetle reproduction, and
mass attack could overcome tree resistance (Bentz
et al. 2010, Negron and Fettig 2014). An example
is the 200,000- to 300,000-ha 1895-1909 mountain
pine beetle (MPB; Dendroctonus ponderosae) out-
break in the Black Hills, South Dakota (Graham
et al. 2016). Historical droughts, such as the A.D.
1574-1594 drought in the Southwest, also likely
led to extensive tree mortality in dry forests (Swet-
nam and Betancourt 1998, Williams et al. 2013).
Large disturbances were likely infrequent in
historical fire regimes and in other disturbance
regimes. Modern fire regimes globally nearly all
have log-normal fire-size distributions in which
large fires are exponentially less frequent than
small fires (Hantson et al. 2016). Historical fire-
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Table 2. Examples of probabilistic studies and ancillary supporting sources that showed evidence of historical
mixed-severity fire regimes, with substantial area of high-severity fire, that fostered heterogeneous historical

dry-forest landscapes in the western United States.

Data source Author(s) Location(s)
Probabilistic
Early aerial photographs Hessburg et al. (2007) WA, OR
Forest Inventory and Analysis data Odion et al. (2014) W USA

Early forest-reserve reports

Baker et al. (2007), Baker (2012, 2014),

AZ, CA, OR, Rocky Mountains

Williams and Baker (2014)

Reconstructions—-General Land Office surveys Williams and Baker (20124, b) AZ, CO, OR

Reconstructions—Tree-rings at landscape scale Sherriff et al. (2014) CcO
Ancillary supporting sources

Early historical accounts Baker (2012, 2014) CA, OR

Early photographs Baker (2009) Rocky Mountains

Reconstructions—Paleo-charcoal Compilation in Baker (2015) W USA

Note: AZ, Arizona; CA, California; CO, Colorado; OR, Oregon; WA, Washington; W USA, western USA.

size and patch-size distributions in dry forests
also had inverse-] shapes suggesting log-normal
distributions (Williams and Baker 2012a, Baker
2017a). While rare, LIDs could be concentrated in
episodes across large land areas, as were severe
fires in the late 1800s in the southern Rocky
Mountains (Veblen et al. 2000, Schoennagel et al.
2011, Baker 2017b), and large MPB outbreaks
across the western United States and Canada
(Jarvis and Kulakowski 2015).

The severely disturbed extent of LIDs had his-
torical rotations (the expected time to affect the
area of a landscape once) of one or more centuries.
High-severity fires that killed >70% of basal area
in dry forests historically had rotations of about 2—
8 centuries (Baker 2015); moderate- to high-sever-
ity fires that killed 20% or more of basal area had
rotations of 235-319 yr (Odion et al. 2014). Tree
age distributions and early observations suggest
large insect outbreaks and droughts were also
infrequent events in dry forests (Blackman 1931,
Swetnam and Betancourt 1998). The historical
rotation for outbreaks of MPB, the main outbreak
beetle in the western United States (Meddens
et al. 2012), might be somewhat longer in pon-
derosa pine than lodgepole pine (Pinus contorta)
forests, since ponderosa pine forests are more
heterogeneous (Chapman et al. 2012). Jarvis and
Kulakowski (2015) reconstructed MPB outbreaks
in lodgepole pine at 10 sites in 200,000 ha of west-
ern Colorado and found four episodes from 1742
to 1910 that affected 0.5, 0.7, 0.5, and 0.4 of the 10
sites, a rotation of about 80 yr (168 yr/2.1). The
rotation for drought-caused mortality in dry
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forests is unknown as there are no historical
reconstructions. Pan-continental droughts that
affected several U.S. regions occurred historically
in ~12% of the last 1000 yr, but megadroughts of
a decade or more, mainly in the Southwest and
Central Plains, were rare in the last 500 yr (Cook
et al. 2014). The 1574-1594 event, mentioned ear-
lier, is the only historical one known to have
caused extensive mortality in dry forests.

In the case of fires, the few percent that are
large typically account for most of the total
burned area (Strauss et al. 1989) and are often
more intense (Swetnam and Baisan 1996). This
importance of only a few percent of fires, the lar-
gest fires, to total burned area is evident in mod-
ern dry forests (Farris et al. 2010) and other
forests (Baker 2009). Larger fires often have a mix
of intensities and higher intensity, since fires
become large because of rapid spread, driven by
wind and drier fuels that allow more fuel con-
sumption, increasing fire intensity (Alexander
1982). Large beetle outbreaks and lengthy
droughts also appear to cause most tree mortal-
ity (Allen et al. 2010, Baker and Williams 2015,
Graham et al. 2016), likely because resistance
thresholds in trees are difficult to cross with
smaller, less severe events (Romme et al. 1998).

Large, infrequent disturbances updated
resistance, resilience, and legacies that facilitated
recovery and bet-hedging

Large, infrequent disturbances with varying
severities historically provided episodic adjustment
across dry-forest landscapes, reducing area,
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density, and basal area of less disturbance-resistant
trees, while increasing more disturbance-
resistant trees, although current trees simply regen-
erate at times. Competition was lessened and the
canopy was opened (Fig. 3a, b), often reducing
vulnerability to subsequent disturbances for dec-
ades or longer (Parks et al. 2016).

Large, infrequent disturbances episodically
tested and updated resistance, resilience, and
bet-hedging across changing landscapes. Large,
infrequent disturbances fostered diverse surviv-
ing tree species, sizes, and regeneration strategies
that provided resistance and resilience to subse-
quent diverse disturbances (Table 3). This
diverse stand and landscape structure and com-
position after LIDs could effectively provide
stand- and landscape-level bet-hedging against
an uncertain array of subsequent disturbances
(Baker and Williams 2015). At the stand scale,
bet-hedging was provided by combinations of
large, old trees with thick bark that resisted mor-
tality in fires and some beetle outbreaks (Graham
et al. 2016, Welch et al. 2016), abundant small
trees that resisted mortality in beetle outbreaks
and droughts (Baker and Williams 2015), and
diverse tree species so that some trees were not
vulnerable to particular insects or diseases. At
the landscape scale, areas of large trees, other
fire-resistant trees, and low tree density provided
landscape resistance to severe fires. Low-to-mod-
erate fuel continuity allowed fires to spread, but
with patchiness. Openings reduced ignitions, slo-
wed disturbance spread, and reduced severity,
while natural breaks could slow or terminate
fires. Low—moderate contiguity of large trees and
diverse patches may have reduced beetle spread
and limited the size of patches of tree mortality
(Graham et al. 2016). Young, recovering forests
had high tree survival in beetle outbreaks (Gra-
ham et al. 2016) and droughts (Allen et al. 2010).

Natural recovery exemplifies resilience: “...the
capacity of a system to absorb disturbance and
reorganize while undergoing change so as to retain
essentially the same function, structure, identity
and feedbacks” (Walker et al. 2004:2). Large, infre-
quent disturbances in dry forests left behind com-
plex effects from variable disturbance types and
severities (Fig. 3), and these legacies (Foster et al.
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Fig. 3. Legacies after large, infrequent disturbances
in dry forests: (a) a historical moderate- to high-sever-
ity fire in dry forests on the Uncompahgre Plateau,
western Colorado, photograph in 1903 from Riley
(1904); (b) a historical beetle outbreak in dry forests on
the Uncompahgre Plateau, western Colorado, pho-
tograph in 1903 from Riley (1904); and (c) sudden
aspen decline (SAD), a recent drought-linked distur-
bance, in southwestern Colorado, photograph by W. L.
Baker, in 2006.
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Table 3. Some historical structures (table entries), created by LIDs and environmental heterogeneity, that provided
resistance and resilience at the stand and landscape scales to the three main types of LIDs in dry forests.

Property Moderate- to high-severity fires

Beetle outbreaks

Droughts

Resistance-stand scale ~ Abundant large trees, some
small trees

Fire-resistant trees

Moderate fuel continuity (e.g.,
patches of rocks, low fuels)

Lower tree density/fuels, where
this occurred, reducing fire
severity

Higher tree density/cover
leading to shaded, moister
fuels, where this occurred

Resistance-landscape Areas of large trees

scale

Areas of fire-resistant trees

Areas of low tree density/fuels,
where they occurred

Limited areas of young,
recovering forests

Moderate fuel continuity

Areas of higher tree density/
cover leading to shaded fuels

Openings that slowed fire
spread (e.g., grasslands,
wetlands)

Natural fire breaks (e.g., rock
outcrops, streams, moist
stands)

Resprouting trees and shrubs

Surviving large seed trees, some
patches of surviving small trees

Resilience-stand scale

Resilience-landscape
scale

Large seed trees, likely to
survive, every 50-100 m,
limited patches of small trees

Diverse tree densities, basal
areas, and tree species
composition

Most severely burned area
within 100-200 m of an
unburned edge

Abundant small trees, some
large trees

Diverse tree species

Contiguous patches of small
trees

Lower tree density, where this
occurred

Low-moderate contiguity of
areas of large trees

Diverse patches dominated by
different tree species

Areas of low tree density,
where they occurred

Large areas of young,
recovering forests

Discontinuous suitable host
trees

Openings that broke up
contiguous suitable host trees

Natural openings with few or
no host trees

Resprouting trees and shrubs

Abundant small trees, some
large surviving trees for seed

As much diversity in tree
species as possible

Large areas with abundant
small trees likely to survive,
some patches of large trees

Diverse tree densities, basal
areas, and tree species
composition

Patches with a diversity of
dominant tree species

Abundant small trees

Diverse tree species
Diverse topo-edaphic settings,
some with more moisture

Lower tree density, where this
occurred

Low-moderate contiguity of
areas of large trees

Diverse patches dominated by
different tree species

Areas of low tree density,
where they occurred

Large areas of young,
recovering forests

Resprouting trees and shrubs

Abundant small trees, some
large surviving trees for seed

As much diversity in tree
species as possible

Large areas with abundant
small trees likely to survive,
some patches of large trees

Diverse tree densities, basal
areas, and tree species
composition

Patches with a diversity of
dominant tree species

Note: LIDs, large, infrequent disturbances.

1998) or ecological memory (Johnstone et al. 2016)
facilitated natural recovery. Resilience was
enhanced by resprouting trees and shrubs, large
old trees that provided post-disturbance seed, and
variable tree densities and basal areas that pro-
vided diverse post-disturbance recovery (Table 3).

Highly variable historical tree regeneration,
particularly in the Southwest

Successful ponderosa pine regeneration was
limited by a required coincidence of favorable
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processes from seed formation to seedling sur-
vival (Pearson 1923, Feddema et al. 2013, Savage
et al. 2013). However, land-survey records from
22,206 km of transects across 1.7 million ha of
dry forests in the late 1800s showed that seed-
lings and/or saplings were present over 35-57%
and dense over 20-30% of dry-forest area in Ore-
gon, California, and part of northern Arizona
(Baker and Williams 2015). Pulses of regenera-
tion seen in some age structures were favored by
canopy-reducing disturbances, particularly fire
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that created mineral seedbeds and reduced com-
petition by grass, followed by fire-free periods or
pluvials, that sustained regeneration (Dugan and
Baker 2015). Moderate- to high-severity fires led
to more regeneration than did low-severity fires
(Wu 1999, Ehle and Baker 2003, Schoennagel
et al. 2011, Baker and Williams 2015).

About 14% of dry-forest area, mostly in the
Southwest, had sufficiently frequent low-severity
fire (Baker 20174) and drier climate to potentially
limit regeneration to exceptional pluvials and
fire-free periods (Covington and Moore 1994,
Savage et al. 1996, 2013). Land-survey records
document that seedlings and/or saplings were
present over only 4-13% of two large landscapes
in Arizona and one in Colorado (Baker and Wil-
liams 2015). However, forest age structure in two
cases showed more continuous regeneration not
limited to wet or fire-free periods, with broad
peaks evident in one case (Mast et al. 1999).
Broad episodes bring into question whether
regeneration was rare and confined to unusual
climatic episodes (Savage and Mast 2005).

Contrasting regeneration findings in the
Southwest are also documented in early forest-
reserve reports. Leiberg et al. (1904:28) said of
the 329,000-ha San Francisco Peaks forest-reserve
area on the western part of the Mogollon Plateau
in northern Arizona:

Reproduction of the yellow pine is, generally, extre-
mely deficient as regards seedling and young sapling
growth, except in an area lying east of Stoneman
Lake and south of Morman Lake. Apparently there
has been an almost complete cessation of reproduc-
tion over very large areas during the past twenty or
twenty-five years, and there is no evidence that previ-
ous to that time it was at any period very exuberant.

What happened to favor regeneration near the
lakes is unexplained, but a nearby landscape also
had abundant regeneration. Stabler (1906:7) said
of the eastern extension of the Mogollon Plateau
onto Black Mesa and into the White Mountains:

The reproduction of the yellow pine portion of the
commercial forest type is wonderfully good. This in
spite of the fact that the pine bunchgrass is as a rule
very thick and vigorous and but little of it kept down
by grazing. The fact that the grass is not grazed makes
the numerous ground fires more serious than they
otherwise would have been, but in spite of these fire-
s...the reproduction is good and occurs in all ages.
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A compelling explanation is lacking for contrasts
in historical regeneration over large land areas.

Historically slow and incomplete natural recovery
after LIDs in dry forests

Severely disturbed dry forests historically
regenerated variably, but often slowly, and could
remain unforested or sparsely forested for
>100 yr (Table 4). Post-fire regeneration was at
times very dense over extensive area in the
Southwest (Fig. 4a, b). High-severity fires could
be followed by extended tree regeneration last-
ing 20-60 yr, which could also be lagged by
15-20 yr and even have >50-yr lags with little or
no tree regeneration (Table 4). Openings (grass-
lands, shrublands) created or maintained by
high-severity fires could persist for 130-150 yr or
more (Tables 4, 5) and be quite large. For exam-
ple, in the Sierra, Show (1924:83) reported:

Perhaps the most striking characteristic of the timber
region of northern California. . .is the very large area
occupied by brushfields. The brushfields, for the most
part, are the results of fires which have destroyed the
timber and allowed the brush to occupy the ground;
in round numbers 1,500,000 acres [607,000 ha] are
now in this condition. Of this million and a half acres
probably 75% is restocking naturally, scattered indi-
viduals and groups of trees having survived the fires
of the past, and can be depended on to take care of
themselves. . ..

Forests often, but not always, recovered after
intense fires, particularly if surviving seed trees
were nearby; if so, trees regenerated and tree den-
sity and basal area increased, and forests often
became denser (Fig. 4c). Probabilistic studies found
dense middle-aged forests and created or main-
tained grasslands and shrublands in all dry-forest
landscapes (Table 2). However, many pathways of
forest recovery likely occurred (Kashian et al. 2007).
In dry forests, open forest patches and some dense
forest patches may have simply persisted and
grown older, and some dense forest patches may
have been thinned by competition or disturbances
(Oliver 1995, Zhang et al. 2013) until a mature for-
est re-established (Moir and Dieterich 1988).

Including the lag before tree regeneration,
recovery of a mature forest after high-severity
fire historically required >100 yr (Table 6). Old
growth could be reached within 150-200 yr
(Mehl 1992, Hamilton 1993), but 150-300 yr for
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Table 4. Historical lags in tree regeneration and the length of successful episodes of natural tree regeneration
after high-severity fires in dry forests, based on tree-ring reconstructions and early observations.

Topic/Author(s)

Location

Observation

Huckaby et al. (2001)

Boerker (1915:15)

Wu (1999)

Baker (2017b)

Ehle and Baker (2003)

Nagel and Taylor
(2005:448)

Lauvaux et al. (2016:82)

Duthie (1914:14)

Sherriff (2004)

Huckaby et al. (2001:25)

Kaufmann et al. (2003:239)

Pearson (1914:249)

Front Range, Colorado

Western Sierra,
California

San Juan Mts.,
Colorado

Uncompahgre,
Colorado
Front Range, Colorado

Lake Tahoe Basin,
California

Southern Cascades,
California

Front Range, Colorado

Front Range, Colorado

Front Range, Colorado

Front Range, Colorado

Arizona and New
Mexico

Tree regeneration delayed on average by 18 yr after high-severity
fires, ranging from 0 to 33 yr for 16 fires from A.D. 1531-1880

“Unlike the chaparral regions of southern California, this brush is
only a temporary type and is, in most cases, the result of fire having
destroyed the forest cover. . .In most cases, in from 5 to 10 years
after the fire has consumed the timber, the brush takes possession
of the land. . .after the brush has established itself, if seed trees are
nearby, seedlings will get started and fight their way through the
brush. It takes from 15 to 30 years for a seedling to get large
enough to overtop the brush. ..”

Tree regeneration concentrated within 20 yr after higher-severity
fires

Tree regeneration sparse or lacking in a stand 24 yr after high-
severity fire

Tree regeneration concentrated within 20-25 yr after high-severity
fires

“Tree regeneration into the chaparral stands was highest during the
first two or three decades after the fire [6 fires in 1861-1882], but
tree establishment continued for at least five decades after the last
fire in all of the stands”

“Tree populations were multi-aged. Initial establishment [after 6
fires in 1864-1918] was slow and typically peaked five or more
decades after the fire”

Tree regeneration sparse or lacking for first 50 yr: “A careful
reconnaissance of the region made in 1911 showed that there are
over 10,000 acres of land from which all forest cover was consumed
by these fires half a century ago, and upon which there has been
practically no natural restocking”

Tree regeneration concentrated within 19-60 yr after high-severity
fires

“...openings were created by a fire in 1851, and remained
unforested 149 years later. . .the northern part of the area may have
burned again in 1880, slowing tree regeneration”

“.. historical mixed severity fires and delays of regeneration into
openings created by fire contributed to a very open, spatially
complex and temporally dynamic landscape structure”

“A characteristic feature of the timbered mountains in Arizona and
New Mexico at altitudes above 8000 feet is the occurrence of
extensive burns. The original forests below 9500 feet were
composed mainly of western yellow pine (Pinus ponderosa),
Douglas fir. . ., limber pine. .., Mexican white pine. .., and white
fir. . .The greater portions of the burns have grown up to quaking
aspen. . ., but extensive areas are practically bare. Scattering trees of
the original forest usually remain, and where this condition exists
or where the burn is comparatively small conifers are generally
restocking the land. ..”

conifers to regain dominance over aspen in
mixed-conifer forests (Table 6). Historical high-
severity fire rotations of 2-8 centuries (Baker
2015) would have often allowed full recovery to
old growth before the next high-severity fire.

Fluctuating historical dry-forest landscapes of
recovery had heterogeneous structure

Overall, historical dry-forest landscapes in the
western United States fluctuated from infrequent
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large natural disturbances that included substan-
tial severe fires, beetle outbreaks, and droughts
that killed many trees, leaving a diversity of lega-
cies, followed by 100-300 yr of natural recovery.
Where tree density and basal area were reduced,
vulnerability to droughts and beetle outbreaks
often declined; where old trees persisted, vulnera-
bility to severe fires was reduced. Slow, variable
post-disturbance tree regeneration and growth
made natural recovery after LIDs a dominant
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Fig. 4. Dense historical ponderosa pine regeneration after fire in the Southwest: (a) after likely large high-severity
fire in the late 1800s in ponderosa pine forests, southern Coconino National Forest, Mogollon Plateau, Arizona, pho-
tograph taken in 1924 by Roy Headley, Historical Photo Collection, Region 3, U.S. Forest Service, Albuquerque, New
Mexico; (b) after fire in the Jemez Mountains, New Mexico, photograph taken in 1914 by A. J. Connell, Historical
Photo Collection, Region 3, U.S. Forest Service, Albuquerque, New Mexico; and (c) an example of a dense middle-
aged historical forest, reproduced from a zoom of the right center of Fig. 2, an 1897 photograph by Whitman Cross.

ongoing process in most historical dry-forest
landscapes. Episodes of LIDs across large areas
meant that large land areas may have been syn-
chronously recovering from natural disturbances.
Infrequent disturbances and slow, variable natural
recovery explain why historical dry-forest land-
scapes were spatially heterogeneous with a mix of
old forests, middle-aged forests, recently dis-
turbed forests, large and small openings with
incipient or nearly completed regeneration, and
more persistent openings, as documented by
probabilistic landscape-scale studies (Table 2).
This stand and landscape diversity conferred
resistance, resilience, bet-hedging, and adaptation
to diverse, unpredictable future disturbances, but
substantial fluctuation still occurred.

EMERGING PATTERNS OF TRANSITION TO
CoMMITTED WARMING

Tree-mortality agents in dry forests over the last

few decades
Increased tree mortality and regeneration
decline or failure are expected during the
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transition. Increasing tree mortality is evident
around the world (Allen et al. 2010). In dry
forests, mortality is occurring from fires, beetle
outbreaks, and directly from drought and tem-
perature stress (Anderegg et al. 2013). Back-
ground rates of tree mortality (non-catastrophic,
including all agents) increased significantly
(3.3% per year, a doubling time of 22 yr), likely
from warming, in the 15 old-forest plots most
likely in dry forests, since they had short mean
fire intervals (Van Mantgem et al. 2009: Table 1).
In all plots censused from 1955 to 2007 across the
western United States, 19% of trees died over the
roughly 50-yr period (Van Mantgem et al. 2009),
which is a 263-yr rotation (50/0.19). That would
not lead to lasting loss of old forests, as 263 yr is
ample time to regrow old trees, but if mortality
doubled further, then it could become very limit-
ing, and drought and heat stress could become
the main cause of tree mortality (Allen et al.
2010).

Even with more severe (non-background) mor-
tality from beetle outbreaks, droughts, and fires,
there are survivors that play key stand-level roles
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Table 5. Longer-term studies and observations of post-fire creation or maintenance of grasslands and shrublands
after historical high-severity fires in dry-forest landscapes of the western United States.

Years
Author(s) Location after fire Observation
Guiterman (2016) Jemez Mts., New >115 Most of the area of 5 large patches (totaling 1142 ha) of
Mexico mixed montane shrubland, dominated by Gambel
oak (Quercus gambelii) that originated primarily in
1894-1900 remained largely unforested. Originating
fires were likely mixed- to high-severity
Baker (2014) Sierra Nevada, 109-118 About 22% of montane chaparral, likely burned in
California high-severity fires in the late 1800s, did not become
forested, and instead remained as montane chaparral,
over periods of 109-118 yr
Nagel and Taylor (2005) Northern Sierra, ~120-140  About 38% of montane chaparral patches that
California originated after high-severity fires in 1861-1882 had
not become forested by the 2000s
Lauvaux et al. (2016) Southern Cascade Mts,, ~ ~100-150  About 35% of montane chaparral patches that
California originated after high-severity fires in 1864-1918 had
not become forested by the 2010s
Huckaby et al. (2001), Front Range, Colorado ~120-150 By about A.D. 2000 [120-50 yr after fires], some forests
Baker (2009:249) burned in high-severity fires in 1851 or 1880 had
recovered to dense, middle-aged forests, but some
openings were still unforested grasslands that were
slowly reforesting
Baker (2017b) Uncompahgre Plateau, ~130-150  About 40% of a large ponderosa pine and mixed-

Colorado

conifer landscape with evidence of high-severity fire
in the late 1800s was nonforested (e.g., shrubs, small
trees, grasslands); about half the nonforested area
that was a mixture of grasslands, shrublands, recent
burns, and areas with small trees was not forested by
2010, likely indicating at least century-scale stability
after high-severity fires

in forest resilience (Table 3). In beetle outbreaks,
most smaller trees survive as do some percentage
of larger trees. A 1965-1978 MPB outbreak in the
Colorado Front Range killed 25% of ponderosa
pines of all sizes, especially 20-36 cm dbh, and
reduced basal area by 38% (McCambridge et al.
1982). In British Columbia, a more severe 2005
2008 MPB outbreak, also with western pine beetle
(Dendroctonus brevicomis), killed ~80% of trees,
including 23-42% <15 cm dbh, 81% 15-30 cm,
and 94% >30 cm over >175,000 ha, with little vari-
ation across a wide range of tree densities (Klen-
ner and Arsenault 2009). In the Black Hills of
South Dakota and Wyoming, an MPB outbreak
over ~ 157,000 ha in 2004-2014 mostly killed
ponderosas 23-43 cm dbh (Graham et al. 2016).
Stands with <21 m%/ha of basal area were little
affected, but mortality increased up to 28-34 m?/
ha, where 74% of trees were killed, but 60% for
>34 m*/ha (Graham et al. 2016). Many trees sur-
vived, with means of 141 trees/ha of tree density
and 11.7 m%/ha of basal area. After beetle out-
breaks, there were surviving trees of all sizes,
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especially small trees, as well as patches of surviv-
ing trees (Six et al. 2014). Dry forests were sub-
stantially renewed, and yet able to persist.

Mortality from droughts in dry forests has not
been isolated, as beetles often ultimately Kkill
many drought-affected trees. However, similar
mortality patterns were evident with trees of all
sizes killed and the highest percent mortality in
larger trees (Ganey and Vojta 2011). Droughts
put tall, old conifers especially at risk of replace-
ment by shorter trees and shrubs (Bennett et al.
2015, McDowell and Allen 2015, McDowell et al.
2015), because taller trees are more physically
vulnerable to failure to conduct water. A surpris-
ing 70% of a global sample of trees, in both dry
and wet environments, operates with low physi-
ological safety margins for escaping mortality
from drought (Choat et al. 2012). Mortality con-
sistent with these drought vulnerabilities is
already occurring (Bennett et al. 2015). In con-
trast, larger trees generally better survive fires,
because of thicker bark, elevated branches, and
other adaptations (Baker 2009).
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Table 6. Longer-term studies and observations of post-fire recovery to forest after historical high-severity fires in
dry-forest landscapes of the western United States.

Years
Author(s) Location after fire Observations of post-fire succession in dry forests

MacKenzie et al. (2004) Western Montana 60-100 Tree density/basal area approached pre-fire level
within about 60-100 yr, basal- area increase slowed

~100 yr after high-severity fire

Baker (2014) Sierra Nevada, 109-118 About 78% of chaparral, likely burned in high-severity

California fires in the late 1800s, became forested over periods of
109-118 yr
Smith and Smith (2005), Uncompahgre Plateau, 100-137 Conifers can begin to overtop aspen within about
Baker (2017b) Colorado 100 yr, with mixed conifer-aspen stands at about
137 yr after high-severity fires
Nagel and Taylor (2005) Northern Sierra, ~120-140  About 62% of montane chaparral patches that
California originated after high-severity fires in 1861-1882 had
become forested by the 2000s

Lauvaux et al. (2016) Southern Cascade Mts., ~100-150  About 65% of montane chaparral patches that

California originated after high-severity fires in 1864-1918 had
become forested by the 2010s

Huckaby et al. (2001), Front Range, Colorado ~120-150 By about A.D. 2000 [120-150 yr after fires], some

Baker (2009:249) forests burned in high-severity fires in 1851 or 1880
had recovered to dense, middle-aged forests, but
some openings were still reforesting

Baker (2017b) Uncompahgre Plateau, ~130-150  About 40% of a large ponderosa pine and mixed-

Colorado conifer landscape was nonforested (e.g., shrubs, small
trees, grasslands) in the late 1800s; about half that
area had become forested by 2010, likely indicating
natural recovery after high-severity fires

Leiberg (1902:74) Western Sierra, 150 “The yellow pine on these tracts is mostly old growth;

California that is, the greater percentage of suitable size for mill
timber is over 150 years of age”

Wu (1999:134) San Juan Mts., ~ 150-200 “Even-aged stands still maintain their structure, such

Colorado as a prominent post-fire cohort of aspen or ponderosa
pine, 150 years after their last lethal fires, which
occurred in the period from 1850 to 1880. . .therefore,
this study estimates that all-age structure requires at
least two hundred years to develop”

Kercher and Axelrod Western Sierra, ~250 Simulation suggested that about 250 yr would be

(1984) California required for Sierran mixed-conifer forests to recover
and stabilize after severe disturbance

Baker (1925:89) Central Rocky >250 “On the assumption that conifers found in the aspen

Mountains zone will bear seed at 80 years, most areas ought to
be well seeded in with reproduction in three tree
generations or about 250 years in the Douglas fir-
white fir zone. . .certain areas in the lower zones may
require more than 250 years...”

Duthie (1914:14) Front Range, Colorado 200-300 “It is estimated that two or three centuries would
elapse before these burns would again be fully
reforested if natural regeneration were depended
upon to produce a satisfactory forest cover”
(describing recovery after high-severity fires that
occurred a half century earlier)

Zier and Baker (2006:261) San Juan Mts., Long periods Over about a century, 40% of mixed-conifer forests

Colorado visible in 25 scenes in early photographs showed

increased conifers, while in 60%, there was no change
in proportions of aspen and conifers, suggesting that
“.. long periods of time may be needed for
conversion from aspen to conifers, if it occurs at all”

Given these vulnerabilities and documented
mortality effects, what were recent sources of
mortality; were severe fires, beetle outbreaks, or
droughts the largest cause of non-background
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13

tree mortality over the last few decades? Details
of analysis are in Appendix S1. Most important
from this analysis is that insects-disease, on aver-
age, overall led to 2.1 times as much mortality
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area as did moderate- to high-severity fires, 1.7
times in ponderosa, and 2.6 times in dry mixed
conifer (Table 7). Estimated rotations were
565 yr for moderate- to high-severity fires and
221 yr for insects-disease in dry mixed-conifer
forests (Table 7). Rotations were 408 yr for mod-
erate- to high-severity fires and 247 yr for
insects-disease in ponderosa pine. These are sim-
ilar to 20032012 mortality rotations of 500 yr for
fire and 286 yr for beetles across all forests of the
western United States from the inverse of annual
mortality of 0.20% for fire and 0.35% for beetles,
and the ratio of insects-disease to moderate- to
high-severity fire of 1.75 is also similar (Berner
et al. 2017). Under a hypothetical California-type
drought scenario moving across dry forests
(Appendix S2), an affected area of 5.5 million ha
every six years would have a mortality area of
1.3 million ha (24%); if half from direct drought
mortality, this would be a drought mortality
rotation of 191 yr (6 yr/(0.65 million ha/20.7 mil-
lion ha)). If so, droughts and insects-disease
would likely account for about 3-4 times as
much mortality area as severe fires.

Recent sizes and rates of beetle outbreaks,
droughts, and moderate- to high-severity fire in
dry forests are probably not yet outside the histor-
ical range of variability (Table 8), although evi-
dence about historical variability is limited and

BAKER

some individual events have been exceptional
locally (e.g., 20122016 California drought). Large
beetle outbreaks have individually affected up to
about 175,000 ha in dry forests, approaching the
same scale as the 200,000- to 300,000-ha outbreak
in the Black Hills in 1895-1909. The estimated
recent beetle mortality rotation of 241 yr would
not preclude full recovery of old-growth forests
during or after the transition. The historical bee-
tle-outbreak mortality rotation is too poorly
known to be certain that this recent rate is or is
not similar. Available evidence is insufficient to be
able to assess historical vs. recent drought impacts
on dry forests, but drought rates themselves are
in general not outside historical variability in the
western United States (Wuebbles et al. 2017;
Appendix S3). However, if the frequency distribu-
tion of droughts does not change, ~ 1°C elevated
temperature alone will cause an increase in
drought events sufficient to kill ponderosa pine
seedlings by about 1.8 events by A.D. 2100 under
RCP 2.6 (Adams et al. 2017). Larger recent moder-
ate- to high-severity fires have individually
affected about 30,000-60,000 ha, except for the
128,000-ha Rodeo—Chediski fire in Arizona
(Table 8). Historical fire-size evidence is limited,
in general, but the area burned at moderate to
high severity on the Uncompahgre Plateau, Color-
ado, likely in 1879, was at the scale of about

Table 7. Affected area and estimated mortality area in dry forests across the western United States from 1999 to
2012 (n = 14 yr) from moderate- to high-severity fire and insects-disease.

Area and measure Ponderosa pine Dry mixed conifer Total
Affected area
Fire area (ha) 518,580 415,971 934,551
Insects-disease area (ha) 2,319,651 2,874,101 5,193,752
Fire rotation (yr) 265 367 311
Insect rotation (yr) 59 53 56
Ratio: insects-disease/fire area 4.5 6.9 5.6
Mortality area from multiplying affected fire area by 0.65 and
affected insects-disease area by 0.24
Fire area (ha) 337,077 270,381 607,458
Insects-disease area (ha) 556,716 689,784 1,246,500
Fire rotation (yr) 408 565 478
Insect rotation (yr) 247 221 233
Ratio: insects-disease/fire area 1.7 2.6 2.1
Fire area in 40 yr (% of total), if no change 9.8 7.1 8.4
Insects-disease area in 40 yr (% of total), if no change 16.2 18.1 17.2
Fire area in 40 yr (% of total), if projected 154 10.5 12.8
Total analysis area (ha) 9,825,679 10,910,705 20,736,384

Notes: Data on affected areas and total analysis areas are from Baker and Williams (2015). See Appendix S1 for an explanation

of estimation of mortality area.
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Table 8. Comparative sizes, durations, and rotations of recent large infrequent disturbances in dry forests and
the expected mortality area during the 40-yr transition.

Attribute Insects-diseases

Droughts Moderate- to high-severity fires

Example events among the largest
(ha) events since 1984 in dry
forestst

~ 157,000 ha SD/WYi
>175,000 ha BC§

Duration of these example events
(yr)

Estimated recent mortality 233
rotation (yr) across total dry-
forest areatt

Estimated historical mortality
rotation (yr) across total dry-
forest area for reference

Expected mortality area (% of
total dry-forest area) in transition
if no change in rotation{

Projected mortality area (% of
total area) in transition if climate
change shortens rotationq{

>33311

17.2

Not available

~ 5,500,000 ha CAY

30,146-ha 2012 Whitewater Baldy, NM
34,432-ha 2002 Hayman, CO
36,611-ha 2012 Ash Creek, MT
50,287-ha 2013 Rim, CA

56,174-ha 2011 Wallow, AZ
127,667-ha 2002 Rodeo—Chediski, AZ||

~ 700,000 ha U.S.#

5 1
191 478
Unknown 362-491§§
20.9 84
Not available 12.8

Note: Province and state abbreviations: AZ, Arizona; BC, British Columbia; CA, California; CO, Colorado; NM, New Mexico;

SD, South Dakota; WY, Wyoming.
+ These are affected areas, in ha, not mortality areas.
1 Graham et al. (2016).
§ Klenner and Arsenault (2009).
9 From Tree Mortality Task Force (2017) and Potter (2017).

# From Worrall et al. (2013) for roughly the area of aspen decline affecting dry mixed-conifer forests.
|| From MTBS data (www.mtbs.gov); the area is the sum of the moderate- and high-severity classes in the MTBS pdf map of

each fire.

+1 From the text, in the case of drought, and from Table 7, in the case of fire and insects-diseases; rotation is the time, in
years, it is expected to take for these disturbances to affect land area equal to whole landscapes.

1% The original rotation estimate of >80 yr for affected area is given in the text. The rotation for mortality area can be esti-
mated by dividing by 0.24, which is the estimate from Hicke et al. (2016) used in Table 7.

§§ The original rotation estimate from Odion et al. (2014) was 235-319 yr for affected area, and the rotation for mortality
area can be estimated by dividing by 0.65, as explained in the text and used in Table 7. After division, the original 235-319 yr

range becomes 362491 yr.
99 From Table 7.

75,000-90,000 ha (Baker 2017b), thus similar to
larger recent fires. The geometric mean higher-
severity patch size was 47% lower in the recent
than the historical period across 624,156 ha of dry
forests in the Colorado Front Range (Williams
and Baker 20124). Moderate- to high-severity fire
in dry forests was not operating from 1984 to 2012
at rates that exceeded historical rates, and the
fraction of fires that burned at high severity had
not increased (Baker 2015). The recent fire-mortal-
ity rotation for moderate- to high-severity fires of
478 yr is within, but toward the long end of the
estimated historical rotation of 362491 yr
(Table 8).

Assuming no increase, in ponderosa pine, a
resulting fire-mortality rotation of 408 yr would
lead to expected mortality area of 9.8% over the
40-yr transition (Table 7). In dry mixed conifer, a
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fire-mortality rotation of 565 yr would lead to
mortality area of 7.1%. In ponderosa pine, an
insects-disease mortality rotation of 247 yr
would lead to mortality area of 16.2% over the
40-yr transition (Table 7). Similarly, in dry mixed
conifer, an insects-disease mortality rotation of
221 yr would lead to mortality area of 18.1%
(Table 7). Under a California-type drought sce-
nario, a 191-yr mortality rotation would lead to a
mortality area of 20.9%. Overall, if no change in
rates over the 40-yr transition, actual mortality
area from fire and insects-disease would total
~26% of dry-forest area, 1/3 from moderate- to
high-severity fires and 2/3 from insects-disease, a
mortality rotation of 154 yr, which could still
leave substantial area of old forests by the end of
the transition. However, if a California-drought
scenario ensued, an added 21% in 40 yr could
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lead to a total mortality area of ~47%, a rotation
of ~ 85 yr, which could leave much less old for-
est, since it is particularly vulnerable to droughts
and beetles.

Projecting possible increases in these distur-
bances during the 40-yr transition period is only
roughly possible, and only for fire (Table 7;
Appendix S3). There are no specific projections
for only 1.5-2.0°C of warming on drought, fire,
and insects. The U.S. Global Change Research
Program reported low-to-medium confidence in a
current anthropogenic climate-change effect on
fire in the western United States (Wuebbles et al.
2017). Nonetheless, to estimate an upper bound
on possible increases in moderate- to high-sever-
ity fire in dry forests, I used the midpoint of the
low range of projected increases in area burned
by A.D. 20462065 across 23 analysis areas under
moderate emissions (RCP 4.5), which is 1.57 in
ponderosa pine and 1.48 in dry mixed conifer
(Baker 2015). These were the most recent area-
burned projections, which are needed to estimate
future mortality area. Using these, the percentage
of mortality area from fire would increase from
9.8% to 15.4% in ponderosa pine and from 7.1%
to 10.5% in dry mixed-conifer forests (Table 7). If
combined with the hypothetical California-
drought scenario, the total could reach about 51%.

Recent and projected tree regeneration in dry
forests

Is there evidence of tree-regeneration decline
in dry forests that could make the forest loss
from tree mortality more permanent? Current
rates and patterns of tree regeneration in all dry
forests are relevant, but the only systematic mon-
itoring is by the Forest Inventory and Analysis
Program (FIA). Since 1995, FIA data are remea-
sured at 5- to 10-yr intervals on plots each repre-
senting about 2429 ha (Bechtold and Patterson
2005). Forest Inventory and Analysis data were
used to analyze recent recruitment of juvenile vs.
adult trees relative to climate in the western Uni-
ted States (Bell et al. 2014, Dobrowski et al.
2015). Ponderosa pine and Douglas-fir seedlings
were much less likely to be present than were
adults (28,177 plots), particularly along the war-
mer western and southern range margins of pon-
derosa pine (Bell et al. 2014). Similarly, for most
conifers (13 species in 33,665 plots) in dry forests,
juveniles occupied moister sites than did adults
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(Dobrowski et al. 2015). A caveat is that histori-
cal variability in tree regeneration was naturally
high, as reviewed earlier, leaving in question
whether these short periods of observation repre-
sent lasting trends.

These studies provide context, but tree regen-
eration after severe disturbances in dry forests is
most relevant to the transition, since distur-
bances leave forests most dependent on regener-
ation. A focus has been on regeneration after
high-severity fires; 24 studies, all I found,
showed tree regeneration after these fires was
almost universally heterogeneous (Table 9).
Within the first 30 yr, substantial area lacked any
conifer regeneration, while other area had ade-
quate or dense regeneration (Table 9). Where
studied, regeneration density was nearly always
lowest in high-severity areas, relative to low- or
moderate-severity areas. Ponderosa regeneration
was commonly highest adjacent to the unburned
margin of the fire and declined into the fire to
low levels within 100-200 m, often attributed to
seed-dispersal limitations, the hotter environ-
ment of open areas, or competition with shrubs
or deciduous trees. Studies that analyzed topo-
graphic effects found regeneration especially
deficient at low elevations and on south-facing
slopes. Regeneration after high-severity fires in
Colorado was concentrated in only three years
with unusually high growing season precipita-
tion over a 24-yr period, based on precisely dated
seedlings (Rother and Veblen 2017). Less concen-
trated years of regeneration were evident in
young adult trees, less precisely datable, after
older New Mexico fires (Savage et al. 2013).
Although regeneration was still sparse and
favored near unburned margins at 28 and 45 yr
post-fire, it was extrapolated to extend within
~50 yr across the 28-yr-old high-severity burn
(Haire and McGarigal 2010). Substantial declines
in post-fire tree regeneration occurred from war-
mer and drier conditions since 2000, suggesting
possible declines with warming (Stevens-
Rumann et al. 2018).

Tree regeneration after recent high-severity
fires was often considered unnatural or deficient,
but historical evidence now does not support
this. Dense regeneration was earlier considered
hyperdense and outside the natural range of
variability (Savage and Mast 2005). Since then,
we have found (1) dense regeneration occurred
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Table 9. Studies of tree regeneration up to 64 yr after high-severity fires in dry forests of the western United

States arranged by the number of years since fire.

Years
Author(s) Location after fire Post-fire seedling/sapling density (trees/ha)
Bonnet et al. South Dakota Black 2 >700 ha "' in burn (19 transects in 1 fire) within 12 m of unburned edge,
(2005) Hills declining inward, still some at 120 m, 180 m; positive effect, scorched
needles on burned mineral soil; negative, high understory cover
Keyser et al. South Dakota Black 2-5 By year 5 (36 sites in 1 fire), >1000 ha™"' in unburned, low and moderate
(2008) Hills severity; little in high severity
Meigs et al. Oregon Eastern 4-5 Range 062,134 conifers/ha (64 plots in 4 fires); no difference among
(2009) Cascades unburned, low, and moderate severity. In ponderosa forests, no
ponderosa regeneration in high-severity fires and in mixed conifer
limited conifer regeneration in high-severity fires
QOuzts et al. Northern Arizona— 7-10 Range 0-1433 conifers/ha (46 plots in 8 fires); 2 fires had 0 conifers/ha 7
(2015) New Mexico —10 yr after fire, 5 fires had <50 conifers/ha, 1 fire had 1500 conifers/
ha; litter cover positively associated with seedlings
Crotteau et al. California Southern 9-10 Mean 2235 conifers/ha in unburned (60 units in 1 fire), 2252 conifers/ha
(2013) Cascades in low-severity, 7868 conifers/ha in moderate-severity, and
733 conifers/ha in high-severity fire; Abies concolor dominated
regeneration over pines in more severe fire areas
Dodson and Oregon Eastern 10 Mean 362 conifers/ha (18 plots in 1 fire); Range 0-1807 with 0 in 5 of the
Root (2013) Cascades 7 plots <1000 m elevation
Collins and Northern California 2-11 Omitting plots with post-fire management (leaving 21 patches in 5
Roller Sierra fires), “there was no pine regeneration in over 90% of sampled
(2013:1807) patches”. No significant effect from distance to unburned forest.
Negative effect from shrubs, low seed production or soil moisture
Welch et al. California Sierra, 5-11 Mean about 500 trees/ha in yellow pine (246 plots in 12 fires), about
(2016: Fig. 5) Klamath, Southern 2000 trees/ha in dry mixed conifer (489 plots in 10 fires), interpolated
Cascades from a bar graph. Overall across all vegetation types, not just yellow
pine and dry mixed conifer, 54% of plots had 0-1 conifers, in interiors
of severe burns, in dry areas, where more shrubs
Hanson (2018) California Sierra 1-12 Mean 3803 conifers/ha at <50 m into fire (20 plots in 7 fires), 1850 ha !
Nevada/San at 51-150 m into fire (15 plots in 7 fires), 798 ha~! at 151-300 m into
Bernardino Mts. fire (22 plots in 7 fires), and 336 ha ' at>300 m into fire (25 plotsin 7
fires). More within 50 m, but no significant difference among other
distances. Percent shrub cover not correlated with density of conifer
regeneration
Kemp et al. Idaho-Montana 5-13 Mean 7047-8153 conifers/ha (182 sites in 21 fires); Range 0—
(2016) Northern Rocky 127,500 conifers/ha, but 5% of 182 sites had 0 conifers within 500 m;
Mountains seedling presence probable if within 95 m of live seed source,
especially if high basal area; fire severity little effect as most burn area
was within 95 m of live trees
Owen et al. Northern Arizona 12-13  Mean 84.1 conifers/ha in edge plots (6 plots in 2 fires), 41.4 conifers/ha
(2017) in interior plots having no surviving trees within 200 m (6 plots in 2
fires); Range 13.0-153.8 conifers/ha in edge plots, 12.0-124.0 conifers/
ha in interior plots. Regeneration significantly lower in interiors. Some
long-distance dispersal (>300 m) found
Rother and Colorado Front 8-15 Mean 37-1424 conifers/ha (302 plots in 6 fires), nearly all lower than
Veblen (2016) Range pre-fire density, and 59% of plots had 0 conifers in 100 m? plot, with
83% of plots having <370 conifers/ha. Few seedlings in hot, dry lower
elevations or on south-facing slopes, more seedlings within 50 m of
live seed source, also in more southerly locations with summer rainfall
Ziegler et al. South Dakota, 11-15 Mean 43.0 trees/ha (18 plots in 3 fires)
(2017) Northern Colorado
Foxx (1996) Northern New 0-16 Two sites in 1 fire had no seedlings in year 1, 0 and 210 trees/ha in year
Mexico 8, and 218 and 318 trees/ha in year 16
Haffey (2014) Arizona-New 6-16?  Only 24% of plots (179 plots in 9 fires) had ponderosa pine regeneration;
Mexico within 150 m of a seed source, 38% of plots had tree regeneration; no
regeneration beyond 250 m from a seed source. Nearly half of
ponderosa pine seedlings were near a nurse structure, most often a log
or large branch
Roccaforte et al. ~ Arizona 1-18 Range 0-11,234 conifers/ha (399 plots at 14 sites in 11 fires); 8 sites had

(2012)

0 conifers/ha 1-12 yr after fire, 3 sites had 37-74 conifers/ha, 2 sites
had 297-336 conifers/ha, and 1 site had 11,234 conifers/ha. Deciduous
regeneration was dominant at all but 2 sites
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Years
Author(s) Location after fire Post-fire seedling/sapling density (trees/ha)
Chambers et al. Colorado Front 11-18 Mean 225 trees/ha (305 plots in 5 fires) across unburned, low, and
(2016) Range moderate severity. Mean tree density lowest in high severity (118 trees/
ha) and in only 25% of plots, whereas 60% of low- to moderate-severity
plots had regeneration. Regeneration greatest at high elevations and
adjacent to unburned, declining to 10 conifers/ha at 200 m
Shatford et al. Southern Oregon— 9-19 Mean 1694 trees/ha (24 plots in 8 fires); Range 83-8188 trees/ha. Plots
(2007) Northern showed a wide range from immediate and rapid regeneration to slow
California and constant to chronically limited. No significant effect of distance
from seed source on seedling density; up to 84-1100 trees/ha >300 m
from a seed source. Positive effect of shrub and hardwood cover
Guiterman et al.  Northern New 20 Mean 11 conifers/ha (10 plots in 1 fire); conifers present in 4 of 10 plots;
(2015) Mexico maximum distance from a ponderosa seedling to unburned edge was
77 m
Rother and Colorado Front 8-23 Ponderosa pine and Douglas-fir regeneration was concentrated in years
Veblen (2017) Range with especially high growing season precipitation (413 dated seedlings
at 10 sites in 5 fires); for all sites combined, three years (1995, 1998, and
2009) in twenty-four (1988-2011) accounted for most of the post-fire
regeneration. Regeneration lags after the 5 fires were 04 yr
Passovoy and Northern Arizona 3-27 Range 0-1052 conifers/ha (210 plots in 7 fires). Four of seven fires in
Fulé (2006) years 4-8 had <50 conifers/ha and one had 26 conifers/ha at year 27,
the other two fires had 170 conifers/ha and 1052 conifers/ha in years 4
and 9, respectively
Haire and Northern Arizona— 28, 45 Little within years 1-8 (68 plots in 1 fire) or 1-15 (79 plots in 1 fire);
McGarigal New Mexico ~ 8000, 2000 trees/ha near low-severity edge; most within 200 m of
(2010) low-severity edge, but some to 304 m, 410 m; could reach all of fire
area within ~50 yr
Savage and Mast ~ Northern Arizona— 25-54  Regeneration began within 1-2 yr at 7 sites, within 6-10 yr at 3 sites
(2005) New Mexico (300 plots in 10 fires); 5 sites <200 trees/ha, 5 sites >400 trees/ha
Savage et al. New Mexico 47-64  Regeneration did not begin for 3-20 yr (5 fires); Range (from 150 plots

(2013)

in 5 fires) per fire: 96-443 adult conifers/ha (>1.4 m height and
>6 cm dbh), 94-1629 seedlings and sapling conifers/ha for a total of
2012112 trees/ha

Note: ? indicates that the Years after fire entry is uncertain.

historically over 20-30% of dry-forest areas in
Oregon, California, and part of northern Arizona
(Baker and Williams 2015); (2) dense younger
established forests were historically common in
nearly all dry-forest landscapes, suggesting past
regeneration had been successful and dense (Wil-
liams and Baker 2012b); and (3) very dense post-
fire trees are shown here to have covered large
area on the southern Mogollon Plateau in north-
ern Arizona (Fig. 4a) and occurred in the under-
story of burned forest in the Jemez Mountains,
New Mexico (Fig. 4b). Dense and even very
dense regeneration, in general and after high-
severity fires, was within the historical range of
variability in dry forests.

Some also considered poor regeneration after
high-severity fires to indicate potentially unnatu-
ral type conversion of forests to shrublands or
grasslands (Savage and Mast 2005, Haffey 2014),
possible indicators of emerging tipping points
(Reyer et al. 2015). However, of 24 studies, 21
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(88%) covered only up to 27 yr after high-sever-
ity fires (Table 9). In general, 27 yr is insufficient,
as historical tree regeneration after high-severity
fires in dry forests could extend over periods of
up to 60 yr (Table 4). Some large areas could
even lack regeneration for >50 yr (Table 4) in
part because of few climatically favorable peri-
ods for tree regeneration (Savage et al. 1996,
Rother and Veblen 2017). A way to offset insuffi-
cient post-fire records is to extrapolate spatially
(Haire and McGarigal 2010), but this has not gen-
erally been done (Table 9). Evidence is insuffi-
cient to conclude that post-fire tree regeneration
is outside historical variation.

Historical tree regeneration after high-severity
fires in dry forests failed or was slow at times, cre-
ating forest openings (Tables 4, 5), but recent
studies often did not show modern failure was
outside historical variability (Lauvaux et al. 2016).
Opening creation by high-severity fire is
likely operating at or below historical levels, since
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high-severity fires are at or below historical rates
in dry forests (Baker 2015). Some openings have
declined (Coop and Givnish 2007); thus, creation
of new openings by high-severity fires is likely
restorative (Baker 2017b, Boisramé et al. 2017).
Openings also enhance resistance to fire spread
(Boisramé et al. 2017, Owen et al. 2017) and
increase the heterogeneity of landscape structure
(Kaufmann et al. 2003), enhancing resistance and
resilience (Table 3); thus, added openings in the
transition are generally beneficial.

In contrast, tree regeneration after beetle out-
breaks and droughts is not currently thought to
be declining, because advance regeneration con-
tinues. In the multi-decadal period that back-
ground tree mortality increased in dry forests as
temperatures  rose, tree recruitment was
unchanged (Van Mantgem et al. 2009). In beetle
outbreaks, (1) 75% of trees <20 cm dbh survived
(McCambridge et al. 1982), (2) 77% of trees
<7.5 cm dbh and 58% of trees 7.5-15 cm dbh sur-
vived a severe outbreak (Klenner and Arsenault
2009), and (3) >95% of trees survived in stands
with <18 m%/ha of basal area, about 170 trees/ha
in trees up to 37 cm dbh (Graham et al. 2016).

Future regeneration of dry-forest trees in gen-
eral, not just after disturbances, was projected.
Dobrowski et al. (2015) modeled the recruitment
niche of 10 dry-forest trees relative to minimum
temperature, evapotranspiration, and climatic
water deficit. They then projected recruitment
prevalence across the West through A.D. 2100
under RCP 8.5 (high emissions) and found
recruitment declines of only about 10% or less (es-
timated from graphs) by A.D. 2060, at the end of
the transition. Petrie et al. (2017) modeled climatic
effects on stages in ponderosa regeneration (Fed-
dema et al. 2013, Savage et al. 2013) and then pro-
jected future conditions with a water-balance
model under RCP 4.5 and 8.5. Regeneration
potential would be increased by +50% =+ 106%, at
47 sites across the West by A.D. 2020-2059, from
more flowering, seed production, and germina-
tion, especially in Arizona, Colorado, and New
Mexico. After A.D. 2060, at the end of the transi-
tion, tree regeneration would decline, due to
lower seedling production and survival, espe-
cially in the Pacific Northwest (—67%), but less so
in the Intermountain region (—29%).

In summary, background rates of tree mortal-
ity are increasing in dry forests, and major recent
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droughts and beetle outbreaks have killed many
trees. Recent droughts and beetle outbreaks
together account for perhaps 3—4 times as much
tree mortality as do moderate- to high-severity
fires. Together, natural disturbances could cause
tree mortality over 26-51% of dry forests in the
transition. Tree regeneration is not apparently
outside historical variability and is projected to
only slightly decline or even increase. Some
opening creation from tree mortality followed by
tree-regeneration failure could actually restore
grasslands and other openings. Current dry-for-
est area is not all at risk, as 1/2 to 3/4 could
escape substantial mortality under committed
warming, and the remainder could have more
resistant and resilient forests that persist more
than expected.

TRANSITIONING DRY-FOREST LANDSCAPES

Large, infrequent disturbances that will enact
tree mortality during the transition are capable
of rapidly affecting millions of hectares and are
generally beyond control. The spatial extent
(25.5 million ha) of dry-forest landscapes and
associated human communities and infrastruc-
ture provides large inertia for preparations. Our
ability to control LIDs by manipulating forest
structure is limited, and structurally ideal or
restored landscapes may help, but a broader tie-
in strategy, with a refocus on bet-hedging to
enhance resilience to natural-process manage-
ment may be more feasible and effective.

Limited ability to directly prevent LIDs or reduce
their impacts on dry forests in the transition

Our ability to directly prevent LIDs or reduce
their impacts is limited. Graham et al. (2016)
reviewed the long history of failed attempts at
controlling bark beetles through direct suppres-
sion or indirect manipulation of forest structure.
At best, evidence suggests thinning, the most
common manipulation, might modify the extent
and pattern of tree mortality over limited area.
Fettig et al. (2014) found thinning treatments to
reduce tree mortality from MPB were costly and
did not work during outbreaks without added
direct control; thinning worked in some cases in
ponderosa pine forests but had no significant
effect in others. Six et al. (2014) also found thin-
ning could possibly work at times, but failures
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occurred during outbreaks, and unthinned
stands may actually have more survivors.
Droughts are not directly controllable. Some
drought treatments aim to protect particular
trees by reducing competition (McDowell and
Allen 2015), but this will likely ultimately fail
under hotter droughts (Bennett et al. 2015). Fuel
treatments to reduce fire spread and severity
have also not been very effective: “Mechanical
fuels treatments on U.S. federal lands over the
last 15 yr (2001-2015) totaled almost 7 mil-
lion ha...but the annual area burned has contin-
ued to set records” (Schoennagel et al.
2017:4586). Schoennagel et al. (2017) explained
that treatments can reduce fire severity and
increase low-severity fire in some dry forests, but
the probability of having an effect is low, as only
about 1% of treatments actually experience wild-
fire each year. Thinning treatments have been
ineffective for LIDs in dry forests, in general, and
are best as short-term, small-area holding actions
(Six et al. 2014).

Can ideal or restored landscapes discourage LIDs
from crossing tipping points?

Evidence that ideal or restored landscapes can
discourage tipping points is also limited. To main-
tain MPBs in an endemic condition, discouraging
an outbreak, Graham et al. (2016:157) suggested,
based on high tree survival in an outbreak:
“.. heterogeneous landscapes composed of
stands with heterogeneous structures and con-
taining densities in the neighborhood of 80 feet”
[18.3 m?/ha] of basal area are resistant to MPB
infestations. ..” However, they said forests in the
late 1800s were dominantly in that condition
when the largest known MPB outbreak in pon-
derosa pine forests occurred, the 200,000- to
300,000-ha 1895-1909 outbreak in the Black Hills.
Thus, ideal landscapes might only be resistant to
some beetle outbreaks. Lundquist and Reich
(2014:472) said: “Existing models show that
diverse composition and configuration is the best
and possibly only long-term, large-scale approach
to bark beetle management...” For droughts,
ideal stands and landscapes have not emerged,
and there is little historical evidence. For wild-
fires, low-density stands with large, old pon-
derosa pines and few understory trees and shrubs
are most resistant and resilient to subsequent
wildfires  (Allen etal. 2002). However,
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probabilistic studies (Table 2) have shown this
structure was a significant, but not dominant
component of most historical dry-forest land-
scapes, which had more heterogeneous stands
across heterogeneous landscapes (Table 2). Thus,
historical and ideal landscapes appear congruent,
and achievable through restoration, for droughts
and beetle outbreaks, and at least partly for fires.

Idealized and historical stand and landscape
structures are unlikely to prevent LIDs from
causing substantial tree mortality, some tree-
regeneration failures, and some opening creation,
as these were natural components of historical
processes of disturbance and recovery in dry for-
ests. Large, infrequent disturbances occurred in
historical dry-forest landscapes and led to sub-
stantial landscape change and large fluctuations.
Dry-forest landscapes appear to have been cap-
able of general recovery after LIDs (Table 6), but
some nonforest, created by disturbance, persisted
for 100-150 yr or more (Table 5). Whether tip-
ping points were crossed or this simply repre-
sents slow natural recovery is uncertain, but in
either case dry-forest landscapes were dynamic
and subject to large fluctuations that created and
renewed resistance and resilience features that
fostered bet-hedging (Table 3).

Natural fluctuation means that restoration and
management in dry forests are less a matter of
restoring and managing forest structures
(Table 3) and more a matter of restoring and
managing natural disturbance and recovery pro-
cesses. Most structures are inherently ephemeral,
persisting for only years or decades, and are
quickly recreated by disturbances, and thus do
not warrant intentional restoration. Widespread
micro-management of fuel loads and forest struc-
tures after LIDs, based on fears of hypothetical
mass fires (Stephens et al. 2018), is likely a waste
of resources, because extensive structure man-
agement to reduce severe fires has been ineffec-
tive (Schoennagel et al. 2017). However, old trees
and their associated stand- and landscape struc-
tures could persist for centuries, are not recreated
by disturbances, and have been lost to excessive
logging. Structure restoration and management
make sense for these long-persisting structures
not created quickly by disturbances, but process
management, and associated facilitative struc-
tures (e.g., bet-hedging) now make sense for
most landscape restoration and management.
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A tie-in strategy using bet-hedging and process
management of disturbances in the transition

Given substantial uncertainty and limited abil-
ity to control LIDs, a broad tie-in strategy, using
actions beneficial for people and nature no mat-
ter what occurs, could likely facilitate more forest
persistence in the transition. Suggested actions
include (1) refocusing intentional ecological
restoration on bet-hedging using historically con-
gruent structures that provide resistance and
resilience to diverse future disturbances (Baker
and Williams 2015), (2) expanding development
of fire-safe landscapes for people and infrastruc-
ture (Schoennagel et al. 2017), (3) expanding
managed fire, and (4) accepting that LIDs will
beneficially revise resistance, resilience, and
genetic adaptation (Six et al. 2014). Restoring for-
est structure is Costly, and resistance structures
may fail, favoring structures that facilitate more
process-based restoration (Millar et al. 2007).

Droughts and beetle outbreaks are likely to be
3—4 times as important as fires during the transi-
tion, which means that abundant small trees and
high tree species diversity are now the more
important resistance and resilience structures for
transitioning dry forests (Table 3). Most large
restoration programs (Reynolds et al. 2013,
Addington et al. 2018) are likely to be ineffective,
as they are focused on structures resistant to fire,
when it is more likely that drought and beetles
will determine the structures that persist in the
transition. These programs to thin forests to resist
damage by moderate- to high-severity fires have
unfortunately reduced the small trees and diverse
tree species that most provide resilience to
droughts and beetle outbreaks. These programs
could be quickly modified to instead retain small
and diverse trees. In forests already deficient in
small and diverse trees, if only one prescribed fire
occurs before managed wildfire for resource ben-
efit ensues, that last fire will likely stimulate some
tree regeneration to repopulate small trees. If
low-severity fires are generally managed to
mimic historical spatial and temporal variability,
opportunities will likely occur for diverse trees to
repopulate (Baker 2017a).

The unpredictability of future disturbances sug-
gests hedging bets (Millar et al. 2007, Baker and
Williams 2015) in stand-level restoration by main-
taining large and small trees and available tree spe-
cies diversity. After restoration, most stands, even
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open low-density stands, can have numerical dom-
inance by small trees of all available species, but
also sufficient replacement larger trees of all avail-
able species. Early land surveys across 1.7 mil-
lion ha of dry forests showed small trees (typically
<40 cm dbh) were, on average, 62% of total trees
(Baker and Williams 2015). Given loss of large trees
to logging, retaining all large trees, and mid-sized
trees that are their future replacements, is sensible.
After disturbances, successful tree regeneration is
favored by large surviving trees that provide seed
within about 100-200 m (Table 9). Larger trees
may later be lost to hotter droughts and beetle out-
breaks. However, if there were 20-50 larger
(>40 cm dbh) trees per ha, and >5% survived, that
could provide needed surviving large trees. Bet-
hedging in restoration leaves abundant trees of all
species and sizes with small trees dominant.

At the landscape scale, diverse historical forest
structures could reduce the spread and effects of
natural disturbances (Table 3) and bet-hedging at
this key scale of LIDs is very important now. For
fires, areas of large fire-resistant trees, openings,
and naturally moist areas or shaded fuels provide
resistance and favor survivors that aid post-fire
resilience. For beetle outbreaks and droughts,
diverse tree species and smaller trees provide the
most important resistance and resilience. Recover-
ing younger to middle-aged forests were common
historically, based on studies in Table 2, and natu-
rally conferred resistance and resilience to beetles
and droughts. Kautz et al. (2017:534) found that
“...more than 60% of global forests are in various
stages of recovery from a past disturbance at any
given time.” Protecting young, naturally recover-
ing forests is thus feasible, congruent with
historical forests, and a key landscape part of a
process-restoration approach (Baker 2017b). Young
forests can survive beetle outbreaks and possibly
droughts at much higher rates than older forests
(Graham et al. 2016). To maximize bet-hedging,
mixtures of diverse resistance and resilience struc-
tures across landscapes, with much more focus on
beetle outbreaks and droughts, in addition to fire,
are now more congruent with expected LIDs.

It would benefit both people and nature to
rapidly increase protection of infrastructure,
homes, and communities from increased wild-
fires, and this would also enable more managed
use of natural disturbances. With ~ 7 million ha
of fuel-reduction treatments, but fires still
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burning homes (Schoennagel et al. 2017), we
need to prevent the expansion of developments
into fire-prone settings and finish full fire protec-
tion around all homes, infrastructure, and com-
munities. Effective ways to reduce vulnerability
and live with wildfire have been articulated
(Cohen 2000, Baker 2009, Calkin et al. 2014, Mor-
itz et al. 2014, Smith et al. 2016, Schoennagel
et al. 2017). Tools include fire-safe construction,
zoning, building codes, incentives, easements,
growth boundaries, insurance policies, and other
means (Kennedy 2006, Baker 2009, Schoennagel
et al. 2017). Homeowners can use fire-safe con-
struction focused on the home-ignition zone
(Cohen 2000). Possibly most effective is for com-
munities and developments to designate growth
boundaries that enclose a wide margin of open,
fire-resistant land uses that can serve as an effec-
tive fire break (e.g., ball fields, wetlands, irri-
gated agricultural fields), whether they are
already in place or require construction. This
alone would definitively stop expansion into fire-
prone vegetation, protect key concentrations of
people and infrastructure from fire, and make it
more feasible to manage wildfires for resource
benefit on adjoining public lands (Baker 2009).
Among LIDs, using more managed fire for
resource benefit would be effective wherever it is
safe and feasible, especially in the early part of
the transition. Moderate- to high-severity wild-
fire has the longest recent rotation (Table 8) and
is the only LID that can be directed. Prescribed
fires are typically not sufficiently intense for
effective restoration (Van Wagtendonk and Lutz
2007, Baker 2014), but prescribed burning once
across landscapes and near homes and infras-
tructure is best before initiating managed fire
(Baker 2017a). Managed wildfires can accomplish
more renewal and enhancement of resistance
and resilience, and also help prepare communi-
ties for future LIDs (Schoennagel et al. 2017).
Expanding managed fire is scientifically sup-
ported (North et al. 2015, Schoennagel et al.
2017), and solutions to institutional barriers are
identified (Stephens et al. 2016). Managed fires
early in the transition are especially important to
reduce tree density and basal area, which can
lower vulnerability to droughts and beetle out-
breaks more likely with higher temperatures
later in the transition. Early managed fires could
also stimulate tree regeneration, when it is

ECOSPHERE % www.esajournals.org

BAKER

favored (Petrie et al. 2017). Recovering small
trees and entire stands recovering after fires pro-
vide resilience to droughts and beetles and foster
asynchrony in tree populations that can slow dis-
turbance spread (Millar et al. 2007, Seidl et al.
2016). If openings or low-density patches are cre-
ated by early disturbances, those could also
reduce later vulnerability. Openings are less
likely to ignite (Baker 2009), may slow fire, and
could hinder beetle spread.

Acceptance of the benefits of LIDs and protec-
tion of the post-LID environment are sensible,
since we cannot prevent LIDs in the transition.
For example, bark-beetle outbreaks may natu-
rally thin and diversify forest structures (Oliver
1995, Graham et al. 2016), updating resistance
and resilience, while increasing biodiversity and
furthering genetic adaptation to emerging cli-
mates and LIDs (Six et al. 2014, Beudert et al.
2015). Large, infrequent disturbances also pro-
vide selection against individual trees not resis-
tant to the LID or post-LID environment (Six
et al. 2014). Survivors and post-disturbance
regeneration can revise tree adaptations to both
emerging climate and patterns of LIDs. Rapid
evolutionary response to extreme climatic events
is possible, even in long-lived trees (Grant et al.
2017). For example, MPB outbreaks favor sur-
vival of slower-growing ponderosa pines, even
though faster-growing trees may outcompete
them at other times (De la Mata et al. 2017). Also,
since post-LID tree regeneration is favored
within 100-200 m of surviving trees (Table 9),
and LIDs can leave isolated patches of surviving
trees that, by chance, have different gene fre-
quencies, the opportunity for locally adapted
genetic change is high. As Howe (1976:263) said:
“Prevention of major conflagrations... would
eliminate the ingredients for drift, ie., the
replacement of large, continuous populations by
tiny islands of isolated interbreeders from which
most ensuing regeneration would emanate...”
To preserve genetic adaptation of trees to emerg-
ing climate and LIDs, it is important to not
prevent LIDS, not plant trees, and not log post-
disturbance survivors (Lindenmayer et al. 2008).
Genetic adaptation to committed warming could
enhance possibilities for more dry-forest persis-
tence in the transition and during the extended
period of adjustment after the initial transition to
committed warming.
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CONCLUSIONS

Limiting warming, as with the Paris Agree-
ment, should enable more persistence of current
dry forests in the transition to committed warm-
ing than projected by models. Here, I reviewed
evidence that (1) LIDs historically produced
diverse forest stands and landscapes that natu-
rally provided resistance and resilience to subse-
quent disturbances; (2) LIDs cannot be generally
prevented through direct control or indirect
manipulation of forest structure; (3) fires,
droughts, and beetle outbreaks are not yet hav-
ing effects in dry-forest landscapes that appear
outside historical variability; (4) in the last few
decades, droughts and beetle outbreaks have
caused roughly 3—4 times as much tree mortality
as fires; (5) primary opportunities to enhance for-
est persistence are from expanded bet-hedging at
stand and landscape scales focused on resistance
and resilience to droughts and beetle outbreaks,
and facilitating adaptation as disturbances occur;
and (6) 1/2 to 3/4 of dry-forest area could possi-
bly escape most mortality during the transition.

ACKNOWLEDGMENTS

The author appreciates the comments of the three
peer reviewers and editor, which substantially
improved the manuscript. The author declares that
there are no conflict of interests or sources of funding.

LiTeraTURE CITED

Adams, H. D., G. A. Barron-Gafford, R. L. Minor, A.
A. Gardea, L. P. Bentley, D. J. Law, D. D. Breshears,
N. G. McDowell, and T. E. Huxman. 2017. Temper-
ature response surfaces for mortality risk of tree
species with future drought. Environmental
Research Letters 12:115014.

Addington, R. N., et al. 2018. Principles and practices
for the restoration of ponderosa pine and dry
mixed-conifer forests of the Colorado Front Range.
USDA Forest Service General Technical Report
RMRS-GTR-373, Rocky Mountain Research Sta-
tion, Fort Collins, Colorado, USA.

Alexander, M. E. 1982. Calculating and interpreting
forest fire intensities. Canadian Journal of Botany
60:349-357.

Allen, C. D., M. Savage, D. A. Falk, K. F. Suckling,
T. W. Swetnam, T. Schulke, P. B. Stacey, P. Morgan,
M. Hoffman, and ]. T. Klingel. 2002. Ecological

ECOSPHERE *%* www.esajournals.org

BAKER

restoration of southwestern ponderosa pine ecosys-
tems: a broad perspective. Ecological Applications
12:1418-1433.

Allen, C. D,, et al. 2010. A global overview of drought
and heat-induced tree mortality reveals emerging
climate change risks for forests. Forest Ecology and
Management 259:660-684.

Anderegg, W. R. L., ]. M. Kane, and D. L. Anderegg.
2013. Consequences of widespread tree mortality
triggered by drought and temperature stress. Nat-
ure Climate Change 3:30-36.

Baker, F. S. 1925. Aspen in the central Rocky Mountain
region. USDA Department Bulletin No. 1291, U.S.
Government Printing Office, Washington, D.C., USA.

Baker, W. L. 2009. Fire ecology in Rocky Mountain
landscapes. Island Press, Washington, D.C., USA.

Baker, W. L. 2012. Implications of spatially extensive
historical data from surveys for restoring dry
forests of Oregon’s eastern Cascades. Ecosphere 3:
article 23.

Baker, W. L. 2014. Historical forest structure and fire in
Sierran mixed-conifer forests reconstructed from
General Land Office survey data. Ecosphere 5:arti-
cle 79.

Baker, W. L. 2015. Are high-severity fires burning at
much higher rates recently than historically in dry-
forest landscapes of the western USA? PLoS ONE
10:e0136147.

Baker, W. L. 2017a. Restoring and managing low-
severity fire in dry-forest landscapes of the western
USA. PLoS ONE 12:e0172288.

Baker, W. L. 2017b. The landscapes they are a-changin”:
severe 19th-century fires, spatial complexity, and
natural recovery in historical landscapes on the
Uncompahgre Plateau. Colorado Forest Restora-
tion Institute, Fort Collins, Colorado, USA.

Baker, W. L., T. T. Veblen, and R. L. Sherriff. 2007. Fire,
fuels and restoration of ponderosa pine-Douglas fir
forests in the Rocky Mountains, USA. Journal of
Biogeography 34:25-269.

Baker, W. L., and M. A. Williams. 2015. Bet-hedging dry-
forest resilience to climate-change threats in the
western USA based on historical forest structure.
Frontiers in Ecology and Evolution 2:article 88.

Bechtold W. A. and P. L. Patterson, editors. 2005. The
enhanced Forest Inventory and Analysis Program—
National sampling design and estimation proce-
dures. USDA Forest Service General Technical
Report SRS-80, Southern Research Station, Ashe-
ville, North Carolina, USA.

Bell, D. M., J. B. Bradford, and W. K. Lauenroth. 2014.
Early indicators of change: Divergent climate
envelopes between tree life stages imply range
shifts in the western United States. Global Ecology
and Biogeography 23:168-180.

June 2018 *¢ Volume 9(6) ** Article 02288



SYNTHESIS & INTEGRATION

Bennett, A. C., N. G. McDowell, C. D. Allen, and K. J.
Anderson-Teixeira. 2015. Larger trees suffer most
during drought in forests worldwide. Nature
Plants 2015:article 15139.

Bentz, B. ]., J. Régniere, C. J. Fettig, E. M. Hansen, J. L.
Hayes, J. A. Hicke, R. G. Kelsey, J. F. Negron, and
S. J. Seybold. 2010. Climate change and bark bee-
tles of the western United States and Canada:
direct and indirect effects. BioScience 60:602-613.

Berner, L. T, B. E. Law, A. J. H. Meddens, and J. A.
Hicke. 2017. Tree mortality from fires, bark beetles,
and timber harvest during a hot and dry decade in
the western United States (2003-2012). Environ-
mental Research Letters 12:article 065005.

Beudert, B., C. Bassler, S. Thorn, R. Noss, B. Schroder,
H. Dieffenbach-Fries, N. Foullois, and ]. Muller.
2015. Bark beetles increase biodiversity while
maintaining drinking water quality. Conservation
Letters 8:272-281.

Blackman, M. W. 1931. The Black Hills beetle (Den-
droctonus ponderosae Hopk.). Bulletin of the New
York State College of Forestry, Syracuse University,
Syracuse, New York, USA.

Boerker, R. H. 1915. Reforestation of brush fields in
northern California. Forestry Quarterly 13:15-24.

Boisramé, G. F. S, S. E. Thompson, M. Kelly, J. Cavalli,
K. M. Wilkin, and S. L. Stephens. 2017. Vegetation
change during 40 years of repeated managed wild-
fires in the Sierra Nevada, California. Forest Ecol-
ogy and Management 402:241-252.

Bonnet, V. H., A. W. Schoettle, and W. D. Shepperd.
2005. Postfire environmental conditions influence
the spatial pattern of regeneration for Pinus
ponderosa. Canadian Journal of Forest Research
35:37-47.

Calkin, D. E,, J. D. Cohen, M. A. Finney, and M. P.
Thompson. 2014. How risk management can
prevent future wildfire disasters in the wildland-
urban interface. Proceedings of the National
Academy of Sciences USA 111:746-751.

Campbell, J. L., and D. ]J. Shinneman. 2017. Potential
influence of wildfire in modulating climate-induced
forest redistribution in a central Rocky Mountain
landscape. Ecological Processes 6:article 7.

Chambers, M. E., P. J. Fornwalt, S. L. Malone, and M.
A. Battaglia. 2016. Patterns of conifer regeneration
following high severity wildfire in ponderosa pine-
dominated forests of the Colorado Front Range.
Forest Ecology and Management 378:57-67.

Chapman, T. B., T. T. Veblen, and T. Schoennagel. 2012.
Spatiotemporal patterns of mountain pine beetle
activity in the southern Rocky Mountains. Ecology
93:2175-2185.

Choat, B., et al. 2012. Global convergence in the vulner-
ability of forests to drought. Nature 491:752-756.

ECOSPHERE % www.esajournals.org

BAKER

Cohen, J. D. 2000. Preventing disaster: home ignitabil-
ity in the wildland-urban interface. Journal of For-
estry 98:15-21.

Collins, B. M., and G. B. Roller. 2013. Early forest
dynamics in stand-replacing fire patches in the
northern Sierra Nevada, California, USA. Land-
scape Ecology 28:1801-1813.

Collins, M., et al. 2013. Long-term climate change: pro-
jections, commitments and irreversibility. Pages
1029-1136 in T. F. Stocker, D. Qin, G.-K. Plattner,
M. Tignor, S. K. Allen, ]J. Boschung, A. Nauels,
Y. Xia, V. Bex, and P. M. Midgley, editors. Climate
change 2013: the physical science basis. Contribu-
tion of Working Group I to the Fifth Assessment
Report of the Intergovernmental Panel on Climate
Change. Cambridge University Press, Cambridge,
UK.

Cook, B. I, J. E. Smerdon, R. Seager, and E. R. Cook.
2014. Pan-continental droughts in North America
over the last millennium. Journal of Climate
27:383-397.

Coop, J. D., and T. J. Givnish. 2007. Spatial and tempo-
ral patterns of recent forest encroachment in mon-
tane grasslands of the Valles Caldera, New Mexico,
USA. Journal of Biogeography 34:914-927.

Covington, W. W., and M. M. Moore. 1994. Southwest-
ern ponderosa pine forest structure: changes since
Euro-American settlement. Journal of Forestry
92:39-47.

Crotteau, J. S., J. M. Varner III, and M. W. Ritchie. 2013.
Post-fire regeneration across a fire severity gradient
in the southern Cascades. Forest Ecology and Man-
agement 287:103-112.

De la Mata, R., S. Hood, and A. Sala. 2017. Insect out-
break shifts the direction of selection from fast to
slow growth rates in the long lived conifer Pinus
ponderosa. Proceedings of the National Academy of
Sciences USA 114:7391-7396.

Dobrowski, S. Z., A. K. Swanson, ]J. T. Abatzoglou, Z.
A. Holden, H. D. Safford, M. K. Schwartz, and D.
G. Gavin. 2015. Forest structure and species traits
mediate projected recruitment declines in western
US tree species. Journal of Biogeography 24:917-927.

Dodson, E. K., and H. T. Root. 2013. Conifer regenera-
tion following stand-replacing wildfire varies
along an elevation gradient in a ponderosa pine
forest, Oregon, USA. Forest Ecology and Manage-
ment 302:163-170.

Dugan, A. J., and W. L. Baker. 2015. Sequentially con-
tingent fires, droughts and pluvials structured a
historical dry forest landscape and suggest future
contingencies. Journal of Vegetation Science
26:697-710.

Duthie, G. A. 1914. Forest planting on Pike’s Peak.
American Forestry 20:14-21.

June 2018 ** Volume 9(6) ** Article 02288



SYNTHESIS & INTEGRATION

Ehle, D. S.,, and W. L. Baker. 2003. Disturbance and
stand dynamics in ponderosa pine forests in Rocky
Mountain National Park, USA. Ecological Mono-
graphs 73:543-566.

Farris, C. A., C. H. Baisan, D. A. Falk, S. R. Yool, and T.
W. Swetnam. 2010. Spatial and temporal corrobo-
ration of a fire-scar-based fire history in a fre-
quently burned ponderosa pine forest. Ecological
Applications 20:1598-1614.

Feddema, J.]., J. N. Mast, and M. Savage. 2013. Model-
ing high-severity fire, drought and climate change
impacts on ponderosa pine regeneration. Ecologi-
cal Modelling 253:56—69.

Fettig, C. J,, K. E. Gibson, A. S. Munson, and ]. F.
Negron. 2014. Cultural practices for prevention
and mitigation of mountain pine beetle infesta-
tions. Forest Science 60:450-463.

Foster, D. R., D. H. Knight, and J. F. Franklin. 1998.
Landscape patterns and legacies resulting from
large, infrequent forest disturbances. Ecosystems
1:497-510.

Foxx, T. 1996. Vegetation succession after the La Mesa
fire at Bandelier National Monument. Pages 4769
in C. D. Allen, editor. Fire Effects in Southwestern
Forests: Proceedings of the Second La Mesa Sym-
posium. USDA Forest Service, General Technical
Report RM-GTR-286, Rocky Mountain Forest and
Range Experiment Station, Fort Collins, Colorado,
USA.

Ganey, J. L., and S. C. Vojta. 2011. Tree mortality in
drought-stressed mixed-conifer and ponderosa
pine forests, Arizona, USA. Forest Ecology and
Management 261:162-168.

Graham, R. T,, L. A. Asherin, M. A. Battaglia, T. B. Jain,
and S. Mata. 2016. Mountain pine beetles: a cen-
tury of knowledge, control attempts, and impacts
central to the Black Hills. USDA Forest Service
General Technical Report RMRS-GTR-353, Rocky
Mountain Research Station, Fort Collins, Colorado,
USA.

Grant, P. R, B. R. Grant, R. B. Huey, M. T. ]. Johnson,
A. H. Knoll, and J. Schmitt. 2017. Evolution caused
by extreme events. Philosophical Transactions of
the Royal Society of London B: Biological Sciences
372:article 20160146.

Guiterman, C. H. 2016. Climate and human drivers of
forest vulnerability in the US Southwest: perspec-
tives from dendroecology. Dissertation. University
of Arizona, Tucson, Arizona, USA.

Guiterman, C. H.,, E. Q. Margolis, and T. W. Swetnam.
2015. Dendroecological methods for reconstructing
high-severity fire in pine-oak forests. Tree-Ring
Research 71:67-77.

Haffey, C. M. 2014. Patterns and predictors of crown
fire induced type conversion in dry conifer forests.

ECOSPHERE *%* www.esajournals.org

BAKER

Thesis. Northern Arizona University, Flagstaff, Ari-
zona, USA.

Haire, S. L., and K. McGarigal. 2010. Effects of land-
scape patterns of fire severity on regenerating pon-
derosa pine forests (Pinus ponderosa) in New
Mexico and Arizona, USA. Landscape Ecology
25:1055-1069.

Hamilton, R. C. 1993. Characteristics of old-growth
forests in the Intermountain region. USDA Forest
Service, Intermountain Region, Ogden, Utah, USA.

Hanson, C. T. 2018. Landscape heterogeneity follow-
ing high-severity fire in California’s forests. Wild-
life Society Bulletin, in press.

Hanson, C. T, R. L. Sherriff, R. L. Hutto, D. A. Della-
Sala, T. T. Veblen, and W. L. Baker. 2015. Setting
the stage for mixed- and high-severity fire. Pages
3-22 in D. A. DellaSala and C. T. Hanson, editors.
The ecological importance of mixed-severity fires,
nature’s phoenix. Elsevier, Amsterdam, The
Netherlands.

Hantson, S., S. Pueyo, and E. Chuvieco. 2016. Global
fire size distribution: from power law to log-nor-
mal. International Journal of Wildland Fire 25:403—
412.

Hessburg, P. F., R. B. Salter, and K. M. James. 2007. Re-
examining fire severity relations in pre-manage-
ment era mixed-conifer forests: inferences from
landscape patterns of forest structure. Landscape
Ecology 22:5-24.

Hicke, J. A., A.]. H. Meddens, and C. A. Kolden. 2016.
Recent tree mortality in the western United States
from bark beetles and forest fires. Forest Science
62:141-153.

Howe, G. E. 1976. The evolutionary role of wildfire in
the northern Rockies and implications for resource
managers. Proceedings of the Tall Timbers Fire
Ecology Conference 14:257-265.

Huckaby, L. S., M. R. Kaufmann, J. M. Stoker, and P. J.
Fornwalt. 2001. Landscape patterns of montane
forest age structure relative to fire history at
Cheesman Lake in the Colorado Front Range.
Pages 19-27 in R. K. Vance, C. B. Edminster, W. W.
Covington, and J. A. Blake, editors. Ponderosa pine
ecosystems restoration and conservation: steps
toward stewardship. USDA Forest Service Pro-
ceedings RMRS-P-22, Rocky Mountain Research
Station, Fort Collins, Colorado, USA.

IPCC. 2015. Page 151 in Core Writing Team, R. K.
Pachauri and L. A. Meyer, editors. Climate change
2014: synthesis report. Contribution of Working
Groups I, IT and III to the Fifth Assessment Report
of the Intergovernmental Panel on Climate Change.
IPCC, Geneva, Switzerland.

Jarvis, D. S., and D. Kulakowski. 2015. Long-term his-
tory and synchrony of mountain pine beetle

June 2018 *¢ Volume 9(6) ** Article 02288



SYNTHESIS & INTEGRATION

outbreaks in lodgepole pine forests. Journal of Bio-
geography 42:1029-1039.

Jiang, X., S. A. Rauscher, T. D. Ringler, D. M. Lawrence,
A. P. Williams, C. D. Allen, A. L. Steiner, D. M. Cai,
and N. G. McDowell. 2013. Projected future changes
in vegetation in western North America in the
twenty-first century. Journal of Climate 26:3671-3687.

Johnstone, J. F., et al. 2016. Changing disturbance
regimes, ecological memory, and forest resilience.
Frontiers in Ecology and the Environment 14:369—
378.

Karmalkar, A.V,, and R. S. Bradley. 2017. Consequences
of global warming of 1.5°C and 2.0°C for regional
temperature and precipitation changes in the con-
tiguous United States. PLoS ONE 12:e0168697.

Kashian, D. M., W. H. Romme, and C. M. Regan. 2007.
Reconciling divergent interpretations of quaking
aspen decline on the northern Colorado Front
Range. Ecological Applications 17:1296-1311.

Kaufmann, M. R,, L. S. Huckaby, P. J. Fornwalt, J. M.
Stoker, and W. H. Romme. 2003. Using tree recruit-
ment patterns and fire history to guide restoration
of an unlogged ponderosa pine/Douglas-fir land-
scape in the southern Rocky Mountains after a cen-
tury of fire suppression. Forestry 76:232-241.

Kautz, M., A.]J. H. Meddens, R. J. Hall, and A. Arneth.
2017. Biotic disturbances in northern hemisphere
forests—a synthesis of recent data, uncertainties and
implications for forest monitoring and modelling.
Global Ecology and Biogeography 26:533-552.

Kemp, K. B,, P. E. Higuera, and P. Morgan. 2016. Fire
legacies impact conifer regeneration across envi-
ronmental gradients in the U.S. northern Rockies.
Landscape Ecology 31:619-636.

Kennedy, R. G. 2006. Wildfire and Americans: how to
save lives, property, and your tax dollars. Hill and
Wang, New York, New York, USA.

Kercher, J. R, and M. C. Axelrod. 1984. A process
model of fire ecology and succession in a mixed-
conifer forest. Ecology 65:1725-1742.

Keyser, T. L., L. B. Lentile, F. W. Smith, and W. D.
Shepperd. 2008. Changes in forest structure after a
large, mixed-severity wildfire in ponderosa pine
forests of the Black Hills, South Dakota, USA. For-
est Science 54:328-338.

Klenner, W., and A. Arsenault. 2009. Ponderosa pine
mortality during a severe bark beetle (Coleoptera:
Curculionidae, Scolytinae) outbreak in southern
British Columbia and implications for wildlife
habitat management. Forest Ecology and Manage-
ment 2585:55-514.

Lauvaux, C. A., C. N. Skinner, and A. H. Taylor. 2016.
High severity fire and mixed conifer forest-chapar-
ral dynamics in the southern Cascade Range, USA.
Forest Ecology and Management 363:74-85.

ECOSPHERE % www.esajournals.org

BAKER

Leiberg, J. B. 1902. Forest conditions in the northern
Sierra Nevada, California. U.S. Geological Survey
Professional Paper No. 8, U.S. Government Print-
ing Office, Washington, D.C., USA.

Leiberg, J. B., T. F. Rixon, and A. Dodwell. 1904. San
Francisco Mountains forest reserve, Arizona. U.S.
Geological Survey Professional Paper No. 22, U.S.
Government Printing Office, Washington, D.C,,
USA.

Lindenmayer, D. B., P. J. Burton, and ]. F. Franklin.
2008. Salvage logging and its ecological conse-
quences. Island Press, Washington, D.C., USA.

Lundquist, J. E.,, and R. M. Reich. 2014. Landscape
dynamics of mountain pine beetles. Forest Science
60:464-475.

MacKenzie, M. D., T. H. DeLuca, and A. Sala. 2004.
Forest structure and organic horizon analysis along
a fire chronosequence in the low elevation forests
of western Montana. Forest Ecology and Manage-
ment 203:331-343.

Mast, J. N., P. Z. Fulé¢, M. M. Moore, W. W. Covington,
and A. E. M. Waltz. 1999. Restoration of presettle-
ment age structure of an Arizona ponderosa pine
forest. Ecological Applications 9:228-239.

Mathys, A. S., N. C. Coops, and R. H. Waring. 2017.
An ecoregion assessment of projected tree species
vulnerabilities in western North America through
the 21st century. Global Change Biology 23:920—
932.

Mauritsen, T., and R. Pincus. 2017. Committed warm-
ing inferred from observations. Nature Climate
Change 7:652-655.

McCambridge, W. F.,, F. G. Hawksworth, C. B. Edmin-
ster, and J. G. Laut. 1982. Ponderosa pine mortality
resulting from a mountain pine beetle outbreak.
USDA Forest Service Research Paper RM-235,
Rocky Mountain Forest and Range Experiment Sta-
tion, Fort Collins, Colorado, USA.

McCullough, I. M., E. W. Davis, and A. P. Williams.
2017. A range of possibilities: assessing geographic
variation in climate sensitivity of ponderosa pine
using tree rings. Forest Ecology and Management
402:223-233.

McDowell, N. G., and C. D. Allen. 2015. Darcy’s law
predicts widespread forest mortality under climate
warming. Nature Climate Change 5:669-672.

McDowell, N. G,, et al. 2015. Multi-scale predictions of
massive conifer mortality due to chronic tempera-
ture rise. Nature Climate Change 6:295-300.

McKenney, D. W, J. H. Pedlar, K. Lawrence, K. Camp-
bell, and M. F. Hutchinson. 2007. Potential impacts
of climate change on the distribution of North
American trees. BioScience 57:939-948.

Meddens, A. ]J. H,, J. A. Hicke, and C. A. Ferguson.
2012. Spatiotemporal patterns of observed bark

June 2018 ** Volume 9(6) ** Article 02288



SYNTHESIS & INTEGRATION

beetle-caused tree mortality in British Columbia
and the western United States. Ecological Applica-
tions 22:1876-1891.

Mehl, M. S. 1992. Old-growth descriptions for the
major forest cover types in the Rocky Mountain
region. Pages 106-120 in M. R. Kaufmann, W. H.
Moir, and R. L. Bassett, editors. Old-growth forests
in the Southwest and Rocky Mountain regions.
USDA Forest Service General Technical Report
RM-213, Rocky Mountain Forest and Range Exper-
iment Station, Fort Collins, Colorado, USA.

Meigs, G. W., D. C. Donato, J. L. Campbell, J. G. Mar-
tin, and B. E. Law. 2009. Forest fire impacts on car-
bon uptake, storage, and emission: the role of burn
severity in the eastern Cascades, Oregon. Ecosys-
tems 12:1246-1267.

Millar, R. J., J. S. Fuglestvedt, P. Friedlingstein, J.
Rogelj, M. J. Grubb, H. D. Matthews, R. B. Skeie, P.
M. Forster, D. J. Frame, and M. R. Allen. 2017.
Emission budgets and pathways consistent with
limiting warming to 1.5°C. Nature Geoscience
10:741-747.

Millar, C. I, N. L. Stephenson, and S. L. Stephens.
2007. Climate change and forests of the future:
managing in the face of uncertainty. Ecological
Applications 17:2145-2151.

Moir, W. H., and ]J. H. Dieterich. 1988. Old-growth
ponderosa pine from succession in pine-bunch-
grass forests in Arizona and New Mexico. Natural
Areas Journal 8:17-24.

Moritz, M. A., et al. 2014. Learning to coexist with
wildfire. Nature 515:58-66.

Nagel, T. A., and A. H. Taylor. 2005. Fire and persis-
tence of montane chaparral in mixed conifer forest
landscapes in the northern Sierra Nevada, Lake
Tahoe Basin, California, USA. Journal of the Torrey
Botanical Society 132:442-457.

Negron, J. F., and C. J. Fettig. 2014. Mountain pine bee-
tle, a major disturbance agent in US western conif-
erous forests: a synthesis of the state of knowledge.
Forest Science 60:409—413.

North, M. P, S. L. Stephens, B. M. Collins, J. K. Agee,
G. Aplet, J. F. Franklin, and P. Z. Fulé. 2015. Reform
forest fire management. Science 349:1280-1281.

Notaro, M., A. Mauss, and J. W. Williams. 2012.
Projected vegetation changes for the American
Southwest: combined dynamic modeling and bio-
climatic-envelope approach. Ecological Applica-
tions 22:1365-1388.

Odion, D. C,, et al. 2014. Examining historical and cur-
rent mixed-severity fire regimes in ponderosa pine
and mixed-conifer forests of western North Amer-
ica. PLoS ONE 9:e87852.

Oliver, W. W. 1995. Is self-thinning in ponderosa pine
ruled by Dendroctonus bark beetles? Pages 213—

ECOSPHERE *%* www.esajournals.org

BAKER

218 in L. G. Eskew, editor. Forest health through
silviculture. USDA Forest Service General Techni-
cal Report RM-GTR-267, Rocky Mountain Forest
and Range Experiment Station, Fort Collins, Color-
ado, USA.

Ouzts, J., T. Kolb, D. Huffman, and A. Sanchez-Meador.
2015. Post-fire ponderosa pine regeneration with
and without planting in Arizona and New Mexico.
Forest Ecology and Management 354:281-290.

Owen, S. M., C. H. Sieg, A. ]. Sanchez Meador, P. Z.
Fulé, J. M. Ingiuez, L. S. Baggett, P. J. Fornwalt, and
M. A. Battaglia. 2017. Spatial patterns of ponderosa
pine regeneration in high-severity burn patches.
Forest Ecology and Management 405:134-149.

Parks, S. A., C. Miller, L. M. Holsinger, L. S. Baggett,
and B. J. Bird. 2016. Wildland fire limits subsequent
fire occurrence. International Journal of Wildland
Fire 25:182-190.

Passovoy, M. D., and P. Z. Fulé. 2006. Snag and woody
debris dynamics following severe wildfires in
northern Arizona ponderosa pine forests. Forest
Ecology and Management 223:237-246.

Pearson, G. A. 1914. The role of aspen in the reforesta-
tion of mountain burns in Arizona and New Mex-
ico. Plant World 17:249-260.

Pearson, G. A. 1923. Natural reproduction of western
yellow pine in the Southwest. USDA Bull No. 1105,
US Government Printing Office, Washington, D.C,,
USA.

Petrie, M. D., ]. B. Bradford, R. M. Hubbard, W. K. Lauen-
roth, C. M. Andrews, and D. R. Schlaepfer. 2017. Cli-
mate change may restrict dryland forest regeneration
in the 21st century. Ecology 98:1548-1559.

Potter, C. S. 2017. Satellite image mapping of tree mor-
tality in the Sierra Nevada region of California
from 2013 to 2016. Journal of Biodiversity Manage-
ment & Forestry 6:1-9.

Rehfeldt, G. E., B. C. Jaquish, C. Saenz-Romero, D. G.
Joyce, L. P. Leites, J. Bradley St Clair, and J. Lopez-
Upton. 2014. Comparative genetic responses to cli-
mate in the varieties of Pinus ponderosa and Pseudot-
suga menziesii: reforestation. Forest Ecology and
Management 324:147-157.

Rehfeldt, G. E., J. J. Worrall, S. B. Marchetti, and N. L.
Crookston. 2015. Adapting forest management to
climate change using bioclimate models with topo-
graphic drivers. Forestry 88:528-539.

Reyer, C. P. O,, et al. 2015. Forest resilience and tipping
points at different spatio-temporal scales:
approaches and challenges. Journal of Ecology
103:5-15.

Reynolds, R. T., A. J. Sanchez Meador, J. A. Youtz, T.
Nicolet, M. S. Matonis, P. L. Jackson, D. G. DeLor-
enzo, and A. D. Graves. 2013. Restoring composi-
tion and structure in frequent-fire forests: a

June 2018 *¢ Volume 9(6) ** Article 02288



SYNTHESIS & INTEGRATION

science-based framework for improving ecosystem
resiliency. USDA Forest Service General Technical
Report RMRS-GTR-310, Rocky Mountain Research
Station, Fort Collins, Colorado, USA.

Riley, S. 1904. The proposed Uncompahgre forest
reserve. Bureau of Forestry, U. S. Department of
Agriculture, National Archives and Records
Administration, Broomfield, Colorado, USA [Accn.
8NN-95-86-07, Box No. 77, Folder No. 344].

Roccaforte, J. P, P. Z. Fulé, W. W. Chancellor, and D. C.
Laughlin. 2012. Woody debris and tree regenera-
tion dynamics following severe wildfires in Ari-
zona ponderosa pine forests. Canadian Journal of
Forest Research 42:593-604.

Rogelj, J., et al. 2018. Scenarios towards limiting global
mean temperature increase below 1.5°C. Nature
Climate Change 8:325-333.

Romme, W. H., E. H. Everham, L. E. Frelich, M. A. Mor-
itz, and R. E. Sparks. 1998. Are large, infrequent
disturbances qualitatively different from small, fre-
quent disturbances? Ecosystems 1:524-534.

Rother, M. T., and T. T. Veblen. 2016. Limited conifer
regeneration following wildfires in dry ponderosa
pine forests of the Colorado Front Range. Eco-
sphere 7:e01594.

Rother, M. T.,, and T. T. Veblen. 2017. Climate drives
episodic conifer establishment after fire in dry pon-
derosa pine forests of the Colorado Front Range,
USA. Forests 8:article 159.

Sanderson, B. J.,, B. C. O'Neill, and C. Tebaldi. 2016.
What would it take to achieve the Paris temperature
targets? Geophysical Research Letters 43:7133-7142.

Savage, M., P. M. Brown, and ]J. Feddema. 1996. The role
of climate in a pine forest regeneration pulse in the
southwestern United States. Ecoscience 3:310-318.

Savage, M., and ]. N. Mast. 2005. How resilient are
southwestern ponderosa pine forests after crown
fires? Canadian Journal of Forest Research 35:
967-977.

Savage, M., J. N. Mast, and J. ]. Feddema. 2013. Double
whammy: high-severity fire and drought in pon-
derosa pine forests of the Southwest. Canadian
Journal of Forest Research 43:570-583.

Schoennagel, T., R. L. Sherriff, and T. T. Veblen. 2011.
Fire history and tree recruitment in the Colorado Front
Range upper montane zone: implications for forest
restoration. Ecological Applications 21:2210-2222.

Schoennagel, T., et al. 2017. Adapt to more wildfire in
western North American forests as climate
changes. Proceedings of the National Academy of
Sciences USA 114:4582-4590.

Seidl, R., D. C. Donato, K. F. Raffa, and M. G. Turner.
2016. Spatial variability in tree regeneration after
wildfire delays and dampens future bark beetle

ECOSPHERE % www.esajournals.org

BAKER

outbreaks. Proceedings of the National Academy
of Sciences USA 113:13075-13080.

Shatford, J. P. A., D. E. Hibbs, and K. J. Puettmann.
2007. Conifer regeneration after forest fire in the
Klamath-Siskiyous: How much, how soon? Journal
of Forestry 105:139-146.

Sherriff, R. L. 2004. The historical range of variability
of ponderosa pine in the northern Colorado
Front Range: past fire types and fire effects. Disser-
tation. University of Colorado, Boulder, Colorado,
USA.

Sherriff, R. L., R. V. Platt, T. T. Veblen, T. L. Schoen-
nagel, and M. H. Gartner. 2014. Historical,
observed, and modeled wildfire severity in mon-
tane forests of the Colorado Front Range. PLoS
ONE 9:e106971.

Show, S. B. 1924. Some results of experimental forest
planting in northern California. Ecology 5:83-94.
Six, D. L., E. Biber, and E. Long. 2014. Management for
mountain pine beetle outbreak suppression: Does
relevant science support current policy? Forests 5:

103-133.

Smith, A. E., and F. W. Smith. 2005. Twenty-year
change in aspen dominance in pure aspen and
mixed aspen/conifer stands on the Uncompahgre
Plateau, Colorado, USA. Forest Ecology and Man-
agement 213:338-348.

Smith, A. M. S, et al. 2016. The science of firescapes:
achieving fire-resilient communities. BioScience 66:
130-146.

Stabler, H. O. 1906. Report on White Mountain and
San Carlos Indian Reservations (Proposed addition
to the Black Mesa National Forest), field examina-
tion 1906. US Forest Service, available [NRG-095-
09-035 Region 3 Box 85] at the National Archives
and Records Administration, Denver, Colorado,
USA.

Stephens, S. L., B. M. Collins, E. Biber, and P. Z. Fulé.
2016. U.S. federal fire and forest policy: emphasiz-
ing resilience in dry forests. Ecosphere 7:article
e01584.

Stephens, S. L., B. M. Collins, C. J. Fettig, M. A. Finney,
C. M. Hoffman, E. E. Knapp, M. P. North, H. Saf-
ford, and R. B. Wayman. 2018. Drought, tree mor-
tality, and wildfire in forests adapted to frequent
fire. BioScience 68:77-88.

Stevens-Rumann, C. S., K. B. Kemp, P. E. Higuera, B. J.
Harvey, M. T. Rother, D. C. Donato, P. Morgan,
and T. T. Veblen. 2018. Evidence for declining for-
est resilience to wildfires under climate change.
Ecology Letters 21:243-252.

Strauss, D., L. Bednar, and R. Mees. 1989. Do one per-
cent of forest fires cause ninety-nine percent of the
damage? Forest Science 35:319-328.

June 2018 ** Volume 9(6) ** Article 02288



SYNTHESIS & INTEGRATION

Swetnam, T. W. and C. H. Baisan. 1996. Historical fire
regime patterns in the southwestern United States
since AD 1700. Pages 11-32 in C. D. Allen, editor.
Fire Effects in Southwestern Forests: Proceedings
of the Second La Mesa fire Symposium. USDA For-
est Service General Technical Report RM-GTR-286,
Rocky Mountain Forest and Range Experiment Sta-
tion, Fort Collins, Colorado, USA.

Swetnam, T. W., and J. L. Betancourt. 1998. Mesoscale
disturbance and ecological response to decadal cli-
matic variability in the American Southwest. Jour-
nal of Climate 11:3128-3147.

Tanaka, K., and B. C. O’Neill. 2018. The Paris Agree-
ment zero-emissions goal is not always consistent
with the 1.5°C and 2°C temperature goals. Nature
Climate Change 8:319-324.

Tokarska, K. B., and N. P. Gillett. 2018. Cumulative car-
bon emissions budgets consistent with 1.5°C global
warming. Nature Climate Change 8:296-299.

Tree Mortality Task Force 2017. Tree mortality: facts
and figures. State of California, Sacramento, Califor-
nia, USA [http://www.fire.ca.gov/treetaskforce].

Van Mantgem, P. |, et al. 2009. Widespread increase of
tree mortality rates in the western United States.
Science 323:521-524.

Van Vuuren, D. P, et al. 2018. Alternative pathways to
the 1.5°C target reduce the need for negative emis-
sion technologies. Nature Climate Change 8:391—
397.

Van Wagtendonk, J. W,, and ]J. A. Lutz. 2007. Fire
regime attributes of wildland fires in Yosemite
National Park, USA. Fire Ecology 3:34-52.

Veblen, T. T., T. Kitzberger, and J. Donnegan. 2000. Cli-
matic and human influences on fire regimes in
ponderosa pine forests in the Colorado Front
Range. Ecological Applications 10:1178-1195.

Walker, B., C. S. Holling, S. R. Carpenter, and A. Kinzig.
2004. Resilience, adaptability and transformability
in social-ecological systems. Ecology and Society 9:
article 5.

Welch, K. R., H. D. Safford, and T. P. Young. 2016. Pre-
dicting conifer establishment post wildfire in
mixed conifer forests of the North American
Mediterranean-climate zone. Ecosphere 7:e01609.

BAKER

Williams, M. A., and W. L. Baker. 20122. Comparison
of the higher-severity fire regime in historical (A.D.
1800s) and modern (A.D. 1984-2009) montane for-
ests across 624,156 ha of the Colorado Front Range.
Ecosystems 15:832-847.

Williams, M. A, and W. L. Baker. 2012b. Spatially
extensive reconstructions show variable-severity
fire and heterogeneous structure in historical west-
ern United States dry forests. Global Ecology and
Biogeography 21:1042-1052.

Williams, M. A., and W. L. Baker. 2014. High-severity
fire corroborated in historical dry forests of the
western United States: response to Fulé et al. Glo-
bal Ecology and Biogeography 23:831-835.

Williams, A. P, et al. 2013. Temperature as a potent
driver of regional forest drought stress and tree
mortality. Nature Climate Change 3:292-297.

Worrall, J. J., G. E. Rehfeldt, A. Hamann, E. H. Hogg,
S. B. Marchetti, M. Michaelian, and L. K. Gray.
2013. Recent declines of Populus tremuloides in
North America linked to climate. Forest Ecology
and Management 299:35-51.

Wu, R. 1999. Fire history and forest structure in the
mixed conifer forests of southwest Colorado. The-
sis. Colorado State University, Fort Collins, Color-
ado, USA.

Wuebbles, D. J., D. W. Fahey, K. A. Hibbard, D. ]. Dok-
ken, B. C. Stewart, and T. K. Maycock, editors. 2017.
Climate science special report: fourth national cli-
mate assessment,. Volume 1. U.S. Global Change
Research Program, Washington, D.C., USA.

Zhang, J., W. W. Oliver, and R. F. Powers. 2013. Reeval-
uating the self-thinning boundary line for pon-
derosa pine (Pinus ponderosa) forests. Canadian
Journal of Forest Research 43:963-971.

Ziegler, ]. P, C. M. Hoffman, P. ]J. Fornwalt, C. H. Sieg,
M. A. Battaglia, M. E. Chambers, and J. M. Iniguez.
2017. Tree regeneration spatial patterns in ponderosa
pine forests following stand-replacing fire: influence
of topography and neighbors. Forests 8:article 391.

Zier, ]. L., and W. L. Baker. 2006. A century of vegeta-
tion change in the San Juan Mountains, Colorado:
an analysis using repeat photography. Forest Ecol-
ogy and Management 228:251-261.

SUPPORTING INFORMATION

Additional Supporting Information may be found online at: http://onlinelibrary.wiley.com/do0i/10.1002/ecs2.

2288/full

ECOSPHERE *%* www.esajournals.org

June 2018 *¢ Volume 9(6) ** Article 02288



Check for
updates

G OPENACCESS

Citation: Baker WL (2017) Restoring and
managing low-severity fire in dry-forest landscapes
of the western USA. PLoS ONE 12(2): e0172288.
doi:10.1371/journal.pone.0172288

Editor: RunGuo Zang, Chinese Academy of
Forestry, CHINA

Received: December 1,2016
Accepted: February 2, 2017
Published: February 15, 2017

Copyright: © 2017 William L. Baker. This is an
open access article distributed under the terms of
the Creative Commons Attribution License, which
permits unrestricted use, distribution, and
reproduction in any medium, provided the original
author and source are credited.

Data Availability Statement: Much of the
underlying data are available from the International
Multiproxy Paleofire Database, http://www.ncdc.
noaa.gov/data-access/paleoclimatology-data/
datasets/fire-history/. Some additional data were
extracted from publications that are cited in each
article. The specific data used in the paper are in
Supporting Information files.

Funding: The author received no specific funding
for this work.

Competing interests: The author have declared
that no competing interests exist.

RESEARCH ARTICLE
Restoring and managing low-severity fire in
dry-forest landscapes of the western USA

William L. Baker*

Program in Ecology/Department of Geography, Dept. 3371, 1000 E. University Ave., University of Wyoming,
Laramie, Wyoming, United States of America

* bakerwl@uwyo.edu

Abstract

Low-severity fires that killed few canopy trees played a significant historical role in dry for-
ests of the western USA and warrant restoration and management, but historical rates of
burning remain uncertain. Past reconstructions focused on on dating fire years, not measur-
ing historical rates of burning. Past statistics, including mean composite fire interval (mean
CFI) and individual-tree fire interval (mean ITFI) have biases and inaccuracies if used as
estimators of rates. In this study, | used regression, with a calibration dataset of 96 cases, to
test whether these statistics could accurately predict two equivalent historical rates, popula-
tion mean fire interval (PMFI) and fire rotation (FR). The best model, using Weibull mean
ITFI, had low prediction error and Rzadj =0.972. | used this model to predict historical PMFI/
FR at 252 sites spanning dry forests. Historical PMFI/FR for a pool of 342 calibration and
predicted sites had a mean of 39 years and median of 30 years. Short (< 25 years) mean
PMFI/FRs were in Arizona and New Mexico and scattered in other states. Long (> 55 years)
mean PMFI/FRs were mainly from northern New Mexico to South Dakota. Mountain sites
often had a large range in PMFI/FR. Nearly all 342 estimates are for old forests with a history
of primarily low-severity fire, found across only about 34% of historical dry-forest area. Fre-
quent fire (PMFI/FR < 25 years) was found across only about 14% of historical dry-forest
area, with 86% having multidecadal rates of low-severity fire. Historical fuels (e.g., under-
story shrubs and small trees) could fully recover between multidecadal fires, allowing some
denser forests and some ecosystem processes and wildlife habitat to be less limited by fire.
Lower historical rates mean less restoration treatment is needed before beginning managed
fire for resource benefits, where feasible. Mimicking patterns of variability in historical low-
severity fire regimes would likely benefit biological diversity and ecosystem functioning.

Introduction

Low-severity wildfires significantly shaped dry forests in the western USA, but historical rates
(e.g., mean interval, area burned) of these fires remain uncertain in a time of altered and fur-
ther changing fire regimes. Low-severity fires periodically burned the understory of historical
dry forests, changing fuel loads, composition, diversity, and ecosystem processes without
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killing most canopy trees [1-2]. Dry forests in the western USA cover 25.5 million ha and
include dry pine forests, dominated by ponderosa pine (Pinus ponderosa) or other dry pines,
and dry mixed-conifer forests that also have firs (Abies concolor, A. grandis, Pseudotsuga men-
ziesii) and other trees [3]. Past reconstructions of low-severity fire in dry forests, using tree-
rings, focused on long records of dated fire years in small plots, and most were not intended to
accurately estimate key rate parameters of low-severity fire [1-2] needed to restore and man-
age low-severity fire across large landscapes. These small-plot reconstructions have known
inaccuracies and biases if inappropriately used for this purpose [1, 4-11]. Fortunately, new
landscape-scale and small-plot reconstruction methods [1, 11] overcome many known inaccu-
racies and biases in estimating historical low-severity fire rates, but limited new estimates are
available.

This situation leaves a weak current basis for restoring and managing low-severity fire,
using historical rates as a guide, across dry-forest landscapes. Here I: (1) develop regressions
for estimating mean historical rates of low-severity fire from past reconstructions using a cali-
bration dataset, and then (2) apply these regressions to estimate mean historical rates of low-
severity fire for a large dataset of past reconstructions across the western USA, and (3) assess
the applicability of these new estimates across dry-forest landscapes. These new estimates are
directly usable in restoring and managing low-severity fire in the parts of dry forests of the
western USA where low-severity fire was historically predominant, and provide a West-wide
perspective on variability in historical mean rates of low-severity fire in these parts of dry for-
ests. As discussed later, variability around mean rates is also an essential attribute of a low-
severity fire regime.

Estimated mean historical rates of low-severity fire need to be fairly accurate, for restoring
and managing low-severity fire, because key effects of fires on biological diversity, ecosystem
functioning, and post-fire recovery operate significantly differently across a narrow range of
mean rates. For example, understory fuels in dry forests, reduced by a single fire, often recover
to pre-fire levels in about 7-25 years [12-14]. If mean fire intervals for low-severity fires were
10-15 years, understory fuels would often have been kept at relatively low levels, but if mean
intervals were 25 years or more, then understory fuels would more often have been fully recov-
ered and generally higher. Fires that are too frequent can reduce the ecological roles of the for-
est floor in replenishing soil nutrients and organic matter, enhancing absorption of water and
nutrients, and providing habitat for microbial communities, potentially reducing long-term
forest productivity [15]. Habitat for wildlife that use snags or down wood could be adversely
affected by fire that is too frequent [15], which can also reduce understory plant species rich-
ness, possibly due to depletion of soil nitrogen [16]. Native shrubs, historically abundant in
some dry forests, may also be reduced by fire at intervals less than about 20-30 years [17].
However, fire-stimulated shrubs in the understory of dry forests may also decline if low-sever-
ity fire rates are too low [18]. Insufficient low-severity fire can allow tree density or other
understory shrubs to increase, reducing nutrient cycling and understory diversity, and increas-
ing fire severity [16, 19].

Maintenance of tree populations in dry forests also depends on the balance between tree
natality and mortality, a balance strongly shaped by rates and patterns of fires. Fire intervals
for successful tree regeneration were likely long relative to historical mean intervals, as fires at
short intervals can kill most small trees [6]. Patchy surface fires could alone allow survival of
small trees in unburned areas [20]. Also, seedlings regenerating in openings may produce lim-
ited fuels, enhancing fire patchiness that favors seedling survival [21]. Where fire kills over-
story trees, a resulting mineral seedbed and reduced competition with grass can enhance tree
regeneration, if other factors (e.g., seed production) co-occur [22]. A fire-quiescent period is
also needed [23]. Long intervals may occur over large areas in wet periods, or stochastically
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from variability in fire. In contrast, mortality of larger trees from single low-severity fires can
reach 7-8%; if repeated every 10 years, larger trees could be reduced by half in a century, but,
assuming the same 7-8% rate repeated every 50 years, larger trees would be halved in 500
years [17]. Thus, tree populations, both young and old trees, are sensitive to rates and patterns
of low-severity fire.

Rates and patterns of low-severity fire also affect how resistant and resilient dry forests are
to future fire, drought, and beetle outbreaks [24]. Open, low-density forests relatively free of
shrubs and small trees can be produced by repeated low-severity fires, and may be more resis-
tant to subsequent higher-intensity fires than are denser forests, with more shrubs and small
trees [25]. Forests subject to repeated low-severity fires could even be self-limiting, if the rate
of fires is high, possibly promoting continuing low-severity fire rather than higher-severity
fires [26]. However, if a deficiency in tree regeneration occurs because of too-frequent fires,
dry forests would be vulnerable to subsequent regeneration lags or failures after droughts and
beetle outbreaks that are a higher current risk than are severe fires [24]. Too little low-severity
fire could increase fire severity, but too much could reduce higher-severity fires that enhance
spatial heterogeneity, a key source of forest resilience to future disturbances [3].

Research has enhanced understanding of the importance of rates and patterns of low-sever-
ity fire to biological diversity, ecosystem functioning, and sustainability of dry forests, but esti-
mated historical rates and patterns of low-severity fire remain uncertain. Newer methods for
accurately reconstructing rates of historical low-severity fire promise to eventually resolve
uncertainty, but improved estimates, the focus here, might be possible from past research.

Measures and estimators of mean rates of low-severity fires
Terms and measures

A low-severity fire in this study is a fire that burns in the understory of a forest, and is often
defined as causing mortality or topkill of no more than about 20% of stand basal area [27-28].
These fires are not usually burning in the canopy independently, instead torching upwards
from surface fuels into single or small groups of trees. These fires could also be called low-
moderate severity to reflect some canopy mortality, but the extent of canopy mortality from
these fires is poorly known [17].

Several measures of mean rates of fire also need explanation. At a point in a landscape, the
average interval between fires is the point mean fire interval (point MFI). The average MFI
across multiple points in a landscape provides a sample estimate of the population mean fire
interval (PMFI) for a particular landscape, which is the grand mean fire interval across the
landscape [6]. Fire-interval data at points have interval distributions that often are skewed, not
normally distributed. Alternative measures of central tendency, such as the median, can char-
acterize these distributions. These distributions often can also be fit by the flexible two- or
three-parameter Weibull distribution, which has a shape parameter that describes the form of
the distribution (e.g., lognormal), a scale parameter that represents the 63" percentile of the
distribution, and a shift parameter to set the location of the distribution [29]. The mean and
median of the fitted Weibull distribution, which can offset unusual values in actual data [29],
are useful alternative measures of central tendency. Descriptors of variation (e.g., standard
deviation) are relevant for all measures. The fire rotation (FR) is the expected time for fire to
burn an area equal to the area of a landscape of interest [17]. The FR for a landscape is equiva-
lent to the PMFI, which was shown analytically [6] and through simulation [7-8]. Fire-interval
data at points can be used to estimate the PMFI, or area-burned data across a landscape can be
used to estimate the FR. PMFI estimates at points and FR estimates across areas are the

PLOS ONE | DOI:10.1371/journal.pone.0172288 February 15,2017 3/28



Restoring and managing low-severity fire in dry-forest landscapes

fundamental, equivalent estimators of mean rates of fire, as they show how often points experi-
ence fire and the equivalent time it takes for fire to burn across a landscape.

Estimators of the Population Mean Fire Interval (PMFI)

For reconstructions of mean low-severity fire rates in the pre-EuroAmerican period, which are
predominantly derived using tree-ring and fire-scar methods, the actual intervals needed for
estimating PMFI can be sampled and processed in several ways. Fires do not physically leave a
scar on every tree that burns [30], and the scarring fraction (SF), the fraction of live trees that
receive a scar from a fire, may be moderate or even low. The intervals derived from scarred
trees are thus simply estimators of the actual fire intervals that occurred at a point.

The most widely used fire-interval estimator is the mean composite fire interval (mean
CFI), often also called the mean fire-return interval (MFRI) or even, to confuse matters, the
MFI itself, which is not the estimator but instead what is being estimated. This estimator seeks
to offset the fact that SF is < 1.0 by compositing scar records across a set of nearby trees, which
together are expected to contain a more complete record of fires that burned the point. To cal-
culate mean CF]I, the user creates a pooled “composite” list of fire years that burned any tree in
a set of sample trees, then the estimated intervals are those between fire years in the composite
list. However, this composite list of all fires may contain small spot fires that have little ecologi-
cal effect, and users often also report estimates for larger fires that scarred more than 10%,
25%, or another percentage of scarred trees. Various measures of central tendency can be cal-
culated, including the mean, median, and Weibull measures. I distinguish variants here using
combined terms, such as mean CFI-all fires, mean CFI-10% scarred, or median CFI-25%
scarred. Mean CFI-10% scarred, for example, is the mean composite fire interval for fires
recorded on > 10% of scarred trees.

Another commonly used estimator is the mean individual-tree fire interval (mean ITFI).
This estimator is calculated in two steps. First, the intervals between fires on an individual
scarred tree are used to estimate the MFI for that tree. Second, the grand mean of each tree’s
estimated MFI is calculated across a set of sample trees. In this case, restrictions (e.g., 25%
scarred) are not used, but alternative measures of central tendency are, so there are fewer
variants.

Finally, we developed an estimator, the mean all-tree fire interval (mean ATFI), which
seeks to offset SF < 1.0 by using an estimated SF to predict the total number of scars that
would have occurred if SF was 1.0 [7-8, 11]. This estimator has been shown to be the best
available estimator of PMFI [11], but it is not used in this paper because few ATFI estimates
are currently available.

Estimators of the Fire Rotation (FR)

Area-burned estimates for calculating FR can be derived from three main sources: (1) area
burned in recent fires from agency polygon fire records or fire-atlas records or from remotely
sensed data, (2) historical area burned from fire-year maps reconstructed from scarred-tree or
plot locations, or (3) historical area burned reconstructed using a ratio method and scarred-
trees or plot records, or comparable data in a table or graph.

Polygon fire records or fire-atlas records are available from public land-management agen-
cies, and are most complete and accurate after about A.D. 1980. Early data are often from fire
perimeters sketched on a map, but later data may have been from remotely-sensed data [31].
Small fires were not always mapped. Accuracy of boundaries of fires in fire-atlas data, relative
to tree-ring reconstructions and remote-sensing data, was moderately high in one study, suffi-
ciently accurate to use in some research [31]. In another study, tree-ring methods
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underestimated fire extent relative to fire-atlas maps, which also had some errors [32]. A larger
study showed closer agreement between fire-atlas data and tree-ring reconstructions of fires
[1].

Fire-year maps are typically reconstructed from tree-ring and fire-scar data collected at a
grid of points or a set of random points. Fire scars near the points are dated, dates are displayed
on a map or in GIS, and a fire perimeter is placed around the points common to a fire year
[33-34]. The boundary is positioned using a set of fire-spread principles [35], Voronoi poly-
gons centered on the points [1], convex hulls [32], fuzzy-set methods [36], inverse-distance
weighting [23, 33], or indicator-kriging [33-34]. If grid points are close, unburned area may
be most accurately mapped, but a larger grid spacing is often needed to allow sufficient area to
be sampled, leading to less precision in boundaries and unburned areas [34]. Smaller fires also
will be missed more often with larger grid spacing. Larger fires that contribute most to fire
rotation are mapped the best. Fire rotation has been shown to be estimated within about 10%
of the value obtained from fire-atlas data [1, 11].

A non-spatial ratio method estimates area burned within a study area as proportional to the
percentage of sample trees scarred in a particular fire year or the percentage of plots in which a
particular fire year is recorded on sample trees. The equation [37] is:

A = (AT"NS,)/(NST — NRE) (1)

where A; is area burned in year i, AT is the study area size, N§; is the number of scarred trees
or plots recording a fire in year i, NST is the total number of scarred trees or plots, and NRE is
the number of scarred trees or plots eliminated by subsequent fires. This method is most accu-
rate when the number of scarred trees or plots is large and these are well distributed across a
sample area [1, 37]. However, scarred trees are often clustered [30], which could lead to ratio
estimates that are biased and too short. Because the location of scarred trees or plots is not
used, unburned area may also be underestimated. In a large modern corroboration study, the
ratio method accurately estimated area burned of larger fires (> 100 ha), that accounted for
97% of total area burned, and fire rotation from total plots was 89% of fire rotation from fire-
atlas data [1].

FR can be calculated, using any of the three sources of data, by the equation [17]:

FR = (ObservationPeriod/ FractionBurned) (2)

where FR is fire rotation, in years, ObservationPeriod is the period, in years, for which there are
mapped or reconstructed records of fire, and FractionBurned is the fraction of the study area
estimated to have burned during the observation period, obtained by summing the areas of
fires or the estimated fraction burned from ratio estimates.

Perspectives on estimating PMFI/FR and interpreting mean CFlI

A central area of analysis and discussion by our research group has been about whether past
mean CFI and ITFI estimates from small plots accurately estimate PMFI/FR. Other studies
(e.g. [38]) were more focused on reconstructing a long history of dated fire years across a net-
work of locations, not so much accurate rates of fire across landscapes. I continue the rate
focus here. An earlier review suggested mean CFI is too short and mean ITFI is too long as an
estimator of PMFI/FR [6]. This study suggested mean CFI was often too short from composit-
ing across too much area or samples and mean ITFI was too long, as it does not offset unre-
corded fires that occur because SF is < 1.0 [6].

Reflecting a need for rate estimates, some studies mostly used mean CFI as comparable to,
or effectively an estimator of FR [39-40]. Others also used historical median CFI as an
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estimator of historical FR [41]. Another compared estimated median CFI, ITF], and FR, found
median ITFI was closest to FR, and suggested median ITFI might be used to estimate FR in
low-severity fire regimes [42]. In contrast, other studies suggested fire scars provide estimates of
the PMFI/FR that are generally too long: “. .. our findings clearly demonstrate that analysis of
fire scars will likely underestimate past fire occurrence” ([10]:1500). However, when compositing
fire-scar records over larger areas and more trees, mean CFI declines toward 1.0, a fire every
year [1, 43], an estimate of PMFI/FR that is nearly always too short. Given uncertainty about esti-
mators of low-severity fire rates, some studies suggested that summary statistics, such as mean
CFI or FR, should not even be used in restoring and managing low-severity fire (e.g. [44]).

Other studies suggested that multiple descriptors of fire regimes (i.e., including mean CFI)
are desirable (e.g. [1]). Studies, that favored mean CFI and ITFI as one of multiple statistics,
suggested they must be interpreted correctly. For example, regarding mean CFI-all fires, one
study said it was not designed to estimate area burned, and if it does not, that is not a problem
in mean CFI, but an error in interpreting it [1]. Other studies also suggested it is a problem if
mean CFIs are interpreted as indicating how often the entire stand burned .. . since fires are
quite variable in burn patterns” ([2]:1091). Similarly, other studies suggested managers need to
recognize that fires indicated by mean CFI burned in variable spatial and temporal patterns,
including unburned areas [45]. A study in California said: “.. . the composite MFIs are not
equivalent to average point fire intervals, population means [sic] fire intervals or natural fire
rotation. They are an estimation of average intervals between fires of any size, or of an estimated
size class, occurring anywhere within a study area” ([46]:52). That mean CFI declines with
increasing sampling area is also interpreted by some not as a fundamental flaw [6], but instead
as an added descriptor of a fire regime [47-49]. Complex power-function patterns across spatial
scales, observed as mean CFI declines toward 1.0 with more samples, are thought in this study
to elucidate cross-scale spatial properties of fire regimes. Thus, “.
are area dependent, and . . . fire return intervals cannot be described by a single number inde-

.. measures of fire frequency

pendent of spatial scale” ([48]:820). However, scale-dependent values are only known for CFI
measures, not other rate measures. In summary, there is now general agreement that mean CFI
and its variants (e.g., median CFI) and ITFI are not intended to estimate the PMFI/FR. Mean
CFl is accepted to not indicate area burned, the pattern of the fire, or PMFI/FR.

Accurate estimators of the PMFI/FR are still needed. Fortunately, recent modern calibra-
tions have validated new methods for estimating PMFI and FR that do not need to use mean
CFI or ITFI and have promising accuracy [1, 11]. However, it may be decades before better
estimates from these new methods become sufficiently common to be able to guide restoration
and management of low-severity fire. In the meantime, past mean CFI and ITFI plot estimates
are abundant, and required large efforts to gather and process. Moreover, plot data on fire his-
tory likely will remain a fundamental sampling component of spatial fire histories, and could
provide detail about spatial variability in FR and MFI across landscapes. Mean ITFI is less
studied; it remains unclear how it might perform as an estimator of PMFI/FR, but it may suffer
from the unrecorded fire problem, so that mean ITFI may be too long [6]. Now that there are
more spatial estimates of FR, further analysis of the relationships of CFI, ITFI, and PMFI/FR is
warranted, to see whether a variant of CFI or ITFI may estimate PMFI/FR.

Materials and methods

I assembled two datasets for analyzing the relationships of CFI, ITFI, and PMFI/FR in dry for-
ests of the western USA (Fig 1) using an analysis of bias and inaccuracy followed by regression
analysis. I also recorded and analyzed fire-history sampling measures (e.g., number of samples)
and their effects on these relationships.
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The 252-site fire-history dataset

To obtain a large sample of fire-history sites in dry forests to use to analyze methods and esti-
mators in common use, I searched the International Multiproxy Paleofire Database (IMPD)
(https://www.ncdc.noaa.gov/data-access/paleoclimatology-data/datasets/fire-history) for all
fire-scar sites between 102° and 125° west longitude and 30° and 60° north latitude, finding
436 sites. I excluded 77 sites not clearly in dry pine or dry mixed-conifer forests. Some were
also excluded because their FHX file (containing the fire-history data) in the IMPD was not
usable (n = 26), the dataset was too small (n = 6) or calculations could not be completed

(n =12). I also removed 63 sites usable in a calibration dataset, described next, which left 252
sites. I left in 9 sites from Mexico and one from Canada that are nearby and relevant to the
western USA.
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I downloaded from the IMPD an FHX file containing fire-history records for each site and
used the Fire History Analysis and Exploration System (FHAES; frames.nbii.gov) Version
2.0.2 [50] to calculate CFI and ITFI estimators. To reduce differences in the period of record, I
restricted calculations for all sites to the period extending from the earliest fire to the latest fire
within the A.D. 1600-1900 period. The purpose of restricting analysis to fire-to-fire periods is
that scar-to-scar fire intervals are traditionally used. I did not want to introduce a possible con-
founding variable by using an arbitrary period. After restriction, I omitted sites with < 50
years of record, an arbitrary criterion aimed at minimizing short records.

For each case, I also recorded ancillary information, from the original publication reporting
the study or from the FHX file, including the sample area, the number of sampled scarred
trees, the total number of fire scars across all sampled trees, the analysis years used. and the
types of targeted sampling used, including: (1) seeking the best information/longest record, (2)
seeking multi-scarred trees, (3) seeking clusters of scarred trees, (4) seeking scars on dead
wood, or (5) placing plots or selecting study areas in areas with many scarred trees or in old
forests with long records of fire. I also recorded whether fire severity was studied, and I
recorded the location of the samples found in the FHX file or publication.

The 96-case calibration and analysis dataset

To analyze the relationship of CFI and ITFI estimators and FR, I searched for and found 44
fire-history studies with 96 fire-history reconstructions and alternative calculations of fire
rates in dry forests in which the study: (1) estimated CFIs and/or ITFIs and (2) in areas of at
least 80 ha, also estimated FR or provided data sufficient to allow FR to be calculated from
data in the paper or in an FHX file (S1 Table). The purpose of this dataset was to analyze
whether CFI and ITFI estimators can predict FR. I included all sites from the IMPD, meet-
ing the criteria defined earlier, for which sample area was given and was > 80 ha, and for
which there was a usable FHX file. Other sites > 80 ha were included that did not have an
FHX file, but were documented in a publication. If area was reported as a range, I used the
midpoint. The 80-ha minimum is an arbitrary limit to increase the area used for estimating
FR. Analysis periods did not need to be pre-EuroAmerican or identical among sites, but
had to have > 50 years of record. If measures were not calculated in the study, I restricted
analysis to scar-to-scar intervals, beginning with the first scar after > 10 samples had accu-
mulated, and ending with the last fire.

FR was calculated in the study, or by me if the study did not do this, using the previously-
described area-burned estimates: (1) area burned from agency polygon fire records (n = 1) or
fire-atlas records (n = 2), (2) estimates of area burned from fire-year maps reconstructed from
scarred-tree or plot locations (n = 24), or (3) estimates of area burned from the ratio method
and scarred-tree or plot locations (n = 63), or data in a table or graph (n = 6). For published
studies, I recorded whether FR was estimated from total number of scarred trees/plots or
recorders. In a few cases, this was uncertain and I recorded the most likely. A recorder is a tree
scarred at least once, which increases the probability of recording fires [30]. If the study did
not estimate FR, I used FHAES and Minitab to estimate FR from fire-history data in the IMPD
for sites for which an FHX file was available and usable. I copied the summary table, provided
in FHAES for each FHX file, into Minitab 17 [51] to do calculations. I made ratio estimates,
and calculated them separately based on both total number of scarred trees and number of
recorders. Sites were included more than once if different methods to calculate FR were pro-
vided in the study or could be calculated. As in the case of the 252-site dataset, I obtained and
recorded ancillary information for each site.
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The 342-site merged dataset

To allow calculation of histograms for particular attributes across all the sites, I merged sites in
the two datasets. I removed post-EuroAmerican sites from the 96-case calibration dataset, then
merged it with the 252-site prediction dataset, yielding a dataset of 342 sites (S2 Table). These
include some alternative estimates from the same site or area by different studies or from using
different methods, data sources, time periods or with different boundaries or other differences.

I did a rough analysis of whether sampled stands were old forests in the pre-EuroAmerican
era. Old-growth dry forests are generally at least 150-200 years old, but also have attributes
other than age [52], so here I call forests older than 150-200 years just “old forests.” To roughly
estimate the age of sampled forest stands, I used the beginning year of analysis for each stand,
as defined in the study (first fire year if not). Stands with beginning years before A.D. 1700
were likely generally > 200 years old in A.D. 1900, thus would have been old forests in the pre-
EuroAmerican era. Although some could have been younger, if the oldest sample trees were
not abundant, often the beginning year of analysis was defined by a minimum number of sam-
ple trees (e.g. [10]). Although imprecise, this should roughly estimate sampling in old forests. I
also reviewed GLO-survey and aerial-photo reconstructions of fire severity to assess the per-
centage of historical landscapes with a history of predominantly low-severity fire. The GLO
reconstructions use a calibrated and validated low-severity fire model [53]. The calibrated
model predicts low-severity fire where historical tree density was < 178 trees/ha, percentage of
large trees was > 29.2%, and percentage of small trees was < 46.9% [53].

Can CFl and ITFI measures predict PMFI/FR?

The calibration dataset included 21 estimators of the rate of low-severity fires based on CFI, ITFI,
and PMFI/FR and three sample-size variables. Sample-size variables included sample area (ha),
total number of scarred trees, and scar density, expressed as total scarred trees per 100 ha (e.g.
[54]). These variables are included because previous analyses found that CFI estimators were
related to sample size [6]. The 21 estimators of the rate of low-severity fires included five mea-
sures of central tendency (mean, median, Weibull scale, Weibull mean, and Weibull median) for
CFlI-all fires, CFI-10% scarred, CFI-25% scarred, ITFI, plus the PMFI/FR based on recorders.

These 21 variables are used to individually predict PMFI/FR based on total scarred trees/
plots, not based on recorders, for several reasons. Most of the best available estimates, from
fire-year maps and ratio estimates using plots in a grid, are based on fires from total scarred
trees in the plot. For ratio estimates from just scarred trees, recorders or all scarred trees each
have strengths and limitations (S1 Text), summarized here. The use of all scarred trees is consis-
tent with most plot-scale fire-year estimates. Recorders are two to three times less abundant
than single-scarred trees, so area burned is inherently less detailed if only recorders are used,
likely generally inflating area burned and shortening the estimated PMFI/FR. However, record-
ers do have a higher probability, than do unscarred trees, of recording a fire or of documenting
it did not burn at a particular point [30]. Recorders are also multi-scarred trees, that inherently
omit unscarred and single-scarred trees, that can indicate where fires did not burn, also inflating
area burned and shortening PMFI/FR. PMFI/FR estimates from targeted trees (typically multi-
scarred) were reduced to about 86-95% of estimates from equal-size probabilistic samples [55],
supporting this expected effect. Also, about 1/3 of fires may be missed if only recorders are used
[S1 Text]. More research is needed on using unscarred trees, single-scarred trees, recorders
(> 2 scars), or all scarred trees to estimate area burned, but all scarred trees likely provide the
best estimates.

To understand the direction and magnitude of differences between the 21 estimators and
the PMFI/FR, I calculated bias and inaccuracy for the 21 estimators relative to PMFI/FR-total
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scarred trees/plots for the calibration dataset. Bias is quantified by relative mean error (RME):

RME =" [(M, — FR))/FR]/n (3)

where M, is value i of n total available estimates for CFI or ITFI estimator M of the 21 estima-
tors and FR; is the corresponding estimate of PMFI/FR-total scarred trees/plots [56]. RME
measures relative bias as sample sizes differ. I also calculated the standard error of each mean
and tested the null hypothesis that mean bias is zero using a one-sample ¢-test in Minitab 17
[51]. Inaccuracy or error was also calculated using a relative measure, relative mean absolute
error (RMAE):

RMAE =" [|(M, — FR))|/FR]/n (4)

where symbols are as above. This quantifies the difference or error between the 21 estimators
versus PMFI/FR-total scarred trees/plots as a percentage of this PMFI/FR estimate [56]. I also
calculated the standard error of each mean and then tested the null hypothesis that mean inac-
curacy is zero using a one-sample ¢-test in Minitab 17 [51].

Can bias and inaccuracy be overcome by adjusting estimators using regression models?
Scatter plots showed that PMFI/FR-total scarred trees/plots versus CFI and ITFI estimators
were generally linear (e.g., Fig 2A), thus I fit linear regression models, using the Im function in
R version 3.2.3 [57], to predict PMFI/FR-total scarred trees/plots from each of the 21 estima-
tors. Sample size differed among the regressions, because individual estimators were not avail-
able for all 96 cases. After initial fitting, for each measure I removed 1-2 outliers with the
largest studentized residuals (i.e., > 3.0). After refitting, I examined a plot of residuals versus
fitted and a normal probability plot to identify trends in residuals, which were lacking for all
models.

To estimate prediction error, which is useful itself but also provides a model-selection crite-
rion, I completed a 10-fold cross-validation using the cv.Im function in the DAAG package in
R. The output is the mean square error (MSE) of predicted estimates, and its square root is the
root mean square error (RMSE), a prediction analog of the standard error of the estimate in
fitted regression equations. Prediction error from cross-validation is asymptotically equivalent
to Akaike’s information criterion (AIC), a commonly applied model-selection criterion [58],
but low prediction error is most germane for this application.

Do sample-size variables improve these models? To test this, I redid the regressions with
three sample-size predictors (sample area, total scarred trees, scarred trees/100 ha) in addition
to each of the 21 estimators in the previous models. This time I used best-subset regression in
Minitab 17 [51], and the best predictor models were chosen by the lowest Mallow’s C, statistic,
where each included variable also had to be significantly (o = 0.05) related to FR-total scarred
trees/plots. I again removed 1-2 outliers based on studentized residuals and examined histo-
grams of residuals and normal probability plots, but found no trends in residuals.

Results
Bias, inaccuracy, and regression models to estimate PMFI/FR

Bias was significantly different from 0.0 for all estimators except mean ITFI and inaccuracy
was significantly different from 0.0 for all estimators (Table 1). Mean RMEs of -69% to -75%
for CFI-all fires, -60% to -69% for CFI-10% scarred, and -38% to -49% for CFI-25% scarred
estimators, combined with low standard errors, show that CFI measures all lead to estimates of
PMFI/FR that are consistently too short (Table 1). Bias diminished from CFI-all to CFI-25%,
but all estimators, except mean ITFI, were still biased. Inaccuracy for CFIs had similar
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Fig 2. Scatterplots showing the linear relationships between: (a) Weibull mean ITFI and fire rotation-total trees/plots, and (b) Fire rotation-total
trees/plots and fire rotation-recorder trees.

doi:10.1371/journal.pone.0172288.g002

magnitudes, patterns, and trends, with the best still having inaccuracies of 40-50%. ITFI esti-
mators had lower bias and inaccuracy than CFI measures, with bias ranging from -3 to -30%
and inaccuracy ranging from 16-33%. Only mean ITFI was unbiased, but still had 30% inaccu-
racy. FR-recorders also produced significantly biased and inaccurate estimates of FR, averag-
ing 27% too low.
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Table 1. Bias and inaccuracy in composite fire interval (CFI) and individual-tree fire interval (ITFl) estimates if used to estimate fire rotation-total
trees/plots within the 96-case calibration dataset.

Measure

Mean CFl—all fires
Median CFl—all

Weibull Scale CFl—all
Weibull Mean CFl—all
Weibull Median CFl—all
Mean CFI—10% scarred
Median CFl—10%
Weibull Scale CFI—10%
Weibull Mean CFI—10%
Weibull Median CFI—10%
Mean CFl—25% scarred
Median CFI—25%
Weibull Scale CFI—25%
Weibull Mean CFI—25%
Weibull Median CFI—25%
Mean ITFI

Median ITFI

Weibull Scale ITFI
Weibull Mean ITFI
Weibull Median ITFI
FR—-recorders

doi:10.1371/journal.pone.0172288.t1001

n

84
76
58
58
58
61
62
57
57
57
71
65
56
56
56
67
66
56
56
56
52

Mean RME (%)

-69.35
-70.10
-69.25
-72.10
-75.46
-63.29
-68.69
-60.09
-63.84
-68.03
-42.12
-48.88
-38.41
-44.66
-49.11
-2.71

-29.71
-8.50

-16.64
-28.25
-26.79

Test of bias Test of inaccuracy

s.e.of mean (%) |t p Mean RMAE (%) |s.e.of mean (%) |t p

2.11 -32.79 | <0.001 |69.42 2.09 33.27 | <0.001
2.62 -26.77 |<0.001 |70.22 2.57 27.27 | <0.001
2.28 -30.41 | <0.001 |69.25 2.28 30.41 | <0.001
2.03 -35.47 | <0.001 |72.10 2.03 35.47 | <0.001
1.92 -39.33 | <0.001 |75.46 1.92 39.33 | <0.001
2.08 -30.46 | <0.001 |63.39 2.03 31.27 |<0.001
2.14 -32.11 | <0.001 |68.79 2.09 32.95 |<0.001
2.11 -28.48 | <0.001 |60.09 2.1 28.48 | <0.001
1.86 -34.29 |<0.001 |63.84 1.86 34.29 |<0.001
1.85 -36.70 | <0.001 |68.03 1.85 36.70 |<0.001
2.28 -18.43 | <0.001 |43.19 1.98 21.82 |<0.001
2.66 -18.35 |<0.001 |50.77 2.04 24.91 |<0.001
2.64 -14.54 | <0.001 |40.24 2.09 19.30 |<0.001
2.35 -19.00 | <0.001 |45.92 1.86 24.74 | <0.001
2.24 -21.90 |<0.001 |49.88 1.91 26.14 | <0.001
6.76 -0.40 |0.689 30.10 5.66 5.32 <0.001
2.75 -10.79 | <0.001 |33.43 1.99 16.78 | <0.001
2.53 -3.35 0.001 16.34 1.69 9.65 <0.001
2.31 -7.22 <0.001 |21.19 1.48 14.33 | <0.001
2.10 13.43 <0.001 |29.68 1.71 17.37 | <0.001
2.01 -13.31 | <0.001 |26.79 2.01 13.33 | <0.001

Prediction error and fit show that the best regression models to predict PMFI/FR-total
scarred trees/plots (Table 2) were from ITFI estimators, particularly Weibull mean ITFI
(RMSE = 7.52, R? ,4; = 0.972), Weibull scale ITFI (RMSE = 8.04, R’,4; = 0.970), and Weibull
median ITFI (RMSE = 9.46, Rzadj = 0.958), although the mean ITFI model was also good
(RMSE = 10.30, Rzadj =0.944). Models based on CFI-25% scarred measures had moderately
low prediction errors (RMSE from 11.0-13.7) and high Rzadj values of 0.870-0.929. Models
using CFI-10% had higher prediction errors and somewhat lower fit (Table 2). The poorest
models were from CFI-all measures (Table 2). Weibull mean models consistently had lowest
prediction errors and highest R?,q; compared to models based on mean, median, Weibull
scale, or Weibull median (Table 2).

Sample-size variables were not significant in most models (Table 3). The few models with sig-
nificant sample-size variables had R*,q; values generally improved only slightly, averaging higher
by only 0.006-0.010 except for the model for mean CFI-all fires, which was 0.086 higher (Tables
2 and 3). Thus, simpler models in Table 2 should suffice for estimating PMFI and FR, except that
the sample-size model may be worth using in the case of mean CFI-all fires (Table 3).

Using prediction error (RMSE) as the criterion, supplemented by fit (Rzadj), the best model
(Table 2) is based on Weibull mean ITFI, which had the lowest RMSE of 7.52 years and the
highest Rzadj 0f 0.972 (Table 2). The Weibull mean ITFI model was thus used for all PMFI/FR
estimation for the 252-site dataset. Given its 7.52 year RMSE, 15-20 year bins are appropriate
for reporting estimates, as about 68% of predictions are expected to be within the + 1 RMSE of
7.52 years. Models other than the Weibull mean ITFI model (Tables 2 and 3) can also be used
for deriving estimates from CFI and ITFI estimates, assuming prediction error and fit are
acceptable.
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Table 2. Linear regression models for estimating PMFI/FR-total scarred trees/plots, based on the 96-case calibration dataset. All slopes (/3) were
significant (p < 0.001) at a = 0.05.

Estimator Bt Outlierst n R RMSE;
Mean CFl—all fires 2.440 25, 89 82 0.721 18.14
Median CFl—all fires 2.450 25, 89 74 0.675 18.52
Weibull Scale CFl—all fires 2.655 25,93 56 0.755 19.05
Weibull Mean CFl—all fires 2.915 25,93 56 0.762 18.63
Weibull Median CFl—all fires 3.294 25,93 56 0.730 20.12
Mean CFl—10% scarred 2.467 25,89 59 0.837 15.65
Median CFl—10% scarred 2.783 25,89 60 0.812 16.34
Weibull Scale CFI—10% scarred 2.423 25,93 55 0.856 16.09
Weibull Mean CFI—10% scarred 2.666 25,93 55 0.865 15.39
Weibull Median CFI—10% scarred 2.992 25,93 55 0.826 17.66
Mean CFI—25% scarred 1.715 2,89 69 0.923 11.00
Median CFI—25% scarred 1.834 26, 89 63 0.870 13.67
Weibull Scale CFI—25% scarred 1.597 2 55 0.925 11.96
Weibull Mean CFI—25% scarred 1.749 2 55 0.929 11.36
Weibull Median CFI—25% scarred 1.867 2 55 0.906 13.00
Mean ITFI 1.121 2,70 65 0.944 10.30
Median ITFI 1.366 24,26 64 0.896 12.57
Weibull Scale ITFI 1.108 2 55 0.970 8.04
Weibull Mean ITFI 1.216 2 55 0.972 7.52
Weibull Median ITFI 1.361 2 55 0.958 9.46
PMFI/FR-recorders 1.337 None 52 0.961 10.39

1 All models have the form: PMFI/FR-total scarred trees/plots = 3 * predictor
I Numbers represent row numbers in the 96-case calibration dataset (S1 Table)
§ RMSE = root mean square error, the prediction error, in years, from the 10-fold cross validation

doi:10.1371/journal.pone.0172288.t002

Estimated historical PMFI/FRs across the 342-site dataset

Overall, estimated historical PMFI/FR across the 342 sites had a mean of about 39 years and a
median of about 30 years (Table 4). Mean PMFI/FR did not differ significantly between dry
pine forests and dry mixed-conifer forests (Table 4; t (181) = -0.34, p = 0.731). Maps and histo-
grams show that shorter historical PMFI/FRs (< 25 years) were concentrated in Arizona and
New Mexico, but also were scattered across parts of all other states, except for few in South
Dakota, Wyoming, Colorado, and Mexico (Figs 3 and 4). Historically long PMFI/FR (> 55
years), in contrast, were common only in a band from northern New Mexico to western South

Table 3. Best linear regression models for estimating PMFI/FR-total scarred trees/plots, including
estimators in Table 2 plus measures of sample size, based on the 96-case calibration dataset. Only
cases where sample-size variables were significant are shown here, otherwise the best models are in Table 2.

Estimator Best model n | R
Mean CFl—all fires 1.817 Mean CFl-all + 0.000896 Sample area (ha) + 0.927 Scarred 82 |0.807
Trees/100 ha

Mean CFl—10% 2.347 Mean CFI-10% scarred + 0.0447 Scarred Trees 59 |0.847
scarred

Mean ITFI 1.178 Mean ITFI—0.037 Scarred Trees 65 | 0.951
Median ITFI 1.260 Median ITFI + 0.360 Scarred Trees/100 ha 64 | 0.902
PMFI/FR-recorders 1.281 FR from recorders + 0.0702 Scarred Trees 52 | 0.966

doi:10.1371/journal.pone.0172288.t003
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Table 4. Overall statistics for historical low-severity PMFI/FR in dry forests and by forest type, based
on the merged 342-site dataset. Sample size was 342 overall, 223 in dry pine, 119 in dry mixed conifer.

Statistic Overall (years) |DryPine (years) |Dry Mixed Conifer (years)
Mean 38.62 39.11 37.69

95% confidence interval for mean 35.13-42.10 35.40-42.83 30.42-44.97

Standard deviation 32.75 28.17 40.08

Minimum 7.20 7.20 10.21

15! quartile 19.55 18.80 21.24

Median 29.68 29.95 29.20

95% confidence interval for median | 27.01-31.70 26.40-34.63 25.07-31.58

3 quartile 46.11 50.49 37.62

Maximum 327.16 175.09 327.16

doi:10.1371/journal.pone.0172288.t004

Dakota, and were otherwise only scattered in a few locations in California, Oregon and Wash-
ington, with no occurrences in Idaho and Montana (Figs 3 and 4). Variability in historical
PMFI/FRs was substantial but generally modest within a state, with coefficients of variation
(CV) typically between about 30-60%, although California had a high CV and Arizona had a
low CV (Table 5). Minima were typically 7-15 years except 20-30 years in South Dakota, Wyo-
ming, and Mexico. Maxima were not very indicative, as a few long PMFI/FR were not uncom-
mon (Fig 4). However, the 3™ quartile of about 93 years in Colorado, 56 years in Wyoming,
and 50 years in South Dakota suggests that long historical PMFI/FRs were common in the
southern Rocky Mountains and Black Hills (Table 5, Fig 3). At the state level, Colorado stands
out in having the greatest variability and total range in historical PMFI/FRs (Fig 4I), and Ari-
zona stands out as having the lowest variability and total range (Fig 4A).

Another pattern is that in the most mountainous areas with the steepest environmental gra-
dients and topographic diversity, the full range (all four classes) in historical PMFI/FRs often
was found in a small area (Fig 3). This high diversity occurred in northeastern Washington,
the central Sierra Nevada, northern New Mexico, southwestern Colorado, north-central Colo-
rado, and in western South Dakota, but not in Arizona, Idaho, Montana, or Oregon (Fig 3).
However, even in these areas, with the exception of Arizona, some diversity in historical
PMFI/FR was found over relatively short distances (Fig 3), suggesting the importance of local
factors in addition to the large trends evident across the western USA.

Most studies of low-severity fire in dry western forests were conducted in forest stands that
were mostly old forests in the pre-EuroAmerican era (Fig 5). Stands with beginning analysis
years before A.D. 1750 were likely generally > 150 years old, and stands with beginning analy-
sis years before A.D. 1700 were likely generally > 200 years old, in A.D. 1900, thus meeting the
age criterion for old-growth forests (Fig 5). A history of predominantly low-severity fire in the
century before the late-1800s was found across about 34%, on average (ranging from 2.5-
62.4%), of eleven dry-forest landscapes across the western USA (Table 6). Thus, estimated his-
torical PMFI/FRs apply primarily to old forests, which were likely concentrated historically in
the 34% of overall dry-forest landscapes with a history of predominantly low-severity fire.

Discussion
Limitations of CFls and ITFls if used to estimate PMFI/FR

Researchers in the past commonly sampled fire scars and trees to generally increase the length
of the fire-history record, minimize physical damage to trees, and maximize efficiency [55].
Unfortunately, these methods also produced CFI and ITFI estimates that are biased and
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Fig 3. Estimated historical low-severity population mean fire interval/fire rotation (PMFI/FR) for the combined set (n = 342)
of calibration cases and prediction sites in dry forests of the western USA.

doi:10.1371/journal.pone.0172288.9003

inaccurate if used to estimate the PMFI/FR (Table 1), as also found from modern calibration
[11], and this is now accepted to be an inappropriate use. However, it is possible to estimate
PMFI/FR accurately from past CFI and ITFI estimates using linear regression (Table 2).

Further discussion of the limitations of past measures as estimators of the PMFI/FR is thus
generally moot, but for those interested, I include further analysis in S1 Text and a summary
here. The main factors unique to underestimation of PMFI/FR by CFI measures likely include:
(1) overcompensation—sampling and compositing across too large an area, (2) loss of long
real fire intervals to the compositing process, and (3) restriction rules that do not omit enough
small fires. ITFI measures do not use compositing and have lower bias and inaccuracy, but still
are biased and inaccurate (Table 1). Both CFI and ITFI measures must be missing longer inter-
vals from a sampling bias, because their estimates are low relative to PMFI/FR. Major factors
likely are targeting trees and sampling areas with the most scars, excluding trees with no or
one scar, and censoring intervals at the beginning and end of a tree’s record (S1 Text).
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Fig 4. Histograms showing the variability in historical PMFI/FRs (342 sites). These are shown among: (a-i) the eleven western states
and (j) overall. In (j) the numbers above the bars indicate the percentage of the distribution that exceeds the lower limit of each bin. For
example, 59% of the distribution had historical PMFI/FR > 25 years. Idaho and Montana were combined, as were South Dakota and
Wyoming, because of insufficient samples and similarity of histograms within these pairs of adjoining states. Colors indicate similar
histograms, with the shortest historical PMFI/FRs predominating in Arizona, New Mexico, and Idaho-Montana, intermediate in Washington,
California, Oregon, and Mexico, and the longest in South Dakota-Wyoming and Colorado.

doi:10.1371/journal.pone.0172288.9004

Targeting can also reduce estimated PMFI/FR itself (S1 Text), and needs to be avoided in new
landscape methods.

Inference space for the PMFI/FR estimates

Studies of new probabilistic landscape methods for reconstructing PMFI/FR encourage “. .. clearly
defining the inference space, not extrapolating to unrepresentative areas . ..” ([55]:1030), and this
is also important for estimates of PMFI/FR from regression. The dataset of 342 sites spans dry for-
ests in the western USA (Fig 1). The set of published studies corresponding to this dataset (S2
Table) includes many of the studies of low-severity fire in dry forests in the western USA, but other
studies exist. This dataset and these other studies likely are not a probabilistic sample of historical
dry forests, however, as many studies targeted old forests or forests with concentrations of fire
scars (S1 Text) and occurred in forests that likely were old in the pre-EuroAmerican era (Fig 5).
Old trees were historically dominant in some dry-forest landscapes and old trees were not uncom-
mon in many forests, but young to middle-aged forests historically dominated most dry-forest
landscapes [24, 62, 63]. Based on the GLO reconstructions and early aerial photographs (Table 6),
the PMFI/FR estimates here apply most clearly to no more than about 34% of dry-forest land-
scapes, particularly in old forests. That leaves about 66% of dry-forest landscapes without PMFI/FR
estimates. It is possible that some estimates do apply to parts of these other forests, possibly repre-
senting the low-severity parts of mixed-severity fire regimes on sites that had not recently burned
at high severity. However, it is impossible to determine this from data in FHX files or for the 74%
of studies that did not reconstruct fire severity (S1 Text).

Several studies, that targeted old forests to obtain long fire records, indicated that younger
forests had few fire scars and, because these studies were focused on long and complete records
of fire years, they avoided sampling younger stands. In El Malpais, New Mexico: “The most
abundant, best preserved fire-scarred samples were found at sites on the northwestern and
western peripheries of the malpais . . . We found no fire-scarred samples on the kipukas in the
northern and eastern portions of the malpais, and found few samples in the southern portions.
These areas contained ponderosa forests that appeared younger than elsewhere, perhaps due
to more recent, intense stand-replacing fires .. .” ([64]:136). Sampling was concentrated in

Table 5. Statistics for historical low-severity PMFI/FR in dry forests by state, based on the merged 342-site dataset. Sample sizes were 28 in AZ, 21
inCA,65inCO, 7inID, 12in MT, 56 in NM, 24 in OR, 40 in SD, 76 in WA, 3in WY, 9in MX and 1in BC.

Statistic AZ (yrs) |CA(yrs)

Mean 15.48 54.21
s.d. 4.26 83.01
cv 27.52 153.13
Minimum 7.20 8.56
18t quartile | 12.51 18.68
Median 15.22 27.20

3 quartile | 17.98 40.77
Maximum 25.70 327.16

doi:10.1371/journal.pone.0172288.t005

CO (yrs)
65.70
35.32
53.76
15.20
35.05
60.45
92.67
175.09

ID(yrs) |MT(yrs) |[NM(yrs) OR(yrs) |SD(yrs) |WA(yrs) (WY (yrs) |MX(yrs) |BC(yrs)
25.96 21.81 24.59 36.41 46.19 30.60 47.18 35.04 40.49
8.28 6.77 11.24 19.09 22.23 16.09 14.92 13.06 -

31.90 31.04 45.71 52.43 48.13 52.58 31.62 37.27 -

16.88 13.25 10.21 15.30 21.18 11.00 29.95 23.15 40.49
17.00 14.88 16.25 24.12 35.20 19.73 29.95 28.62 -

27.07 22.47 22.28 29.66 41.84 23.89 55.79 32.28 40.49
32.95 26.95 30.62 42.33 49.97 38.30 55.79 35.88 -

37.37 32.83 74.70 83.25 158.70 81.93 55.79 68.08 40.49
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Fig 5. Beginning year of analysis for the 331 sites with available data in the 342-site merged dataset.
doi:10.1371/journal.pone.0172288.9005

areas with abundant fire-scars, but later this targeting was forgotten, and these areas were por-
trayed as representing the whole El Malpais landscape: “These increased fuel loadings in mal-
pais forests have essentially changed the trajectory of fire behavior to one that now favors the
occurrence of high-intensity, stand-replacing fires in contrast to the low-intensity, stand-
maintenance fires that occurred prior to Euro-American settlement . ..” ([64]:234). Similarly,
no fire scars were found in 5 of 12 transect locations in mixed-conifer forests in northern New
Mexico [65]. The study sampled scars on relatively flat ridges nearby, where scars were abun-
dant, and composite fire intervals from these sites were assumed to apply to the whole mixed-

Table 6. Area and percentage of 11 dry-forest landscapes in the western USA that meet the low-severity model, based on GLO surveys and early
aerial photographs.

Source/Author(s) Study area Fits low-severity model
Location Area (ha) % Area (ha)

General Land Office Surveys

Williams and Baker [53] Mogollon Plateau, AZ 405,214 62.4 252,854
Black Mesa, AZ 151,080 12.0 18,130
Front Range, CO 65,525 25 1,638
Blue Mountains, OR 304,709 40.3 122,798

Baker [59] North-E Cascades, OR 146,555 32.5 47,630
Central-E Cascades, OR 147,502 10.4 15,340
South-E Cascades, OR 104,160 29.4 30,623

Williams and Baker [60] Coconino Plateau, AZ 41,214 58.8 24,234

Baker [61] N. Sierra, CA 115,766 12.6 14,587
S. Sierra, CA 187,085 26.4 49,390

Early Aerial Photographs

Hessburg et al. 2007 E.WA&E.OR 112,115 21.6 24,200

Symopsis

Total 1,780,925 601,424

Mean percentage 33.8

doi:10.1371/journal.pone.0172288.t1006
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conifer forest [65]. This was also the pattern in northern Colorado: “Most of the 67 fire-scarred
trees that were sampled were found on ridges or in open areas (Fig 1). It was uncommon to
find scarred trees in dense stands” ([66]:138).

These observations suggest low-severity fire was likely less frequent or even rare in younger
and denser historical dry forests, that likely were common in the 66% of dry forests lacking a
history of exclusive low-severity fire (Table 6). However, specific studies of rates of low-sever-
ity fire are lacking for stands < 150-200 years old in the pre-EuroAmerican era (Fig 5), that
are the predominant forests today. Because they are not in the inference space for past fire-his-
tory studies in dry forests, it is not valid to infer that today’s young to middle-aged forests
would have been subject to low-severity fires at the historical mean rates in the 342-site dataset
or in other comparable published fire-histories for dry forests.

Historical dry forests not predominantly frequent-fire forests

Dry pine and dry mixed-conifer forests have been described as frequent-fire forests, an attri-
bute still supported for only about 14% of overall dry-forest area, with multidecadal low-sever-
ity fire likely historically over about 86% of overall dry-forest area in the western USA. Only
about 41% of the old, dry forests, which were likely concentrated in about 34% of western USA
dry forests (41% of 34% = 14% of overall dry forest), had frequent fire, with a historical PMFI/
FR < 25 years (Fig 4]). Old forests with frequent fire were historically concentrated in Arizona
and found at scattered sites across the West (Fig 3), particularly in New Mexico, Washington,
Idaho, Montana, and California (Fig 4A-4E). In contrast, about 59% of cases in old forests and
thus about 20% of dry forests in the western USA (59% of 34% = 20% of overall dry forest) had
a historical mean PMFI/FR > 25 years (Fig 4]). Low-severity fire was likely even less frequent
in the remaining overall 66% of dry-forest landscapes lacking a history of exclusive low-sever-
ity fire (Table 6). Altogether roughly 14% of dry forests in the western USA historically had fre-
quent (PMFI/FR < 25 years) low-severity fire and 86% of dry forests in the western USA
historically instead had multidecadal low-severity fire.

Even in the 34% of dry-forest landscapes with an exclusive history of low-severity fire, the
overall mean PMFI/FR was 39 years, half the cases had PMFI/FR > 30 years, and a quarter of
cases had PMFI/FR > 46 years (Table 4). These old forests are better described overall as hav-
ing diverse rates of low-severity fire, spanning the range from frequent to multidecadal. This
diversity in rates varied on two scales, first across large regions from predominantly multideca-
dal (median > 40 years), in Colorado, South Dakota, and Wyoming, to predominantly fre-
quent in Arizona, New Mexico, and Idaho-Montana, with other states having broader
mixtures, ranging from frequent to multidecadal (Figs 3 and 4). Second, individual smaller
areas often contained a diversity of rates over short distances, particularly in mountain ranges,
often spanning or nearly spanning a broad range from frequent to multidecadal (Fig 3).

Estimated historical PMFI/FR mean rates are relevant, because many ecological processes
and structures change across a narrow range in rates. In the roughly 86% forests with PMFI/
FR > 25 years, fuels that required about 7-25 years to build back up after a low-severity fire
[12-14]. would, on average, have been fully recovered for an extended period before the next
fire. Shrubs would likely have been able to fully recover and dominate for substantial periods.
Small trees that rely on seed (e.g., ponderosa pine) would also have been able to regenerate and
become common in forest understories, as documented in several historical dry forests [24].
The role of the forest floor in replenishing soil nutrients and organic matter, enhancing
absorption of water, and fostering microbial communities [15] would not have been limited by
too-frequent fires. Greater opportunities for trees to regenerate and less mortality from low-
severity fire also help to explain dense areas of dry forests that occurred historically across
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substantial parts of many dry-forest landscapes (e.g. [53, 59]). Natural fuels, less limited by
low-severity fire, would have favored higher-severity fires via ladder fuels. Adverse effects on
habitat for wildlife that use snags or coarse down wood [15] would be less because of less low-
severity fire, and fires of higher intensity would likely increase snags and coarse dead wood.

In contrast, in the roughly 14% of historical dry forests with historical PMFI/FR < 25 years,
levels of fuels, including shrubs and small trees, would have been more consistently kept low
(Fig 3). Frequent low-severity fires would likely have fostered a diversity of grasses and forbs,
but would have limited shrubs and small trees. In these settings, lower-density forests would
have been favored and higher-severity fires would have been discouraged, at least by fuel con-
ditions [19, 53]. Potential adverse ecosystem and wildlife effects of frequent low-severity fire
[15] would remain a natural historical characteristic of these primarily southwestern frequent-
fire forests (Fig 3). However, high local and regional diversity in rates (Fig 3) meant that a
diversity of processes, rates, and structures occurred across even the old-forest part of many
dry-forest landscapes, within both small areas and across the western USA.

Limitations and error in calibration and prediction PMFI/FRs

The calibration cases (S1 Table) are from larger land areas and include estimates of PMFI/FR
that are directly usable as a guide for restoration and management in old, dry forests. The
appropriate estimate in S1 Table is FR-YrsTot, which was directly estimated in the study in
many cases. Where a direct estimate was not made, I estimated PMFI/FR-YrsTot from PMFI/
FR-YrsRec using the equation in Table 2 and Fig 2B.

The 252 prediction cases (part of S2 Table) are from single-plot samples in smaller plot
areas, and likely have more error. The estimated prediction error for PMFI/FR in a small plot
was a 7.52 year RMSE, which suggests bins about 15-years wide, as in Fig 3, would likely con-
tain about 68% of observations. Bins about 30-years wide would contain about 95% of observa-
tions. Smaller plots used at the 252 sites also may not individually provide an adequate sample
of a forest area. In an accuracy study, estimates from small plots required averaging across 5-6
plots representing 600-1000 ha to achieve mean relative errors < 30% in estimating PMFI/FR
[11]. The estimated PMFI/FRs from the available set of small plots cannot be pooled to
decrease this error, as they are not necessarily samples from one population. The problem for
small plots is inherent stochastic variability in realized fire intervals, even from a fixed fire
regime in a particular land area [67], and errors in the sample and estimators. Thus, the PMFI/
FR estimates are a significant improvement over using CFI and I'TFI, but greater accuracy can
be expected from larger studies in the calibration dataset and also from future landscape-scale
reconstructions.

Most of the 342 estimates are likely low estimates for two reasons. Targeting multi-scarred
trees reduces CFI and ITFI estimates, but also reduces estimated PMFI/FR by not sampling
trees with one scar or no scar that can indicate areas that did not burn in a particular fire (S1
Text). Thus, the area burned by each fire may be inflated and the PMFI/FR too short. Because
94% of 250 cases with evidence did target multi-scarred trees (Table A in S1 Text), this affects
almost all estimates of PMFI/FR. Targeted sampling of individual trees led to PMFI/FR esti-
mates reduced to about 86-95% of estimates from equal-sized probabilistic samples [55]. This
would mean that PMFI/FR estimates here need to be multiplied by 1.05-1.18. Also, both cali-
bration and prediction PMFI/FR estimates are low estimates in many cases because PMFI/FR
could not be estimated separately for low-severity fires in the 74% of cases where fire-severity
was not studied. Even where fire severity was studied, the study did not report separate rates,
instead only rates for fire severities combined (S1 Text). Because estimates are for old forests
with a history of low-severity fire, the higher-severity component was likely not large, but
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could affect longer estimates (Table B in S1 Text). Combining these two factors likely would
increase estimated PMFI/FR, but more research is needed to narrow and validate the needed
corrections before they are applied. In contrast, FR estimates in the calibration are from all
trees, not recorders, and regression equations applied to the predicted dataset are from all
trees. Estimates from recorders would be lower, but I explained earlier why the truth is likely
closer to FR-all trees. Further research is warranted, and could possibly resolve all remaining
uncertainties, leading to improved equations and estimates.

PMFI/FRs as a guide to restore and manage low-severity fires

In spite of these limitations, these new PMFI/FR estimates are the best available and usable
estimates of historical mean rates of low-severity fire to use as a guide in restoring and manag-
ing low-severity fire in dry forests of the western USA. Past CFI and ITFI estimates were not
intended to estimate PMFI/FR and would be misapplied, with adverse impacts on biological
diversity and ecosystem functioning, if used directly for this purpose, as is shown by their
biases, inaccuracies, and needed adjustments using regressions (Tables 1, 2).

Estimated historical PMFI/FRs specify how long, on average, it took to burn across a land
area (the FR), and how long the intervals were, on average, between fires at points in the land
area (the PMFI). They can be estimated at multiple scales, from small plots to large land areas,
although with greater accuracy over larger land areas. Congruent estimates of modern and his-
torical low-severity PMFI/FR can be made, and directly compared. Modern estimates can be
made using digital fire maps (e.g., Monitoring Trends in Burn Severity at: http://www.mtbs.
gov) or other sources. All that is needed is to add up the areas of fires that burned in a particu-
lar landscape of interest at low severity over a particular period, calculate the area of the land-
scape, and use Eq 2. Temporal and spatial variability in PMFI/FR can be estimated as well,
using subareas or sub-periods (e.g. [23]). Comparison of modern and historical rates of low-
severity fire facilitates monitoring the effectiveness of restoration and management programs,
and analysis of trends in rates of modern relative to historical fires [3].

Fire-size distributions are also important, but those from small plots have inherently limited
value. At this point, distributions of annual area burned, which approximate fire sizes, can be
shown for some larger study areas in dry forests (Fig 6). I compiled data for these histograms
from graphs or tables in the sources. Note that this is area burned at all severities, not just low
severity, and is not restricted to old-forest parts of landscapes. Several graphs show that the
most fire years were in the smallest size class, with decreasing abundance in larger size classes.
Historical fire sizes could reach at times into the 5,000-11,000 ha size classes, at least in three
study areas (Fig 6C, 6F and 6G). In many study areas, the maximum area burned reached the
size of the study area (Fig 6B, 6C, 6D, 6E and 6F), suggesting fires could have been larger.

In an Arizona dry-forest landscape, 5.1% of total fires, that were the largest fires, contrib-
uted 97% of total burned area [1]. This pattern, common in forests [17], also suggests that in
dry forests most of the burned area is from infrequent large fires, with frequent small fires not
adding much to total burned area. This pattern of variable fire sizes and infrequent large fires
is important to mimic, as it fosters diverse times since fire, at any instant, across a landscape,
which allows species with different responses to fire to all remain viable across landscapes [16].

Low-severity fires can kill up to about 20% of basal area [27-28], and it is usually expected
that this mortality is from torching or passive crown fires that kill individual trees or small
groups of trees. However, little is known about the size and distribution of patches of mortality
in low-severity fire regimes. Only about 23% of reconstructions of low-severity fires analyzed
fire severity and even these provided little information about this topic (S1 Text), as it is diffi-
cult to reconstruct the size of mortality patches. Early historical observations provide some
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Fig 6. Size distribution for historical annual area burned in seven large study areas in dry forests of
the western USA. Study area size is given above arrows or at the right of the x-axis.

doi:10.1371/journal.pone.0172288.g006
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evidence. For example, generally low-severity fires in Sierran mixed conifer forests were
observed to also have about 15% high-severity fire in small patches [20]. Small high-severity
patches from low-severity fires in these forests were described [68] as mostly < 2-4 ha ([61]:
Table A1 Q18-Q25). More research is needed on early historical observations of canopy mor-
tality from low-severity fires, but some is historically congruent and expected from low-sever-
ity fires in modern forests.

Unburned areas within the perimeters of fires are also important for biological diversity
and natural recovery, as these areas serve as refugia for less fire-tolerant plants or those that
regenerate by seed, facilitating survival in these areas and natural recovery within the burned
area [69]. This study found 35% average unburned area inside 154 modern fire perimeters in
Yosemite National Park, California, which included substantial dry-forest area. Unfortunately,
little is known about the extent of unburned area in historical low-severity fires in dry forests.
It is known that prescribed burning that fully blackens burn units can reduce spatial heteroge-
neity in fire that promotes coexistence of multiple species [16]. Also, as reviewed in the intro-
duction, unburned areas historically were locations where tree regeneration to replace tree
mortality could survive. Thus, including unburned area within burn units, rather than black-
ening the whole unit, is ecologically important to restore and maintain tree populations and
biological diversity.

The extent of needed burning to restore and manage old dry forests and the rest of dry for-
ests is lower than previously thought. Earlier estimates were largely based on the assumption
that reported mean CFI estimates represent PMFI/FR, which they do not (Tables 1, 2) and
apply to all dry forests, which they also do not. Estimated historical rates of low-severity fire in
dry forests in the U.S. Landfire program, for example, typically incorrectly use reported mean
CFI estimates as though they represent PMFI/FR, although some actual PMFI/FR estimates
are also used. These are applied to all dry forests, not just old forests. Both misapplications
likely have adverse effects on biological diversity and ecosystem functioning. Prescribed burn-
ing in U.S. national forests, national parks, and on other public lands, where Landfire or other
estimates from mean CFIs have been used as a guide, is likely too much by 1.6-3.3 times,
depending on the CFI measure used (See # inTable 2) in the roughly 14% of dry-forest area
that was historically old forest with frequent fire (PMFI/FR < 25 years). Mean rates are likely
too high by > 1.6-3.3 times in the 86% of the area of dry-forest landscapes that historically had
multidecadal low-severity fire.

A need for less low-severity fire in restoration and management of dry forests is good news,
because costs of prescribed burning and other restoration treatments are high, effects on inva-
sive species, ecosystem processes, and biological diversity are a concern [15, 70], and the feasi-
bility of restoring and managing low-severity fire is higher with longer rates. Longer rates also
mean that completed treatments may have already been sufficient in many old-forest areas,
and further management of low-severity fire can be redirected to using managed fire for
resource benefit [71]. Where initial treatment is incomplete, one prescribed fire should suffice
before a managed-fire program can begin. At that point, managers can monitor low-severity
fire using historical mean PMFI/FR rates, fire-size distributions, and other attributes (e.g.,
unburned area) as a guide.

In locations where managed fire for resource benefit is infeasible, and an ongoing pre-
scribed-burning program must be used, burning at rates longer than the mean PMFI/FRs
reported here and using a diversity of rates and patterns of prescribed fires would be congruent
with the findings. First, substantially lower rates (longer PMFI/FR) are warranted, if forests are
not old forests, because estimated rates here apply mostly to old forests and the prevailing
younger forests today likely burned historically at longer PMFI/FR. Second, the rates reported
here are likely somewhat too short, as explained in “Limitations and errors. . .” Finally, lower
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rates would likely reduce the spread of invasive species and adverse effects on ecosystem pro-
cesses and biological diversity. Also, historical rates varied substantially within small areas,
particularly where there was topographic diversity, but also because of natural variability over
time. It makes sense to similarly vary prescribed burning rates within local areas, leaving some
areas unburned for longer periods. An approximation of the percentage of western USA old-
forest parts of landscapes that experienced longer historical rates of fire is in Fig 4]. More local
data can be derived from S2 Table, which lists PMFI/FR by state.

Data presented here can generally be used, with other evidence and tools, to create more
comprehensive and spatially informative local understanding about mean historical PMFI/FR
to guide local restoration and management of low-severity fire in old-forest parts of land-
scapes. Data in S2 Table have latitude and longitude and other ancillary information, and can
be downloaded (S2 Dataset) and used directly or be read into a GIS program, where topogra-
phy, land ownership and other information can be added for context. As new data are added
to the IMPD, an FHX file for each new site can be downloaded and read into FHAES. Weibull
mean ITFI can be calculated, which can then be used (Table 2) to estimate historical PMFI/FR,
if not already provided in the study. Geographical coordinates, usually in the FHX file, allow
new data to be added to the database (S2 Dataset) for use in GIS. Estimates of historical mean
CFI and ITFI are available in the published scientific literature for other sites, not in the
IMPD, which can also be used to estimate historical PMFI/FR using the equations in Tables 2
and 3, then added to the dataset (52 Dataset) and input into GIS for local analysis. Of course,
these estimates usually apply to only old-forest parts of historical landscapes.

Dry-forest landscapes until recently were thought to have historically been primarily old-
growth forests, with a history of frequent low-severity fire, across their extent (e.g. [72]), but
this has been refuted by GLO reconstructions and early aerial photographs (Table 6), paleo-
ecological evidence [24], and early forest-reserve reports and other evidence [63, 73]. Even in
Arizona, which had abundant old forests with frequent fire (Fig 3), denser forests and high-
severity fire were extensive at certain times and in certain places, as on Black Mesa and parts of
the Mogollon Plateau [60, 73]. It is sensible to restore low-severity fire to its former dominance
in the parts of dry-forest landscapes with a history of primarily low-severity fire, historically
averaging about 34% of western dry-forest landscapes (Table 6). Estimated mean PMFI/FRs
here provide a guide for restoration and management of low-severity fire in extant old-forest
parts of landscapes. For most dry-forests today, which are not old, using frequent fire (PMFI/
FR < 25 years) in restoration is not supported, and fuels do not need to be substantially
reduced, because historical PMFI/FRs naturally allowed historical shrubs and small trees to
fully recover after fires. Restoration of low-severity fire is still needed. The most appropriate
approach, given likely long but uncertain mean rates of historical low-severity fire, is for most
dry forests today to receive at most one prescribed fire, followed by managed fire for resource
benefit, with the goal of mimicking mean historical PMFI/FRs and variability in fire (fire-size
distributions, unburned area) as forests reach old age.
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Dry forests are particularly subject to wildfires, insect outbreaks, and droughts that likely
will increase with climate change. Efforts to increase resilience of dry forests often focus
on removing most small trees to reduce wildfire risk. However, small trees often survive
other disturbances and could provide broader forest resilience, but small trees are thought
to have been historically rare. We used direct records by land surveyors in the late-1800s
along 22,206 km of survey lines in 1.7 million ha of dry forests in the western USA to
test this idea. These systematic surveys (45,171 trees) of historical forests reveal that
small trees dominated (52-92% of total trees) dry forests. Historical forests also included
diverse tree sizes and species, which together provided resilience to several types of
disturbances. Current risk to dry forests from insect outbreaks is 5.6 times the risk of
higherseverity wildfires, with small trees increasing forest resilience to insect outbreaks.
Removal of most small trees to reduce wildfire risk may compromise the bet-hedging
resilience, provided by small trees and diverse tree sizes and species, against a broad
array of unpredictable future disturbances.

Keywords: dry forests, wildfires, insect outbreaks, droughts, climate change, resilience, land surveys, bet-hedge

INTRODUCTION

Dry forests globally may be particularly vulnerable to cli-
matic change, because their setting is prone to wildfires, insect
outbreaks, and droughts; these disturbances may increase, and
post-disturbance tree recruitment is often poor. Recruitment lim-
itation in forests is a widespread concern (Clark et al., 1999),
particularly where moisture is limiting, as in Pinus forests in
drier parts of precipitation gradients (Dorman et al., 2013). For
example, dry forests of the western USA (Figure S1), which
include montane ponderosa pine (Pinus ponderosa) forests and
dry mixed-conifer forests also with firs (Abies spp.) and Douglas-
fir (Pseudotsuga), can have poor tree recruitment that limits
their recovery after fires, insect outbreaks, and droughts. Tree
recruitment in dry P. ponderosa forests of the western USA over
the last century has been poor, concentrated in episodic plu-
vials (Savage et al., 1996), and spatially variable (Stein, 1988;
Roccaforte et al., 2012). Mortality of P. ponderosa at their eco-
tone with lower-elevation woodlands during a 1950s drought
(Allen and Breshears, 1998) also indicates vulnerability. Rising
temperatures and drought could further reduce tree recruitment
in dry forests (Anderson-Teixeira et al., 2013). Climate envelopes
of seedlings vs. established trees of P. ponderosa suggest general
recruitment failure is underway, possibly a precursor to broader
range contraction (Bell et al., 2014).

In contrast, paleoecological research shows that dry forests
of the western USA persisted for thousands of years in the
face of wildfires, insect outbreaks, and droughts (Jenkins et al.,
2011), suggesting recruitment was not generally deficient and his-
torical forests were resilient. However, this persistence appears
incongruent with the hypothesis that these dry forests historically

had low abundance of seedlings, saplings and small trees
(Covington and Moore, 1994; Allen et al., 2002). This hypothe-
sis is based in part on tree-ring reconstructions, which show that
large trees were historically dominant in most sampled stands
(Williams and Baker, 2012a). However, small trees could have
been common, but missed in tree-ring reconstructions because
small trees had high mortality rates and may decompose by
the time of reconstruction (Allen et al., 2002). Also, tree-ring
reconstructions are not located systematically across landscapes
and plot-level size-class distributions are often averaged, masking
variability (Williams and Baker, 2013). Nonetheless, frequent sur-
face fires were thought to have limited small trees, and some early
accounts do suggest low abundance of tree recruitment (Leiberg
etal., 1904; Covington and Moore, 1994; Allen et al., 2002). Today,
large trees are likely less abundant and small trees more abun-
dant than historically (Covington and Moore, 1994), but our
focus is only on historical abundance of small trees, not current
abundance. The common hypothesis is that low-severity fires his-
torically limited small trees, so they were a low percentage of total
trees and were found across a low percentage of land area.

We use a previously untapped historical source, the General
Land Office (GLO) land surveys, which provide spatially
extensive direct empirical data on historical tree recruitment
(seedlings/saplings, small trees). We use seven study areas that
span dry forests of the western USA (Figure S1) to test the
hypothesis that dry forests historically had little tree recruitment.
We formalize this for the two data sources from the GLO sur-
veys and two components of recruitment abundance: Hy: Small
trees were <20% of total trees, and Hj: Seedlings and saplings
(trees < 10 cm diameter) were present on <20% of forest area.
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Past specific estimates of percentages were lacking; we used test
values that conservatively represent the hypotheses. Small trees
are >10 cm dbh, with an upper size limit of 30-50 cm, defined for
each study area (Williams and Baker, 2012a). We measured and
compared recent risks of higher-severity wildfires and insect out-
breaks in dry forests, separated into ponderosa pine forests and
dry mixed-conifer forests, across the western USA using govern-
ment data. We reviewed the role of tree recruitment in recovery
after these disturbances. We suggest a strategy to maintain the
resilience of dry forests to future disturbances, based on our
findings.

MATERIALS AND METHODS

Data from the public land survey system, conducted by the
U.S. General Land Office, have been widely used in the USA to
reconstruct historical vegetation (Schulte and Mladenoff, 2001).
Surveys in the study areas were generally done in the late-1800s
before widespread expansion of EuroAmerican land uses. The
system consists of 9.6 x 9.6 km townships containing thirty-six
1.6 x 1.6 km sections. Surveyors marked quarter corners at the
0.8 km mark and section corners at the 1.6 km mark along sec-
tion lines. Surveyors were required to record azimuth, distance,
species, and diameter of two bearing trees at quarter corners
and four trees at section corners. Here we used surveyors’ direct

estimates of tree diameters. In an accuracy study, we found
surveyors estimated diameters with sufficient accuracy to place
trees in 10-cm diameter bins (Williams and Baker, 2010). After
applying an empirical correction, diameter distributions from
bearing trees were 87—88% similar to distributions from plot data
(Williams and Baker, 2011), thus are quite accurate. Bearing trees
are a statistically valid sample, as they have low bias and error
(Williams and Baker, 2010).

We also used section-line data recorded by surveyors.
Surveyors in forests were required to record, in order of abun-
dance, the dominant overstory trees and understory plants,
often including small trees (seedlings and saplings) and shrubs
(Williams and Baker, 2012a). Surveyors also often recorded qual-
itative estimates of understory tree density. Not all surveyors
followed the instructions, thus we limited analysis to the set of
surveyors who did so for at least one section-line. The section-
line data represent a statistically valid line-intercept estimate of
cover (Butler and McDonald, 1983).

To provide data to test hypothesis Hj, we totaled small and
large trees in each of the seven study areas and for the com-
posite (Table 1, Figure 1). Small trees were defined as >10cm
but <40 cm, except <30 cm in the Colorado Front Range, where
tree growth is slower (Williams and Baker, 2012a) and <50 cm
in the western Sierra, where tree growth is faster (Baker, 2014).

Table 1| Study areas, corresponding number of trees and section-line length in forested area, and the percentage of forest section line-length

with seedlings and saplings.

Hypotheses Front Coconino Mogollon Black Blue Eastern Western Total or
and range, Plateau, Plateau, Mesa, Mts., Cascades, Sierra, mean
variables Colorado? Arizona Arizona Arizona Oregon Oregon California
Dry-forest study area (ha) 65,525 41,214 405,214 151,080 304,709 398,346 329,943 1,696,031P
Hq: SMALL TREES WERE < 20% OF TOTAL TREES
Number of trees 1055 1643 10,848 2741 7496 11,856 9532 45,1710
Small-tree diameters used (cm) <30 <40 <40 <40 <40 <40 <50 <30 to 50
Small trees (% of total trees) 91.8 69.5 51.8 81.1 62.0 62.4 60.9 61.6¢
Chi-square test result? X? =3404 X?=2517 X%2=6859 X?2=6403 X?=8267 X?=13326 X?=9976 X?=48772
p < 0.001 p < 0.001 p < 0.001 p < 0.001 p < 0.001 p < 0.001 p < 0.001 p < 0.001
H: SEEDLINGS AND SAPLINGS WERE PRESENT ON < 20% OF FOREST AREA
Section-line length (km) 4004 413 4230 1441 5878 3873 2367 22,206
Seedlings/Saplings present (%) 3.8 43.4 13.3 8.0 34.6 574 54.9 29.6
Chi-square test resultf X2 =657 X2 =140 X2 =119 X2 =150 X2 =780 X2=3385 X2=1780 X2 =1238
p < 0.001 p < 0.001 p < 0.001 p < 0.001 p < 0.001 p < 0.001 p < 0.001 p < 0.001
Seedlings/Saplings dense (%) 0.2 28.8 1.9 - 22.4 30.3 20.0 14.3
Seedlings/sapling pines® 0.9 1.4 9.8 79 32.7 51.0 42.3 24.8
Seedlings/Sapling firs® 0.5 0.0 0.0 0.0 271 278 39.7 16.4
Seedling/Sapling oaks® 0.5 43.3 8.8 71 0.0 0.2 42.4 76
Seedling/Sapling other trees® 2.5 0.4 1.2 2.0 0.3 2.6 25.1 4.0

aStudy areas include the Colorado Front Range (Williams and Baker, 2012a), Coconino Plateau, Arizona (Williams and Baker, 2013), Mogollon Plateau and Black

Mesa, Arizona and Blue Mountains, Oregon (Williams and Baker, 2012a), Eastern Cascades of Oregon (Baker, 2012), and western Sierra Nevada, California (Baker,

2014).

bTotal.

¢Percentage for the composite across the seven study areas.

9Degrees of freedom = 1 and N = the number of trees, for all chi-square tests.

¢Seedling/Sapling pines, firs, oaks, and other trees may be overlapping, as a line can have, for example, both pines and firs.

f Degrees of freedom = 1 and N = the number of 1-km line-lengths, for all chi-square tests.
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FIGURE 1 | Historical tree size-class distributions for the seven
study areas and a composite across all the study areas: (A) Front
Range, Colorado, (B) Coconino Plateau, Arizona, (C) Mogollon
Plateau, Arizona, (D) Black Mesa, Arizona, (E) Blue Mountains,
Oregon, (F) Eastern Cascades, Oregon, (G) Western Sierra,
California, (H) The composite of all areas. Distributions use 10-cm
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bins compatible with the accuracy of diameters measured by the
surveyors (Williams and Baker, 2011). Other trees, not found in every
area, include Pinus edulis and Juniperus spp., Calocedrus decurrens,
Populus tremuloides, and Larix occidentalis. As in Table 1, small trees
were defined as trees >10cm but <40cm diameter, except <30cm
in Colorado (A) and <50cm in California (G).

These diameters generally represent trees that are less than about
140 years old (Bright, 1912; Baker, 2012, 2014; Williams and
Baker, 2013). Trees this size today are often thought to have widely
established after EuroAmerican settlement because of logging,
livestock grazing, and fire exclusion (Covington and Moore, 1994;
Allen et al., 2002; Franklin and Johnson, 2012), and thus may
be removed in restoration treatments. To test H;, we used a chi-
square goodness-of-fit test of a null hypothesis that small trees

were 0.2 of total trees and large trees were 0.8 of total trees. If this
null was rejected, we rejected H;if small trees were <0.2 of total
trees. To control error rates, we Bonferroni-corrected o = 0.05,
for 8 planned tests, one per study area and one for the composite
(Table 1, Figure 1), to o = 0.00625.

To provide data to test H,, we totaled 1-km section lines for
which surveyors recorded understory trees in each of the study
areas and for the composite. Similarly, to test Hy, we used a

www.frontiersin.org

January 2015 | Volume 2 | Article 88 | 3



Baker and Williams

Bet-hedging dry-forest resilience

chi-squared goodness-of-fit test of a null hypothesis that the area
with seedlings/saplings was 0.2 of the total forested area and the
area without seedlings/saplings was 0.8 of the total forested area.
If this null was rejected, we then rejected H; if seedlings/saplings
were found across <0.2 of total forest area. We also Bonferroni-
corrected an initial o = 0.05 for 8 planned tests.

We used maps of ponderosa pine and dry mixed-conifer
forests from Landfire Biophysical Settings (www.landfire.gov).
Wildfire area and severity were from raster maps of actual
burned area, not fire perimeters, from the Monitoring Trends in
Burn Severity (MTBS) program (http://www.mtbs.gov). Insect-
caused mortality was from the US Forest Service Forest Health
Technology Enterprise Team (http://foresthealth.fs.usda.gov/
portal/Flex/IDS). Insect outbreaks were detected using annual
aerial surveys. To limit analysis to dry western forests, aerial sur-
vey polygons and wildfires were both clipped by the maps of
ponderosa pine and dry mixed conifer. The annual sample area
varied, but averaged about 9.8 million ha of ponderosa pine and
10.9 million ha of dry mixed-conifer forests (Table S1), about 80%
of the 25.8 million ha area of western dry forests.

Comparison of wildfire and insect outbreaks was done for each
year both datasets were available. We compared moderate- and
high-severity wildfire area, which are the severities with substan-
tial tree mortality, with areas where tree mortality from insects
was also substantial, as it was visually detected from aerial sur-
veys. We calculated the rate of wildfire using the fire rotation,
which is the number of survey years divided by the fraction of the
survey area impacted by fire in those years. The rate of insect out-
breaks was determined similarly. Some outbreak areas appeared
to overlap in subsequent years and potentially be cumulative.
We performed a union and spatial dissolve in GIS to derive a
conservative estimate of total area impacted by insect outbreaks
over the analysis period. Additional details are in Supplementary
Methods.

RESULTS

SMALL TREES HISTORICALLY ABUNDANT AND DOMINANT
Hypothesis H; is rejected across all seven study areas and the
composite (Table 1). Small trees generally dominated historical
dry forests, ranging from 51.8 to 91.8% of total trees across the
seven study areas and equaling 61.6% of trees in the overall com-
posite (Table 1, Figure 1). Small trees can be suppressed older
individuals, but were predominantly <140 years old (Bright,
1912; Williams and Baker, 2012a). Small trees were somewhat
diverse, with pines most abundant, but also firs, oaks and other
conifers and hardwoods (Figure 1). Hypothesis H; is rejected for
study areas in California and Oregon, but not in Arizona and
Colorado (Table 1).

HIGHER RECENT THREAT FROM INSECT OUTBREAKS THAN FROM
WILDFIRE

Data from government agencies show that insect outbreaks
were recently a more significant threat to dry forests than were
moderate- to high-severity wildfires; similar data are not available
for droughts. It is conservatively estimated (i.e., consolidating all
areas of spatial overlap) that insect outbreaks caused substantial
detectable tree mortality in 5,193,752 ha of western dry forests

over the 1999-2012 period for which spatial data were avail-
able, which is 5.6 times the 934,551 ha impacted by moderate-
to high-severity wildfires (Table S1). Mean ratios of insect to
fire impact were 4.5 in ponderosa pine and 6.9 in dry mixed-
conifer forests (Table S1). At the rates during 1999-2012, it would
require 311 years for moderate- to high-severity wildfires to burn
once across an area equal to the area of western dry forests, but
only 56 years for insect outbreaks to impact this area (Table S1).
Rotations for fire varied from 265 years in ponderosa pine to
367 years in dry mixed-conifer forests, and for insects from 53
years in dry mixed-conifer to 59 years in ponderosa pine forests
(Table S1).

DISCUSSION

NATURAL DISTURBANCES FOSTERED HISTORICALLY ABUNDANT
SMALL TREES AND DIVERSE TREE SIZES

Historical dominance of small trees in dry forests (Figure 1)
does not support the hypothesis that surface fires generally
kept small trees rare. Small trees had successfully recruited and
were dominant in all dry-forest areas (Figure1). These small,
established trees are given more weight, than smaller, more
ephemeral seedlings/saplings, for which evidence is more mixed.
Seedlings/saplings were abundant in the majority of areas, except
two southwestern landscapes (Black Mesa, Mogollon Plateau) and
the Colorado Front Range (Table 1). Early scientific sources cor-
roborate limited seedlings/saplings in these areas (Leiberg et al.,
1904; Williams and Baker, 2012b). Early foresters emphasized
preserving advanced recruitment during logging (Pearson, 1923).
Thus, recent high-severity fires do not have unprecedented poor
recruitment (Savage and Mast, 2005). Seedling/sapling popula-
tions in these landscapes must have fluctuated, since small trees
had been able to recruit and dominate all dry forests (Figure 1).
Particular sequences of fires, droughts, and other disturbances
may explain fluctuating seedling/sapling populations (Dugan and
Baker, in press), and reinforce the historical role of advanced
recruitment.

Dominance of small trees, and even ephemeral
seedling/sapling populations in most areas, indicates more
imperfect limitation of tree recruitment by historical low-severity
fires than previously thought. Other disturbances, including
droughts, insect outbreaks, and more severe fires likely killed
canopy trees and increased tree recruitment, particularly if
followed by pluvials (Savage et al., 1996; Dugan and Baker, in
press). The Colorado Front Range and Black Mesa (Williams
and Baker, 2012a) had the greatest dominance of small trees
(Figures 1A,D), and our reconstructions showed these areas
had more higher-severity fires (Williams and Baker, 2012a,b).
Historical abundance of small trees and importance of higher-
severity fires in structuring tree populations across dry-forest
landscapes are supported by an independent dataset of tree
ages (Odion et al., 2014). Higher-severity fires likely interacted
with other disturbances to produce diverse tree sizes that were
together more resilient to disturbance than would have been the
case if only low-severity fires had occurred and large trees had
dominated. Historical dominance by small trees and diverse trees
sizes are consistent with long-term persistence and resilience of
dry forests after disturbances (Jenkins et al., 2011).
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ABUNDANT SMALL TREES AND DIVERSE TREE SIZES CONFER
RESILIENCE IN MODERN FORESTS

Modern observations also document key, but contrasting roles for
advance recruitment and surviving larger trees in forest resilience
after fires, insect outbreaks, and droughts. Higher-severity fires
may be followed by variable recruitment, including poor recruit-
ment, lags in recruitment, or abundant recruitment in some areas
(Roccaforte et al., 2012), with large, surviving trees and proxim-
ity to them important (Bonnet et al., 2005; Haire and McGarigal,
2010).

About a dozen bark-beetles, that kill trees over large areas of
dry forests in the western USA, are the major outbreak insects
(Bentz et al., 2010; Weed et al., 2013). In this case, larger trees
are differentially susceptible, which often leaves smaller sur-
viving trees as the key source of post-outbreak recruitment.
Vulnerability of larger trees to bark beetles is related to greater
food resources (Raffa et al., 2008). In a 1970s outbreak of moun-
tain pine beetle (Dendroctonus ponderosae) in ponderosa pine
in Colorado, tree survival was substantially higher for trees
<20 cm diameter (McCambridge et al., 1982). Similarly, western
pine beetles (Dendroctonous brevicomis) kill relatively few trees
<40 cm (Miller and Keen, 1960). However, Ips in Arizona pref-
erentially kill smaller trees (Negron et al., 2009). Nonetheless,
advance recruitment generally dominates post-outbreak recruit-
ment. After spruce beetle (DeRose and Long, 2010) and mountain
pine beetle outbreaks (Astrup et al., 2008), small trees present
before outbreaks dominated post-outbreak recruitment. Since
these small trees were more diverse than pre-outbreak canopy
trees, post-outbreak forests may have greater resilience to future
outbreaks (Diskin et al., 2011; Kayes and Tinker, 2012).

Drought often also differentially kills the largest, oldest trees,
with less mortality in small and mid-sized trees (Allen et al.,
2010), thus also leaving advance recruitment. Drought effects
on tree mortality can be widespread and affect forests for cen-
turies (Allen et al., 2010). Drought also influences the occurrence
of wildfires, insect outbreaks, and regional tree mortality (Allen
et al,, 2010), thus it is difficult to parse the impacts of drought
alone.

The upshot is that both small trees and surviving larger trees
and a diversity of tree species provide resilience to disturbances.
Surviving larger trees are particularly important after higher-
severity fires and abundant small trees are particularly important
after insect outbreaks and droughts.

RESTORING AND MAINTAINING THE BET-HEDGING RESILIENCE OF
HISTORICAL FORESTS

Current restoration strategies that seek to increase forest resilience
focus predominately on impacts from severe wildfires, but bark-
beetle outbreaks and other insects affected 5.6 times the area of
western dry forests impacted by moderate- to high-severity fires
over the most recent 14-year period (1999-2012). Current rates
of moderate- and high-severity fire, with a combined rotation of
311 years (Table S1), would likely not prevent recovery of old-
growth forests in the interlude between fires, but rates of insect
outbreaks, with a rotation of 56 years (Table S1), could prevent
recovery of most older dry forests. Previous research, using the
same data sources, in a more limited and lower-elevation area

in the southwestern United States, found that beetle-outbreaks
affected 2.5—4 times as much area as moderate- to severe wildfires
(Williams et al., 2010). Both wildfires (Dennison et al., 2014) and
beetle-outbreaks (Bentz et al., 2010; Weed et al., 2013) are increas-
ing in parts of the western United States. Future outcomes are
uncertain and complex, however, as beetle-outbreaks can affect
wildfire probability (Simard et al., 2011), and as tree mortal-
ity occurs, both beetle outbreaks and wildfires could become
self-limited (Williams et al., 2010).

Ecological restoration of public dry forests in the western USA
is increasingly a goal, because these forests were altered by unsus-
tainable logging, livestock grazing, and fire exclusion that allowed
abundant small trees to recruit (Covington and Moore, 1994).
Retaining older trees, while removing most small trees up to ages
or sizes of trees recruited since EuroAmerican settlement (Figure
S2A), is thus often a restoration focus (Covington and Moore,
1994; Allen et al., 2002; Abella et al., 2006; Franklin and Johnson,
2012). Typical upper tree age and size limits are 120—150 years old
or 30-50 cm diameter (Abella et al., 2006; Franklin and Johnson,
2012).

We show here, however, that these small trees were the tree
sizes historically dominant in these forests (Figure 1, Table 1),
thus removing most small trees so they are no longer dominant
is not ecological restoration. There are also efforts underway to
increase resilience of forests to droughts by removing most small
trees and lowering stand density. However, stand density does not
appear to play a major role in level of tree mortality from drought
(Ganey and Vojta, 2011). Thus, strategies to reduce most small
trees are neither restorative nor very effective.

We suggest diverse historical tree sizes and abundant and
dominant small trees long provided bet hedging in dry-forest
landscapes subject to unpredictable disturbances. These forests
can be more effectively restored and their resiliency to future
disturbances increased by maintaining or restoring the histor-
ical abundance, dominance, and diversity of small trees, while
also restoring large trees depleted by logging (Figure S2B). This
can be achieved with historically congruent diversities of forest
structures across landscapes, based on GLO and other spatial
reconstructions. This bet-hedging landscape approach to eco-
logical restoration is consistent with long-term persistence of
historical forests, the high current threat from insects, and would
likely confer more resilience to disturbances, that may all increase
in the future, than would just retaining larger or older trees across
large areas.
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S1 Text. Why CFIs and ITFIs underestimate PMFI/FR

Since both mean composite fire interval (CFI) and mean individual tree fire interval (ITFI) typically
underestimate the population mean fire interval or fire rotation (PMFI/FR), it is logical to infer that both
methods are missing longer intervals because of biased estimates (Table 1 main text). Compositing alone
could explain nearly the whole bias in CFI measures, as explained below, but ITFI measures are not
composites and are still biased, although less so. The most likely explanation for bias in ITFI measures,
and also a contributor to bias in CFI measures, as estimators of PMFI/FR, is targeted sampling. These
potential sources of bias are reviewed in detail here.

Compositing overcompensates, destroys long fire intervals, and restriction rules do not remedy this
Scarring fraction, compositing, and widespread over-compensation

The purpose of compositing is to compensate for the incomplete scar record on individual trees,
since trees can often resist scarring even if burned (Baker and Dugan 2013). Scarring fraction (SF) is the
fraction of burned live trees that survive a fire but receive a scar. Studies of SF are few (e.g., Collins and
Stephens 2007, Stephens et al. 2010). A study of 16 fires in ponderosa pine forests in northern Arizona
found a mean SF of 0.375, ranging from 0.121 to 0.728 across 52 plot samples (Baker and Dugan 2013).

Given a particular SF, how many trees must be sampled or composited to compensate for SF < 1.0
(Baker and Dugan 2013)? The minimum is to have a sample size that has a high probability of recording
each fire on at least one scarred tree. The probability, P, of at least one tree scarring in a sample of n live
trees, for a scarring fraction, SF, is given by:

P=10-(1.0-SF)" (1)
and the corresponding estimate of n, for a particular SF, is given by:
n=1og (1.0 - P)/log (1.0 - SF) (2)

The necessary sample sizes to achieve a probability > 0.95 or 0.99 of detecting a fire are modest,
typically < 20 trees, whether scarred or not, to detect fires with SF < 0.25 (Figure A).

However, this equation does not adjust for scar healing. Scars can, but do not always, heal from the
sides and disappear under new bark unless subsequent fires occur (Baker and Dugan 2013). However,
Fiegener (2002) examined over 8,000 stumps and snags in a Sierran mixed-conifer forest and found only
2% with scars. An empirical study of scar healing after fires in northern Arizona ponderosa pine forests

Figure A. Scarring fraction and its effect on the sample size needed to have either a 0.95 or 0.99 probability
of scarring at least one tree.




showed that larger initial scars have longer expected healing times and subsequent fires increased
healing times of all scars (Baker and Dugan 2013). Healing rates from this study can be used to estimate
the needed sample size to find at least one unhealed scar for a fire after 100 years, or another time since
fire, using an equation developed from forests differing in time since fire:

Effective mean SF = Initial SF x exp(-0.0125 x Time since fire) 3)

For example, if expected mean SF is 0.400, then six sample trees would likely (P = 0.95) contain at least
one scar (using Eq. 2 or Figure A) from a fire burned recently. In contrast, the effective mean SF if that
same fire had burned 100 years ago, and scars had healed since then, would be 0.115, from Eq. 3, thus
requiring a sample of about 26 trees each > 100 years old (Eq. 1, Figure A). Similarly, a lower SF of
0.200 would require 51 trees > 100 years old for a fire 100 years ago. These calculations suggest that
sufficient trees to detect fires in historical landscapes could likely be obtained from unlogged areas that
are on the order of about 1 ha in area or even less.

In contrast, most compositing is from areas far too large for the area and number of sample trees
usually needed to compensate for SF < 1.0. In the merged dataset of 342 sites, only 262 reported area
sampled. Of those, only 32 (12.2%) were from areas < 1.0 ha (Figure B). One concern is whether SF
rates estimated in this study are higher than they would have been in historical forests, because fire
exclusion increased fuel loads in
modern forests, likely increasing SF.
Some effect is likely, but the effect
would not change the general pattern
of widespread overcompensation.
First, if a preceding fire occurred
within 30 years, then SF was reduced
from a mean of 0.393 to 0.324, only
an 18% reduction, in the Baker and
Dugan (2013) study. This would have
a minor effect of increasing the
number of needed sample trees from
26 trees to 31 trees, having almost no
effect on the widespread pattern of
over-compensation evident in Figure
B. Second, even in the extreme case
of'a 0.05 mean SF in historical
forests, assuming a historical fire
rotation of < 10 years (Stephens et al.
2010), only 208 trees, whether scarred
or not, would be needed after 100
years to achieve a probability >0.95 of detecting a fire. This could be obtained in most historical dry
forests in < 2-3 ha. Even at this extreme level of SF, only 18.7% of the 262 sites were from areas < 3 ha,
thus 81.3% of studies were over-compensating.

This over-compensation particularly biases CFI estimates toward values that are too short, since
mean CFI declines as sample area or number of sample trees increases (Arno and Petersen 1983, Baker
and Ehle 2001, Everett 2003, Kou and Baker 2006a, b). ITFI and FR estimates, in contrast, do not
systematically decline with larger samples, and may even become more precise. Compositing records
across an area or number of trees that is too large could explain why CFI estimates are too short relative
to FRs, but cannot explain why ITFI estimates, which do not use compositing, are also too short.

Figure B. Number of cases (n = 262 total) by sample area
(ha). Many cases did not report area. The first bin is
from 0-1 ha, the remainder are 25-ha wide, and the last
bin is for areas > 250 ha.




Compositing not only over-compensates, but also destroys long fire intervals that are real

Compositing is a processing step, separate from finding and collecting an adequate sample. Several
methods can be used to process sample data, including calculating mean ITFI (Dugan and Baker 2014),
or estimating FR, thus the compositing step is not essential. How does the compositing step contribute
error if used to estimate PMFI/FR? Most fires are small and only a few are large (Baker and Ehle 2001).
When a composite list is created, and intervals are calculated among fires in the list, each small fire year
counts the same as a large fire year. Even though some compositing might offset incomplete evidence, at
the same time it destroys other evidence. Longer fire-free intervals that are real occur in unburned parts
of landscapes adjacent to where small fires occurred, and some long intervals that are false because
scarring is incomplete also occur. However, all these long intervals, whether real or false, are erased
across the whole sample area when a composite list is created, rather than disappearing only in the area
where a small fire occurred (Figure C). Since longer intervals, some of which are real, are all lost to
compositing, this in part explains why mean CFI underestimates PMFI/FR.

CFl1 restriction rules are ad hoc, inconsistent, and likely insufficient in excluding small fires
Some suggest that there is only a problem with mean CFI and its use if it is presented without
omitting spot fires:

“...this becomes a
problem only if the
fire chronology is
presented with all
fires, even the smaller
spot fires, and is
interpreted by the
reader as if the
chronology indicates

Figure C. How compositing destroys long fire intervals that are real: (a) a
landscape that burned (shaded area) in each of three fire years between
1760-1860, and (b) the actual mean fire intervals (center panel), the mean
composite fire interval for the landscape (left panel) calculated from a
composite list of fires (1760, 1784, 1812, ending in 1860), thus three
intervals in 100 years = 33.3 years, and the PMFI (right panel), which is the
grand mean of the actual mean fire intervals (1500 years/16 = 93.8 years).
Note that the reason that the mean CFI underestimates the PMFT is that
how often the entire compositing treats the 1784 and 1812 fire years as though they burned the
stand burned” same land area as the 1760 fire year, which also eliminates the 100.0-year
(Stephens et al. 2003 fire intervals that occurred over most of the landscape.

p. 1091).

Restriction rules
are traditionally
applied to filter out
fires, like spot fires,
that are small, using
the number of fire
scars or the percentage
of total scarred trees
that record a fire year
(e.g., 10%, 25%).
However, no way is
known to objectively
identify a spot fire or
other small fire that

should be omitted,
since fire-size
distributions are typically nearly linear on a log-log plot and have no natural breaks (Kou and Baker
2006b). Also, distributions vary in slope among forest types and environments (Kou and Baker 2006b),
so imposing a particular filter (e.g., 25%) has varying effects. This means that restriction rules are ad hoc
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and inherently inconsistent in their effects.

Moreover, 10% and 25% filters that are typically applied, may be insufficient to limit the fires that
should be included in a composite list, if the goal is that mean intervals between fires in the list estimate
the PMFI/FR. In a spatial reconstruction of fire sizes in dry forests, Farris et al. (2010) found that 414
total fires occurred in their study area from 1937-2000, but only 21 fires (5.1% of total fires) accounted
for 97% of total burned area. This suggests a restriction rule would have to exclude 95% of fires to limit
a composite to the fire years that account for most of the total burned area, which would more likely
accurately estimate PMFI/FR. Together, the ad hoc, inconsistent, and insufficient extent of traditional
restriction rules in part explain why mean CFI underestimates PMFI/FR.

Censoring incomplete fire intervals leaves out long intervals in both CFI and ITFI estimates

Fire-history data contain incomplete intervals at the beginning and end of a period of record unless
those periods begin and end with fires (Polakow and Dunne 1999). Incomplete intervals can be included
or omitted (“‘censored”) in analysis of fire-interval data (Polakow and Dunne 1999). Censoring (i.e.,
using only scar-to-scar intervals) biases both mean CFI and ITFI by omitting incomplete intervals at the
beginning or end of a tree’s record. Incomplete fire intervals occur on most trees, but longer intervals
have more chance, than shorter intervals, of appearing as incomplete intervals, indicated by no scars or
one scar on a tree (Kou and Baker 2006a). Simulation has shown that in a landscape subject to low-
severity fires at modest intervals (e.g., 50 years), actual intervals at some locations may be several times
longer (Kou and Baker 2006a) and even up to an order of magnitude longer than the mean interval
(Parsons et al. 2007). These are real intervals that occur by chance, not an artifact of incomplete scarring.
Censoring is biased against these expected long fire intervals and leads to estimates of PMFI/FR that are
too short and have reduced variability, since longer intervals are omitted (Kou and Baker 2006a). These
effects from censoring were also found in two studies in Mediterranean shrublands, in which censoring
reduced the scale parameter (indicator of length of fire intervals) of a Weibull fire-interval distribution
and also reduced estimated variability in fire intervals (Polakow and Dunne 1999, Moritz et al. 2009).

These censoring effects have ecological implications in dry forests subject to periodic fires, since
most composited fire-scar records, which are traditionally censored, lack evidence of the long intervals
needed for tree regeneration and survival of fire-intolerant species. We suggested that the interval before
the first fire scar (origin-to-scar interval--OS) on individual trees may record the fire-free period needed
for trees to successfully regenerate (Baker and Ehle 2001), since both wide-area and local processes
producing long intervals should be recorded as OS intervals. Mean OS intervals are, in fact, usually
much longer than mean scar-to-scar intervals in the same stands, and many are sufficiently long to allow
tree regeneration (Baker and Ehle 2001). Mean OS intervals in ponderosa pine forests were 51 years in
the Black Hills (Brown et al. 2008), 55.4 years in Rocky Mountain National Park (Baker and Ehle 2003),
81 years across five studies (Baker and Ehle 2001), and 101.5 years in one case in northern Arizona (Van
Horne and Fulé 2006). Arguments can be made for and against including the OS interval in CFI
estimates (e.g., Baker and Ehle 2003, Van Horne and Fulé 2006, Stephens et al. 2010). However, long
intervals that are real do occur and are directly censored by traditional use of only scar-to-scar intervals
in CFI and ITFI estimates, contributing to underestimation of PMFI/FR by CFI measures.

Targeted sampling likely a significant source of underestimates of PMFI/FR by ITFI, as well as by CFI
Why researchers target fire-history evidence and why it remains a concern for estimating PMFI/FR

Researchers target fire-history evidence to increase the length of record and maximize the data
obtained with minimal physical effort and damage to trees (Farris et al. 2013). If only 50 scarred trees
can be sampled, more fire years per scarred tree and a longer mean length of record will nearly always be
obtained from 50 trees selected by targeting than from a random sample.

Unfortunately, targeting fire-history evidence at the scale of individual trees, sampling areas, and
landscapes produces biased estimates of fire history (Lorimer 1985, Johnson and Gutsell 1994, Baker
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and Ehle 2001). The consequences are generally that estimates of historical PMFI/FR are too short and
fire-severity is underestimated. The magnitude of targeting and its effects is now better known.
Targeting remains common in fire-history studies, as illustrated in Table A, which shows that targeting
of individual trees, particularly multi-scarred trees and old trees, was widespread, almost universal for
multi-scarred trees, and almost 1/3 of studies placed study plots where there were concentrations of
scarred trees and old trees.

Table A. Percentage of 342 sites in which various types of targeting sampling were used.

Targeting type and measures Yes No No explanation

1. Target trees to get best information or longest record of fires?

Number of cases 114 68 160

Percentage of yes/no (%) 62.6 | 374 |-

2. Target multi-scarred trees?

Number of cases 235 15 92

Percentage of yes/no (%) 94.0 6.0 |-

3. Target clusters of scarred trees?

Number of cases 37 9 296

Percentage of yes/no (%) 80.4 | 19.6

4. Target scars on dead wood?

Number of cases 270 27 45

Percentage of yes/no (%) 90.9 9.1

5. Target tree species thought to better record fire

Number of cases 12 13 317
Percentage of yes/no (%) 48.0 52.0

6. Target plot locations in old forests and concentrations of

scars
Number of cases 73 153 116
Percentage of yes/no (%) 323 67.7

7. Target study areas in old forests and concentrations of scars

Number of cases 18 168 156

Percentage of yes/no (%) 9.7 90.3

Specific studies of some of these types of targeting are now available (Baker and Ehle 2003, Van Horne
and Fulé 2006, Kou and Baker 2006a, Brown et al. 2008, Farris et al. 2010, 2013), but the most
significant types are less studied. Studies whose findings supported targeted sampling (e.g., Van Horne
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and Fulé 2006) for some purposes did not study using targeted sampling for estimating PMFI/FR, the
focus here, thus targeted sampling has not been supported for this purpose.

Targeting individual trees

Targeting individual trees typically includes a bias component and a non-random sampling
component. The bias component is from omitting trees with no scars or one scar and preferentially or
exclusively using trees with multiple scars. The non-random sampling component comes from purposely
choosing particular multi-scarred trees rather than randomly sampling them.

Significant bias is likely from omission of trees with no or single scars, which are traditionally
omitted because only scar-to-scar intervals provide estimates of complete fire intervals. However, no
scars or single scars on a tree may be false, because fires do not scar every tree that burns, but no or
single-scarred trees also include real but incomplete fire intervals. No or single scars that represent real,
incomplete long fire intervals are more likely where fire intervals also are longer (Kou and Baker
2006a). More long intervals and more of the length of long fire intervals are inherently present on
unscarred or single-scarred trees, assuming tree ages are similar to those of multiple-scarred trees. Since
longer fire intervals are more likely to be omitted by individual-tree targeting, all types of estimators
(i.e., CFL, ITFI) from multi-scarred trees are biased toward being too short (Kou and Baker 2006a). FR
estimates are also biased toward being too short if only multi-scarred trees are sampled, because trees
with no scar or one scar can indicate places where a fire did not burn, and these omissions inflate area
burned for that fire year, and shorten the estimated FR.

How does targeting trees with more than one scar (multi-scarred trees, recorder trees, and open-
scarred trees) lead to CFI and ITFI values that underestimate PMFI/FR? Trees have visible, open scars
because they are the trees that have had fires often enough to prevent healing. We found that the time for
a fire scar to heal had a median of 38 years and was <100 years for 89% of scars (Baker and Dugan
2013). Longer fire intervals, that are real, have a high probability of not being selected by targeting trees
with > 1 scar, because longer intervals often are expressed as no scars or one scar. Of course, long
intervals can be an artifact of incomplete scarring, so that including all of them would lead to bias, but
excluding all of them does too. Targeting trees with > 1 scar omits trees most likely to have long real fire
intervals and selects trees with short fire intervals.

The substantial numerical dominance of unscarred and single-scarred trees in dry forests suggests
omission of longer real fire intervals by individual-tree targeting of trees with > 1 scar could be among
the most significant sources of bias in CFI estimates and possibly the main source of bias in ITFI
estimates. In a sample of 906 pre-EuroAmerican trees we collected on 8 transects in northern Arizona,
near Flagstaff and in Grand Canyon National Park, 779 trees had no scar (86%), 111 had one scar (12%),
and only 16 trees had two or more scars (2%). In a mixed-conifer forest in the western Sierra, 98% of
nearly 8,000 stumps and snags examined for scars did not have any scars, only 13 (0.2%) had one scar,
and 48 (0.6%) had two or more scars (Fiegener 2002). Multi-scarred trees are rare in modern landscapes.

The magnitude of effects of omitting trees with no or one scar is unstudied, but within the set of
multi-scarred trees with >2 scars, the effect of restricting fire history to increasing levels of multiple-
scarring was studied (Fiegener 2002). To gauge how relevant this study is to multi-scarred sets of trees
actually used in fire histories, [ analyzed the number of scars per tree found by studies in the merged
dataset, although data were available for only 324 cases. First, I calculated mean number of scarred trees,
over each site’s sample period, which is less than the total number of sample trees, since trees usually
each cover only part of the sample period. Then, I calculated mean number of scars per scarred tree as
total number of scars/mean number of scarred trees from the summary table for the FHX file in FHAES.

A histogram of mean scars per scarred tree had a mean of 8.47 scars/sample tree and a median of
7.61 scars/sample tree (Figure D). Fiegener (2002) found that restriction to >3 scars reduced ITFI from
17.4 years to 16.8 years (to 96.6%). This is above the minimum of 0.46 scars/tree in the distribution
(Figure D). Restriction to >4 scars, just above the 1¥ quartile in the distribution, reduced ITFI to 15.8
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Figure D. Histogram of the ratio of mean scars per sample tree in the 342-case merged dataset, and
parameters of the distribution. Mean scars could not be calculated for 18 cases.

years (to 90.8%), restriction to >7 scars, just below the median, reduced ITFI to 14.6 years (to 83.9%),
and restriction to > 10 scars, below the 3" quartile, reduced ITFI to 13.2 years (to 75.9%). These
responses show that the more scars on a multi-scarred tree, the shorter is the mean ITFI estimate.

Roughly the median level of multi-scar targeting (>7 scars), which reduced ITFI to 83.9%, or by
16.1%, closely matches the -16.64% bias in Weibull mean ITFI relative to PMFI/FR-total scarred
trees/plots (Main text--Table 1). Other ITFI measures have biases of -2.71 to -29.71 (Main text-Table 1),
so the close match with the Weibull Mean ITFI could possibly be a coincidence. Mean CFI-10% scarred
also declined from 6.7 years to 5.7 years (85.1%) with restriction to >3 scars, but fluctuated or increased
with higher levels of restriction (Fiegener 2002). Thus, the response of ITFI to targeting multi-scarred
trees could explain much of why ITFI underestimates PMFI/FR, but the response of CFI estimators was
inconsistent, suggesting it is possible too, but also may not be a main effect for CFI measures.

Mean CFI, ITFI, and FR estimates are further biased and shortened by non-random sampling of
multi-scarred trees. Van Horne and Fulé (2006) found a statistical difference, using 95% confidence
intervals, between mean CFI for an individual-tree targeted sample and a large census. Comparison of a
random sample and a targeted sample, each of 40 trees, shows that mean CFI in the targeted sample was
79.1% (2.23/2.82) of the mean CFI in the random sample for all fires, 98.4% (3.00/3.05) for mean CFI-
10%-scarred, and 86.9% (5.43/6.25) for mean CFI-25%-scarred. Farris et al. (2013) re-analyzed the Van
Horne and Fulé (2006) dataset and added two other datasets, which together showed targeted samples
had a mean CFI-all fires that was 78.9-112.5%, a mean CFI-10% scarred that was 93.5-131.4%, and a
mean CFI-25% scarred that was 80.0-96.1%, of the corresponding mean CFI from a probabilistic
sample. In Brown et al. (2008), a target-supplemented sample (their Figure 4d) had a mean CFI that was
88.9% (24/27) of that from a systematic plot sample (their Figure 4c). ITFI and FR estimates from
recorders are similarly affected. Van Horne and Fulé (2006) found that mean ITFI in a targeted sample
was 83.3% of mean ITFI in a random sample. Everett (2003) sampled fire-scarred trees using a grid at
two sites and chose the closest fire-scarred tree, thus a probabilistic sample without targeting multi-
scarred trees. No comparable estimate from non-random sampling and a targeted sample was made, but
Everett’s estimated ITFIs were in the 3™ and 4™ quartiles of the distribution of estimated ITFIs in the 96-
case calibration dataset, consistent with the possibility that ITFIs were long because of lack of targeting.
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Farris et al. (2013) showed that individual-tree targeting and non-random sampling even led to ratio-
based estimates of FR at three sites that were reduced to 85.5%, 88.3%, and 94.8% of FR estimates from
equal-sized probabilistic samples. As suggested earlier, this may be because places with long fire
intervals that are real are omitted. These omissions may be places that particular fires did not burn, thus
fire size for those fire years is inflated, leading to FR estimates that are too short.

Another impact of individual-tree targeting is reduced completeness of the fire record and over-
representation by small, low-severity fires. Fiegener (2002) found that targeting trees with > 5 scars
reduced detected fires from 76 to 68 (to about 89.5%), but reduced detection of larger fires to 77%, thus
increasing the proportion of small fires in the sample. Baker and Ehle (2003) also found that targeting
multi-scarred trees identified and emphasized more small, low-severity fires, including one-tree fires that
are another central source of bias in CFI estimates (Baker and Ehle 2001). A non-targeted sample did as
well or better at identifying large, low-severity and mixed-severity fires (Baker and Ehle 2003). Also,
18% of 60 total fires and 30% of the most ancient fires (pre-1700), including a significant high-severity
fire, found in a non-targeted sample would have been missed if only trees with >4 scars were sampled
(Baker and Ehle 2003). Targeting multi-scarred trees thus leads to an incomplete fire record, missing
significant fires, and a bias toward small fires that produce CFI and ITFI estimates that are too short.

A related type of individual-tree targeting focuses only on “recorder” trees with at least one previous
fire scar (thus >2 fire scars), which are thought to preferentially record fires, leading to a more complete
fire record. To have increased the probability of receiving a subsequent scar, these trees had to have been
effectively open, with a scar lacking bark, at the time of the next fire. Previously scarred trees do have a
much higher probability of receiving a new scar than do unscarred trees (Baker and Dugan 2013).
However, they are much less common than unscarred trees, and unscarred trees appear to typically be
scarred at a sufficient rate in a fire to outnumber scars on recorder trees. For example, in a single fire,
73% of scarred trees were first scars and only 27% were recorders that had a previous scar (Stephens et
al. 2010), suggesting previously scarred trees were poorer recorders of the fire, in terms of number of
scars per unit area, even though scarred at a higher rate. In a larger Rocky Mountain National Park
(RMNP) study (Baker and Ehle 2003), for 24 fires that showed up both as first scars and on recorders,
62% of the scars documenting these 24 fires were not on recorders, while 38% were on recorders, a
significant difference (3> = 4.76, p = 0.029) and lower rate per unit area for recorders, just as in the
Stephens et al. study. Moreover, we found 60 total fires, and 32% of these fires showed up only as first
scars while 28% of the 60 fires showed up only on recorders, suggesting neither source alone provides a
complete fire history. However, there was not much difference in the ability of more numerous unscarred
and less numerous recorder trees to record complete histories of fire. Moreover, recorders have the same
additional biases, as estimators of PMFI/FR, as do other multi-scarred trees, as reviewed above.

Targeting open-scarred trees often aims at trees with a cat-face or deep semicircular wound, which
typically also means they are multi-scarred trees and qualify as recorders. In a study of a single fire in a
California Sequoia grove, 68% of open-scarred trees were scarred in a 1797 fire, but only 20% of intact
trees were scarred (Kilgore and Taylor 1979). Across many fires, in a California study, a significantly
greater mean fraction (0.22) of oaks with open scars at the time of a fire had scars from the fire than did
intact trees (0.09), but twice as many intact trees on the sites had scars since there were 5.5 times as
many intact trees as trees with open scars (McClaran 1988). This pattern is similar to that of recorders.
Mean CFI did not differ between open-scarred and intact trees at one site, but open-scarred trees had
27% fewer fire dates (McClaran 1988). Thus, targeting open-scarred trees thought to be better recorders
of fires also leads to omission of fires and the other biases of multi-scarred trees.

Species targeting focuses on particular tree species thought to be better recorders of fire. For
example, one might obtain fire scars from ponderosa pine trees on the edge of pifion-juniper woodlands,
because the ponderosa are thought to have a better record, from a higher SF (e.g., Miller and Rose 1999).
However, fires that burned the ponderosa likely did not penetrate into the woodlands much, if at all
(Huffman et al. 2008), thus the apparent difference in SF may reflect real differences in burning rates. To
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avoid a targeting effect from assuming that the tree species with more scars has a more complete record,
data can be acquired from pifion-juniper woodlands and adjusted for their lower scarring fraction. This is
what the ATFI method allows, a separate SF for differing trees on the same site (Kou and Baker 2006a).

Individual-tree targeting of older trees for sampling occurs because older trees have a potentially
longer record (Farris et al. 2013). This type of targeting may also occur if trees with multiple scars are
targeted, since trees generally must get older before they have multiple scars. By definition, individual
trees with long fire-scar records have a history of only low-severity fires at that tree, thus a targeted
sample of only old trees is certain to indicate a long history of low-severity fire. When fire is moderate-
to high-severity, evidence of fire severity on surviving older trees underestimates fire severity in the
stand (Hessburg et al. 2007). A targeted sample of old trees in a landscape with trees of other ages thus
provides strongly biased evidence about the fire severities that affected the stand.

Targeting sampling areas in landscapes

Targeting particular landscapes or parts of landscapes also leads to bias, generally toward CFI and
ITFI estimates that are too short relative to PMFI/FR, since the methods of individual-tree targeting are
also used at the landscape scale. Researchers seeking to reconstruct pre-EuroAmerican fire regimes may
select parts of landscapes with concentrations of multi-scarred trees, recorders, open-scarred trees or
catfaces, and old trees or old-growth forests. In almost 1/3 of the cases where targeting or lack of it was
reported, researchers located plots specifically in these areas and in about 10% of cases researchers chose
study areas with these concentrations (Table A). These plot locations and study areas may contain long
fire records and many fire scars, and are attractive to researchers seeking long fire records (Farris et al.
2013). However, these parts of landscapes also are forests that had a predominance of low-severity fire
and little to no mixed- or high-severity fire for hundreds of years, as most trees would otherwise be
younger. As explained in the main text, researchers may target areas with abundant fire scars and omit or
reduce sampling in areas that lack or have few scars, then also may inappropriately assume that fire
history in areas with abundant fire scars also applies to areas with few or no fire scars.

In contrast, probabilistic sampling areas, particularly if appropriately small (e.g., 1 ha) may
commonly lack scarred trees or have few. Heyerdahl (1997) sampled using plots located in a grid, thus
without targeting sampling areas in landscapes, and found that scarred trees were lacking in more than
half the plots at three study sites. These areas could in part have had few scars because of a low scarring
fraction, but could also have been areas that really did not burn for a long period. If the latter, then
omitting these long intervals, that are real, would bias results toward underestimating fire severity and
bias estimated rates of low-severity fire toward shorter intervals. This kind of targeting is not clearly
rejected by supporters of targeting (Farris et al. 2013 p. 1030), although they encourage “...clearly
defining the inference space, not extrapolating to unrepresentative areas...” This kind of targeting did
clearly include extrapolating to unrepresentative areas in past fire histories that are the subject of this
paper. I am not singling out particular authors, as most used sampling methods that were common
practice at the time, largely aimed at finding and sampling the best evidence (Farris et al. 2013).

However, targeting of old forests, that inherently have a history of low-severity fire, likely explains
the unexpected findings of landscape analyses of fire history that did not use targeting. When an
objective, large sample (303,156 ha) of historical dry forests was studied in the Pacific Northwest using
early aerial photography, middle-aged forests resulting from mixed- and high-severity fires were found
to have dominated historical landscapes and old, park-like forests, exclusively with low-severity fire,
were found to have been comparatively uncommon (Hessburg et al. 2007 p. 7): “Moreover, old, park-
like or similar ponderosa pine stand structures did not dominate the landscapes, and this was particularly
perplexing because this was to be the signature outcome of frequent low severity fires.” Similarly,
spatially extensive reconstruction across landscapes using the early land surveys, found evidence of
abundant denser and younger forests from mixed- and high-severity fire across dry forests in northern
Arizona, the Colorado Front Range, and the Blue Mountains in Oregon, where previous fire-history
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studies had found predominantly low-severity fire and open, low-density old forests (Williams and
Baker 2012). Finally, stand age data from the Forest Inventory and Analysis Program also showed that
young and middle-aged forests, not park-like old forests, were most common historically in ponderosa
pine and mixed-conifer forests across relatively undisturbed parts of the western USA (Odion et al.
2014). These studies with probabilistic sampling at the landscape scale show that targeting parts of
landscapes containing old forests with abundant fire scars led to very substantial over-estimation of the
historical extent of low-density old forests that predominantly had low-severity fire.

Unstudied fire severity in dry forests also inflates low-severity fire rates

Estimates from CFIs, ITFIs, and FRs likely often included all fire severities, not just low severity,
and the low-severity rates alone are thus likely longer. Fire severity has been relatively infrequently
studied in dry forests. Baker and Ehle (2003) found that only about 25% of fire-scar studies also
collected the age-structure data needed to determine whether higher-severity fires occurred historically.
Of the 335 cases in the merged dataset with data, 254 (74.3%) did not study fire severity, 80 (23.4%) did
study fire severity, and 8 (2.3%) did not explain whether they studied fire severity. Most studies that did
analyze fire severity did not distinguish fire severities when they reported fire rates (e.g., Taylor and
Skinner 1998). Where fire severity was studied, some mixed- or high-severity fires were nearly always
found, but few studies estimated PMFI or FR for the higher-severity fires. Thus, most fire-history studies
provide estimates of rates for all fires combined, including low, moderate- and high-severity fires.

The potential effect of combined fire severities on estimated rates for low-severity fire can be
illustrated by subtracting, using partitioning (Baker 2009), reported rates of moderate- to high-severity
fire from rates of low-severity fire. Odion et al. (2014) reported historical rates of combined moderate- to
high-severity fire ranged from 115-128 years in the eastern Cascades of Oregon to 319 years on the
Mogollon Plateau. I used the full range of 115-319 years to remove the moderate- to high-severity
component, and found that 10-year combined PMFI/FRs would have a 10.3-11.0 low-severity
component, but 50-year combined PMFI/FRs would have a 59.3-88.5-year low-severity PMFI/FR after
removing the moderate- to high-severity component (Table B). I did not apply an adjustment, for this
fire-severity issue, to estimated PMFI/FRs because the adjustments are imprecise and have a large range,
and because sites where fire severity was unstudied did not necessarily have higher-severity fires.
Nonetheless, this finding illustrates the limitation of unstudied fire severity, and shows that many
estimates of low-severity PMFI/FR are likely low estimates.

Table B. Partitioning combined fire rotations (FR) into components for low- versus moderate and high-
severity fire for three example levels of combined fire rotations.

10-year combined- 25-year combined- | 50-year combined-
severity PMFI/FR severity PMFI/FR | severity PMFI/FR
a. Combined annual probability of fire (1/FR) 0.10000 0.04000 0.02000
UPPER LIMIT OF LOW-SEVERITY RANGE
b. Annual probability of fire for moderate-high 0.00870 0.00870 0.00870
component of 115 yearsT
c. Annual probability of fire for low-severity 0.09130 0.03130 0.01130
component, from a - b.
d. Net fire rotation for low-severity component, from 10.95 years 31.95 years 88.50 years
1/c.
LOWER LIMIT OF LOW-SEVERITY RANGE
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e. Annual probability of fire for moderate-high 0.00313 0.00313 0.00313
component of 319 yearsT

f. Annual probability of fire for low-severity 0.09687 0.03687 0.01687

component, from a - e.

g. Net fire rotation for low-severity component, from 10.32 years 27.12 years 59.28 years

1/g.

NET ESTIMATED LOW-SEVERITY RANGE 10.32-10.95 years 27.12-31.95 years 59.28-88.50 years
Notes

T The 115-319 year range for moderate- to high-severity fire rotation in dry forests is from Odion et al.
(2014)
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The economic and ecological costs of wildfire in the United States
have risen substantially in recent decades. Although climate change
has likely enabled a portion of the increase in wildfire activity, the
direct role of people in increasing wildfire activity has been largely
overlooked. We evaluate over 1.5 million government records of
wildfires that had to be extinguished or managed by state or
federal agencies from 1992 to 2012, and examined geographic and
seasonal extents of human-ignited wildfires relative to lightning-
ignited wildfires. Humans have vastly expanded the spatial and
seasonal “fire niche” in the coterminous United States, accounting
for 84% of all wildfires and 44% of total area burned. During the
21-y time period, the human-caused fire season was three times
longer than the lightning-caused fire season and added an average
of 40,000 wildfires per year across the United States. Human-started
wildfires disproportionally occurred where fuel moisture was higher
than lightning-started fires, thereby helping expand the geographic
and seasonal niche of wildfire. Human-started wildfires were dom-
inant (>80% of ignitions) in over 5.1 million km?, the vast majority
of the United States, whereas lightning-started fires were dominant
in only 0.7 million km?, primarily in sparsely populated areas of the
mountainous western United States. Ignitions caused by human
activities are a substantial driver of overall fire risk to ecosystems
and economies. Actions to raise awareness and increase manage-
ment in regions prone to human-started wildfires should be a focus
of United States policy to reduce fire risk and associated hazards.

anthropogenic wildfires | fire starts | ignitions | modern fire regimes |
wildfire causes

The United States has experienced some of the largest wildfire
years this decade, with over 36,000 km? burned in 2006, 2007,
2012, and 2015 (1). There is national and global concern over how
fire regimes have changed in the past few decades and how they will
change in the future (2-4). In the western United States, there is
strong evidence that regional warming and drying, including that
directly attributed to anthropogenic climate change, are linked to
increased fire frequency and size and longer fire seasons (5-9).
However, the role that humans play in starting these fires and the
direct role of human-ignitions on recent increases in wildfire activity
have been overlooked in public and scientific discourse because of
the difficulty in ascribing a cause, either human- or lightning-started
(10). Humans primarily alter fire regimes in three ways: changing
the distribution and density of ignitions, shifting the seasonality of
burning, or altering available fuels (2, 3). Geographic variability in
regional and continental-scale fire activity in the United States is
strongly tied to proxies for these human-caused changes, including
population and road density, and different land-use and develop-
ment patterns (10-15). Although changing climate and fuels also
influence fire regimes across the United States (10, 16, 17), there can
be no fire without an ignition source. Here, we explore the role that
human-started wildfires play in modern United States fire regimes.

Ignitions are often presumed to be saturated (18, 19), and
therefore have limited ability to predict fire activity. However,
several studies suggest that humans play an important role in
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redistributing ignitions (20-22), particularly where lightning rarely
occurs or where lightning is not concurrent with dry conditions
(23). The human-fire connection in the modern era appears
strongest at intermediate levels of development, as fires become
less likely in the landscape beyond a certain population density,
level of urbanization, or dependence on fossil fuels (11, 13, 24).
Overall, humans expand the spatial and temporal “fire niche” by
introducing ignitions into landscapes when fuels are sufficiently
dry enough to ignite and carry fire, but when lightning is rare.
Human ignitions are therefore a critical force acting to expand
how the fire niche is realized across United States ecoregions.

National-scale analysis of human alteration of the fire niche is
critical given that the annual expense of fighting wildfires has
exceeded $2 billion in recent years, and the accrued direct and
indirect impacts of wildfire on infrastructure and communities
could be 30 times that amount (25). Policies that govern wildfire
management and response are also directed at the national level,
demanding analysis at a national scale (10, 22, 26). Although re-
cent human influence on fire regimes has been studied at local
(13) to regional scales (14), human influence nationally remains
poorly understood (10). National policies can strongly influence
fire regimes (27) and, with sufficient information on human igni-
tions, policy directives could target human behavior in ways that
remediate increasing trends in wildfire risk.

Here, we ask how human ignitions have altered the spatial ex-
tents, seasonality, and temporal trends in wildfire across the co-
terminous United States. We analyze over 1.5 million records of
both human- and lightning-started fires in the United States from
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Fig. 1. The total number of wildfires (dot size) and the proportion started by
humans (dot color: red indicating greater number of human started fires)
within each 50 km x 50-km grid cell across the coterminous United States from
1992 to 2012. Black lines are ecoregion boundaries, as defined in the text.

1992 to 2012 (28). All of these wildfires necessitated an agency re-
sponse to manage or suppress them, and therefore posed a threat
to ecosystems or infrastructure; this record does not include in-
tentionally set prescribed burns or managed agricultural fires. To our
knowledge, this is the most comprehensive assessment of the role of
human-started wildfires across the United States over the past two
decades. We compare: (i) the spatial extents of human- vs. lightning-
started wildfires, (ii) the seasonality of human vs. lightning wildfires,
(iit) the climate niche for human- vs. lightning-started wildfires, and
(v) 21-y trends in large human vs. lightning wildfires. Our analysis
documents the pronounced expansion of wildfire extent, seasonality
of wildfires, and increasing numbers of large wildfires through time
as a result of human-related ignitions across the United States.

Human-Related Ignitions Vastly Expanded the Extent of
Wildfire

Human-started wildfires represented 84% of the 1.5 million wild-
fires included in this analysis (n = 245,446 lightning-started fires;

n = 1,272,076 human-started wildfires). The eastern United States
and western coastal areas were dominated by human-started
wildfires, whereas lightning-started fires dominated the mountain-
ous regions of the western United States (Fig. 1, Table 1 and Table
S1). Here we define a fire regime as dominated by either human or
lighting ignitions when one cause accounts for more than 80% of
the number of fires in a given 50 x 50-km grid cell. Based on this
definition, 5.1 million km? or 60% of the total land area of the
coterminous United States, was dominated by human-started
wildfires, whereas only 0.7 million kmz, or 8% of the area, was
dominated by lightning-started fires. In addition to expanding the
numbers of fires, humans also expanded the total area burned.
Human-started wildfires burned a total of 160,274 km?, or ~44% of
the total area burned from 1992 to 2012 (Table 1).

Human-Related Ignitions More Than Tripled the Length of
the Wildfire Season

Human ignitions dramatically expanded the wildfire season in the
United States, particularly during spring. The length of the human-
started wildfire season [defined as the interquartile range (IQR) of
human-ignited fires] was 154 d, more than triple that of the
lightning wildfire season (IQR = 46 d) (Fig. 2 and Table 1). This
national-scale expansion is driven by earlier (spring) human-started
fires in eastern ecoregions coupled with later (late summer or
fall) human-started fires in western ecoregions (Table S2). The
median discovery date for human-started fires was over 2-mo (May
20th) earlier than lightning-started fires (July 25th). Summed
across the 21-y record, the most common day for human-started
fires by far was July 4th, US Independence Day, with 7,762 fires
starting that day over the course of the record (Fig. 2), whereas, the
most common day for lightning-started fires was July 22nd. Of
all lightning-ignited fires, 78% occurred in the summer (June—
August), 9% in the spring (March-May), and 12% in the fall
(September—November). In contrast, human-ignited wildfires
were more evenly distributed throughout the year, with 24% in
summer, 38% in spring, 19% in fall, and 19% in winter. This pro-
nounced expansion of the wildfire season was also evident spatially
(Fig. 3), with human-ignited wildfires occurring predominantly in
spring in the eastern United States and in the fall and winter in
Texas and the Gulf states. See Table S1 for state-level analysis.
When lightning-started fires were rare (<5% and >95% quantile;
ie., before May 13th or after September 16th), humans ignited
842,289 wildfires, effectively increasing the number of wildfires 35-
fold compared with the 24,081 lightning-ignited wildfires during
these spring, fall, and winter seasons.

Table 1. The number of wildfires, total burned area (ha), and fire season length (IQR, in days), by ecoregion (ordered by percent
human-caused fires) and within the coterminous United States from 1992 to 2012
Length (IQR,

No. of fires Area burned (ha) days)
Ecoregion Human Light Human caused (%) Human Light Human caused (%) Human Light Human expansion (%)
MC 87,274 2,855 97 2,143,282 253,210 89 85 45 189
NF 61,673 2,574 96 302,561 82,721 79 51 79 N/A
ETF 815,499 44,859 95 3,827,045 829,293 82 167 66 253
MW(CF 14,586 925 94 19,251 27,291 41 67 52 129
GP 134,944 17,586 88 3,992,557 2,564,955 61 148 47 315
SSH 7,504 2,167 78 340,873 254,418 57 55 41 134
TWF 4,832 1,917 72 357,150 350,477 50 98 52 188
NAD 55,422 52,044 52 2,394,677 8,880,691 21 92 40 230
NFM 76,735 94,017 45 1,895,622 5,731,733 25 75 36 208
TS 13,607 26,502 34 754,393 1,152,064 40 85 39 218
CONUS 1,272,076 245,446 84 16,027,412 20,126,852 44 154 46 335

CONUS, Coterminous United States; ETF, Eastern Temperate Forests; GP, Great Plains; MC, Mediterranean California; MWCF, Marine West Coast Forests; NAD, North
American Desert; NF, Northern Forests; NFM, Northwest Forested Mountains; SSH, Southern Semiarid Highlands; TWF, Tropical Wet Forests; TS, Temperate Sierras.
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Human-Driven Expansion of the Fire Niche

Humans greatly expanded the natural fire niche (Fig. 4), which we
calculated as the co-occurrence of the average monthly lightning
density and 1,000-h dead fuel moisture. Regions and seasons of
moderate to high lightning-started fire density (>0.4 fires per
1,000 km* per month) had a median lightning-strike density of
0.19 (IQR: 0.065-0.57) strikes per square kilometer per month
and a median 1,000-h fuel moisture of 11.9% (IQR: 9.25-15.6%)
(Fig. 44). In contrast, regions and seasons of moderate to high
human-started fire density (>0.4 fires per 1,000 km* per month)
had a median lightning-strike density of only 0.11 (IQR: 0.025-
0.39) strikes per square kilometer per month and a median 1,000-h
fuel moisture of 17.8% (IQR: 15.95-19.25%) (Fig. 4B). The me-
dian fuel moisture and lightning conditions when human-started
wildfires occurred were significantly different from those values
for lightning-started fires (P < 0.0001). Areas and months of
moderate to high human-caused fire density had approximately
40% fewer lightning strikes, and nearly 50% higher fuel moisture
levels (based on median values) than for moderate to high light-
ning-caused fire density. Additional exploration of the fire niche
for human-started and lightning-started fires relative to lightning

B Human-caused fires
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Fig. 2. Frequency distributions of human and light-
ning-caused wildfires by Julian day of year. (A) Fre-
quency distribution of wildfires across the coterminous
United States from 1992 to 2012 (n = 1.5 million);
(B) map of United States ecoregions; (C) frequency
distributions of wildfires by ecoregions, ordered by
decreasing human dominance.

density, fuel moisture, and net primary production (NPP), a proxy
for fuels, is provided in Figs. S1 and S2.

Increasing Trends in Large Human-Started Wildfires

During the 21-y time period, there were significant increasing
trends in large wildfires ignited by both lightning (n = 4,312; Theil-
Sen estimated slope = 12.2; P = 0.001) and humans (rn = 4,143;
Theil-Sen estimated slope = 3.6; P = 0.004) (Fig. S3). There was a
strong dichotomy in human vs. lightning trends seasonally (Fig. 5).
Overall trends in lightning-caused fires were primarily driven by
increasing numbers of large summer fires (Fig. 5B), whereas
overall trends in human-caused fires were primarily driven by in-
creasing numbers of large spring fires (Fig. 5D). Spatially, light-
ning-caused fires increased the most in the Northwest Forested
Mountains ecoregion (Fig. S44), whereas human-caused wildfires
increased the most in the Great Plains ecoregion (Fig. S4B).

Discussion

Humans, the keystone fire species (29), play a primary role in
spatially and temporally redistributing ignitions and resulting
wildfires. We document that over 84% of the government-recorded

Fig. 3. Comparison of seasonality for (4) lightning-
vs. (B) human-ignited wildfires. Human ignitions ex-
pand the seasonal fire niche considerably into spring
and fall months. Colors show the season with the
maximum ignitions caused by lightning and human
within each 50 km x 50-km grid cell. Size of dot in-

.1 _f—,’o 1 _80 dicates the number of unique lightning and human
. 51-200 0250500 - 51-200 0250500 i i i

. éJéAN 515299, : . éJéAN L 201280 . fires between 1992 and 2012. Ecoregion boundaries
. 600 Kilometers « >600 Kilometers are overlaid for visualization.
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wildfires were started by people from 1992 to 2012. Sixty percent of
the total land area of the coterminous United States was dominated
by human-started wildfires, whereas only 8% of the area was
dominated by lightning fires. Humans tripled the length of the
wildfire season, extending burning into the spring, fall, and winter
months. During the spring, fall, and winter, people added more than
840,000 wildfires, a 35-fold increase over the number of lightning-
started fires in those seasons. This expansion of the fire-niche was
caused by human-related ignitions under higher fuel moisture con-
ditions, compared with lightning-started fires. Moreover, during this
21-y record, large human-started wildfires increased significantly.
There was a strong national east-west dichotomy in the spatial
distribution of human-started wildfires. Although human-started
wildfires were pervasive across the United States (Fig. 1), the ex-
pansion of human-started wildfires relative to lightning-started fires
was most dramatic in the eastern United States and central and
southern California (Figs. 1 and 2C). Recent work for California
confirms the important role of humans, with anthropogenic vari-
ables explaining half of the variability in fire probability over the
past four decades (30). In contrast, lightning-started fires were

fuel moisture and lightning strikes, respectively, for
human- and lightning-started fires.

found primarily in the intermountain west and Florida and occurred
predominantly in the summer, reflecting national lightning strike
patterns (31) (Fig. 2C). This finding supports other studies of hu-
man vs. lightning ignition sources that have found an important
distinction between eastern and western United States fire patterns
(10, 21) and drivers (32). Some explanations for this distinction
include higher population and housing densities, lower proportions
of public land, and more extensive land use and development in the
eastern United States (33, 34), all of which could lead to more
sources of anthropogenic ignitions. Synchrony between lightning
activity and the seasonal nadir of fuel moisture in the western
United States also likely contributes to these geographic differences.
However, even with a projected increase in the number of lightning
strikes as a result of anthropogenic climate change (50% by 2100)
(35), humans would still remain the dominant ignition source across
the majority of the United States land area. The majority of the
wildfires requiring agency suppression in the east can be attributed
to escaped fires from debris burning occurring in the spring months
(or winter in Texas and the Gulf Coast) (Fig. 3). Between 1992 and
2012, wildfires caused by debris burning tended to be small (median
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fire size 0.4 ha, IQR: 0.14-1.62 ha), but still an important source of
risk to surrounding ecosystems. At finer scales, there are also no-
table patterns in human- vs. lightning-started wildfires (Fig. S5).
Increased wildfires can follow road networks (36), the wildland-
urban interface (13), and boundaries between agricultural and
forested areas (37), highlighting just a few examples of how human
activities and cultural drivers provide ignitions that substantially
change the distribution of fire across the United States (38).

Our findings reinforce the strong imprint of people on fire re-
gimes through changes in wildfire seasonality, which has been
documented globally (39). In the past few decades, early onset of
warmer and drier conditions has promoted greater fire activity
across the western United States (6, 7, 40). However, our study
highlights the equally important role of human ignitions in
changing modern fire regimes by increasing the fire season length
to encompass the entire year. The vast majority (78%) of lightning-
started fires occurred during the summer months, whereas 76% of
human-started fires occurred during the spring, fall, and winter
months. Moreover, this trend varies substantially by ecoregion,
reflecting again the principle dichotomy between the eastern and
western United States (Fig. 3). Human-started fires extend the fire
season earlier in the east, and later in the west (Fig. 3 and Table
S2). Observations suggest that climate change has extended the
duration of the fire weather season across most of the globe, in-
cluding parts of the United States by a couple of weeks over the
past three decades (5, 9), whereas we show that human ignitions in
the United States increased the length of the fire season by more
than three mo. There was also a notable mark of American culture
on the distribution of wildfires, with the peak day of wildfires oc-
curring on July 4th, concurrent with Independence Day fireworks
displays (Fig. 2). Indeed, Americans start over twice as many
wildfires on July 4th as any other summer day. A similar cultural
mark has also been demonstrated globally with a marked decline
in wildfires on Sunday compared with other weekdays (41).

Thus, at the national scale, human ignitions dramatically expand
the spatial and seasonal niche of fire. The key components that
define the fire niche are ignition sources, fuel mass, and desiccation.
By exploring the fire niche along these axes, our results show that
lightning fires are primarily constrained to areas with a lightning-
strike density of greater than 100 strikes per grid cell per month (0.04
strikes/km? per month) and are concurrent with drier fuels (< 15%
fuel moisture) (Fig. 4). Human ignitions expand fires into regions
with higher fuel moisture (Fig. 4) and higher NPP (Figs. S1 and S2),
suggesting that humans create sufficient ignition pressure for wetter
fuels to burn. As a consequence, human ignitions have expanded the
fire niche into areas with historically low lightning-strike density, such
as Mediterranean California, or low concurrence of lightning and dry
conditions, such as Eastern Temperate Forests (Fig. 1).

Over the past two decades, there was a significant increase across
the United States for both human- and lightning-caused large fires
(Fig. S3). The significant increase in large lightning fires is driven
primarily by fires in summer months (Fig. 5) in the Northwest
Forested Mountains ecoregion of the western United States (Fig.
S4). This finding is consistent with other studies that have demon-
strated an increase in large fires across the western United States (6,
7, 40), likely as a consequence of changes in climate and fuels rather
than ignitions. In contrast, the significant trend in human-caused
fires is primarily driven by an increase in large fires during spring
months (Fig. 5) in the Great Plains ecoregion of the United States
(Fig. S4). This increasing trend suggests that earlier springs as a result
of climate change (42, 43) may be interacting with human ignition
sources to increase the risk of large fires in the central United States.

The strong year-to-year variability in human ignitions (Fig. S3 and
S4) may reflect the degree to which human choices can affect fire
regimes. However, interannual climate variability also influences
fuel moisture, NPP, and short-term weather conditions that enable
the spread of human-ignited wildfires (44). There was a significant
temporal correlation between large human- and lightning-started

2950 | www.pnas.org/cgi/doi/10.1073/pnas.1617394114

fires (R = 0.75). This pattern has been observed previously in the
western United States (23) and suggests that large-scale climate
drivers affect the frequency of both human- and lightning-caused
fires. It is unknown how human actions will be affected by hotter
and drier conditions, potentially increasing or decreasing ignitions
from land use, recreation, and other sources. Increased public
awareness and focused policy and management, particularly in years
with elevated fire risk associated with climatic anomalies, are
needed to reduce the number of human-caused ignitions.

In conclusion, we demonstrate the remarkable influence that
humans have on modern United States wildfire regimes through
changes in the spatial and seasonal distribution of ignitions. Al-
though considerable fire research in the United States has rightly
focused on increased fire activity (e.g., larger fires and more area
burned) because of climate change, we demonstrate that the ex-
panded fire niche as a result of human-related ignitions is equally
profound. Moreover, the convergence of warming trends and ex-
panded ignition pressure from people is increasing the number of
large human-caused wildfires (Fig. 5). Currently, humans are
extending the fire niche into conditions that are less conducive to fire
activity, including regions and seasons with wetter fuels and higher
biomass (Figs. 3 and 4). Land-use practices, such as clearing and
logging, may also be creating an abundance of drier fuels, potentially
leading to larger fires even under historically wetter conditions.
Additionally, projected climate warming is expected to lower fuel
moisture and create more frequent weather conditions conducive to
fire ignition and spread (45), and earlier springs attributed to climate
change are leading to accelerated phenology (42). Although plant
physiological responses to rising CO, may reduce some drought
stress (46), climate change will likely lead to faster desiccation of fuels
and increased risk in areas where human ignitions are prevalent.

Uncertainty remains regarding how anthropogenic climate change
will alter wildfire activity geographically and seasonally (47, 48), par-
ticularly in areas where human-caused fires dominate. Moreover, the
current wildland-urban interface, where houses intermingle with nat-
ural areas, constitutes 9% of the United States total land area (33) but
is projected to double by 2030, predominantly in the intermountain
West (49). This expected development expansion will increase not
only ignition pressure, but also the vulnerability of new infrastructure.
Human-driven expansion of the spatial and temporal distribution of
ignitions makes national- and regional-scale policy interventions and
increased public awareness critical for reducing national wildfire risk.

Materials and Methods

For this analysis, we used the publically available US Forest Service Fire Program
Analysis-Fire Occurrence Database (FPA-FOD) (28). This comprehensive dataset
includes United States federal, state, and local records of wildfires (both on
public and private lands) that were suppressed from 1992 to 2012, a total of ~1.6
million records. Previous studies have focused on the western United States (20),
federal lands (22), or records from just one agency (21). Each entry includes at
minimum the location, discovery date, and cause of the wildfire. We excluded
114,191 wildfires with an unknown cause and analyzed the spatial, seasonal, and
temporal patterns of human- vs. lightning-started wildfires. In total, 1,517,522
wildfires were included in the analysis. Human-started wildfires were caused by a
variety of sources, including the US Forest Service-designated categories of
equipment use, smoking, campfire, railroad, arson, debris burning, children,
fireworks, power line, structure, and miscellaneous fires (28). Spatially, we cal-
culated the proportion of human- vs. lightning-caused wildfires within equal-
area 50 x 50-km grid cells across the coterminous United States. This grid size
corresponds roughly to the size of an average United States county. For each
grid cell, we calculated the season (winter, spring, summer, or fall) when the
majority of human-caused and lightning-caused wildfires were started. All spa-
tial analyses were conducted in the Albers-Conical equal-area projection. To
determine the seasonal distribution of wildfires, we plotted the distribution of
human- and lightning-started fires by the day of year for the coterminous United
States and for individual ecoregions. We used the level 1 ecological regions of
North America, developed by the Commission for Environmental Cooperation
(50). We calculated the length of the human- and lightning-caused fire seasons
as the IQR of the Julian day of recorded fire ignition: that is, the difference
between the first and third quartiles.
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We determined how humans expanded the fire niche by comparing the
lightning-strike density (i.e., natural ignition pressure) and fuel-moisture condi-
tions under which actual human- and lightning-started fire events occurred. We
obtained daily 1,000-h dead fuel moisture data from the surface meteorological
data (51) on a 4-km grid from 1992 to 2012, and computed monthly averages
across the 21-y study period. We obtained 4-km gridded monthly lightning-strike
data from the Vaisala National Lightning Detection Network (https:/Avww.ncdc.
noaa.gov/data-access/severe-weather/lightning-products-and-services) and aver-
aged the data over the 21-y study period. To account for fuel limitations, we also
explored the fire niche as a function of fuel amount (approximated by NPP). We
used MODIS mean annual NPP data (1-km resolution, from 2002 to 2015) (52) for
this purpose. These three datasets were aggregated to the common 50 x 50-km
grid cell. We calculated the number of human- and lightning-started fires by grid
cell using the FPA-FOD dataset (28). We excluded any grid cells from subsequent
analyses that did not report at least one lightning-caused or human-caused
wildfire over the period of record. We tested whether fire niche expansion (as
determined by fuel moisture and lightning-strike density) caused by human ig-
nitions was significant based on Mann-Whitney tests between human- vs.
lightning-started fires.

To assess trends in human- vs. lightning-caused wildfires through
time, we used only large fires that were independently verified by the
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Monitoring Trends in Burn Severity (MTBS) project (53). We specifically
focused on these large fires (>400 ha in the west, >200 ha in the east; n =
8,455) for comparability with previous research, which has examined
temporal trends in the western United States and the link to climate
warming (6, 7, 40), but has not investigated the relative contribution of
human-started fires at a national scale. In addition to overall temporal
trends, we tested for significant trends by ignition source versus season
(spring, summer, fall) and versus ecoregion based on the level | ecological
regions of North America (50). We explored a similar analysis using all
available FPA-FOD data, but changes in reporting frequency through time
for some states precluded a robust temporal analysis. We tested for trends
in wildfire numbers through time using the nonparametric Theil-Sen es-
timator (54) and tested for trend significance using nonparametric Mann-
Kendall tests (55).
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Abstract Climate change affects public land ecosystems
and services throughout the American West and these
effects are projected to intensify. Even if greenhouse gas
emissions are reduced, adaptation strategies for public
lands are needed to reduce anthropogenic stressors of ter-
restrial and aquatic ecosystems and to help native species
and ecosystems survive in an altered environment. His-
torical and contemporary livestock production—the most
widespread and long-running commercial use of public
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lands—can alter vegetation, soils, hydrology, and wildlife
species composition and abundances in ways that exacer-
bate the effects of climate change on these resources.
Excess abundance of native ungulates (e.g., deer or elk)
and feral horses and burros add to these impacts. Although
many of these consequences have been studied for decades,
the ongoing and impending effects of ungulates in a
changing climate require new management strategies for
limiting their threats to the long-term supply of ecosystem
services on public lands. Removing or reducing livestock
across large areas of public land would alleviate a widely
recognized and long-term stressor and make these lands
less susceptible to the effects of climate change. Where
livestock use continues, or where significant densities of
wild or feral ungulates occur, management should carefully
document the ecological, social, and economic conse-
quences (both costs and benefits) to better ensure man-
agement that minimizes ungulate impacts to plant and
animal communities, soils, and water resources. Reestab-
lishing apex predators in large, contiguous areas of public
land may help mitigate any adverse ecological effects of
wild ungulates.

Keywords Ungulates - Climate change - Ecosystems -
Public lands - Biodiversity - Restoration

Introduction

During the 20th century, the average global surface tem-
perature increased at a rate greater than in any of the
previous nine centuries; future increases in the United
States (US) are likely to exceed the global average (IPCC
2007a; Karl and others 2009). In the western US, where
most public lands are found, climate change is predicted to
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intensify even if greenhouse gas emissions are reduced
dramatically (IPCC 2007b). Climate-related changes can
not only affect public-land ecosystems directly, but may
exacerbate the aggregate effects of non-climatic stressors,
such as habitat modification and pollution caused by log-
ging, mining, grazing, roads, water diversions, and recre-
ation (Root and others 2003; CEQ 2010; Barnosky and
others 2012).

One effective means of ameliorating the effects of cli-
mate change on ecosystems is to reduce environmental
stressors under management control, such as land and
water uses (Julius and others 2008; Heller and Zavaleta
2009; Prato 2011). Public lands in the American West
provide important opportunities to implement such a
strategy for three reasons: (1) despite a history of degra-
dation, public lands still offer the best available opportu-
nities for ecosystem restoration (CWWR 1996; FS and
BLM 1997; Karr 2004); (2) two-thirds of the runoff in the
West originates on public lands (Coggins and others 2007);
and (3) ecosystem protection and restoration are consistent
with laws governing public lands. To be effective, resto-
ration measures should address management practices that
prevent public lands from providing the full array of eco-
system services and/or are likely to accentuate the effects
of climate change (Hunter and others 2010). Although
federal land managers have recently begun considering
how to adapt to and mitigate potential climate-related
impacts (e.g., GAO 2007; Furniss and others 2009; CEQ
2010; Peterson and others 2011), they have not addressed
the combined effects of climate change and ungulates
(hooved mammals) on ecosystems.

Climate change and ungulates, singly and in concert,
influence ecosystems at the most fundamental levels by
affecting soils and hydrologic processes. These effects, in
turn, influence many other ecosystem components and
processes—nutrient and energy cycles; reproduction, sur-
vival, and abundance of terrestrial and aquatic species; and
community structure and composition. Moreover, by
altering so many factors crucial to ecosystem functioning,
the combined effects of a changing climate and ungulate
use can affect biodiversity at scales ranging from species to
ecosystems (FS 2007) and limit the capability of large
areas to supply ecosystem services (Christensen and others
1996; MEA 2005b).

In this paper, we explore the likely ecological conse-
quences of climate change and ungulate use, individually
and in combination, on public lands in the American West.
Three general categories of large herbivores are consid-
ered: livestock (largely cattle [Bos taurus] and sheep [Ovis
aries]), native ungulates (deer [Odocoileus spp.] and elk
[Cervus spp.]), and feral ungulates (horses [Equus cabal-
lus] and burros [E. asinus]). Based on this assessment, we
propose first-order recommendations to decrease these

@ Springer

consequences by reducing ungulate effects that can be
directly managed.

Climate Change in the Western US

Anticipated changes in atmospheric carbon dioxide (CO,),
temperature, and precipitation (IPCC 2007a) are likely to
have major repercussions for upland plant communities in
western ecosystems (e.g., Backlund and others 2008),
eventually affecting the distribution of major vegetation
types. Deserts in the southwestern US, for example, will
expand to the north and east, and in elevation (Karl and
others 2009). Studies in southeastern Arizona have already
attributed dramatic shifts in species composition and plant
and animal populations to climate-driven changes (Brown
and others 1997). Thus, climate-induced changes are
already accelerating the ongoing loss of biodiversity in the
American West (Thomas and others 2004).

Future decreases in soil moisture and vegetative cover
due to elevated temperatures will reduce soil stability (Karl
and others 2009). Wind erosion is likely to increase dra-
matically in some ecosystems such as the Colorado Plateau
(Munson and others 2011) because biological soil crusts—
a complex mosaic of algae, lichens, mosses, microfungi,
cyanobacteria, and other bacteria—may be less drought
tolerant than many desert vascular plant species (Belnap
and others 2006). Higher air temperatures may also lead to
elevated surface-level concentrations of ozone (Karl and
others 2009), which can reduce the capacity of vegetation
to grow under elevated CO, levels and sequester carbon
(Karnosky and others 2003).

Air temperature increases and altered precipitation
regimes will affect wildfire behavior and interact with
insect outbreaks (Joyce and others 2009). In recent dec-
ades, climate change appears to have increased the length
of the fire season and the area annually burned in some
western forest types (Westerling and others 2006; ITF
2011). Climate induced increases in wildfire occurrence
may aggravate the expansion of cheatgrass (Bromus tec-
torum), an exotic annual that has invaded millions of
hectares of sagebrush (Artemisia spp.) steppe, a widespread
yet threatened ecosystem. In turn, elevated wildfire
occurrence facilitates the conversion of sagebrush and
other native shrub-perennial grass communities to those
dominated by alien grasses (D’ Antonio and Vitousek 1992;
Brooks 2008), resulting in habitat loss for imperiled greater
sage-grouse (Centrocercus urophasianus) and other sage-
brush-dependent species (Welch 2005). The US Fish and
Wildlife Service (FWS 2010) recently concluded climate
change effects can exacerbate many of the multiple threats
to sagebrush habitats, including wildfire, invasive plants,
and heavy ungulate use. In addition, the combined effects
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of increased air temperatures, more frequent fires, and
elevated CO, levels apparently provide some invasive
species with a competitive advantage (Karl and others
2009).

By the mid-21st century, Bates and others (2008) indi-
cate that warming in western mountains is very likely to
cause large decreases in snowpack, earlier snowmelt, more
winter rain events, increased peak winter flows and flood-
ing, and reduced summer flows. Annual runoff is predicted
to decrease by 10-30 % in mid-latitude western North
America by 2050 (Milly and others 2005) and up to 40 %
in Arizona (Milly and others 2008; ITF 2011). Drought
periods are expected to become more frequent and longer
throughout the West (Bates and others 2008). Summertime
decreases in streamflow (Luce and Holden 2009) and
increased water temperatures already have been docu-
mented for some western rivers (Kaushal and others 2010;
Isaak and others 2012).

Snowmelt supplies about 60-80 % of the water in major
western river basins (the Columbia, Missouri, and Colo-
rado Rivers) and is the primary water supply for about 70
million people (Pederson and others 2011). Contemporary
and future declines in snow accumulations and runoff
(Mote and others 2005; Pederson and others 2011) are an
important concern because current water supplies, partic-
ularly during low-flow periods, are already inadequate to
satisfy demands over much of the western US (Piechota
and others 2004; Bates and others 2008).

High water temperatures, acknowledged as one of the
most prevalent water quality problems in the West, will
likely be further elevated and may render one-third of the
current coldwater fish habitat in the Pacific Northwest
unsuitable by this century’s end (Karl and others 2009).
Resulting impacts on salmonids include increases in viru-
lence of disease, loss of suitable habitat, and mortality as
well as increased competition and predation by warmwater
species (EPA 1999). Increased water temperatures and
changes in snowmelt timing can also affect amphibians
adversely (Field and others 2007). In sum, climate change
will have increasingly significant effects on public-land
terrestrial and aquatic ecosystems, including plant and
animal communities, soils, hydrologic processes, and water
quality.

Ungulate Effects and Climate Change Synergies

Climate change in the western US is expected to amplify
“combinations of biotic and abiotic stresses that compro-
mise the vigor of ecosystems—Ileading to increased extent
and severity of disturbances” (Joyce and others 2008,
p- 16). Of the various land management stressors affecting
western public lands, ungulate use is the most widespread

(Fig. 1). Domestic livestock annually utilize over 70 % of
lands managed by the Bureau of Land Management (BLM)
and US Forest Service (FS). Many public lands are also
used by wild ungulates and/or feral horses and burros,
which are at high densities in some areas. Because ungulate
groups can have different effects, we discuss them
individually.

Livestock
History and Current Status

Livestock were introduced to North America in the mid-
sixteenth century, with a massive influx from the mid-
1800s through early 1900s (Worster 1992). The deleterious
effects of livestock—including herbivory of both herba-
ceous and woody plants and trampling of vegetation, soils,
and streambanks—prompted federal regulation of grazing
on western national forests beginning in the 1890s (Fle-
ischner 2010). Later, the 1934 Taylor Grazing Act was
enacted “to stop injury to the public grazing lands by
preventing overgrazing and soil deterioration” on lands
subsequently administered by the BLM.

Total livestock use of federal lands in eleven contiguous
western states today is nearly 9 million animal unit months
(AUMs, where one AUM represents forage use by a cow
and calf pair, one horse, or five sheep for one month)
(Fig. 2a). Permitted livestock use occurs on nearly one
million square kilometers of public land annually, includ-
ing 560,000 km* managed by the BLM, 370,000 km?> by
the FS, 6,000 km?> by the National Park Service (NPS), and
3,000 km? by the US Fish and Wildlife Service (FWS).

Livestock use affects a far greater proportion of BLM
and FS lands than do roads, timber harvest, and wildfires
combined (Fig. 3). Yet attempts to mitigate the pervasive
effects of livestock have been minor compared with those
aimed at reducing threats to ecosystem diversity and pro-
ductivity that these other land uses pose. For example,
much effort is often directed at preventing and controlling
wildfires since they can cause significant property damage
and social impacts. On an annual basis, however, wildfires
affect a much smaller portion of public land than livestock
grazing (Fig. 3) and they can also result in ecosystem
benefits (Rhodes and Baker 2008; Swanson and others
2011).

The site-specific impacts of livestock use vary as a
function of many factors (e.g., livestock species and den-
sity, periods of rest or non-use, local plant communities,
soil conditions). Nevertheless, extensive reviews of pub-
lished research generally indicate that livestock have had
numerous and widespread negative effects to western
ecosystems (Love 1959; Blackburn 1984; Fleischner 1994;
Belsky and others 1999; Kauffman and Pyke 2001; Asner
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Fig. 1 Areas of public-lands
livestock grazing managed by
federal agencies in the western
US (adapted from Salvo 2009)
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November 20, 2008
Data Sources: USGS, BLM, FS

and others 2004; Steinfeld and others 2006; Thornton and
Herrero 2010). Moreover, public-land range conditions
have generally worsened in recent decades (CWWR 1996,
Donahue 2007), perhaps due to the reduced productivity of
these lands caused by past grazing in conjunction with a
changing climate (FWS 2010, p. 13,941, citing Knick and
Hanser 2011).

Plant and Animal Communities

Livestock use effects, exacerbated by climate change,
often have severe impacts on upland plant communities.
For example, many former grasslands in the Southwest
are now dominated by one or a few woody shrub species,
such as creosote bush (Larrea tridentata) and mesquite
(Prosopis glandulosa), with little herbaceous cover
(Grover and Musick 1990; Asner and others 2004; but see
Allington and Valone 2010). Other areas severely affected
include the northern Great Basin and interior Columbia
River Basin (Middleton and Thomas 1997). Livestock
effects have also contributed to severe degradation of
sagebrush-grass ecosystems (Connelly and others 2004;
FWS 2010) and widespread desertification, particularly in
the Southwest (Asner and others 2004; Karl and others
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2009). Even absent desertification, light to moderate
grazing intensities can promote woody species encroach-
ment in semiarid and mesic environments (Asner and
others 2004, p. 287). Nearly two decades ago, many
public-land ecosystems, including native shrub steppe in
Oregon and Washington, sagebrush steppe in the Inter-
mountain West, and riparian plant communities, were
considered threatened, endangered, or critically endan-
gered (Noss and others 1995).

Simplified plant communities combine with loss of
vegetation mosaics across landscapes to affect pollinators,
birds, small mammals, amphibians, wild ungulates, and
other native wildlife (Bock and others 1993; Fleischner
1994; Saab and others 1995; Ohmart 1996). Ohmart and
Anderson (1986) suggested that livestock grazing may be
the major factor negatively affecting wildlife in eleven
western states. Such effects will compound the problems of
adaptation of these ecosystems to the dynamics of climate
change (Joyce and others 2008, 2009). Currently, the
widespread and ongoing declines of many North American
bird populations that use grassland and grass—shrub habi-
tats affected by grazing are “on track to become a promi-
nent wildlife conservation crisis of the 21Ist century”
(Brennan and Kuvlesky 2005, p. 1).
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Fig. 2 a Bureau of Land Management (BLM) and US Forest Service
(FS) grazing use in animal unit months (AUMs) and number of feral
horses and burros on BLM lands, and b annual harvest of deer and elk
by hunters, for eleven western states. Data sources a BLM grazing
and number of horses and burros reported annually in Public Land
Statistics; FS grazing reported annually in Grazing Statistical
Summary; b deer and elk harvest records from individual state
wildlife management agencies

Soils and Biological Soil Crusts

Livestock grazing and trampling can damage or eliminate
biological soil crusts characteristic of many arid and
semiarid regions (Belnap and Lange 2003; Asner and
others 2004). These complex crusts are important for fer-
tility, soil stability, and hydrology (Belnap and Lange
2003). In arid and semiarid regions they provide the major
barrier against wind erosion and dust emission (Munson
and others 2011). Currently, the majority of dust emissions
in North America originate in the Great Basin, Colorado
Plateau, and Mojave and Sonoran Deserts, areas that are
predominantly public lands and have been grazed for
nearly 150 years. Elevated sedimentation in western alpine
lakes over this period has also been linked to increased
aeolian deposition stemming from land uses, particularly
those associated with livestock grazing (Neff and others
2008).
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Fig. 3 Percent of Bureau of Land Management (BLM) and US Forest
Service (FS) lands in eleven western states that are occupied by roads
or are affected annually by timber harvest, wildfire, and grazing. Data
sources Roads, BLM (2009) and FS, Washington Office; Timber
harvest (2003-09), FS, Washington Office; Wildfire (2003-09),
National Interagency Fire Center, Missoula, Montana; Grazing,
BLM (2009) and GAO (2005). “na” = not available

If livestock use on public lands continues at current
levels, its interaction with anticipated changes in climate
will likely worsen soil erosion, dust generation, and stream
pollution. Soils whose moisture retention capacity has been
reduced will undergo further drying by warming tempera-
tures and/or drought and become even more susceptible to
wind erosion (Sankey and others 2009). Increased aeolian
deposition on snowpack will hasten runoff, accentuating
climate-induced hydrological changes on many public
lands (Neff and others 2008). Warmer temperatures will
likely trigger increased fire occurrence, causing further
reductions in cover and composition of biological soil
crusts (Belnap and others 2006), as well as vascular plants
(Munson and others 2011). In some forest types, where
livestock grazing has contributed to altered fire regimes
and forest structure (Belsky and Blumenthal 1997; Fle-
ischner 2010), climate change will likely worsen these
effects.

Water and Riparian Resources

Although riparian areas occupy only 1-2 % of the West’s
diverse landscapes, they are highly productive and eco-
logically valuable due to the vital terrestrial habitats they
provide and their importance to aquatic ecosystems
(Kauffman and others 2001; NRC 2002; Fleischner 2010).
Healthy riparian plant communities provide important
corridors for the movement of plant and animal species

@ Springer



Environmental Management

(Peterson and others 2011). Such communities are also
crucial for maintaining water quality, food webs, and
channel morphology vital to high-quality habitats for fish
and other aquatic organisms in the face of climate change.
For example, well-vegetated streambanks not only shade
streams but also help to maintain relatively narrow and
stable channels, attributes essential for preventing
increased stream temperatures that negatively affect sal-
monids and other aquatic organisms (Sedell and Beschta
1991; Kondolf and others 1996; Beschta 1997); maintain-
ing cool stream temperatures is becoming even more
important with climate change (Isaak and others 2012).
Riparian vegetation is also crucial for providing seasonal
fluxes of organic matter and invertebrates to streams
(Baxter and others 2005). Nevertheless, in 1994 the BLM
and FS reported that western riparian areas were in their
worst condition in history, and livestock use—typically
concentrated in these areas—was the chief cause (BLM
and FS 1994).

Livestock grazing has numerous consequences for
hydrologic processes and water resources. Livestock can
have profound effects on soils, including their productivity,
infiltration, and water storage, and these properties drive
many other ecosystem changes. Soil compaction from
livestock has been identified as an extensive problem on
public lands (CWWR 1996; FS and BLM 1997). Such
compaction is inevitable because the hoof of a 450-kg cow
exerts more than five times the pressure of heavy earth-
moving machinery (Cowley 2002). Soil compaction sig-
nificantly reduces infiltration rates and the ability of soils to
store water, both of which affect runoff processes (Branson
and others 1981; Blackburn 1984). Compaction of wet
meadow soils by livestock can significantly decrease soil
water storage (Kauffman and others 2004), thus contrib-
uting to reduced summer base flows. Concomitantly,
decreases in infiltration and soil water storage of com-
pacted soils during periods of high-intensity rainfall con-
tribute to increased surface runoff and soil erosion
(Branson and others 1981). These fundamental alterations
in hydrologic processes from livestock use are likely to be
exacerbated by climate change.

The combined effects of elevated soil loss and com-
paction caused by grazing reduce soil productivity, further
compromising the capability of grazed areas to support
native plant communities (CWWR 1996; FS and BLM
1997). Erosion triggered by livestock use continues to
represent a major source of sediment, nutrients, and
pathogens in western streams (WSWC 1989; EPA 2009).
Conversely, the absence of grazing results in increased
litter accumulation, which can reduce runoff and erosion
and retard desertification (Asner and others 2004).

Historical and contemporary effects of livestock grazing
and trampling along stream channels can destabilize
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streambanks, thus contributing to widened and/or incised
channels (NRC 2002). Accelerated streambank erosion and
channel incision are pervasive on western public lands used
by livestock (Fig. 4). Stream incision contributes to des-
iccation of floodplains and wet meadows, loss of flood-
water detention storage, and reductions in baseflow (Ponce
and Lindquist 1990; Trimble and Mendel 1995). Grazing
and trampling of riparian plant communities also contribute
to elevated water temperatures—directly, by reducing
stream shading and, indirectly, by damaging streambanks
and increasing channel widths (NRC 2002). Livestock use
of riparian plant communities can also decrease the avail-
ability of food and construction materials for keystone
species such as beaver (Castor canadensis).

Livestock effects and climate change can interact in
various ways with often negative consequences for aquatic
species and their habitats. In the eleven ecoregions
encompassing western public lands (excluding coastal
regions and Alaska), about 175 taxa of freshwater fish are
considered imperiled (threatened, endangered, vulnerable,
possibly extinct, or extinct) due to habitat-related causes
(Jelks and others 2008, p. 377; GS and AFS 2011).
Increased sedimentation and warmer stream temperatures
associated with livestock grazing have contributed signifi-
cantly to the long-term decline in abundance and distri-
bution and loss of native salmonids, which are imperiled
throughout the West (Rhodes and others 1994; Jelks and
others 2008).

Water developments and diversions for livestock are
common on public lands (Connelly and others 2004). For
example, approximately 3,700 km of pipeline and 2,300
water developments were installed on just 17 % of the
BLM’s land base from 1961 to 1999 in support of livestock
operations (Rich and others 2005). Such developments can
reduce streamflows thus contributing to warmer stream
temperatures and reduced fish habitat, both serious prob-
lems for native coldwater fish (Platts 1991; Richter and
others 1997). Reduced flows and higher temperatures are
also risk factors for many terrestrial and aquatic vertebrates
(Wilcove and others 1998). Water developments can also
create mosquito (e.g., Culex tarsalis) breeding habitat,
potentially facilitating the spread of West Nile virus, which
poses a significant threat to sage grouse (FWS 2010). Such
developments also tend to concentrate livestock and other
ungulate use, thus locally intensifying grazing and tram-
pling impacts.

Greenhouse Gas Emissions and Energy Balances

Livestock production impacts energy and carbon cycles
and globally contributes an estimated 18 % to the total
anthropogenic greenhouse gas (GHG) emissions (Steinfeld
and others 2006). How public-land livestock contribute to
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Fig. 4 Examples of long-term grazing impacts from livestock, unless
otherwise noted: a bare soil, loss of understory vegetation, and lack of
aspen recruitment (i.e., growth of seedlings/sprouts into tall saplings
and trees) (Bureau of Land Management, Idaho), b bare soil, lack of
ground cover, lack of aspen recruitment and channel incision (US
Forest Service, Idaho), ¢ conversion of a perennial stream to an
intermittent stream due to grazing of riparian vegetation and
subsequent channel incision; channel continues to erode during
runoff events (Bureau of Land Management, Utah), d incised and

these effects has received little study. Nevertheless, live-
stock grazing and trampling can reduce the capacity of
rangeland vegetation and soils to sequester carbon and
contribute to the loss of above- and below-ground car-
bon pools (e.g., Lal 2001b; Bowker and others 2012).

widening stream due to loss of streamside vegetation and bank
collapse from trampling (Bureau of Land Management, Wyoming),
e incised and widening stream due to loss of streamside vegetation
and bank collapse from trampling (US Forest Service, Oregon), and
f actively eroding streambank from the loss of streamside vegetation
due to several decades of excessive herbivory by elk and, more
recently, bison (National Park Service, Wyoming). Photographs a J
Carter, b G Wuerthner, ¢ and d J Carter, e and f R Beschta

Lal (2001a) indicated that heavy grazing over the long-
term may have adverse impacts on soil organic carbon
content, especially for soils of low inherent fertility.
Although Gill (2007) found that grazing over 100 years or
longer in subalpine areas on the Wasatch Plateau in central
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Utah had no significant impacts on total soil carbon, results
of the study suggest that “if temperatures warm and sum-
mer precipitation increases as is anticipated, [soils in
grazed areas] may become net sources of CO, to the
atmosphere” (Gill 2007, p. 88). Furthermore, limited soil
aeration in soils compacted by livestock can stimulate
production of methane, and emissions of nitrous oxide
under shrub canopies may be twice the levels in nearby
grasslands (Asner and others 2004). Both of these are
potent GHGs.

Reduced plant and litter cover from livestock use can
increase the albedo (reflectance) of land surfaces, thereby
altering radiation energy balances (Balling and others
1998). In addition, widespread airborne dust generated by
livestock is likely to increase with the drying effects of
climate change. Air-borne dust influences atmospheric
radiation balances as well as accelerating melt rates when
deposited on seasonal snowpacks and glaciers (Neff and
others 2008).

Other Livestock Effects

Livestock urine and feces add nitrogen to soils, which may
favor nonnative species (BLM 2005), and can lead to loss of
both organic and inorganic nitrogen in increased runoff
(Asner and others 2004). Organic nitrogen is also lost via
increased trace-gas flux and vegetation removal by grazers
(Asner and others 2004). Reduced soil nitrogen is problem-
atic in western landscapes because nitrogen is an important
limiting nutrient in most arid-land soils (Fleischner 2010).

Managing livestock on public lands also involves
extensive fence systems. Between 1962 and 1997, over
51,000 km of fence were constructed on BLM lands with
resident sage-grouse populations (FWS 2010). Such fences
can significantly impact this wildlife species. For example,
146 sage-grouse died in less than three years from colli-
sions with fences along a 7.6-km BLM range fence in
Wyoming (FWS 2010). Fences can also restrict the
movements of wild ungulates and increase the risk of
injury and death by entanglement or impalement (Har-
rington and Conover 2006; FWS 2010). Fences and roads
for livestock access can fragment and isolate segments of
natural ecological mosaics thus influencing the capability
of wildlife to adapt to a changing climate.

Some have posited that managed cattle grazing might
play a role in maintaining ecosystem structure in shortgrass
steppe ecosystems of the US, if it can mimic grazing by
native bison (Bison bison) (Milchunas and others 1998).
But most public lands lie to the west of the Great Plains,
where bison distribution and effects were limited or non-
existent; livestock use (particularly cattle) on these lands
exert disturbances without evolutionary parallel (Milch-
unas and Lauenroth 1993; MEA 2005a).
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Feral Horses and Burros

Feral horses and burros occupy large areas of public land in
the western US. For example, feral horses are found in ten
western states and feral burros occur in five of these states,
largely in the Mojave and Sonoran Deserts and the Great
Basin (Abella 2008; FWS 2010). About half of these horses
and burros are in Nevada (Coggins and others 2007), of
which 90 % are on BLM lands. Horse numbers peaked at
perhaps two million in the early 1900s, but had plummeted
to about 17,000 by 1971, when protective legislation (Wild,
Free-Ranging Horses and Burros Act [WFRHBA]) was
passed (Coggins and others 2007). Protection resulted in
increased populations and today some 40,000 feral horses
and burros utilize ~ 130,000 km? of BLM and FS lands
(DOI-OIG 2010; Gorte and others 2010). Currently, feral
horse numbers are doubling every four years (DOI-OIG
2010); burro populations can also increase rapidly (Abella
2008). Unlike wild ungulates, feral equines cannot be
hunted and, unlike livestock, they are not regulated by
permit. Nor are their numbers controlled effectively by
existing predators. Accordingly, the BLM periodically
removes animals from herd areas; the NPS also has
undertaken burro control efforts (Abella 2008).

In sage grouse habitat, high numbers of feral horses
reduce vegetative cover and plant diversity, fragment shrub
canopies, alter soil characteristics, and increase the abun-
dance of invasive species, thus reducing the quality and
quantity of habitat (Beever and others 2003; FWS 2010).
Horses can crop plants close to the ground, impeding the
recovery of affected vegetation. Feral burros also have had
a substantial impact on Sonoran Desert vegetation, reduc-
ing the density and canopy cover of nearly all species
(Hanley and Brady 1977). Although burro impacts in the
Mojave Desert may not be as clear, perennial grasses and
other preferred forage species likely require protection
from grazing in burro-inhabited areas if revegetation
efforts are to be successful (Abella 2008).

Wild Ungulates

Extensive harvesting of wild (native) ungulates, such as elk
and deer, and the decimation of large predator populations
(e.g., gray wolf [Canis lupus], grizzly bear [Ursus arctos],
and cougar [Puma concolor]) was common during early
EuroAmerican settlement of the western US. With con-
tinued predator control in the early 1900s and increased
protection of game species by state agencies, however,
wild ungulate populations began to increase in many areas.
Although only 70,000 elk inhabited the western US in the
early 1900s (Graves and Nelson 1919), annual harvest data
indicate that elk abundance has increased greatly since the
about the 1940s (Fig. 2b), due in part to the loss of apex
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predators (Allen 1974; Mackie and others 1998). Today,
approximately one million elk (Karnopp 2008) and
unknown numbers of deer inhabit the western US where
they often share public lands with livestock.

Because wild ungulates typically occur more diffusely
across a landscape than livestock, their presence might be
expected to cause minimal long-term impacts to vegeta-
tion. Where wild ungulates are concentrated, however,
their browsing can have substantial impacts. For example,
sagebrush vigor can be reduced resulting in decreased
cover or mortality (FWS 2010). Heavy browsing effects
have also been documented on other palatable woody
shrubs, as well as deciduous trees such as aspen (Populus
tremuloides), cottonwood (Populus spp.), and maple (Acer
sp.) (Beschta and Ripple 2009).

Predator control practices that intensified following the
introduction of domestic livestock in the western US
resulted in the extirpation of apex predators or reduced
their numbers below ecologically effective densities (Soulé
and others 2003, 2005), causing important cascading
effects in western ecosystems (Beschta and Ripple 2009).
Following removal of large predators on the Kaibab Pla-
teau in the early 20th century, for example, an irruption of
mule deer (O. hemionus) led to extensive over-browsing of
aspen, other deciduous woody plants, and conifers; dete-
rioration of range conditions; and the eventual crash of the
deer population (Binkley and others 2006). In the absence
of apex predators, wild ungulate populations can signifi-
cantly limit recruitment of woody browse species, con-
tribute to shifts in abundance and distribution of many
wildlife species (Berger and others 2001; Weisberg and
Coughenour 2003), and can alter streambanks and riparian
communities that strongly influence channel morphology
and aquatic conditions (Beschta and Ripple 2012).
Numerous studies support the conclusion that disruptions
of trophic cascades due to the decline of apex predators
constitute a threat to biodiversity for which the best man-
agement solution is likely the restoration of effective pre-
dation regimes (Estes and others 2011).

Ungulate Herbivory and Disturbance Regimes

Across the western US, ecosystems evolved with and were
sustained by local and regional disturbances, such as fluc-
tuating weather patterns, fire, disease, insect infestation,
herbivory by wild ungulates and other organisms, and
hunting by apex predators. Chronic disturbances with rel-
atively transient effects, such as frequent, low-severity fires
and seasonal moisture regime fluctuations, helped maintain
native plant community composition and structure. Rela-
tively abrupt, or acute, natural disturbances, such as insect
outbreaks or severe fires were also important for the

maintenance of ecosystems and native species diversity
(Beschta and others 2004; Swanson and others 2011).
Livestock use and/or an overabundance of feral or wild
ungulates can, however, greatly alter ecosystem response
to disturbance and can degrade affected systems. For
example, high levels of herbivory over a period of years, by
either domestic or wild ungulates, can effectively prevent
aspen sprouts from growing into tall saplings or trees as
well as reduce the diversity of understory species (Shep-
perd and others 2001; Dwire and others 2007; Beschta and
Ripple 2009).

Natural floods provide another illustration of how un-
gulates can alter the ecological role of disturbances. High
flows are normally important for maintaining riparian plant
communities through the deposition of nutrients, organic
matter, and sediment on streambanks and floodplains, and
for enhancing habitat diversity of aquatic and riparian
ecosystems (CWWR 1996). Ungulate effects on the
structure and composition of riparian plant communities
(e.g., Platts 1991; Chadde and Kay 1996), however, can
drastically alter the outcome of these hydrologic distur-
bances by diminishing streambank stability and severing
linkages between high flows and the maintenance of
streamside plant communities. As a result, accelerated
erosion of streambanks and floodplains, channel incision,
and the occurrence of high instream sediment loads may
become increasingly common during periods of high flows
(Trimble and Mendel 1995). Similar effects have been
found in systems where large predators have been dis-
placed or extirpated (Beschta and Ripple 2012). In general,
high levels of ungulate use can essentially uncouple typical
ecosystem responses to chronic or acute disturbances, thus
greatly limiting the capacity of these systems to provide a
full array of ecosystem services during a changing climate.

The combined effects of ungulates (domestic, wild, and
feral) and a changing climate present a pervasive set of
stressors on public lands, which are significantly different
from those encountered during the evolutionary history of
the region’s native species. The intersection of these
stressors is setting the stage for fundamental and unprec-
edented changes to forest, arid, and semi-arid landscapes in
the western US (Table 1) and increasing the likelihood of
alternative states. Thus, public-land management needs to
focus on restoring and maintaining structure, function, and
integrity of ecosystems to improve their resilience to cli-
mate change (Rieman and Isaak 2010).

Federal Law and Policy
Federal laws guide the use and management of public-land

resources. Some laws are specific to a given agency (e.g.,
the BLM’s Taylor Grazing Act of 1934 and the FS’s
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Table 1 Generalized climate change effects, heavy ungulate use effects, and their combined effects as stressors to terrestrial and aquatic

ecosystems in the western United States

Climate change effects Ungulate use effects

Combined effects

Increased drought frequency and

duration communities

Increased air temperatures, decreased
snowpack accumulation, earlier
snowmelt

increased surface runoff

Increased variability in timing and
magnitude of precipitation events increased surface erosion

Warmer and drier in the summer

Increased variability in runoff

erosion

Increased variability in runoff Incised stream channels

Altered upland plant and animal

Compacted soils, decreased infiltration,

Decreased biotic crusts and litter cover,

Reduced riparian vegetation, loss of
shade, increased stream width

Reduced root strength of riparian plants,
trampled streambanks, streambank

Reduced habitat and food-web support; loss of mesic and
hydric plants, reduced biodiversity

Reduced soil moisture for plants, reduced productivity,
reductions in summer low flows, degraded aquatic
habitat

Accelerated soil and nutrient loss, increased
sedimentation

Increased stream temperatures, increased stress on cold-
water fish and aquatic organisms

Accelerated streambank erosion and increased
sedimentation, degraded water quality and aquatic
habitats

Degraded aquatic habitats, hydrologically disconnected
floodplains, reduced low flows

National Forest Management Act [NFMA] of 1976),
whereas others cross agency boundaries (e.g., Endangered
Species Act [ESA] of 1973; Clean Water Act [CWA] of
1972). A common mission of federal land management
agencies is “to sustain the health, diversity, and produc-
tivity of public lands” (GAO 2007, p. 12). Further, each of
these agencies has ample authority and responsibility to
adjust management to respond to climate change (GAO
2007) and other stressors.

The FS and BLM are directed to maintain and improve
the condition of the public rangelands so that they become
as productive as feasible for all rangeland values. As
defined, “range condition” encompasses factors such as
soil quality, forage values, wildlife habitat, watershed and
plant communities, and the present state of vegetation of a
range site in relation to the potential plant community for
that site (Public Rangelands Improvement Act of 1978).
BLM lands and national forests must be managed for
sustained yield of a wide array of multiple uses, values, and
ecosystem services, including wildlife and fish, watershed,
recreation, timber, and range. Relevant statutes call for
management that meets societal needs, without impairing
the productivity of the land or the quality of the environ-
ment, and which considers the “relative values” of the
various resources, not necessarily the combination of uses
that will give the greatest economic return or the greatest
unit output (Multiple-Use Sustained-Yield Act of 1960;
Federal Land Policy and Management Act of 1976
[FLPMA]).

FLPMA directs the BLM to “take any action necessary
to prevent unnecessary or undue degradation” of the public
lands. Under NFMA, FS management must provide for
diversity of plant and animal communities based on the
suitability and capability of the specific land area. FLMPA
also authorizes both agencies to “cancel, suspend, or
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modify” grazing permits and to determine that “grazing
uses should be discontinued (either temporarily or perma-
nently) on certain lands.” FLPMA explicitly recognizes the
BLM’s authority (with congressional oversight) to “totally
eliminate” grazing from large areas (> 405 km?) of public
lands. These authorities are reinforced by law providing
that grazing permits are not property rights (Public Lands
Council v. Babbitt 2000).

While federal agencies have primary authority to man-
age federal public lands and thus wildlife habitats on these
lands, states retain primary management authority over
resident wildlife, unless preempted, as by the WFRHBA or
ESA (Kleppe v. New Mexico 1976). Under WFRHBA,
wild, free-roaming horses and burros (i.e., feral) by law
have been declared “wildlife” and an integral part of the
natural system of the public lands where they are to be
managed in a manner that is designed to achieve and
maintain a thriving natural ecological balance.

Restoring Ungulate-Altered Ecosystems

Because livestock use is so widespread on public lands in
the American West, management actions directed at eco-
logical restoration (e.g., livestock removal, substantial
reductions in numbers or length of season, extended or
regular periods of rest) need to be accomplished at land-
scape scales. Such approaches, often referred to as passive
restoration, are generally the most ecologically effective
and economically efficient for recovering altered ecosys-
tems because they address the root causes of degradation
and allow natural recovery processes to operate (Kauffman
and others 1997; Rieman and Isaak 2010). Furthermore,
reducing the impact of current stressors is a “no regrets”
adaptation strategy that could be taken now to help enhance
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Fig. 5 Examples of riparian and stream recovery in the western United States after the removal of livestock grazing: Hart Mountain National
Antelope Refuge, Oregon, in a October 1989 and b September 2010 after 18 years of livestock removal; Strawberry River, Utah, in ¢ August
2002 after 13 years of livestock removal and d July 2003 illustrating improved streambank protection and riparian productivity as beaver
reoccupy this river system; and San Pedro River, Arizona in e June 1987 and f June 1991 after 4 years of livestock removal. Photographs a Fish
and Wildlife Service, Hart Mountain National Antelope Refuge, b J Rhodes, ¢ and d US Forest Service, Uintah National Forest, e and f Bureau of

Land Management, San Pedro Riparian National Conservation Area

ecosystem resilience to climate change (Joyce and others
2008). This strategy is especially relevant to western eco-
systems because removing or significantly reducing the
cause of degradation (e.g., excessive ungulate use) is likely
to be considerably more effective over the long term, in
both costs and approach, than active treatments aimed at
specific ecosystem components (e.g., controlling invasive
plants) (BLM 2005). Furthermore, the possibility that
passive restoration measures may not accomplish all eco-
logical goals is an insufficient reason for not removing or
reducing stressors at landscape scales.

For many areas of the American West, particularly
riparian areas and other areas of high biodiversity, signif-
icantly reducing or eliminating ungulate stressors should,
over time, result in the recovery of self-sustaining and
ecologically robust ecosystems (Kauffman and others
1997; Floyd and others 2003; Allington and Valone 2010;
Fig. 5). Indeed, various studies and reviews have con-
cluded that the most effective way to restore riparian areas
and aquatic systems is to exclude livestock either tempo-
rarily (with subsequent changed management) or long-term
(e.g., Platts 1991;BLM and FS 1994; Dobkin and others

@ Springer



Environmental Management

1998; NRC 2002; Seavy and others 2009: Fleischner
2010). Recovering channel form and riparian soils and
vegetation by reducing ungulate impacts is also a viable
management tool for increasing summer baseflows (Ponce
and Lindquist 1990; Rhodes and others 1994).

In severely degraded areas, initiating recovery may
require active measures in addition to the removal/reduc-
tion of stressors. For example, where native seed banks
have been depleted, reestablishing missing species may
require planting seeds or propagules from adjacent areas or
refugia (e.g., Welch 2005). While active restoration
approaches in herbivory-degraded landscapes may have
some utility, such projects are often small in scope,
expensive, and unlikely to be self-sustaining; some can
cause unanticipated negative effects (Kauffman and others
1997). Furthermore, if ungulate grazing effects continue,
any benefits from active restoration are likely to be tran-
sient and limited. Therefore, addressing the underlying
causes of degradation should be the first priority for
effectively restoring altered public-land ecosystems.

The ecological effectiveness and low cost of wide-scale
reduction in ungulate use for restoring public-land eco-
systems, coupled with the scarcity of restoration resources,
provide a forceful case for minimizing ungulate impacts.
Other conservation measures are unlikely to make as great
a contribution to ameliorating landscape-scale effects from
climate change or to do so at such a low fiscal cost. As
Isaak and others (2012, p. 514) noted with regard to the
impacts of climate change on widely-imperiled salmonids:
“...conservation projects are likely to greatly exceed
available resources, so strategic prioritization schemes are
essential.”

Although restoration of desertified lands was once
thought unlikely, recovery in the form of significant
increases in perennial grass cover has recently been
reported at several such sites around the world where
livestock have been absent for more than 20 years (Floyd
and others 2003; Allington and Valone 2010; Peters and
others 2011). At a desertified site in Arizona that had been
ungrazed for 39 years, infiltration rates were significantly
(24 %) higher (compared to grazed areas) and nutrient
levels were elevated in the bare ground, inter-shrub areas
(Allington and Valone 2010). The change in vegetative
structure also affected other taxa (e.g., increased small
mammal diversity) where grazing had been excluded
(Valone and others 2002). The notion that regime shifts
caused by grazing are irreversible (e.g., Bestelmeyer and
others 2004) may be due to the relative paucity of large-
scale, ungulate-degraded systems where grazing has been
halted for sufficiently long periods for recovery to occur.

Removing domestic livestock from large areas of public
lands, or otherwise significantly reducing their impacts, is
consistent with six of the seven approaches recommended
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for ecosystem adaptation to climate change (Julius and
others 2008, pp. 1-3). Specifically, removing livestock
would (1) protect key ecosystem features (e.g., soil prop-
erties, riparian areas); (2) reduce anthropogenic stressors;
(3) ensure representation (i.e., protect a variety of forms of
a species or ecosystem); (4) ensure replication (i.e., protect
more than one example of each ecosystem or population);
(5) help restore ecosystems; and (6) protect refugia (i.e.,
areas that can serve as sources of “seed” for recovery or as
destinations for climate-sensitive migrants). Although
improved livestock management practices are being
adopted on some public lands, such efforts have not been
widely implemented. Public land managers have rarely
used their authority to implement landscape-scale rest from
livestock use, lowered frequency of use, or multi-stake-
holder planning for innovative grazing systems to reduce
impacts.

While our findings are largely focused on adaptation
strategies for western landscapes, reducing ungulate
impacts and restoring degraded plant and soil systems may
also assist in mitigating any ongoing or future changes in
regional energy and carbon cycles that contribute to global
climate change. Simply removing livestock can increase
soil carbon sequestration since grasslands with the greatest
potential for increasing soil carbon storage are those that
have been depleted in the past by poor management (Wu
and others 2008, citing Jones and Donnelly 2004). Riparian
area restoration can also enhance carbon sequestration
(Flynn and others 2009).

Socioeconomic Considerations

A comprehensive assessment of the socioeconomic effects
of changes in ungulate management on public lands is
beyond the scope of this paper. However, herein we
identify a few of the general costs and benefits associated
with implementing our recommendations (see next sec-
tion), particularly with regard to domestic livestock graz-
ing. The socioeconomic effects of altering ungulate
management on public lands will ultimately depend on the
type, magnitude, and location of changes undertaken by
federal and state agencies.

Ranching is a contemporary and historically significant
aspect of the rural West’s social fabric. Yet, ranchers’
stated preferences in response to grazing policy changes
are as diverse as the ranchers themselves, and include
intensifying, extensifying, diversifying, or selling their
operations (Genter and Tanaka 2002). Surveys indicate that
most ranchers are motivated more by amenity and lifestyle
attributes than by profits (Torell and others 2001, Genter
and Tanaka 2002). Indeed, economic returns from ranching
are lower than any other investments with similar risk
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(Torrell and others 2001) and public-land grazing’s con-
tributions to income and jobs in the West are relatively
small fractions of the region’s totals (BLM and FS 1994,
Power 1996).

If livestock grazing on public lands were discontinued or
curtailed significantly, some operations would see reduced
incomes and ranch values, some rural communities would
experience negative economic impacts, and the social
fabric of those communities could be altered (Genter and
Tanaka 2002). But for most rural economies, and the West
in general, the economic impacts of managing public lands
to emphasize environmental amenities would be relatively
minor to modestly positive (Mathews and others 2002).
Other economic effects could include savings to the US
Treasury because federal grazing fees on BLM and FS
lands cover only about one-sixth of the agencies’ admin-
istration costs (Vincent 2012). Most significantly,
improved ecosystem function would lead to enhanced
ecosystem services, with broad economic benefits. Various
studies have documented that the economic values of other
public-land resources (e.g., water, timber, recreation, and
wilderness) are many times larger than that of grazing
(Haynes and others 1997; Laitos and Carr 1999; Patterson
and Coelho 2009).

Facilitating adaptation to climate change will require
changes in the management of public-land ecosystems
impacted by ungulates. How ungulate management policy
changes should be accomplished is a matter for the agen-
cies, the public, and others. The recommendations and
conclusions presented in the following section are based
solely on ecological considerations and the federal agen-
cies’ legal authority and obligations.

Recommendations

We propose that large areas of BLM and FS lands should
become free of use by livestock and feral ungulates
(Table 2) to help initiate and speed the recovery of affected
ecosystems as well as provide benchmarks or controls for
assessing the effects of “grazing versus no-grazing” at
significant spatial scales under a changing climate. Further,
large areas of livestock exclusion allow for understanding
potential recovery foregone in areas where livestock
grazing is continued (Bock and others 1993).

While lowering grazing pressure rather than discon-
tinuing use might be effective in some circumstances,
public land managers need to rigorously assess whether
such use is compatible with the maintenance or recovery of
ecosystem attributes such as soils, watershed hydrology,
and native plant and animal communities. In such cases,
the contemporary status of at least some of the key attri-
butes and their rates of change should be carefully

Table 2 Priority areas for permanently removing livestock and feral
ungulates from Bureau of Land Management and US Forest Service
lands to reduce or eliminate their detrimental ecological effects

Watersheds and other large areas that contain a variety of ecotypes
to ensure that major ecological and societal benefits of more
resilient and healthy ecosystems on public lands will occur in the
face of climate change

Areas where ungulate effects extend beyond the immediate site
(e.g., wetlands and riparian areas impact many wildlife species
and ecosystem services with cascading implications beyond the
area grazed)

Localized areas that are easily damaged by ungulates, either
inherently (e.g., biological crusts or erodible soils) or as the
result of a temporary condition (e.g., recent fire or flood
disturbances, or degraded from previous management and thus
fragile during a recovery period).

Rare ecosystem types (e.g., perched wetlands) or locations with
imperiled species (e.g., aspen stands and understory plant
communities, endemic species with limited range), including fish
and wildlife species adversely affected by grazing and at-risk
and/or listed under the ESA

Non-use areas (i.e., ungrazed by livestock) or exclosures
embedded within larger areas where livestock grazing continues.
Such non-use areas should be located in representative ecotypes
so that actual rates of recovery (in the absence of grazing
impacts) can be assessed relative to resource trend and condition
data in adjacent areas that continue to be grazed

Areas where the combined effects of livestock, wild ungulates, and
feral ungulates are causing significant ecological impacts

monitored to ascertain whether continued use is consistent
with ecological recovery, particularly as the climate shifts
(e.g., Karr and Rossano 2001, Karr 2004; LaPaix and
others 2009). To the extent possible, assessments of
recovering areas should be compared to similar measure-
ments in reference areas (i.e., areas exhibiting high eco-
logical integrity) or areas where ungulate impacts had
earlier been removed or minimized (Angermeier and Karr
1994; Dobkin and others 1998). Such comparisons are
crucial if scientists and managers are to confirm whether
managed systems are attaining restoration goals and to
determine needs for intervention, such as reintroducing
previously extirpated species. Unfortunately, testing for
impacts of livestock use at landscape scales is hampered by
the lack of large, ungrazed areas in the western US (e.g.,
Floyd and others 2003; FWS 2010).

Shifting the burden of proof for continuing, rather than
significantly reducing or eliminating ungulate grazing is
warranted due to the extensive body of evidence on eco-
system impacts caused by ungulates (i.e., consumers) and
the added ecosystem stress caused by climate change. As
Estes and others (2011, p. 306) recommended: “[T]he
burden of proof [should] be shifted to show, for any eco-
system, that consumers do (or did) not exert strong cas-
cading effects” (see also Henjum and others 1994; Kondolf
1994; Rhodes and others 1994). Current livestock or feral
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ungulate use should continue only where stocking rates,
frequency, and timing can be demonstrated, in comparison
with landscape-scale reference areas, exclosures, or other
appropriate non-use areas, to be compatible with main-
taining or recovering key ecological functions and native
species complexes. Furthermore, such use should be
allowed only when monitoring is adequate to determine the
effects of continued grazing in comparison to areas without
grazing.

Where wild native ungulates, such as elk or deer, have
degraded plant communities through excessive herbivory
(e.g., long-term suppression of woody browse species [We-
isberg and Coughenour 2003; Beschta and Ripple 2009;
Ripple and others 2010]), state wildlife agencies and federal
land managers need to cooperate in controlling or reducing
those impacts. A potentially important tool for restoring
ecosystems degraded by excessive ungulate herbivory is
reintroduction or recolonization of apex predators. In areas
of public land that are sufficiently large and contain suitable
habitat, allowing apex predators to become established at
ecologically effective densities (Soulé and others 2003,
2005) could help regulate the behavior and density of wild
ungulate populations, aiding the recovery of degraded eco-
systems (Miller and others 2001; Ripple and others 2010;
Estes and others 2011). Ending government predator control
programs and reintroducing predators will have fewer con-
flicts with livestock grazing where the latter has been dis-
continued in large, contiguous public-land areas. However,
the extent to which large predators might also help control
populations of feral horses and burros is not known.

Additionally, we recommend removing livestock and
feral ungulates from national parks, monuments, wilder-
ness areas, and wildlife refuges wherever possible and
managing wild ungulates to minimize their potential to
adversely affect soil, water, vegetation, and wildlife pop-
ulations or impair ecological processes. Where key large
predators are absent or unable to attain ecologically func-
tional densities, federal agencies should coordinate with
state wildlife agencies in managing wild ungulate popula-
tions to prevent excessive effects of these large herbivores
on native plant and animal communities.

Conclusions

Average global temperatures are increasing and precipita-
tion regimes changing at greater rates than at any time in
recent centuries. Contemporary trends are expected to
continue and intensify for decades, even if comprehensive
mitigations regarding climate change are implemented
immediately. The inevitability of these trends requires
adaptation to climate change as a central planning goal on
federal lands.
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Historical and on-going ungulate use has affected soils,
vegetation, wildlife, and water resources on vast expanses
of public forests, shrublands, and grasslands across the
American West in ways that are likely to accentuate any
climate impacts on these resources. Although the effects of
ungulate use vary across landscapes, this variability is more
a matter of degree than type.

If effective adaptations to the adverse effects of climate
change are to be accomplished on western public lands,
large-scale reductions or cessation of ecosystem stressors
associated with ungulate use are crucial. Federal and state
land management agencies should seek and make wide use
of opportunities to reduce significant ungulate impacts in
order to facilitate ecosystem recovery and improve resil-
iency. Such actions represent the most effective and
extensive means for helping maintain or improve the eco-
logical integrity of western landscapes and for the contin-
ued provision of valuable ecosystem services during a
changing climate.
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Abstract

Surface fire intensity (kilowatts per metre) and crown fire initiation were predicted using Rothermel's
1972 and Van Wagner's 1977 fire models with fuel data from 47 upland subalpine conifer stands
varying in age from 22-258 yr and 35 yr of daily weather data (fuel moisture and wind speeds).
Rothermel's intensity model was divided into a fuel component variable and weather component
variable, which were then used to examine the relative roles of fuel and weather on surface fire
intensity (kilowatts per metre). Similar variables were defined in the crown fire initiation model of Van
Wagner. Both surface fire intensity and crown fire initiation were strongly related to the weather
components and weakly related to the fuel components, due to much greater variability in weather
than fuel, and stronger relationship to the fire behavior mechanisms for weather than for fuel. Fire
intensity was correlated to annual area burned; large area burned years had higher fire intensity
predictions than smaller area burned years. The reason for this difference was attributed directly to
the weather variable frequency distribution, which was shifted towards more extreme values in years
in which large areas burned. During extreme weather conditions, the relative importance of fuels
diminishes since all stands achieve the threshold required to permit crown fire development. This is
important since most of the area burned in subalpine forests has historically occurred during very
extreme weather (i.e., drought coupled to high winds). The fire behavior relationships predicted in
the models support the concept that forest fire behavior is determined primarily by weather variation
among years rather than fuel variation associated with stand age.



S2 Table. Authors, sites, the Weibull mean ITFI estimate, and the calibrated or predicted PMFI/FR for the

merged 342-site dataset.

Weibull Calibrated/

Mean Calibrated | Predicted

ITFI or PMFI/FR
State/Author(s)t Sites State (years) predicted (years)
ARIZONA
Dieterich and Hibbert (1990) Battle Flat AZ 6.31 Calibrated 7.20
Kaib and Swetnam, no publ. Mt. Ord AZ 8.72 Predicted 10.60
Dieterich (1980) Chimney Springs AZ 8.80 Predicted 10.70
Swetnam and Baisan (1996) Walnut Canyon AZ 8.81 Predicted 10.71
Swetnam et al. (2001) Palisades AZ 9.21 Predicted 11.20
Farris et al. (2013) Centennial Forest AZ - Predicted 12.03
Fulé et al. (2003a) Galahad Point AZ 11.26 Calibrated 12.50
Seklecki et al. (1996) Rustler Park AZ 10.32 Predicted 12.55
Farris et al. (2013) Mica Mountain AZ - Predicted 12.57
Baisan et al. (1998) Rose Canyon Lower AZ 10.80 Predicted 13.13
Danzer (1998) Sawmill Canyon AZ 10.92 Predicted 13.28
Fulé et al. (2003b) Fire Point AZ 11.25 Calibrated 13.60
Baisan and Swetnam (1990) Mica Mountain AZ 12.48 Calibrated 15.00
Baisan et al. (1998) Mount Lemmon AZ 12.36 Predicted 15.03
Fulé et al. (2003b) Powell Plateau AZ 13.68 Calibrated 15.40
Baisan et al. (1998) Rose Canyon Upper AZ 12.74 Predicted 15.49
Swetnam and Baisan (1996) Josephine Saddle AZ 12.90 Predicted 15.69
Baisan et al. (1998) Rose Canyon East AZ 13.40 Predicted 16.29
Fulé et al. (2003b) Swamp Ridge AZ 14.56 Calibrated 17.10
Danzer (1998) Pat Scott Peak AZ 13.06 Calibrated 17.70
Fulé et al. (2003b) Grandview AZ 14.89 Calibrated 17.90
Fulé et al. (2003b) Rainbow Plateau AZ 14.10 Calibrated 18.00
Fulé et al. (1997) Camp Navajo AZ 13.02 Calibrated 19.00
Huffman et al. (2015) Mogollon Rim AZ - Predicted 19.25
Heinlein et al. (2005) San Francisco Peaks West AZ 15.50 Calibrated 20.60
Dieterick (1983) Thomas Creek AZ 17.31 Calibrated 22.10
Heinlein et al. (2005) San Francisco Peaks East AZ 17.32 Calibrated 23.20
Fulé et al. (2003b; Dugan and
Baker (2014) Grandview AZ 18.40 Calibrated 25.70
CALIFORNIA
Caprio and Swetnam (1995) Ash Peak Ridge CA 7.04 Predicted 8.56




Taylor and Skinner (1998) Thompson Ridge: 1850-1904 | CA - Calibrated 12.30
Scholl and Taylor (2010) Tuolomne River CA - Calibrated 13.00
Beaty and Taylor (2001) South-facing CA - Calibrated 17.40
Caprio and Swetnam (1995) Bobcat Point Pine CA 15.09 Predicted 18.35
Taylor and Skinner (1998) Thompson Ridge: 1626-1849 | CA - Calibrated 19.00
Taylor and Skinner (2003) Hayfork: 1628-1849 CA 22.86 Calibrated 20.00
Bekker and Taylor (2001) White fir-Jeffrey pine CA - Calibrated 21.50
Caprio and Swetnam (1995) High Sierra Ridge Pine CA 18.75 Predicted 22.80
Taylor (2000) Prospect Peak: Jeffrey Pine CA - Calibrated 24.50
Beaty and Taylor (2001) Northern headwaters CA - Calibrated 27.20
Beaty and Taylor (2001) Combined study areas CA - Calibrated 28.20
Prospect Peak: Jeffrey Pine-

Taylor (2000) White fir CA - Calibrated 31.30
Bekker and Taylor (2001) White fir-Sugar pine CA - Calibrated 33.70
Beaty and Taylor (2001) Southern headwaters CA - Calibrated 37.20
Swetnam et al., no publication Buck Rock Flat CA 32.11 Predicted 39.05
Beaty and Taylor (2001) North-facing CA - Calibrated 42.50
Fiegener (2002) Teakettle CA - Predicted 49.87
Fiegener (2002) Teakettle CA - Predicted 75.31
Everett (2003) Black Mountain CA - Predicted 269.41
Everett (2003) Big Pine Flat CA - Predicted 327.16
COLORADO

Grissino-Mayer et al. (2004) Plateau CO 15.86 Calibrated 15.20
Grissino-Mayer et al. (2004) Five Pine Canyon CcO 15.96 Calibrated 15.80
Veblen et al. (2000) BM34 CO 14.31 Predicted 17.40
Brown and Wu (2005) Archuleta Mesa Plot A05 CO 15.19 Predicted 18.47
Grissino-Mayer et al. (2004) Benson Creek CO 14.86 Calibrated 20.70
Grissino-Mayer et al. (2004) Hermosa Creek CO 20.97 Predicted 25.50
Brown and Wu (2005) Archuleta Mesa Plot Al CO 21.49 Predicted 26.13
Grissino-Mayer et al. (2004) Turkey Springs CO 21.14 Calibrated 26.40
Veblen et al. (2000) BM31 CO 23.68 Predicted 28.79
Grissino-Mayer et al. (2004) Smoothing Iron CcO 25.74 Calibrated 29.00
Grissino-Mayer et al. (2004) Taylor Creek CO 26.72 Calibrated 29.20
Brown and Shepperd (2001) Wet Mountains South CO 25.85 Predicted 31.43
Brown and Wu (2005) Archuleta Mesa CO 23.13 Calibrated 32.10
Veblen et al. (2000) BM14 CO 26.79 Predicted 32.58




Brown and Shepperd (2001) M Kaufmanns Cabin CO 26.80 Predicted 32.59
Bigio et al. (2010) Vallecito Country Market CO 27.75 Calibrated 32.60
Grissino-Mayer et al. (2004) Monument CO 33.16 Calibrated 37.50
Bigio (2013) Marina Basin CO 30.95 Predicted 37.64
Grissino-Mayer et al. (2004) Burnette Canyon CO 33.83 Predicted 41.14
Brown and Shepperd (2001) Black Mountain (0(0) 35.28 Predicted 42.90
Brown and Wu (2005) Archuleta Mesa Plot AA1 CO 36.00 Predicted 43.78
Veblen et al. (2000) BM15 CO 30.12 Calibrated 44.92
Fulé et al. (2009) Lower Middle Mountain CO 30.53 Calibrated 46.80
Veblen et al. (2000) BM28 CO 39.34 Predicted 47.84
Brown and Wu (2005) Archuleta Mesa Plot B2 CO 40.02 Predicted 48.66
Veblen et al. (2000) BM24 CO 40.26 Predicted 48.96
Brown and Wu (2005) Archuleta Mesa Plot C2 CO 41.52 Predicted 50.49
Bigio et al. (2010) Haflin Canyon CO 42.11 Calibrated 50.80
Veblen et al. (2000) BM11 CO 42.27 Predicted 51.40
Brown and Shepperd (2001) Manitou Demo Plot CO 42.34 Predicted 51.49
Veblen et al. (2000) BM8 CO 47.23 Predicted 57.43
Veblen et al. (2000) BM9 CO 48.61 Predicted 59.11
Brown and Shepperd (2001) Mica Mine CO 49.71 Predicted 60.45
Brown and Wu (2005) Archuleta Mesa Plot AA15 CO 50.41 Predicted 61.30
Veblen et al. (2000) BM22 CO - Calibrated 61.90
Brown and Shepperd (2001) Parachute Hill CO 51.75 Predicted 62.93
Veblen et al. (2000) BM20 CO 53.57 Predicted 65.14
Veblen et al. (2000) BM32 CO 58.07 Predicted 70.61
Brown et al. (2000) Hot Creek CO 58.44 Predicted 71.06
Brown and Wu (2005) Archuleta Mesa Plot B3 CO 58.97 Predicted 71.71
Veblen et al. (2000) BM13 CO 59.80 Predicted 72.72
Bigio (2013) Steven’s Canyon CO 37.56 Calibrated 74.00
Brown and Wu (2005) Archuleta Mesa Plot C5 CO 64.07 Predicted 7791
Veblen et al. (2000) BM23 CO 63.59 Calibrated 80.30
Brown and Shepperd (2001) Left Hand Canyon CO 67.75 Predicted 82.38
Veblen et al. (2000) BMS5 CO 71.75 Predicted 87.25
Veblen et al. (2000) BM12 CO 72.73 Predicted 88.44
Brown and Wu (2005) Archuleta Mesa Plot A15 CO 73.80 Predicted 89.74
Donnegan et al. (2001) BSA Shortcut CO 75.54 Predicted 91.86
Brown and Shepperd (2001) Cheesman Lake South CcoO 76.87 Predicted 93.47




Donnegan et al. (2001) Badger Mountain CO 92.84 Calibrated 94.10
Brown and Shepperd (2001) Washout Gulch Burn CO 77.56 Predicted 94.31
Brown and Shepperd (2001) Cheesman Lake North CO 78.62 Predicted 95.60
Veblen et al. (2000) BM6 CcO 80.88 Calibrated 100.00
Veblen et al. (2000) BM18 (60) 78.98 Calibrated 103.50
Brown and Shepperd (2001) Old Tree Cluster CcO 86.85 Predicted 105.61
Donnegan et al. (2001) Salt Creek CoO 89.07 Calibrated 106.70
Brown and Shepperd (2001) Lone Pine CcoO 88.59 Predicted 107.73
Veblen et al. (2000) BM39 CcO 88.81 Predicted 107.99
Veblen et al. (2000) BM10 CcO - Calibrated 112.60
Veblen et al. (2000) BM21 CcO 99.22 Predicted 120.65
Brown and Shepperd (2001) Lone Pine Upper CcoO 107.72 Predicted 130.99
Donnegan et al. (2001) China Wall CcO - Calibrated 138.30
Veblen et al. (2000) BM19 CcO 114.59 Predicted 139.34
Veblen et al. (2000) BM17 CcO 143.99 Predicted 175.09
IDAHO

Heyerdahl et al. (2008) Warm Springs Ridge ID 13.88 Predicted 16.88
Heyerdahl et al. (2008) Bannock Creek ID 13.98 Predicted 17.00
Heyerdahl et al. (2008) Wash Creek ID 15.98 Predicted 19.43
Heyerdahl et al. (2008) Keating Ridge ID 22.26 Predicted 27.07
Heyerdahl et al. (2008) Cove Mountain ID 25.53 Predicted 31.04
Shapiro-Miller et al. (2007) Powderhouse ID 23.89 Calibrated 32.95
Heyerdahl et al. (2008) Lowman RNA ID 30.73 Predicted 37.37
MONTANA

Heyerdahl et al. (2008) Sophie Lake MT 10.90 Predicted 13.25
Heyerdahl et al. (2008) Sheldon Flats MT 11.05 Predicted 13.44
Heyerdahl et al. (2008) Butler Creek MT 12.22 Predicted 14.86
Heyerdahl et al. (2008) Blue Mountain MT 12.28 Predicted 14.93
Heyerdahl et al. (2008) McCormick Creek MT 18.00 Calibrated 19.40
Heyerdahl et al. (2008) McMillan Mountain MT 17.71 Predicted 21.54
Heyerdahl et al. (2008) Corona Road MT 19.25 Predicted 23.41
Heyerdahl et al. (2008) Hunter Point MT 19.84 Predicted 24.13
Heyerdahl et al. (2008) Sheafman Creek MT 21.06 Predicted 25.61
Jones (2005) Lubrecht MT 23.26 Calibrated 27.40
Heyerdahl et al. (2008) Crane Lookout MT 25.47 Predicted 30.97
Heyerdahl et al. (2008) Sawmill Creek RNA MT 27.00 Predicted 32.83
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Brown et al. (2001) Pines at Sunspot NM 8.40 Predicted 10.21
Swetnam and Dieterich (1985) Langstroth Mesa NM 8.62 Predicted 10.48
Kaye and Swetnam (1999) Lower San Andreas NM 9.74 Predicted 11.84
Morino (1996) Upper Fillmore West NM 10.55 Predicted 12.83
Grissino-Mayer & Swetnam (1997) | Cerro Bandera North NM 10.71 Predicted 13.02
Swetnam and Dieterich (1985) Gilita Ridge NM 10.81 Predicted 13.14
Swetnam and Dieterich (1985) McKenna Park NM 11.05 Predicted 13.44
Kaye and Swetnam (1999) Lower Pine Spring NM 11.56 Predicted 14.06
Farris et al. (2013) Monument Canyon NM - Predicted 14.31
Brown et al. (2001) James Ridge NM 12.11 Predicted 14.73
Swetnam et al., no publication Cerro Balitas NM 12.32 Predicted 14.98
Morino (1996) Upper Fillmore Side Cany. 1 | NM 12.48 Predicted 15.18
Kaye and Swetnam (1999) Upper San Andreas NM 13.02 Predicted 15.83
Grissino-Mayer & Swetnam (1997) | Cerro Bandera East NM 13.10 Predicted 15.93
Morino (1996) Snag Saddle NM 14.14 Predicted 17.19
Baisan and Swetnam (1997) Capilla Peak Campground NM 14.45 Predicted 17.57
Morino (1996) Fillmore Side Canyon 2 NM 14.69 Predicted 17.86
Touchan et al. (1996) Clear Creek Campground NM 15.61 Calibrated 17.90
Grissino-Mayer & Swetnam (1997) | Candelaria NM 14.97 Predicted 18.20
Grissino-Mayer & Swetnam (1997) | La Marchanita NM 14.97 Predicted 18.20
Kaye and Swetnam (1999) Cherry Canyon NM 15.23 Predicted 18.52
Swetnam et al. (2001) Black Mountain NM 1591 Predicted 19.35
Baisan and Swetnam (1997) Canon de Turrieta NM 16.02 Predicted 19.48
Morino (1996) Rock House Spring NM 16.10 Predicted 19.58
Brown et al. (2001) Monument Canyon NM 16.17 Predicted 19.66
Morino (1996) Narrows NM 16.42 Predicted 19.97
Kaye and Swetnam (1999) Upper Pine Spring NM 18.11 Predicted 22.02
Morino (1996) Fillmore Side Canyon NM 18.20 Predicted 22.13
Morino (1996) Ledge Site NM 18.44 Predicted 2242
Brown et al. (2001) Monument Canyon Upper NM 18.66 Predicted 22.69
Touchan et al. (1996) Pajarito Mountain Ridge NM 19.04 Predicted 23.15
Baisan and Swetnam (1997) La Luz Trail NM 20.29 Predicted 24.67
Touch an et al. (1996) Gallina Mesa NM 18.54 Calibrated 24.70
Swetnam and Baisan (1996) Ice Canyon NM 21.58 Predicted 26.24
Swetnam (1990) Bear Wallow NM 21.74 Predicted 26.44




Swetnam and Baisan (1996) Continental Divide Peak NM 21.86 Predicted 26.58
Grissino-Mayer & Swetnam (1997) | Cerro Rendija NM 22.19 Predicted 26.98
Grissino-Mayer & Swetnam (1997) | Mesita Blanca NM 23.15 Predicted 28.15
Grissino-Mayer & Swetnam (1997) | Lost Woman NM 23.50 Predicted 28.58
Swetnam et al., no publication Laguna Garule NM 23.79 Predicted 28.93
Grissino-Mayer & Swetnam (1997) | Hoya de Cibola Lava Flow NM 24.03 Predicted 29.22
Swetnam and Baisan (1996) El Calderon NM 24.54 Predicted 29.84
Allen (1989) Frijoles Canyon NM - Predicted 30.88
Brown et al. (2001) Delworth NM 25.73 Predicted 31.29
Brown et al. (2001) Fir Campground NM 25.85 Predicted 31.43
Brown et al. (2001) Peake Canyon NM 28.63 Predicted 34.81
Touchan et al. (1996) Camp May East NM 2891 Predicted 35.15
Brown et al. (2001) Cosmic Ray Obs NM 29.79 Predicted 36.22
Swetnam and Baisan (1996) Continental Divide Saddle NM 29.81 Predicted 36.25
Brown et al. (2001) Sunspot NM 29.89 Predicted 36.35
Baisan et al., no publication Bonita Canyon NM 30.70 Predicted 37.33
Touchan et al. (1996) Canada Bonita South NM 31.53 Predicted 38.34
Santa Fe Watershed
Margolis and Balmat (2009) Ponderosa Pine NM 25.78 Calibrated 39.80
Touchan et al. (1996) Cerro Pedernal NM 33.56 Predicted 40.81
Grissino-Mayer & Swetnam (1997) | Hidden Kipuka NM 38.90 Predicted 47.30
Santa Fe Watershed Dry

Margolis and Balmat (2009) Mixed Conifer NM 49.46 Calibrated 74.70
OREGON

Heyerdahl (1997), Heyerdahl et al.

(2001) Baker City OR 18.11 Calibrated 15.30
Heyerdahl (1997), Heyerdahl et al.

(2001) Dugout OR 21.39 Calibrated 15.30
Maruoka (1994) Spring Mountain (12) OR 16.40 Predicted 19.94
Heyerdahl (1997), Heyerdahl et al.

(2001) Baker City OR 18.11 Calibrated 22.70
Maruoka (1994) Seed Orchard (4) OR 18.69 Predicted 22.73
Maruoka (1994) Widow's Creek (1) OR 19.72 Predicted 23.98
Maruoka (1994) East Camp Creek (5) OR 20.17 Predicted 24.53
Heyerdahl (1997), Heyerdahl et al.

(2001) Dugout OR 21.39 Calibrated 24.80
Maruoka (1994) Smoothing Iron Ridge (15) OR 21.93 Predicted 26.67
Maruoka (1994) Little Bear Burn (7) OR 23.19 Predicted 28.20




Heyerdahl (1997), Heyerdahl et al.

(2001) Imnaha OR 33.82 Calibrated 28.40
Maruoka (1994) Five Mile Creek (6) OR 24.11 Predicted 29.32
Maruoka (1994) West Myrtle Creek (8) OR 24.67 Predicted 30.00
Bork (1984) Pringle Butte OR - Calibrated 31.00
Heyerdahl, no publication McKay Creek OR 24.47 Calibrated 35.30
Heyerdahl (1997), Heyerdahl et al.

(2001) Imnaha OR 33.82 Calibrated 37.50
Heyerdahl, no publication Lytle Creek OR 26.70 Calibrated 37.57
Maruoka (1994) Raddue (2) OR 33.27 Predicted 40.46
Heyerdahl, no publication Green Ridge OR 34.62 Calibrated 42.96
Maruoka (1994) Troy (14) OR 36.84 Predicted 44.80
Maruoka (1994) Dixie Butte (3) OR 43.64 Predicted 53.07
Bork (1984) Lookout Mountain OR - Calibrated 77.00
Bork (1984) Cabin Lake OR - Calibrated 79.00
Arabas et al. (2006) Lava Cast Forest OR 37.00 Calibrated 83.25
SOUTH DAKOTA

Brown and Sieg (1999) Pigtail Bridge SD 17.42 Predicted 21.18
Brown and Sieg (1999) Wind Cave North SD 19.44 Predicted 23.64
Wienk et al. (2004) Badger Game Prod. Area SD 22.24 Predicted 27.04
Brown et al. (2008) Mount Rushmore SD - Calibrated 30.00
Brown (2003, 2006) Black Hills Plot 105 SD 26.30 Predicted 31.98
Brown (2003, 2006) Black Hills Plot 111 SD 26.85 Predicted 32.65
Brown and Sieg (1996) Jewel Cave South SD 27.20 Predicted 33.08
Brown (2003, 2006) Black Hills Plot 204 SD 27.89 Predicted 33.91
Brown (2003) Bear Lodge Central SD 28.87 Predicted 35.11
Brown (2003, 2006) Black Hills Plot 210 SD 28.95 Predicted 35.20
Brown (2003) Reynold's Prairie SD 28.95 Predicted 35.20
Brown (2003, 2006) Black Hills Plot 213 SD 30.05 Predicted 36.54
Brown and Sieg (1996) Jewel Cave North SD 30.08 Predicted 36.58
Brown and Sieg (1999) Gobbler Ridge SD 31.02 Predicted 37.72
Brown (2003, 2006) Black Hills Plot 207 SD 32.25 Predicted 39.22
Brown (2003) Riflepit Gulch West SD 32.72 Predicted 39.79
Brown (2003, 2006) Black Hills Plot 202 SD 32.72 Predicted 39.79
Brown (2003, 2006) Black Hills Plot 109 SD 33.02 Predicted 40.15
Brown and Sieg (1996) Jewel Cave East SD 33.58 Calibrated 40.52
Brown (2003, 2006) Black Hills Plot 209 SD 34.04 Predicted 41.39




Brown et al. (2000) Upper Pine Mid-Basin SD 34,78 Predicted 42.29
Brown (2003) Black Hills Exp. Forest SD 35.22 Predicted 42.83
Brown (2003, 2006) Black Hills Plot 112 SD 36.02 Predicted 43.80
Brown and Sieg (1996) Jewel Cave Central SD 36.47 Predicted 44.35
Brown (2003) Bear Lodge North SD 37.75 Predicted 45.90
Brown (2003, 2006) Black Hills Plot 205 SD 38.42 Predicted 46.72
Brown (2003, 2006) Black Hills Plot 106 SD 38.84 Predicted 47.23
Brown (2003, 2006) Black Hills Plot 208 SD 40.05 Predicted 48.70
Brown (2003, 2006) Black Hills Plot 113 SD 40.11 Predicted 48.77
Brown (2003, 2006) Black Hills Plot 114 SD 40.75 Predicted 49.55
Brown (2003, 2006) Black Hills Plot 203 SD 41.21 Predicted 50.11
Brown (2003) Riflepit Gulch East SD 41.35 Predicted 50.28
Brown (2003) Riflepit Gulch North SD 42.56 Predicted 51.75
Brown (2003, 2006) Black Hills Plot 101 SD 4275 Predicted 51.98
Brown (2003, 2006) Black Hills Plot 206 SD 44.86 Predicted 54.55
Brown (2003, 2006) Black Hills Plot 201 SD 46.10 Predicted 56.06
Brown (2003, 2006) Black Hills Plot 110 SD 46.16 Predicted 56.13
Brown (2003, 2006) Black Hills Plot 108 SD 63.33 Predicted 77.01
Brown (2003, 2006) Black Hills Plot 103 SD 36.95 § | Predicted 90.16
Brown (2003, 2006) Black Hills Plot 104 SD 64.33 9 | Predicted 158.70
WASHINGTON

Everett et al. (2000) Entiat Mud Creek overall WA - Calibrated 11.00
Everett et al. (2000) Nile Creek overall WA - Calibrated 12.20
Kernan and Hessl (2010) Entiat WA - Calibrated 13.10
Everett et al. (2000) Entiat Mud Creek 165 WA 11.92 Predicted 14.49
Everett et al. (2000) Entiat Mud Creek 230 WA 11.98 Predicted 14.57
Everett et al. (2000) Entiat Mud Creek 201 WA 12.41 Predicted 15.09
Everett et al. (2000) Entiat Mud Creek 205 WA 12.50 Predicted 15.20
Kernan and Hessl (2010) Swauk WA - Calibrated 15.80
Everett et al. (2000) Entiat Mud Creek 199 WA 13.08 Predicted 1591
Everett et al. (2000) Entiat Mud Creek 202 WA 13.70 Predicted 16.66
Kernan and Hessl (2010) Nile Creek WA - Calibrated 17.00
Everett et al. (2000) Nile Creek 10 WA 14.21 Predicted 17.28
Everett et al. (2000) Entiat Mud Creek 196 WA 14.29 Predicted 17.38
Everett et al. (2000) Entiat Mud Creek 207 WA 15.07 Predicted 18.33
Everett et al. (2000) Entiat Mud Creek 203 WA 15.32 Predicted 18.63




Everett et al. (2000) Nile Creek 5 WA 15.46 Predicted 18.80
Everett et al. (2000) Quartzite 1 WA 15.54 Predicted 18.90
Everett et al. (2000) Entiat Mud Creek 208 WA 16.02 Predicted 19.48
Everett et al. (2000) Entiat Mud Creek 167 WA 16.17 Predicted 19.66
Everett et al. (2000) Frosty 8 WA 16.38 Predicted 19.92
Wright (1996); Wright and Agee Teanaway Demonstration

(2004) Area WA 16.43 Calibrated 20.20
Everett et al. (2000) Quartzite 8 WA 16.73 Predicted 20.34
Everett et al. (2000) Entiat Mud Creek 200 WA 16.84 Predicted 20.48
Everett et al. (2000) Quartzite 6 WA 16.93 Predicted 20.59
Everett et al. (2000) Nile Creek 3 WA 17.22 Predicted 20.94
Everett et al. (2000) Quartzite 3 WA 17.40 Predicted 21.16
Everett et al. (2000) Frosty 7 WA 17.47 Predicted 21.24
Everett et al. (2000) Nile Creek 9 WA 17.66 Predicted 21.47
Everett et al. (2000) Entiat Mud Creek 206 WA 17.78 Predicted 21.62
Everett et al. (2000) Quartzite 2 WA 18.10 Predicted 22.01
Everett et al. (2000) Nile Creek 4 WA 18.14 Predicted 22.06
Everett et al. (2000) Frosty 4 WA 18.51 Predicted 22.51
Everett et al. (2000) Frosty 3 WA 18.68 Predicted 22.71
Everett et al. (2000) Frosty 2 WA 19.00 Predicted 23.10
Everett et al. (2000) South Deep 1 WA 19.01 Predicted 23.12
Everett et al. (2000) Quartzite 4 WA 19.17 Predicted 23.31
Everett et al. (2000) Nile Creek 8 WA 19.36 Predicted 23.54
Everett et al. (2000) Quartzite 5 WA 19.53 Predicted 23.75
Everett et al. (2000) Entiat Mud Creek 204 WA 19.76 Predicted 24.03
Everett et al. (2000) Nile Creek 2 WA 20.28 Predicted 24.66
Everett et al. (2000) Nile Creek 6 WA 20.36 Predicted 24.76
Everett et al. (2000) Frosty 1 WA 20.38 Predicted 24.78
Everett et al. (2000) Nile Creek 1 WA 21.09 Predicted 25.65
Wright (1996); Wright and Agee Teanaway Demonstration

(2004) Area WA 16.43 Calibrated 26.00
Everett et al. (2000) Entiat Mud Creek 211 WA 21.71 Predicted 26.40
Everett et al. (2000) Twenty Mile 3 WA 22.85 Predicted 27.79
Everett et al. (2000) Frosty 6 WA 23.20 Predicted 28.21
Everett et al. (2000) Quartzite 7 WA 24.28 Predicted 29.52
Everett et al. (2000) Nile Creek 11 WA 24.65 Predicted 29.97




Heyerdahl (1997), Heyerdahl et al.

(2001) Tucannon WA 39.80 Calibrated 30.50
Everett et al. (2000) Twenty Mile 4 WA 25.60 Predicted 31.13
Everett et al. (2000) Twenty Mile 1 WA 26.03 Predicted 31.65
Everett et al. (2000) Frosty 5 WA 26.10 Predicted 31.74
Everett et al. (2000) Twenty Mile 2 WA 26.68 Predicted 32.44
Everett et al. (2000) Nile Creek 7 WA 29.34 Predicted 35.68
Everett et al. (2000) Twenty Mile 6 WA 29.54 Predicted 35.92
Everett et al. (2000) Twenty Mile 7 WA 31.24 Predicted 37.99
Everett et al. (2000) South Deep 6 WA 31.58 Predicted 38.40
Everett et al. (2000) Twenty Mile 8 WA 3242 Predicted 39.42
Everett et al. (2000) Twenty Mile 13 WA 33.75 Predicted 41.04
Heyerdahl (1997), Heyerdahl et al.

(2001) Tucannon WA 39.80 Calibrated 41.40
Kernan and Hessl (2010) South Deep WA - Calibrated 45.30
Everett et al. (2000) Twenty Mile 9 WA 40.17 Predicted 48.85
Everett et al. (2000) Twenty Mile 12 WA 40.20 Predicted 48.88
Everett et al. (2000) South Deep 7 WA 41.91 Predicted 50.96
Everett et al. (2000) South Deep 3 WA 43.33 Predicted 52.69
Everett et al. (2000) South Deep 5 WA 44.13 Predicted 53.66
Everett et al. (2000) South Deep 9 WA 47.74 Predicted 58.05
Everett et al. (2000) Twenty Mile 10 WA 48.96 Predicted 59.54
Everett et al. (2000) South Deep 11a WA 51.65 Predicted 62.81
Everett et al. (2000) South Deep 11b WA 51.65 Predicted 62.81
Everett et al. (2000) South Deep 12 WA 51.65 Predicted 62.81
Everett et al. (2000) South Deep 14 WA 51.82 Predicted 63.01
Everett et al. (2000) South Deep 4 WA 53.37 Predicted 64.90
Everett et al. (2000) South Deep 10 WA 55.09 Predicted 66.99
Everett et al. (2000) Twenty Mile 11 WA 67.38 Predicted 81.93
WYOMING

Brown (2003) Cold Springs Creek wY 24.63 Predicted 29.95
Brown et al. (2000) Ashenfelder Lower wYy 45.88 Predicted 55.79
Brown et al. (2000) Ashenfelder Upper wY 45.88 Predicted 55.79
MEXICO

Skinner et al. (2008) PINO (San Pedro Martir) MX 19.04 Predicted 23.15
Skinner et al. (2008) BLAN (San Pedro Martir) MX 22.18 Predicted 26.97
Skinner et al. (2008) PYRA (San Pedro Martir) MX 24.89 Predicted 30.27
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Skinner et al. (2008) WEST (San Pedro Martir) MX 25.02 Predicted 30.42

Skinner et al. (2008) TASA (San Pedro Martir) MX 26.55 Predicted 32.28
Skinner et al. (2008) VALL (San Pedro Martir) MX 26.67 Predicted 3243
Skinner et al. (2008) PUER (San Pedro Martir) MX 28.07 Predicted 34.13
Skinner et al. (2008) CORO (San Pedro Martir) MX 30.94 Predicted 37.62
Skinner et al. (2008) AZUL (San Pedro Martir) MX 55.99 Predicted 68.08

CANADA-BRITISH COLUMBIA

Heyerdahl et al. (2012) Middle Stein River Valley BC 27.93 Calibrated 40.49

Notes

1 Observations are in increasing order of calibrated/predicted PMFI/FR within each state

1 Missing observations in this column occur because some calibration cases did not have an FHX
file and did not report this statistic in the publication.

§ Mean ITFI could not be estimated, but mean CFI-all could be, is reported here, and was used to
estimate PMFI/FR

| Mean ITFI could not be estimated, but mean CFI-10% could be, is reported here, and was used

to estimate PMFI/FR
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ABSTRACT: Appropriate response to recent, widespread bark beetle (Dendroctonus spp.) outbreaks in
the western United States has been the subject of much debate in scientific and policy circles. Among
the proposed responses have been landscape-level mechanical treatments to prevent the further spread of
outbreaks and to reduce the fire risk that is believed to be associated with insect-killed trees. We review
the literature on the efficacy of silvicutural practices to control outbreaks and on fire risk following
bark beetle outbreaks in several forest types. While research is ongoing and important questions remain
unresolved, to date most available evidence indicates that bark beetle outbreaks do not substantially
increase the risk of active crown fire in lodgepole pine (Pinus contorta) and spruce (Picea engelman-
nii)-fir (Abies spp.) forests under most conditions. Instead, active crown fires in these forest types are
primarily contingent on dry conditions rather than variations in stand structure, such as those brought
about by outbreaks. Preemptive thinning may reduce susceptibility to small outbreaks but is unlikely
to reduce susceptibility to large, landscape-scale epidemics. Once beetle populations reach widespread
epidemic levels, silvicultural strategies aimed at stopping them are not likely to reduce forest susceptibility
to outbreaks. Furthermore, such silvicultural treatments could have substantial, unintended short- and
long-term ecological costs associated with road access and an overall degradation of natural areas.

Index terms: bark beetles, Dendroctonus, forest health, forest management, wildfire

INTRODUCTION

Forests in the western United States are
being affected by the largest outbreaks of
bark beetles in at least a century, which
has caused concern about forest health and
wildfire risk and led to proposals for tree
removal in natural areas such as roadless
forests. Such proposals stem in part from
the rationale that bark beetle outbreaks
increase wildfire risks due to increased
dead fuels and that widespread treatment
in beetle-affected forests is needed to
lower such risks. Here, we review avail-
able peer-reviewed literature to determine
if: (1) bark beetle outbreaks are associated
with a higher incidence of wildfires in for-
est types in the central Rockies; and (2)
if silvicultural treatments are effective at
lowering beetle-associated tree mortality
before, during, and after outbreaks. We
briefly review the impacts that additional
logging roads associated with broad-scale
tree removal may have on the ecology of
roadless natural areas. Our results may have
broader policy implications in western for-
ests as concerns over insect outbreaks have
led to proposals to reduce environmental
protections in favor of widespread thinning
and post-disturbance tree removal.

INTERACTIONS AMONG FOREST
INSECTS AND FIRES

We examined the long-standing belief that
insect outbreaks lead to increased risk of
fire (USDA Forest Service 2011). A large
body of literature indicates that the occur-

rence of large, severe fires in subalpine,
lodgepole pine (Pinus contorta), and spruce
(Picea engelmannii)-fir (Abies spp.) forests
is strongly contingent on climatic condi-
tions, especially drought (e.g., Kipfmuel-
ler and Baker 2000; Romme et al. 2006;
Sibold and Veblen 2006; Schoennagel et
al. 2007; Jenkins et al. 2008; Simard et
al. 2008, 2011).

The debate on how outbreaks affect fire
risk and hazard is ongoing, but recent work
emphasizes that the effect of outbreaks
on subsequent fire risk is complex and is
contingent on time since last outbreak and
on biophysical setting. To date, the majority
of studies have found no increase in fire
occurrence, extent, or severity following
outbreaks of spruce beetle (Dendrocto-
nus rufipennis) and mountain pine beetle
(Dendroctonus ponderosae) in Colorado,
Wyoming, and other areas (Bebi et al. 2003;
Kulakowski et al. 2003; Bigler et al. 2005;
Kulakowski and Veblen 2007; Jenkins et
al. 2008; Simard et al. 2008, 2011).

Theoretically, the effect of outbreaks on
subsequent fires may vary with the time
since the outbreak occurred (Romme et
al. 2006). For example, it is reasonable to
expect that foliar moisture in trees killed
by beetles will decrease and canopy density
will be reduced during and immediately
after an outbreak. In subsequent years,
canopy density may be further reduced
as dead needles and small branches fall
from killed trees reducing canopy bulk

Volume 33 (1), 2013

Natural Areas Journal 59



density, but increasing surface fire hazard
(i.e., the type, volume, and arrangement of
fuels that determines the ease of ignition
and resistance to control regardless of the
fuel type’s weather-influenced moisture
content). Although such a relationship may
theoretically increase the risk of surface
fires, studies on the influence of outbreaks
on subsequent stand-replacing fires, over a
range of years since outbreak, have found
little or no increase in surface or canopy
fire occurrence, extent, or severity (Bebi
et al. 2003; Kulakowski et al. 2003; Bigler
et al. 2005; Kulakowski and Veblen 2007;
Jenkins et al. 2008; Simard et al. 2008,
2011) (Table 1).

Fire and Mountain Pine Beetle
Outbreaks in Lodgepole Pine Forests

Although outbreaks of mountain pine
beetle do alter fuel structure (Page and
Jenkins 2007; Klutsch et al. 2009; Simard
et al. 2011), the actual effects of these
changes in fuels on subsequent fire risk
(i.e., the chance that a fire might start based
on all causative agents such as fuel hazard,
ignition source, and weather) are complex,
contradictory, and appear counterintuitive.
For instance, lodgepole stands in which
> 50 % of susceptible trees were killed
by beetles in the 5 to 15 years preceding
the 1988 Yellowstone fires had a higher
incidence of crown fire than stands in
which mortality was not as high (Turner
et al. 1999). In contrast, stands with low
to moderate beetle mortality (< 50% tree
kill) had a lower incidence of high-severity
crown fires. However, it is unclear whether
these differences in fire behavior were
primarily the result of the outbreak or of
pre-outbreak stand structure (Simard et al.
2008), because beetle mortality occurred
preferentially in older stands that were,
in turn, inherently more likely to burn at
high severity than younger stands because
of differences in fuel structures even in
the absence of beetle activity (Renkin and
Despain 1992).

Other studies have found that beetle-kill
may have decreased the hazard of high-se-
verity crown fire by reducing the continuity
of the canopy. For example, beetle-killed
lodgepole pine stands, characterized by
lower stand density, were affected by

Table 1. Forest types and relations between fire and insects in the Rocky Mountains.

Citation

Insect-fire link

Location

Forest Type

Omi 1997

Stands with higher mortally from bark beetles had higher incidence of crown  Turner et al. 1999

fires. Stands with low to moderate beetle mortality had a lower incidence of

Beetle killed stands had significantly lower fire severity.
crown fires.

Yellowstone

Lodgepole

Yellowstone

Lodgepole

Lynch et al. 2006

Stands affected by outbreak in 1972-1975 were associated with a slightly

Yellowstone

Lodgepole

higher probability of fire. Stands affected by outbreak in 1980-1983 were not

more likely to burn.

The probability of active crown fire in stands recently affected by beetles was Simard et al. 2011

significantly lower than in stands not affected by beetles.

Yellowstone

Lodgepole

Kulakowski and Veblen 2007

Jenkins et al. 2008

Bark beetle outbreak did not affect the extent or severity of fire.

Colorado

Lodgepole and spruce

Modeling study predicted a reduced risk of active crown fire 5 to 60 years

after outbreaks.

Intermountain west

Lodgepole and spruce

Bebi et al. 2003

Bark beetles caused no increase in the numbers of fires.

Colorado

Spruce

Kulakowski et al. 2003
Bigler et al. 2005
DeRose and Long 2009

Modeling studies predicted reductions in the probability of active crown fire

Previous bark beetle outbreaks had only a minor influence on fire severity.
after bark beetle outbreaks.

Beetle-affected stands were not more susceptible to a low-severity fire.
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significantly lower fire severity compared
to adjacent burned areas that had not been
affected by beetles in the 3400-hectare
Robinson Fire that burned in Yellowstone
National Park in 1994 (Omi 1997). Lynch
et al. (2006) also examined the influence
of previous beetle activity on the 1988
Yellowstone fires by testing whether beetle-
affected stands were more likely to have
burned than those stands not affected by
beetles. Stands affected by outbreak from
1972 to 1975 had a higher probability of
burning, but the increase was relatively
minor (about 11% greater compared to
areas unaffected by beetles). In contrast,
stands that were affected by outbreak from
1980 to 1983 were not more likely to burn
in comparison to unaffected stands (Lynch
et al. 2006).

It has been hypothesized that the risk of fire
may increase only during and immediately
after outbreaks of bark beetles when the dry
red needles are still on the trees (Romme et
al. 2006). However, Kulakowski and Veblen
(2007) found that ongoing outbreaks of
mountain pine beetle (and spruce beetle)
did not affect the extent or severity of fire
and suggested that changes in fuels brought
about by outbreaks may be overridden by
climatic conditions. Simard et al. (2011)
examined fuel conditions for 35 years fol-
lowing outbreaks of mountain pine beetle
in Yellowstone National Park. They docu-
mented reduced canopy moisture content
after an outbreak, which was coupled with
reduced canopy bulk density. In simulation
models of fire behavior, under intermedi-
ate wind conditions (40 to 60 kilometers
per hour), the probability of active crown
fire in stands recently affected by beetles
was significantly lower than in stands not
affected by beetles (Simard et al. 2011).
In addition, if winds were below 40 kph
or above 60 kph, stand structure had little
effect on fire behavior. Thus, although
the canopy was drier immediately after
an outbreak, no increase in fire risk was
observed, likely because of the more im-
portant effect of reductions in canopy bulk
density. Other modeling studies also have
predicted a reduced risk of active crown
fire 5 to 60 years after outbreaks, due to
decreased canopy bulk density (Jenkins et
al. 2008). In sum, outbreaks of bark beetles
in lodgepole pine may have little or no ef-

fect on subsequent fires and may in some
cases actually reduce the risk of fire.

Fire and Spruce Beetle in Subalpine
Spruce-Fir Forests

There is increasing evidence that spruce
beetle outbreaks have little or no affect on
the occurrence or severity of fires in spruce-
fir forests (Simard et al. 2008). It is well
established that in this forest type, extensive
fires are highly dependent on infrequent,
severe droughts (e.g., Schoennagel et al.
2007). Under such extreme drought condi-
tions, increased dead fuels from bark beetle
outbreaks appear to play only a minor role,
if any, in increasing fire risk. For instance,
after a 1940s spruce beetle outbreak that
resulted in dead-standing trees over thou-
sands of hectares of subalpine forests in
the White River National Forest of western
Colorado, there was no increase in the
numbers of fires compared to unaffected
subalpine forests (Bebi et al. 2003). Beetle-
affected stands were not more susceptible
to a low-severity fire that spread through
adjacent forests several years after the out-
break subsided (Kulakowski et al. 2003).
During the extreme drought of 2002, large
fires affected extensive areas of Colorado,
including some spruce-fir stands that were
previously affected by the 1940s outbreak
of spruce beetle. Despite the expectation
that these outbreaks would have led to an
increased risk of severe fires, they had only
aminor influence on fire severity (Bigler et
al. 2005). Likewise, ongoing outbreaks of
spruce beetle (and mountain pine beetle)
had no detectable effect on the extent or
severity of fires in 2002 (Kulakowski and
Veblen 2007). These empirical findings
are consistent with modeling studies that
predict reductions in the probability of
active crown fire for one to two decades
after high-severity bark beetle outbreaks in
pure stands of Engelmann spruce (Picea
engelmannii) (DeRose and Long 2009).
Other modeling studies have likewise
predicted a reduced risk of active crown
fire 5 to 60 years after outbreaks, due to
decreased canopy bulk density (Jenkins
et al. 2008).

The emerging view is that for lodgepole
pine and spruce-fir forests: (1) the ef-

fect of bark beetle outbreaks on fuels is
complex; and (2) weather and climate
are more important in influencing fire
risk and behavior the effects of insect
outbreaks. When evaluating the influence
of bark beetle outbreaks, it is important to
recognize that outbreaks not only reduce
foliar moisture content and increase the
volume of dead wood, which can increase
fire hazard, but that outbreaks also reduce
canopy density, which can decrease fire
risk (Simard et al. 2011). Therefore, when
assessing the risk of wildfires following
outbreaks, it is essential to recognize the
relative importance of weather and climate
to overall fire risk.

EFFICACY OF BARK BEETLE
CONTAINMENT MEASURES

Prior to Outbreaks

The effectiveness of thinning to reduce
forest susceptibility to bark beetles is
believed to be related to tree vigor (Fet-
tig et al. 2007); which may increase as
moisture stress is decreased, and which
in turn may make trees less susceptible
to insect infestation. The premise is that
if the trees are healthy and vigorous, they
may be able to “pitch out” the attacking
beetles, essentially flooding the entrance
site with resin that can push out or drown
the beetle (Figure 1).

Some studies have suggested that compe-
tition for light and water may reduce the
vigor of surviving trees and increase sus-
ceptibility to bark beetle attacks (Fettig et
al. 2007) and that thinning may, therefore,
improve outbreak resistance. For instance,
low-vigor ponderosa pine (Pinus pon-
derosa) in central Oregon was more often
attacked by beetles than high-vigor trees
during early stages of outbreaks (Larsson et
al. 1983). Similarly, beetle activity has been
associated with high tree densities in pon-
derosa pine and Douglas-fir (Pseudotsuga
sp.) stands (Negrén et al. 2001; Negron
and Popp 2004). Ponderosa pine study
plots in Colorado’s Front Range infested
by mountain pine beetle had significantly
higher tree basal area and density (Negrén
and Popp 2004). Douglas-fir beetles (D.
pseudotsugae) more often attacked stands
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Figure 1. Mountain pine beetle being pitched out. Photo taken by Whitney Cranshaw, Colorado State

University, Bugwood.org.

containing a high percentage of basal area
represented by high densities of Douglas-
fir and slow growth during the five years
prior to attack in Colorado’s Front Range
(Negrén et al. 2001).

Studies that have looked directly at
thinning and its effects on tree vigor in
Western forests have shown mixed results.
While some studies have found that thin-
ning reduces stand susceptibility in some
circumstances (Fettig et al. 2007), other
research has found bark beetles do not
preferentially infest trees with declining
growth. For example, Sdnchez-Martinez
and Wagner (2002) found that ponderosa
pine forests of northern Arizona growing
in dense stands were not more likely to be
colonized by bark beetles.

Under some circumstances, thinning may

alleviate tree stress at the stand level but
is unlikely to be effective at mitigating
susceptibility against extensive or severe
outbreaks (Safranyik and Carroll 2006).
Preisler and Mitchell (1993) found that
thinned plots of lodgepole pine in Oregon
were initially unattractive to mountain pine
beetles; but when large numbers of attacks
occurred, colonization rates were similar to
those in unthinned plots. Similarly, Amman
et al. (1988) studied the effects of spacing
and diameter of trees and concluded that
tree mortality was reduced as basal area
was lowered. However, if the stand was in
the path of an ongoing mountain pine beetle
epidemic, spacing and density of trees had
little effect (Amman et al. 1988).

While thinning has the potential to reduce
tree stress, which can reduce susceptibility

to insect attack, it also has the potential to
bring about other conditions that can in-
crease susceptibility. For example, thinning
may injure surviving trees and their roots,
which can provide entry points for patho-
gens and ultimately reduce tree resistance
to other organisms (Hagle and Schmitz
1993; Paine and Baker 1993; Goyer et
al. 1998). Although thinning can be ef-
fective in maintaining adequate growing
space and resources, there is accumulating
evidence to suggest that tree injury, soil
compaction, and temporary stress due to
changed environmental conditions caused
by thinning may increase susceptibility of
trees to bark beetles and pathogens (Hagle
and Schmitz 1993).

From an adaptive management standpoint,
it is most prudent to implement thinning in
appropriate settings (e.g., already degraded
areas in need of restoration) with sufficient
controls that would lead to an improved
understanding of the efficacy of these
approaches, particularly under a range of
climatic conditions. It is also important
to consider how such strategies may alter
normal stand structure. For example, thin-
ning in Engelmann spruce forests is likely
to create novel conditions that would be
atypical for these ecosystems due to their
naturally high tree densities (Daubenmire
1943). Further, thinning forest stands be-
fore epidemics is not likely to prevent major
outbreaks, due to the inherent difficulties
of manipulating stand structure over large
enough areas and the overriding influence
of climatic stress in driving outbreaks.

During Outbreaks

There is general agreement that silvicul-
tural treatments cannot effectively stop
outbreaks once a large-scale insect infesta-
tion has started. Citing multiple sources,
Hughes and Drever (2001) found that most
control efforts have had little effect on the
final size of outbreaks. In another review,
Romme et al. (2006) point out that once
an extensive outbreak has started, timber
management is unlikely to stop it. Control
of such outbreaks is theoretically possible,
but it would require treatment of almost all
of the infected trees (Hughes and Drever
2001). Amman and Logan (1998) point
to failed attempts to use direct control
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measures, such as pesticides and logging,
after an infestation starts. They suggest that
by the early 1970s, it was apparent that
attempts to control the extensive mountain
pine beetle outbreaks that were occurring
in the northern Rockies, by directly killing
the beetles, were not working.

If a bark beetle infestation is relatively
restricted and concentrated in a limited
area, it may be feasible to reduce the
impact of that outbreak by removing
infested trees from a forest stand, or by
thinning a stand to reduce stress of trees
competing for limited nutrients, sunlight,
and moisture. However, specific climatic
conditions are believed to be required
for beetle populations to reach epidemic
levels. As such, a small population of
beetles is not sufficient for an outbreak to
occur and would not necessarily lead to
an outbreak. Conversely, under climatic
conditions favorable for an outbreak, bark
beetle outbreaks can erupt simultaneously
in numerous, dispersed stands across the
landscape. Thus, even if a growing popu-
lation of beetles is successfully removed
from one stand or the stand is thinned to
increase vigor, under climatic conditions
suitable for outbreaks, beetles from other
stands are likely to spread over a landscape.
Given that climate typically favors beetle
populations and stresses trees over very
large areas, successfully identifying and
treating stands over a large enough region
to have a significant impact on the overall
infestation is impractical and costly.

Following Outbreaks

Post-disturbance harvest is common
practice on forest lands and is designed
to remove trees or other biomass in order
to produce timber or other resources. This
type of resource extraction has the poten-
tial to inadvertently lead to heightened
insect activity (Nebeker 1989; Hughes
and Drever 2001; Romme et al. 2006). In
particular, snags and fallen logs contribute
to the protection of soils and water quality
and provide habitat for numerous cavity-
and snag-dependent species (Romme et
al. 2006), many of which prey on bark
beetles and other economically destruc-
tive insects. Therefore, outbreaks could

be prolonged because of a reduction in the
beetle’s natural enemies (Nebeker 1989),
including both insects and bird species that
feed on mountain pine beetles (Koplin and
Baldwin 1970; Shook and Baldwin 1970;
Otvos 1979). Furthermore, post-distur-
bance harvest can damage soil and roots by
compacting them (Lindenmayer et al. 2008)
leading to greater water stress in trees,
which may reduce conifer regeneration
by increasing sapling mortality (Donato
et al. 2006) and, in general, may cause
more damage to forests than that caused
by natural disturbance events (DellaSala
et al. 2006).

ROAD BUILDING FOR BARK BEETLE
CONTROL

A broad scale program to treat forests that
have been affected by bark beetle will
require an extensive road system, which
will likely have significant impacts to forest
and aquatic ecosystems.

In general, the major physical results of
roads on the terrestrial environment are
increases in forest fragmentation and
disruption of the movement of organisms
and flow of ecological processes across
the landscape (Lindenmayer and Fisher
2006). Aquatic systems have been impacted
through the disruption of natural infiltration
of water into the soil and increased runoff
to streams (Forman and Alexander 1998).
These effects have been particularly pro-
nounced in mountainous regions, especially
on high gradient streams and headwaters
(Ziegler et al. 2001). Increased sediment
input to streams can result in changes to
channel morphology and channel substrate,
as well as the creation of shallow pools
(Beschta 1978). These changes to stream
structure, an indirect effect of road con-
struction, often adversely affect native fish
habitat. Thus, any road network constructed
to thin or harvest insect-infested stands will
have to be carefully engineered to prevent
increased sedimentation rates or alteration
of hill slope processes (Beschta 1978).
While proper engineering can help mitigate
some negative effects, it does not mitigate
the overall impact of roads on hydrologic
processes, water flow, and fragmentation
of wildlife habitat.

CONCLUSIONS AND
RECOMMENDATIONS

Climate change and other factors are lead-
ing to unprecedented changes in western
forest ecosystems (Logan et al. 2003; Car-
roll et al. 2004; Breshears et al. 2005; Bentz
et al. 2009). One consequence of recent
and predicted climate change is increased
bark beetle activity leading to tree mortality
over large areas (Logan and Powell 2001;
Williams and Liebhold 2002; Carroll et al.
2004). Such ongoing outbreaks have led to
widespread public concern about increased
fire risk; however, outbreaks of mountain
pine beetle and spruce beetle do not appear
to substantially increase the risk of subse-
quent fire under most conditions. Instead,
fire risk in spruce-fir and lodgepole pine is
strongly tied to warm and dry conditions,
such as those of recent decades. Insect
containment measures have yielded mixed
results and may pose significant risks to
forested ecosystems. We recommend that
priority be given to removing hazardous
trees, which were killed by fire or insects
and that might fall across roads or in
campgrounds in areas of high human use
to limit damages and potential loss of life.
Moreover, in order to reduce existing and
future risks of fire, it would be prudent to
concentrate fuel reduction measures in the
wildland-urban interface by creating defen-
sible space, as the 40-meter zone around
homes and structures has been shown to
be critical to a home’s ignitability (Cohen
1999). Thus, to be effective at reducing
fire hazard to communities, tree-cutting
can be directed at removing all flammable
material (not just economically valuable
timber) in the immediate vicinity of homes
and settlements.
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Abstract: High tree mortality due to drought and insects often is assumed to increase fire severity once ignition occurs. In
2002-2003, coniferous forests in the San Bernardino Mountains, California experienced a significant tree mortality event
due to drought and an outbreak of western pine beetles (Dendroctonus brevicomis). In October 2003, fire burned
approximately 5,860 ha of conifer forest types in many beetle- and drought-affected stands where most pre-fire dead trees
had retained needles. We used pre- and post-fire GIS data to examine how fire severity was affected by pre-fire tree
mortality, vegetation characteristics, and topography. We found no evidence that pre-fire tree mortality influenced fire
severity. These results indicate that widespread removal of dead trees may not effectively reduce higher-severity fire in
southern California’s conifer forests. We found that sample locations dominated by the largest size class of trees (>61 cm
diameter at breast height (dbh)) burned at lower severities than locations dominated by trees 28-60 cm dbh. This result
suggests that harvesting larger-sized trees for fire-severity reduction purposes is likely to be ineffective and possibly

counter-productive.

INTRODUCTION

Tree mortality due to drought and insect attacks is
common in western coniferous forests [1], but may be
increasing in recent years in some areas [2, 3]. Bark beetles
(Coleoptera: Scolytidae) are common native insects that kill
firs and pines, and are capable of large-scale population
increases following disturbances such as droughts [4, 5].
Dense forests are considered relatively more susceptible to
insect mortality [6, 7], and recent studies have concentrated
on how prescribed fire and thinning affect susceptibility of
trees to insects [5, 8, 9]. However, few data are available on
the influence of tree mortality on fire behavior.

Stands with high tree mortality due to drought and insects
often are presumed to burn at higher severity during fires,
increasing the mortality of dominant overstory vegetation in
the stand [10, 11]. This assumption is based on expectations
of greater dead fine and coarse fuel loads, including canopy
fuels, resulting from pre-fire mortality [11]. The hypothesis
that insect-caused tree mortality increases fire severity has
relied upon two principal assumptions: (1) dead needles
remaining on trees could increase the amount and vertical
continuity of fine, dry fuels [11, 12]; and (2) tree mortality
could open the canopy and intensify seasonal desiccation of
understory fuels [12]. However, the few empirical studies
testing this hypothesis have not found support for it. A
widespread low-severity fire in subalpine forest in the White
River National Forest, Colorado did not burn any stands

* Address correspondence to this author at the P.O. Box 151172, San Rafael,
CA 94915, USA; Tel: +1 415 630-3488; E-mail: monibond@gmail.com

1874-3986/09

affected by spruce beetle (Dendroctonus rufipennis)
outbreaks that occurred several decades prior to the fire [13].
Furthermore, a regional analysis of 303 fires in the White
River National Forest found that beetle-affected stands did
not burn at higher severities than unaffected stands in fires
occurring several decades after the outbreak [12].

The hypothesis that stands with recent high tree mortality
due to drought or insects have an elevated probability of
burning at higher severity when a fire occurs has never been
empirically tested. We examined whether fire severity in two
large fires that occurred in the midst of a tree mortality event
was influenced by the number of trees killed by drought and
insects. Specifically, we investigated whether pre-fire tree
mortality increased fire severity in stands after ignition
occurred. We did not examine the probability of fire igniting
in a stand over broad spatial and temporal scales [e.g., 12,
14].

Beginning in rainfall year 1998-1999, southern California
entered a period of major drought and higher temperatures.
In 2000, the San Bernardino National Forest began to
document unusually high mortality of incense-cedars
(Calocedrus decurrens), and in 2001 slightly increased
mortality was witnessed in ponderosa (Pinus ponderosa),
Coulter (P. coulteri) and Jeffrey (P. jeffreyi) pines (L.
Merrill, USDA Forest Service, unpublished data 2003).1 In
2002, an outbreak of western pine beetles (D. brevicomis)

! Merrill L. Bark beetles and tree mortality in the San Bernardino
Mountains: Current situation and outlook. USDA Forest Service, Region 5,
Southern California Shared Service Area. Unpublished Report, June 24,
2003.
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resulted in what the USDA Forest Service identified as
‘above background’ mortality levels of ponderosa and
Coulter pines, and many other conifer tree species were
dying from drought alone (L. Merrill, USDA Forest Service,
unpublished data 2003). In the first half of 2003, both
western pine beetles and mountain pine beetles (D.
ponderosae) were actively colonizing and killing thousands
of conifer trees. By April 2003, the San Bernardino National
Forest had mapped approximately 70,000 ha with elevated
levels of conifer mortality (L. Merrill, USDA Forest Service,
unpublished data 2003).

In late October 2003, one year after the beginning of the
beetle population outbreak, two large human-ignited fires
merged together in the San Bernardino Mountains and
burned 5,863 ha of conifer and conifer-hardwood forest
types, including stands with high levels of tree mortality due
to drought and insects (Fig. 1). The Old and Grand-Prix fires
were driven by hot Santa Ana winds which typically sweep
through southern California during the fall [15]. No
widespread harvest of the beetle- and drought-killed trees
had occurred at the time of the fires.

Bond et al.

MATERIALS AND METHODOLOGY

We selected the San Bernardino Mountains study area
because of the existence of Geographic Information System
(GIS) layers depicting structural characteristics of
vegetation, topography, pre-fire tree mortality immediately
prior to the fires, and fire severity, allowing us to investigate
the influence of numbers of recently dead trees on fire
severity. We simultaneously investigated the effects of
topography (slope and aspect), tree size, and canopy cover
on fire severity in burned stands, because these factors also
are known to influence fire behavior [16, 17].

Conifer forests in the San Bernardino Mountains consist
of mixed-evergreen forests [18] below 1,500 m, and
ponderosa pine, Jeffrey pine, Coulter pine, white fir (4bies
concolor)-sugar pine (P. lambertiana), and bigcone
Douglas-fir (Pseudotsuga macrocarpa) stands above 1,500
m [19, 20]. Various combinations of white fir, Jeffrey pine,
ponderosa pine, Coulter pine, sugar pine, incense-cedar, and
black oak (Quercus kelloggii) occur at higher elevations, and
canyon live oak (Q. chrysolepis) and bigcone Douglas-fir
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Fig. (1). Perimeters of the 2003 Old and Grand-Prix fires and RANBR fire severity (low/unburned, moderate, moderate/high) within conifer
forest types (Jeffrey Pine, Sierra Mixed Conifer, Montane Hardwood-Conifer). White areas within the fire perimeter are non-conifer

vegetation.
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dominate at lower elevations [21]. Historic fire return
intervals in these forests were variable, with some forest
types exhibiting relatively longer fire-free intervals
associated with mixed-severity fire effects [20].

We acquired GIS data on vegetation type and structure
[22] and pre-fire tree mortality [23] from the USDA Forest
Service and GIS data on fire severity [24] and topography
[25] from the US Geological Survey. The detailed
methodology used by the agencies to create these GIS maps
was explained in the metadata for the layers, and is
summarized here. Our variables of interest were vegetation
type, size of dominant trees, canopy cover, slope, aspect,
number of dead trees per ha prior to the fire, and fire
severity.

Vegetation type, size class of dominant trees, and canopy
cover were derived from a map of existing vegetation from
2002-2003 (EVEG Tiles) [22]. The vegetation layer was
generated using a combination of automated systematic
procedures, remote-sensing classification, and photo editing
and ground surveys to reduce bias while mapping large
areas. Minimum mapping size for contrasting vegetation
conditions based on cover type, vegetation type, tree cover,
and diameter class was 1 ha and pixel size was 30 m.

Cover types were delineated using Landsat Thematic
Mapper imagery into the following broad classes: (1)
Conifer = >10% conifer cover as dominant type; (2) Mix =
>10% tree cover and 20-90% hardwood cover; (3)
Hardwood = >10% hardwood cover as dominant type; (4)
Shrub = >10% shrub cover as dominant type; (5) Grass =
>10% grass cover as dominant type; (6) Barren = <10%
cover of any natural vegetation; (7) Agriculture; (8) Urban;
and (9) Ice/snow. Attributes including tree cover from above
and overstory tree diameter interpreted from aerial
photography and satellite imagery were then mapped within
the cover type classes and used to develop additional
classifications. We wused California Wildlife Habitat
Relations (WHR) [26] to describe specific vegetation types,
canopy cover, and tree size-class. “WHR vegetation type,” is
derived primarily from CALVEG cover type and relative
cover of conifer and hardwood trees for mixed vegetation
types. For our study area, the WHR vegetation types
consisted of Jeffrey Pine, Sierra Mixed Conifer, Montane
Hardwood-Conifer, Eastside Pine, and Closed-cone Pine-
Cypress. “WHR density” is a measure of tree density indexed
by percent canopy cover and included: Sparse (10.0-24.9%),
Poor (25.0-39.9%), Moderate (40.0-59.9%), and Dense
(>60%). “WHR size” identified size classes of overstory
trees. WHR size included the following three classes: WHR
size 3 = dominated by trees 15-27 cm dbh; WHR size 4 =
dominated by trees 28-60 cm dbh; WHR size 5 = dominated
by trees >61 cm dbh.

The GIS layer depicting tree mortality was created from
annual aerial surveys conducted by the USDA Forest
Service. Current-year tree mortality from 2001-2003 was
sketch-mapped by an aerial observer who quantified the
number of yellow to reddish brown trees. Polygons were
categorized by mortality type (drought or insect kill) and
number of trees affected per acre (we converted acres to
hectares for this study). Generally, areas with <1 tree per
acre of mortality were considered to have background levels
of mortality and were not usually mapped during the flight.
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The resulting layer is a vector data set of polygons each
associated with a level of tree mortality for that year. Each
year’s layer was non-cumulative with respect to numbers of
dead trees; however, we used only the 2003 GIS map in our
analyses because (1) prior to 2003, few polygons showed
above-background levels of mortality within the fire
perimeter and (2) we were interested only in very recent
mortality since these trees were most likely to have retained
dead needles to potentially contribute to fire severity.
Therefore, the actual number of all dead trees in a given
polygon was likely higher than reported herein.

The fire severity GIS data of the 2003 Old and Grand
Prix fires were derived from Landsat Thematic Mapper data.
Pre-fire and post-fire data were used to create a Relative
delta Normalized Burn Ratio (RINBR) image, which
portrays fire severity to vegetation within a fire while
accounting for variation in pre-fire live tree cover, as
described in Miller and Thode [27]. Because we were
interested in ascertaining whether pre-fire tree mortality
influenced fire severity, we used a relative rather than
absolute index. Absolute dNBR measures how much
vegetation was killed by the fire, while RANBR measures the
amount of vegetation killed in relation to the amount of pre-
fire vegetation [27]. Miller and Thode [27] found that
RANBR more accurately classified high-severity fire effects
than dNBR in heterogeneous landscapes with variable
amounts of pre-fire vegetation, such as our study area in the
San Bernardino Mountains. Higher RANBR values are
correlated with more severe burning of vegetation. The
RANBR image was classified into 4 classes of fire severity
based on cutoff thresholds informed by field data collected
on understory, midstory, and overstory vegetation one year
post-fire on several fires from 2001 through 2004 using
Composite Burn Index (CBI) protocols [27]. We used CBI
classifications because they provide information about fire
effects on all vegetation strata from the forest floor to the
upper canopy, and are a useful and easily understood
measurement for managers.

The fire severity map identified 4 classes of fire severity.
“Unchanged” included areas in which conditions one year
after the fire were indistinguishable from pre-fire conditions.
“Low Severity” represented areas of surface fire with little
change in cover and little mortality of the dominant
vegetation. “Moderate Severity” was between low and high
and represented a mixture of effects on the dominant
vegetation. “High Severity” represented areas where the
dominant vegetation had high to complete mortality of
canopy foliage due to the fire. We used this classification
system to represent the severity of fire in the forest canopy in
our analyses. For areas mapped as high severity using
RANBR, we categorized these as “moderate/high severity”
because RANBR measures fire-induced mortality of canopy
foliage, rather than tree mortality. The RANBR high-severity
mapping category has a lower threshold of 80% canopy
mortality, which equates to 65% tree mortality for trees >20
cm dbh [28]. Basal area mortality would likely be somewhat
lower than 65%, since the larger trees that dominate in terms
of basal area are less fire-susceptible than the abundant small
trees that dominate in terms of tree density [29].

The GIS layers of vegetation type and structure, pre-fire
tree mortality, and a Digital Elevation Model [25] were
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clipped to the Old and Grand Prix fire perimeters. We
selected conifer and mixed hardwood-conifer type polygons
from within the vegetation layer for analyses. We generated
500 randomly located points throughout the conifer and
mixed hardwood-conifer forest types to create a table of
sample stand locations. At each sample location we
determined the values of the variables: (1) slope [%]; (2)
aspect [degrees]; (3) mortality [drought and beetle killed
only] expressed as the number of dead trees per ha from year
2003; (4) WHR vegetation type; (5) WHR size; (6) WHR
density; and (7) fire severity.

We removed 31 locations from our sample due to small
sample sizes within specific categories, including: (1) the 5
locations where WHR size = 3; (2) 8 locations of various
WHR vegetation types that had <5 samples in categories; and
(3) 18 locations in the Closed-Cone Pine-Cypress type. Final
sample size was 469 random points in WHR types Jeffrey
Pine, Sierra Mixed Conifer, and Montane Hardwood-Conifer
(hereafter conifer forest), in WHR size classes 4 and 5. WHR
densities were modified from categorical variables to the
mean value of each category (17.5%, 32.5%, 50%, and
80%). Pre-fire tree mortality data was expressed in terms of
total number of dead trees per ha in 2003 (immediately prior
to the October fires).

We analyzed how fire severity was affected by pre-fire
insect and drought mortality along with topography, tree
size, and canopy cover variables using two model structures
best suited to categorical response variables: binomial and
rank-ordered logistic. For the binomial method, we created a
generalized linear model (GLM) using a binomial error
structure and a logit link function to examine the effects of
explanatory variables on the probability that each randomly
selected location experienced moderate/high severity fire.
The binomial response variable was moderate/high severity
burn = 1; and unchanged, low, or moderate severity burn = 0.
For the rank-ordered method we performed ordered logistic
regression (OLR) to fit an ordered logit model examining
how explanatory variables affected the probability that each
randomly selected location burned at low, moderate, or
moderate/high severity. Our response variable, fire severity,
was treated as ordinal under the assumption that the levels of
fire severity have a natural ordering (low to moderate/high),
but the distances between adjacent levels are unspecified. All
analyses were performed using Stata 8.2 (Stata Corp. 2004,
College Station, Texas 77845).

We generated binomial categorical variables for aspect
(south, east, and west), WHR type (Sierra Mixed Conifer and
Montane Hardwood-Conifer), and WHR size 5, conditioning
the model on north-facing slopes of Jeffrey Pine dominated
by trees 28-60 cm dbh (WHR size 4). WHR density was
included to control for variation in stand density (canopy
cover) within mortality polygons and across the landscape.
Slope, aspect, WHR size, and WHR vegetation type variables
were included because all of these factors can influence fire
behavior [16, 17].

We used trend surface analysis to model broadscale
spatial pattern in the burn-severity data as a control for
spatial autocorrelation. This methodology has two primary
aims [30, 31]: (1) to guard against false correlations between
fire severity and explanatory variables, as may arise when an
unmeasured environmental factor causes a common spatial
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structure in fire severity and in the measured explanatory
variables; and (2) to determine if there is a substantial
amount of broadscale spatially structured variation in the
fire-severity data that is unexplained by the measured
explanatory variables. We fitted a trend surface to fire
severity by including variables for x and y spatial coordinates
of each sample location, polynomial terms up to the third-
degree, and interactions. Prior to analysis, x and y were
centered on their respective means to reduce collinearity
with higher-order terms [31] and standardized to unit
variance. Nonsignificant (P > 0.05) trend surface terms were
removed by stepwise selection.

RESULTS

Fire severity in the Old and Grand Prix fires was highly
variable, as is typical of forest fires, leaving patches of
unburned and lightly burned areas intermixed with moderate
and moderate/high severity patches (Fig. 1). Throughout
conifer forest, the fires burned 1,882 ha (32%) at
moderate/high severity; 2,010 ha (34%) at moderate severity;
1,385 ha (24%) at low severity; and 586 ha (10%) remained
unchanged. The distribution of fire severity categories of our
sample locations closely matched the distribution of fire
severities in conifer forest throughout the study area (32% at
moderate/high severity; 34% at moderate severity; 23% at
low severity; and 12% remained unchanged). Tree mortality
due to drought and beetle infestation prior to the fire ranged
from an average of 0 to 21.83 dead trees per ha in each
polygon. In smaller patches within a polygon the density of
dead trees may have been much higher. Fifty percent of our
sample locations had no pre-fire tree mortality above
background level. Of the remaining 50% of our sample
locations with above-background tree mortality levels, most
observations were evenly distributed among four categories:
(1) < 2.47; (2) 7.41-12.35; (3) 14.83; and (4) 19.77-22.24
dead trees per ha. The original data were reported in these
categories and were expressed in terms of dead trees per
acre. We converted acres to hectares to derive our dead tree
density values.

The GLM indicated that pre-fire tree mortality due to
drought and beetle infestation did not significantly affect the
probability that a location within the fire burned at
moderate/high severity (P = 0.88; Table 1), while controlling
for the effects of topography and vegetation characteristics.
Burned locations in Montane Hardwood-Conifer vegetation
were significantly more likely (P = 0.04) to burn at
moderate/high severity than locations in Sierra Mixed
Conifer or Jeffrey Pine vegetation. Western aspect decreased
the probability of moderate/high severity fire (P < 0.10;
Table 1). The pseudo r* value was 0.067, indicating that 7%
of the variation in probability of high-severity fire was
explained by our model.

Similarly, the OLR indicated that pre-fire tree mortality
did not increase the probability that a location within the fire
area burned at higher severity (P = 0.53; Table 2). Montane
Hardwood-Conifer vegetation significantly increased the
probability that a location burned at higher severity than
Sierra Mixed Conifer or Jeffrey Pine vegetation (P < 0.001;
Table 2). Sample locations with western aspect and those
dominated by trees >61 cm dbh were more likely (P < 0.10)
to burn at lower severities relative to locations with north
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Table 1. Table of Coefficients from a Binomial Generalized Linear Model (GLM) Examining Effects of Pre-fire Tree Mortality,
Slope, Aspect, Vegetation Type, Tree Size Class, and Canopy Cover Class on Probability of Moderate/High Severity Fire
in Conifer Types within the October 2003 Old and Grand Prix Fires in the San Bernardino National Forest, California (n
=469).
Variable Coeff. SE z P>[z| 95% CI
Insect/drought mortality 0.005 0.035 0.15 0.882 -0.064 0.074
Slope 0.001 0.002 0.35 0.726 -0.002 0.003
East -0.062 0.263 -0.24 0.812 -0.577 0.452
South -0.293 0.345 -0.85 0.395 -0.970 0.383
West ** -0.585 0.300 -1.95 0.051 -1.173 0.003
WHR size 5 -0.361 0.228 -1.58 0.114 -0.808 0.087
WHR type MHC * 0.575 0.283 2.03 0.043 0.019 1.130
WHR type SMC -0.637 0.698 -0.91 0.362 -2.004 0.731
WHR density 0.011 0.007 1.55 0.120 -0.003 0.024
Y-coordinate * 1.3E-04 4.2E-05 3.17 0.002 5.2E-05 2.2E-04
X-coordinate® * 2.5E-09 7.5E-10 3.24 0.001 9.7E-10 3.9E-09
Intercept -2.247 0.701 -3.21 0.001 -3.620 -0.874
*=P <0.05.

**=0.05<P<0.10.

Table 2.

Table of Coefficients from Ordered Logistic Regression (OLR) Examining Effects of Pre-fire Tree Mortality, Slope,

Aspect, Vegetation Type, Tree Size Class, and Canopy Cover Class on Fire Severity (Low, Moderate, Moderate/High) in
Conifer Types within the October 2003 Old and Grand Prix Fires in the San Bernardino National Forest, California (n =

415).
Variable Coeff. SE P>[z| 95% CI

Insect/drought mortality 0.020 0.032 0.63 0.532 -0.043 0.083
Slope 0.000 0.001 -0.16 0.874 -0.003 0.002
East -0.191 0.240 -0.80 0.425 -0.662 0.279
South -0.051 0.311 -0.16 0.870 -0.659 0.558
West ** -0.455 0.254 -1.79 0.073 -0.953 0.043
WHR size 5 ** -0.343 0.206 -1.67 0.095 -0.746 0.060
WHR type MHC * 0.915 0.244 3.75 <0.001 0.437 1.394
WHR type SMC -0.302 0.577 -0.52 0.601 -1.433 0.829
WHR density 0.001 0.006 0.14 0.891 -0.010 0.012
XY * 5.8E-09 1.9E-09 3.03 0.002 2.1E-09 9.6E-09
Cutpoint 1 -0.634 0.521

Cutpoint 2 1.109 0.524

*=P <0.05.

**=0.05<P<0.10.

aspect or those dominated by trees 28-60 cm dbh (Table 2).
The pseudo r* value of 0.04 suggested that 4% of the
variation in fire severity among locations was explained by
our model.

DISCUSSION

We found that stands with recent high pre-fire tree
mortality due to drought and insects did not burn at higher
severity in coniferous forests of the San Bernardino
Mountains, southern California, in the two fires we

examined. Pollet and Omi [32] reported anecdotally that
stands of lodgepole pine (P. contorta) that experienced an
insect epidemic in the 1940s in Yellowstone National Park
burned at lower severities compared to adjacent burned areas
in the 1994 Robinson Fire. A widespread low-severity fire in
subalpine forests in the White River National Forest,
Colorado did not burn any beetle-affected stands [13].
Further, Bebi ef al. [12] found that stands of Engelmann
spruce (Picea engelmannii) and subalpine fir (4. lasiocarpa)
in the White River National Forest influenced by a spruce
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beetle outbreak in the 1940s did not show higher
susceptibility to 303 subsequent forest fires that burned after
1950. Our study area differed from these previous sites
because most of the trees killed by insects and drought just
prior to the fires in the San Bernardino Mountains were still
standing and had retained needles. Despite differences in
sites and forest types, previous studies and our results
provide compelling evidence that when fire does occur,
stands with considerable tree mortality due to drought and
insects will not burn at higher severity than stands without
significant tree mortality, either in the short or long term.

While pre-fire tree mortality had no effect on fire severity
in burned stands, we found that sample locations dominated
by the largest size class of trees (>61 cm dbh) burned at
lower severities than locations dominated by trees 28-60 cm
dbh (Table 2). This result suggests that harvesting larger-
sized trees for fire-severity reduction purposes is likely to be
ineffective, and possibly counter-productive. These findings
corroborate other recently published studies indicating that
retention of the largest trees is likely to maintain normative
fire behavior [33-35]. The smallest tree-size classes were not
included in our analyses due to low sample sizes, so we
could not determine the effects of still smaller tree-size
classes on fire severity. An additional limitation on the
potential effectiveness of fuel treatments to reduce fire
severity in stands with high pre-fire mortality is the low
likelihood that such stands will be affected by fire [14].

Weather conditions can supersede the influence of stand
structure and fuels on fire behavior in mixed-severity fire
regimes [36], which probably accounts for the low r* values
of our models. We included topographical and stand
structure variables, but we had no variables for wind speed,
air temperature, and fuel and air moisture levels, for
example. Odion and Hanson [36] analyzed the spatial
patterns of fire severity for conifer forests in the three largest
fires in the Sierra Nevada Mountains, California since 2000,
and found that high-severity fire ranged from 10.9 to 28.9%
of total area burned. Overall, we documented that 32% of
conifer and mixed hardwood-conifer types burned at
moderate/high severity in the 2003 Old and Grand Prix fires.
The Old and Grand Prix fires may have had relatively high
proportions of moderate/high severity due to the extreme fire
weather resulting from Santa Ana winds, the lack of large-
tree components due to past harvest, or some combination
thereof.
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soo10 4.1 INTRODUCTION

p0010 Mammals are ecologically and economically important members of the land-
scapes in which they live. Large herbivores like deer (Odocoileus spp.) and
elk (Cervus elaphus), and predators like bears (Ursus spp.) and wolves
(Canis lupus), are highly conspicuous and well-known “flagship” mammal spe-
cies, whereas rodents, bats, and mustelids are cryptic but no less important in
their ecosystems. Many species have developed broad ecological tolerance
from exposure to environmental variation and natural disturbances over long
time periods (Lawler, 2003). However, widespread hunting and excessive hab-
itat fragmentation of landscapes by modern-day humans are qualitatively and
quantitatively different from the natural disturbances to which these mammals
were exposed in the past (Spies and Turner, 1999), and they have resulted in
contraction of historical ranges and population declines. In North America
alone notable population declines include elk, grizzly bears (Ursus arctos), gray
wolves, Canadian lynx (Lynx canadensis), bighorn sheep (Ovis canadensis),
beaver (Castor canadensis), the larger species of forest mustelids, and several
herteromyid rodents.

p0015 Mixed- and high-severity wildfire is a natural disturbance in many vegeta-
tion systems of North America, the Mediterranean, Australia, and Africa (see
Chapters 1, 2, 8;-and-9). The effects of severe fire on organisms vary spatially
and temporally, by habitat type, and by species, but how do these disturbances
specifically impact mammals? As with any natural disturbance, some species
are adversely affected (“fire-averse” species), others benefit (“fire-loving” or
pyrophilous species), and still others have a neutral response to fires.

p0020 The dynamics of populations and communities of mammals after severe fire
depend on factors such as the degree of ecological change, time since fire, size
and spatial configuration of burned and unburned areas, extent of edge, isolation
of habitat patches by urbanization and roads, and invasion of nonnative species
(Smith, 2000; Shaffer and Laudenslayer, 2006; Arthur et al., 2012; Diffendorfer
et al., 2012; Fontaine and Kennedy, 2012). In theory, mammalian populations
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should be stable and resilient across the landscape wherever prefire populations
and critical habitats are not greatly reduced and/or fragmented by human activ-
ities, and where severe fires occur in a spatial and temporal pattern in which a
species has evolved (Shaffer and Laudenslayer, 2006). The capability of fire-
loving individuals to utilize severely burned areas or for fire-averse populations
to recover after fire, however, can be compromised when prefire habitat frag-
mentation has resulted in small and/or isolated populations and where postfire
management actions, such as logging of burned trees and use of herbicides and
pesticides, adversely influence population dynamics and habitat use.

p0025 In this chapter I provide an overview of published studies about mammalian
responses to mixed- and high-severity fires in forests, woodlands, shrublands,
deserts, and grasslands around the world. I describe research on the effects of
severe fire on four major taxonomic groups of mammals: bats, small mammals,
carnivores, and ungulates. I emphasized peer-reviewed publications, particu-
larly those with robust methodologies and analyses, because these are the
accepted standard in science. I also used non-peer-reviewed data when neces-
sary to supplement information from the peer-reviewed literature. I do not cite
every published study but instead provide a balanced overview of severe-fire
effects on these taxa. I encourage readers to investigate further the scientific
literature on habitat use and population responses of mammals to severe fire
because the state of the science is constantly evolving.

p0030 Few studies have documented direct effects of fire on wildlife (e.g., mortality
from asphyxiation, heat stress, burning, or physiological stress; however, see
Singer et al., 1989) ildlife biologists generally agree wect mortality
from fire is typical low and does not significantly i e populations
(Smith, 2000). Thus I focus here on the indirect responses ef severe fire, such
as postfire occupancy, abundance or density, survival, reproduction, and use of
habitat (e.g., breeding, resting, foraging). I define “significant effects” according
to the generally accepted scientific definition of statistical significance (i.e., at the
0.05 probability level). I exclude studies that simulated or modeled fires, choos-
ing instead to focus on observations of real systems responding to severe wildfire.

p0035 Appendix 4.1 is a summary of published studies by mammalian taxa and
directional response to severe wildfire (negative, neutral, positive) over three time
periods after fire. I present results from studies comparing unburned habitats with
high-severity burn from wildfire (rather than prescribed fire) and without the con-
founding effect of postfire logging. For small mammals, only species with enough
detections to determine directional response were included in the appendix.

s0015 4.2 BATS

p0040 Bats perform unique and critical ecosystem services by consuming vast quan-
tities of insects, thereby transferring nutrients, most notably nitrogen, from for-
aging to roosting areas via their feces (Gruver and Keinath, 2006). Bats are
predators of adult mosquitoes and thus play an important role in controlling
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mosquito populations and reducing disease transmission (Reiskind and @
2009). Further, nectar-feeding bats are primary pollinators of many plant#’spe-
cies throughout the world (Molina-Freaner and Eguiarte, 2003).

p0045 The current literature on the effects of fire on bats strongly suggests that
mixed- and high-severity fires are explicitly beneficial. In a study comparing
the relative activity of six phonic groups of mostly rare and sensitive bat species
across unburned and moderate- and high-severity burned mixed-conifer stands
1 year after fire in the southern Sierra Nevada, bat activity in burned areas was
equivalent to or greater than activity in unburned areas for all groups based on
echolocation frequencies (Buchalski et al., 2013). Indeed, two of the phonic
groups showed a positive response to high-severity fire but a neutral response
to moderate-severity fire, demonstrating the importance of severity-specific
responses. The positive response to mixed- and high-severity fire by bats mir-
rors findings for a range of bird species (see Chapter 3) and provides evidence of
a long evolutionary relationship between bats and severe fire.

p0050 Several studies have documented how roosting bats use basal hollows of
large trees (Gellman and Zielinski, 1996; Zielinski and Gellman, 1999;
Fellers and Pierson, 2002; Mazurek, 2004). (Figure 4.1) Basal hollows are cav-
ities formed by repeated fire scarring and healing (Zielinski and Gellman, 1999).
For bats that roost in basal hollows of large trees, high-severity fire may destroy
or reduce the longevity of existing roost trees, but it also creates new roost trees.
In addition, fire creates gaps in the canopy that increase the amount of solar
radiation reaching the subcanopy where bats roost. These warmer temperatures
may facilitate thermoregulation (Bri t al., 1997; Boyles and Aubrey,
2006) and are particularly beneficial to uctive females because increased
temperatures are associated with increased fetal and neonate h (Brigham
etal., 1997; Johnson et al., 2009). Finally, high-severity fire (;?Ia “pulse” of
insect prey (e.g., aquatic insects (Malison and Baxter, 2010) moths, beetles,
and flies (Schwab, 2006)), as well as new natural edge habitat that provides

novel foraging opportunities (Fellers and Pierson, 2002).
p0055 Comparisons of food web components between unburned Watershedsl;l
areas of low- and high-severity fires 5 years after fire in Douglas Air

(Pseudotsuga menziesii) and ponderosa pine (Pinus ponderosa) forests in
central Idaho showed high insect biomass in heavily burned areas and corre-
spondingly high bat detection rates (Malison and Baxter, 2010). Notably,
high-severity sites had almost five times more biomass of zoobenthic insects
and more than three times the number of emerging adult aquatic insects than
low-severity sites (and twice as many as unburned areas). The frequency of
bat echolocation calls also was significantly greater at high-severity sites than
at unburned sites, because aquatic insects emerging from streams into the ter-
restrial envir t are an important food source for bats. In a review of the
responses of benthic macroinvertebrates to fire, Minshall (2003) con-
cluded that “[r]esults for macroinvertebrates generally support the belief that
fire and similar natural disturbance events are not detrimental to the sustained
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O R e G, S

f0010  FIGURE 4.1 Basal hollow in large trees are created by periodic fire scarring and healing, creating
important roost sites for bats. A Townsend’s big-eared bat (Corynorhinus townsendii) roost tree in a
coast redwood (Sequoia sempervirens) in Grizzly Creek State Park, northern California. (Photo by
M.J. Mazurek (2015)).

maintenance of diverse and productive aquatic ecosystems (i.e., those found in
undisturbed forests)” (p. 159). While individual taxa respond differently to the
physical changes in stream structure and short-term and long-term postfire
changes in vegetation, Minshall noted that streams are inherently unstable
and dynamic environments in which disturbance, including high-severity fire,
is a regular occurrence, and many species are opportunistic and can shift food
resources in response to fire.

p0060 In mid-elevation forests burned at mixed and high severity in western
Montana, Schwab (2006) characterized roost sites and sampled potential prey
sources for two forest-dwelling, insectivorous bat species, the little brown bat
(Myotis lucifugus) and the long-eared myotis (Myotis evotis). These species
roosted in larger-diameter snags (standing dead trees) in high-density stands
of fire-killed trees. Proximity to perennial streams also was important in roost
site selection for these two species in burned forests. Wildland fire apparently
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created an abundance of roosting sites and insect prey for bats. Although the
abundance of Lepidoptera (moths) and Trichoptera (caddis flies) was similar
in burned and unburned forests, the abundance of Diptera (flies) and Coleoptera
(beetles) was signify higher in burned forests. Overall, the median capture
rate of all insects i rn was 1.78 times higher than the median capture rate
in unburned forests, & ek there was considerable variability in the compo-
sition and abundance of particular species. Eight of the 11 orders of insects were
more abundant in burned sites. In addition, beetles, flies, and caddis flies were
significantly more abundant in burned than unburned sites in the first year after
fire, although they decreased significantly the second year after fire. Thus, reten-
tion of burned trees the first year is important for insectivorous bats. In fact,
removing burned trees decreased mammalian (and avian) predation on the abun-
dance of insects that occurred 1 year after fire. Snags in unburned forests can be
recruited from existing green trees, but in severely burned forests postfire log-
ging eliminates both existing and future snags for nearly a century because few
trees are available for snag recruitment until large-diameter trees have regrown
(Schwab, 2006).

p0065 As with many bird species, mixed- and high-severity fire in forest ecosys-
tems likely enhances foraging opportunities for bats (Buchalski et al., 2013).
Many insect species inhabiting coniferous forests are highly evolved to exploit
severely burned forests an ptly termed “pyrophilous.” Certain beetle spe-
cies in particular are stro racted to highly burned forests. Saint-Germain
et al. (2004) noted that, “[skome insect groups have adapted to recurrent forest
fires by evolving sensory organs and life strategies that allow them to exploit
these high quality habitats efficiently. Pyrophilous Buprestids of the genera
Oxypteris and Merimna and the Cerambycid Arhopalus tristis (F.) have been
shown to respond physiologically to smoke and/or heat generated by fire,
and use them as signals leading toward the newly created habitat ... Several
other Coleoptera species uncommon in mature forests congregate in exception-
ally high densities in burned stands” (p. 583).

p0070 In a study of fire-loving beetle communities in a large fire that burned boreal
black spruce (Picea mariana) forest in Quebec, Canada, more than half of the 86
taxa captured were restricted to burned stands (Saint-Germain et al., 2004).
Moreover, total captures and species richness were higher in burned stands,
especially the oldest severely burned forests. Captures were significantly lower
the second year after the fire for all burned stands, indicating that the utility of
burned forests for these beetles is greatest in the first year following fire.

p0075 Insects utilizing dead trees occur at much low dances in low-severity
sites, which by definition have far fewer fire-ki ees than high-severity
sites. Malison and Baxter (2010) stated that, “[o]tir results suggest that high
severity fires do not play the same ecological role as low severity fires and
allowing high severity fires to burn (rather than suppressing them) in certain
forest types could be important in maintaining ecosystem function” (p. 577).
Similarly, in his severely burned study site, Schwab (2006) noted, “26% of
all [insect] families captured were restricted to sites within the burn suggesting
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b0010  BOX 4.1

00010 (1) Bats preferentially roost and forage in burned forests.

00015  (2) High-severity fire creates a superabundance of native insect prey.

00020  (3) Bats select denser stands of fire-killed trees for roosting in burned forests and

forage significantly more in forests burned by high-severity fire than in
unburned and low-severity fire-affected forests.

00025  (4) Large burned trees for roosting have significant positive benefits for bats.

00030  (5) Postfire logging removes roost trees, reduces the abundance of prey, and
reduces habitat suitability for bats.

a unique environment created only after fire.” Thus, ecological changes caused
by mixed- and high-severity fires cannot be mimicked by low-severity pre-
scribed burns (also see Chapter 13 for similar discussion) (Box 4.1).

s0020 4.3 SMALL MAMMALS

p0110 Small mammals are critically important to ecosystems because they can influ-
ence vegetation structure and composition by dispersing seeds and ectomycor-
rhizal fungi and by aerating soils (Maser et al., 1978). They also provide an
essential prey base for carnivores, and the distribution of small mammals can
affect the use of space and the habitat selection of their predators (Carey
etal., 1992; Ward et al., 1998). Small mammals have comparatively small home
ranges and therefore are quite sensitive to habitat change, making them good
biological indicators (Haim and Izhaki, 1994). Small mammal assemblages
include rodents and insectivores of the families Soricidae (shrews), Talpidae
(moles), Aplodontidae (mountain beavers), Sciuridae (squirrels, chipmunks,
and marmots), Geomyidae (gophers), Heteromyidae (pocket mice and kangaroo
rats), superfamily Muroidea (voles, mice, and woodrats), and Dipodidae (jump-
ing mice). Larger-bodied small mammals include rodents in the Castoridae
(beaver) and Erethizontidae (porcupine) families, as well as lagomorphs (pika,
hares, and rabbits), and Australian and American marsupials (Marsupialia).

p0115 The occupation of severely burned areas by small mammals is related to
regrowth of the vegetation structure with which various species are associated
(Torre and Diaz, 2004; Lee and Tietje, 2005; Vamstad and Rotenberry, 2010;
Diffendorfer et al., 2012; Kelly et al., 2012; Borchert and Borchert, 2013), as
well as with seed and insect production and availability (Coppeto et al.,
2006), and cavities created by woodpeckers in snags (Tarbill, 2010). I discuss
fire effects on small mammals according to habitat type but give special atten-
tion to the deer mouse (Peromyscus maniculatus)—an exceptionally “fire-lov-
ing” species—in its own section. (Figure 4.2)
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f0015  FIGURE 4.2 Deer mice increase after severe fire in a variety of habita er mouse captured
two years after forest dominated by Douglas-fir with some lodgepole pine/western larch, and pon-
derosa pine burned severely in the 2005 Tarkio Fire, Montana. (Photo by Rafal Zwolak (2005)).

s0025 Chaparral and Coastal Sage Scrub

p0120 The chaparral and coastal sage scrub vegetation types in central and southern
California support an exceptionally rich diversity of rodents that are well-
adapted to a regime of periodic, very-high-intensity fire (see Chapter 7). Many
studies have examined small-mammal communities after both prescribed and
wildfire in these vegetative types. During intense fires, some individuals among
small, less vagile animals may suffer mortality, but many others survive in rock
crevices, riparian areas, large downed logs, and underground burrows where
temperatures remain cool and the air clean (Chew et al., 1959; Quinn, 1979;
Lawrence, 1966; Wirtz, 1995; Smith, 2000). Following fire, small-mammal
communities change over time (Diffendorfer et al., 2012; Arthur et al., 2012;
Borchert and Borchert, 2013) and space (Schwilk and Keeley, 1998), depending
on the vegetation associations of the various species. Species preferring open
habitat, including pocket mice (Chaetodipus spp.), California voles
(Microtus californicus), harvest mice (Reithrodontomys megalotis), and, espe-
cially, kangaroo rats (Dipodomys spp.) and deer mice can increase quite dramat-
ically and quickly after severe shrubland fire. Over a period of several years, as
shrubs resprout and grow denser and as different food sources become avail-
able, small-mammal species preferring a shrubby overstory, including woodrats
(Neotoma spp.), California mice (Peromyscus californicus), brush mice
(Peromyscus boylii), and cactus mice (Peromyscus eremicus), increase in num-
ber (Cook, 1959; Wirtz, 1977; Price and Waser, 1984; Brehme et al., 2011;
Borchert and Borchert, 2013). Compared with unburned chaparral and grass-
land, severely burned chaparral had the highest rodent diversity 4 years after
a high-intensity wildfire near Mount Laguna in San Diego County
(Lillywhite, 1977). Published data are not currently available for lagomorphs
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in chaparral wildfires, but prescribed burning of chamise (Adenostoma fascicu-
latum) chaparral in northern California increased black-tailed jackrabbit (Lepus
californicus) densities by 500-1000% the year following fire (Howard, 1995).

s0030 Forests

p0125 Forests offer important habitats for small mammals, especially shrews, mice,
tree voles, and squirrels. Mixed- and high-severity fire in forested habitats
can have pronounced effects on small-mammal populations by creating or
transforming habitat structures such as live and dead trees, shrubs, and coarse
woody debris. While some studies have shown that severely burned conifer
forests in North America support fewer individuals of some rodents and insec-
tivores immediately after fire compared with adjacent unburned sites (e.g., pin-
yon mice [Peromyscus truei; Borchert et al., 2014] and masked shrews (Sorex
cinereus) and southern red-backed voles [Myodes gapperi; Zwolak and
Forsman, 2007]), numbers begin to rebound several years after fire, often by
individuals surviving in unburned refuges within the larger burn perimeter.
Northern red-backed voles (Myodes rutilus), considered old-growth specialists,
began repopulating an intense burn in boreal Alaska from surrounding unburned
forest and started reproducing 3 years thereafter (West, 1982).

p0130 Unburned refuges and vegetation changes over time also mediate postfire
mammal population dynamics in other forests types, notably Eucalyptus for-
ests in Australia. Numbers of bush rats (Rattus fuscipes) and agile antechinus
(Antechinus agilis) were reduced compared with populations in adjacent
unburned forests 6 months after severe fire in a mountain ash (Eucalyptus
regnans) forest, but the population in the burned area was composed of residual
animals that had survived the fire rather than animals recolonizing from adja-
cent forests (Banks et al., 2011). Long-term studies are especially useful
because responses relative to time since fire can be quantified. One study
examined marsupial population dynamics over a 28-year period following
severe wildfire in a southeastern Australia Eucalyptus forest reserve (Arthur
et al., 2012). Bandicoots (Isoodon obesulus and Perameles nasuta) increased
immediately following the fire, peaked 15 years later, and then declined, asso-
ciated with an increase and decline of shrub cover. The potoroo (Potorous tri-
dactylus) population was similar before and immediately after the fire but
began to increase a decade later as tree cover increased. Wombats
(Vombatus ursinus) exhibited a stable population trend for the first decade after
the fire, then slowly declined along with a decline in ground litter cover.
Finally, larger macropods (eastern gray kangaroo [Macropus giganteus],
red-necked wallaby [Macropus rufogriseus], and swamp wallaby [Wallabia
biocolor]) remained at high densities after the fire then declined a decade later
as vegetation cover increased.

p0135 Rabbits and hares are associated with shrubs and small conifers that provide
cover (Ream, 1981; Howard, 1995). Severe fire temporarily eliminates this
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habitat structure, but it quickly returns as the vegetation regrows, stimulated by
intense fire. Snowshoe hares (Lepus americanus) in a boreal forest in Alberta,
Canada, moved out of intensely burned sites to surrounding habitat immediately
after fire but returned the second summer after the fire when shrubs resprouted,
and the postfire population trajectory increased above prefire numbers (Keith

and Surrendi, 1971).

p0140 Tree squirrels, including Douglglrrels (Tamiasciurus douglasii) and
northern flying squirrels (Glaucomys “sabrinus), typically are associated with
late-successional coniferous forests in California and the Pacific Northwest
in the United States (Carey, 2000); thus they may be adversely affected by
intense fire (Zwolak and Forsman, 2007), but few data currently are available
to refute or support this hypothesis. Chipmunks and ground squirrels can
occupy forests after severe fire where shrubs provide cover and food
(Borchert et al., 2014). Townsend’s chipmunks (Neotamias townsendii) were
abundant in early seral forests with dense shrub cover (Campbell and
Donato, 2014). Gray-collared chipmunks (Tamias cinereicollis) and least chip-
munks (Tamias minimus) showed no significant response to wildfire in ponder-
osa pine forests of the southwestern United States (Converse et al., 2006), and
the proportion and composition of two chipmunk species, Tamias amoenus and
Tamias ruficaudus, did not differ between severely burned and unburned coni-
fer forest in Montana (Zwolak and Forsman, 2007).

p0145 The increase in the availability, amount, and quality of forage for herbivo-
rous small mammals is an important determinant of the post-severe-fire com-
munity. In plots recently burned by large, intense wildfires in a
Mediterranean pine-oak woodland in Spain, the abundance of small mam-
mals—mostly mice and shrews—was higher than expected based on vegetation
characteristics alone (Torre and Diaz, 2004). The authors attributed small-
mammal increases to large quantities of seeds and seedlings in burned sites.

s0035 Deserts

p0150 The role of severe fire and its effects on small mammals in desert grasslands is
somewhat controversial (Killgore et al., 2009; Vamstad and Rotenberry, 2010).
Most desert systems are not adapted to frequent fire because many species of
long-lived perennial desert plants have low recruitment rates and long life spans
and lack the ability to resprout. Fire size and frequency in some areas has
increased recently because of the invasion of exotic grasses from livestock graz-
ing (Brooks, 2000) and other causes (Burbidge and McKenzie, 1989). In general,
most research shows a lack of significant long-term effects of intense fire on the
abundance of desert small mammals, although fire can alter community compo-
sition. Similar to shrub types in southern California, rodents in the family Het-
eromyidae increased following a large, intense wildfire in a perennial grassland
in southeastern Arizona, whereas species in the family Cricetidae declined
immediately after fire, began increasing 4 years after fire, and returned to
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prefire leve e sixth year (Bock et al., 2011). Rodent abundance and species
richness w ifferent between burned and unburned plots after wildfires in
Joshua tree #voodlands of the Mojave Desert in the American Southwest
(Vamstad and Rotenberry, 2010). Merriam’s kangaroo rat (Dipodomys mer-
riami) dominated the burned sites. As postfire vegetation changed from annuals
to sub-shrubs and then to long-lived perennials, however, the composition of
rodent species changed and the diversity of rodents increased over time.

p0155 Habitat type is important to fire effects in deserts. In Australia, wildfires in
stony desert habitats with sparse grasses have less effect on habitat structure and
small mammals than wildfires in sandy desert habitats with denser hummock
grass spinifex (Triodia spp.) (Pastro et al., 2014). For example, an intense wild-
fire did not affect the total abundance and species richness of small mammals in
the stony (gibber) desert in central Australia, although some species increased
and others decreased immediately following fire (Letnic et al., 2013). By
contrast, 9 months after intense wildfire in a spinifex grassland in the same
region, small-mammal diversity declined compared with before the fire and
with prescribed burned areas, although the abundance of animals captured
was similar (Pastro et al., 2011). Data were unavailable from wildfires, but hare
(Lepus spp.) abundance increased by 300% after prescribed burning in East
African savanna grasslands (Ogen-Odoi and Dilworth, 1984).

s0040 Deer Mice

p0160 In North America, generalist deer mice are often the most abundant rodent after
severe fire in a variety of vegetation types (Borchert et al., 2014). This species
responds strongly and positively to high-intensity fire in both shrubland and
conifer forests. Deer mice increased significantly over time in moderately
and severely burned mixed-conifer forests in the San Bernardino Mountains
of southern California over a 5-year period after fire (Borchert et al., 2014).
During 2 years subsequent to intense fire, deer mice were invariably the most
numerous species in burned study sites in a Douglas-fir-Western larch ¢Eea#ix
oveeidentalis Natt-forest in Montana (Zwolak and Fors 08). Converse
et al. (2006) attributed increased abundance of deer mice :;%?ldﬁre in south-
western United States ponderosa pine forests to inereased seed production or
greater detectability of seeds after fire.

p0165 Dramatic increases in deer mice in severely burned conifer forests were not
simply a result of colonization of the burn by animals from surrounding
unburned forests. When population densities were low, the vast majority of
individually ear-tagged deer mice were found in forest areas after severe fire,
and mice appeared regularly in unburned forests only when population densities
were high (Zwolak and Forsman, 2008). This finding indicated that severely
burned forest was preferred deer mouse habitat and that the postfire population
increase was intrinsic to the burn; thus the burn itself was a source habitat.
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b0015 BOX 4.2

00035 (1) Afterintense wildfire, small-mammal communities are dynamic and associated
with vegetation structure at different successional stages.

00040  (2) Intense fire may increase the availability and abundance of seeds and seedlings
for herbivorous small mammals.

00045  (3) Unburned refuges and time since fire are important determinants of small-
mammal communities following intense fire.

00050  (4) The richness and abundance of small-mammal species is high following
intense fire in chaparral and coastal sage scrub communities of southern
California. Heteromyid rodents and deer mice often dominate severely burned
shrublands, and heteromyids dominate postburn desert grasslands.

00055  (5) Some small-mammal species decrease shortly after intense fire in North
American conifer forests, but they can recover to prefire levels within 1 to sev-
eral years after fire. Deer mice dramatically increase following intense fire.

p0170 Overall, these observations from small-mammal studies in mixed- and
severely burned shrublands, forests, and grasslands underscore the important
roles played by high-severity fire patches, unburned refuges within a fire area,
and the time since fire in population dynamics after severe fire (Box 4.2).

so045 4.4 CARNIVORES

p0205 Carnivores are critically important “top-down” regulators of ecosystem pro-
cesses. Elimination of top carnivores unleashes a cascade of adverse effects,
including relaxation of predation as a selective force on prey species, spread
of disease, explosions of herbivore populations, and subsequent reproductive
failure and local extinction of some plants, birds, herptiles, and rodents
(Crooks and Soule, 1999; Terborgh et al., 2001). Sewdé-Large carnivores include
ursids (bears), canids (wolves), and larger felids (puma, lions, and jaguars).
Medium-sized carnivores, or “mesocarnivores,” include canids (coyotes and
foxes), Procyonidae (ringtails and raccoons), mustelids (wolverine, marten,
fisher, weasels, mink, and badgers), Mephitidae (skunks), and smaller felids
(Iynx and bobcats). Currently published research on carnivores in mixed and
severe wildfires is limited primarily to forested habitats.

s0050 Mesocarnivores and Large Cats

p0210 Many mesocarnivores are associated with forested habitats. Some are habitat
generalists, whereas others are forest specialists, riparian associates, or semi-
aquatic (Buskirk and Zielinski, 2003). Martens (Martes spp.) occur in dense
coniferous or deciduous forests across the northern hemisphere. They also reg-
ularly use severely burned habitats. Some evidence suggests martens use burns
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only when postfire trees are not logged. For instance, stone marten (Martes
foina) were not detected in an intensely burned but extensively postfire-logged
Aleppo pine (Pinus halepensis) forest in Greece the second and third years after
wildfire and logging (Birtsas et al., 2012). These martens were found only in
Turkish red pine (Pinus brutia) forests burned by wildfire 9 years earlier and
not in nearby unburned forests (Soyumert et al., 2010). In coniferous forests
of the Alaskan taiga, resident and transient American martens (Martes ameri-
canus) were captured in a 6-year-old unlogged burn more often than in an island
of unburned mature forest surrounded by the burn (Paragi et al., 1996). The
authors did not quantify burn severity in their study area but described fire-
affected sites as having portions of “severe” burn, and most of the vegetation
was in early to mid-seral stages, with dead, fire-scarred trees still standing, con-
sistent with mixed- and high-severity fire. There was no age difference between
martens trapped live in the mature forests versus and those trapped in the burn,
and marten foraging intensity was greatest in the recently burned area (Paragi
et al., 1996). Conversely, martens avoided stands of boreal forests burned from
2 to 20 years prior (Gosse et al., 2005), but the study did not quantify or describe
burn severity nor specify whether the burned forest was logged.

p0215 Larger cousins to the marten, fisher (Martes pennanti or Pekania pennanti)
are rare mesocarnivores associated with dense, mature, boreal and mixed
conifer-hardwood forests of North America (Powell and Zielinski, 1994). A
recent study in the southern Sierra Nevada, however, used scat sampling to
detect fisher habitat preferences and demonstrated that the species used denser,
mature forests that had experienced moderate- and high-severity fire 10 and 12
years prior and that were not logged after fire (Hanson, 2013) (Figure 4.3).
It is likely that both martens and fishers use severely burned forests for foraging
rather than denning. These results provide intriguing evidence that even old-
forest specialist species are adapted to and can exploit postfire conditions
in regions where mixed- and high-severity fire is natural (see Chapter 3,
Box 3.1: spotted owls).

p0220 Foxes apparently prefer severely burned forest areas over unburned areas,
but they may be less tied to forest structure than martens and fishers and thus
less sensitive to postfire logging. Red fox (Vulpes vulpes) in Turkish red pine
forests were detected more often in the 9-year-old unlogged wildfire area
(Soyumert et al., 2010); in postfire-logged Aleppo pine forests in Greece, red
foxes were detected most often in severely burned areas, rather than moderately
and unburned areas (Birtsas et al., 2012). In 3 of 4 years after intense wildfire in
mixed-conifer forests of the San Bernardino Mountains in southern California,
gray foxes (Urocyon cinereoargenteus) were detected more often in mixed-
severity burned over unburned areas, and in two of the years no foxes at all were
captured in the unburned area, but coyote (Canis latrans) were detected more
often in unburned forests (Borchert, 2012). Both gray fox and coyote scats were
more numerous in areas burned by intense wildfire than in unburned areas
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f0020 FIGURE 4.3 Representative foraging deteettert location based upon global positioning system
coordinates for a confirmed female Pacific fisher scat detection site several hundred meters into
the interior of the largest high-severity fire patch (>5000 ha) in the McNally Fire of 2002, Sequoia
National Forest, California. (Photo by Chad Hanson (2014).)

2 years after fire in interior chaparral, Madrean evergreen woodland, and
ponderosa pine forest in Arizona (Cunningham et al., 2000).

p0225 Striped skunk (Mephitis mephitis), ringtail (Bassariscus astutus), and raccoon
(Procyon lotor) were photocaptured only in mixed-conifer forests in southern
California burned by high-intensity fire, but each were photographed only once
(Borchert, 2012). Bobcat (Lynx rufus) were photocaptured in similar numbers in
severely burned and unburned forest, but captures in the burned area decreased
over time over the 4 years of the study. Finally, mountain lion (Puma concolor)
were photocaptured more often in severely burned forest, but the overall sample
was small (four lion in burned areas, one lion in unburned areas).

s0055 Bears

p0230 Although grizzly bears are flexible in the habitats they use, in British Columbia,
Canada, radio-collared grizzly bears strongly selected open forest burned by
wildfires 50-70 years earlier at high elevations because these sites supported
prolific huckleberries (McLellan and Hovey, 2001). Wildfire also promotes
the regeneration of whitebark pine (Pinus albicaulis) seeds, another important
food source for bears (Kunkel, 2003). Wildfire is not equivalent to logging, as
regenerating timber harvests were rarely used by bears in any season (McLellan
and Hovey, 2001).

p0235 One study compared the demographics and physiology of black bears
(Ursus americanus) occupying burns of two ages, 13 and 35 years old, in spruce
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(Picea spp.) and aspen (Populus tremuloides) forests of the Kenai Peninsula of
Alaska (Schwartz and Franzmann, 1991). The authors did not specify burn
intensity, but they noted that 5% of the older burn was logged after fire for
“improvement” of moose (Alces alces) habitat, and they pointed out that the
more recent fire burned at a greater intensity than the older fire. The density
of bears and the percentage of cubs born were similar between the two sites,
but all age groups of bears were significantly larger in the recent burn area.
Bears in the older burn area consumed more cranberries, whereas the number
of moose calves consumed per bear was much larger in the recent burn area,
likely explaining the larger size of the bears. Females in the recent burn area
also produced litters at a younger age and had a shorter interval between wean-
ing of yearlings than females in the older burn area. Moreover, cub survival was
significantly higher in the recent burn area. The vigor of black bear populations
was associated with moose abundance, which was significantly enhanced in the
13-year-old fire area.

p0240 Another study compared the demography of a population of black bears in
interior chaparral, Madrean evergreen woodland, and ponderosa pine forest,
burned by high-intensity wildfire for 3 years after fire using (1) the population
in a nearby unburned site for 3 years and (2) results from earlier demographic
research on the fire site from 20 years earlier, conducted over a 6-year period
(Cunningham and Ballard, 2004). The sex ratio at the 3-year-old burned site was
more skewed toward males than in either the unburned reference site or 20 years
before the burn. The authors presumed that the fire had reduced the adult female
population; however, it is also possible that the female population already had
been reduced in the 20 years before the fire occurred, when the population was
not monitored. Indeed, an alternative scenario could be that the population of
both adult females and males had been declining at Four Peaks before fire,
and the fire actually attracted males to the site, who have larger home ranges,
thus skewing the sex ratio.

p0245 The above study reported complete reproductive failure in the 3 years after
fire at the burned site compared with 36% of cubs surviving to 1 year of age on
the unburned control site (Cunningham and Ballard, 2004). More cubs had sur-
vived to year 1 at the burned site 20 years before the fire. During the 1970s,
however, complete reproductive failure also occurred in the absence of fire dur-
ing 3 of the 6 years of study. Thus years of complete reproductive failure in that
study area were not unusual. Overall, reproductive success was lowest in the
burned forest compared with the same site 20 years before fire and an unburned
reference site, suggesting the possibility of negative short-term effects of high-
intensity fire on black bear reproduction. The mortality of adult bears from
hunting, however, was 2.5 times higher in the fire area than in the unburned area
(Cunningham et al., 2001), which would be expected to influence cub survival,
potentially confounding results. The overall density of black bears in the fire
area was higher than prefire densities in the area (Cunningham et al., 2001)
(Box 43—and 4.4).
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b0020 BOX 4.3 Seed Dispersal by Carnivores

p0250  Fleshy fruits are an important component of the diet of many carnivores, especially
during certain seasons when other resources are scarce. Indeed, the germination of
many seeds is facilitated by passage through the carnivore gut because it removes
the fruit pericarp and scarifies the seed coat (Herrera, 1989). Carnivores are impor-
tant dispersers of seeds because they have relatively large home ranges and long gut
retention times, thus spreading the seeds far from the parent plant. This may be an
important mechanism whereby early seral habitats are seeded. For example, in
experimental and field tests in severely burned Aleppo pine forest in Spain, Rost
et al. (2012) demonstrated that carnivores, including red fox, stone marten, and
European badger (Meles meles), were important dispersers of Mediterranean hack-
berry (Celtis australis) seeds into the burned areas. These carnivores traveled long
distances into the fire area, dispersing seeds more than 1 km from the parent plant.
Moreover, seeds collected from scat (i.e., that had passed through the gut) in the
burned study area had a significantly greater germination rate than unscarified
seeds, both in the greenhouse and in the field.

bo025 BOX 4.4

00060 (1) Grizzly bears use areas burned by intense wildfire because of increases in berry
production, although results from studies of the effects of intense fire on black
bear demographics are equivocal.

00065  (2) Martens and fisher are mesocarnivores that are dense, mature forest specialists
for denning and resting but use severely burned forests that were not logged
after fire, most likely for foraging.

00070  (3) Foxes regularly use severely burned forests (regardless of postfire logging for one
Mediterranean species), but results from research on coyotes are equivocal.

00075  (4) Carnivores are important dispersers of seeds deep into severely burned
forest areas.

s0060 4.5 UNGULATES

p0280 As major herbivorous components of ecosystems, ungulates can act as keystone
species with profound effects on vegetation development and productivity in
forests, woodlands, and grassland ecosystems throughout the world (Hobbs,
1996; Wisdom et al., 2006). Hobbs (1996) stated, “‘ungulates are not merely out-
puts of ecosystems, they may also serve as important regulators of ecosystem
processes at several scales of time and space” (p. 695). Ungulates, Hobbs further
noted, are “important agents of environmental change, acting to create spatial
heterogeneity, accelerate successional processes, and control the switching of
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ecosystems between alternative states.” Ungulates regulate nitrogen cycling
and influence plant size and morphology (Singer et al., 2003). Because grazing
and browsing by ungulates affects the biomass, structure, and type of vegetation
available to burn, these animals can actually regulate the dynamics of fire
(Hobbs, 1996; Wisdom et al., 2006).

p0285 Episodic disturbance agents such as fire strongly interact with ungulate her-
bivory over space and time. For example, removal of fine fuels by ungulate
grazers may reduce the frequency of ground fires but can increase crown fires
by enhancing the development of ladder trees, especially when combined with a
relatively long absence of fire (Hobbs, 1996). Further, postfire plant regenera-
tion provides forage species that are highly palatable to ungulates, which
attracts ungulates to burned areas, where they influence vegetation regrowth
after fire (Canon et al., 1987; Wan et al, 2014). Moose rapidly immigrated to
burned areas after a large wildfire in mixed coniferous-deciduous forests of
northern Minnesota (Peek, 1974). In fact, fire size can moderate the adverse
effects of ungulate herbivory on vegetation recovery. Compared with small
fires, large fires “swamp” ects of ungulate herbivory, for example, by
providing sufficient new roduction to offset browsing, and enabling
woody species such as aspen to grow to tree height (Biggs et al., 2010). In inten-
sively burned ponderosa pine, mixed-conifer, and spruce-fir forests of northern
New Mexico, elk selectively foraged on grasses over shrubs (Biggs et al., 2010).
In 25 wildfires throughout five national forests in Utah, larger areas of aspen
forest that burned with greater severity had the highest growth potential for
aspen regeneration, and these high burn-severity conditions stimulated defen-
sive chemicals in plants that lowered the levels @age done by ungulate
browsing (Wan et al., 2014). Wan et al. noted that s effect may be partic-
ularly strong if amplified over large post-fire landscapes by saturating the
browse capacity of the ungulate community.” (See Box 4.5).

p0290 Positive effects of high-severity fire on ungulates likely are most pro-
nounced in vegetation types that are most adapted to high-intensity fires, such
as aspen forests and shrublands. Mountain or bighorn sheep selected intensely
burned shrublands up to 15 years after fire in Montana (DeCesare and Pletscher,
2006) and in southern California mountains (Bleich et al., 2008). Wildfire
increased the carrying capacity of southern California meuntatn sheep (Ovis
canadensis nelsoni) in the San Gabriel Mountains, dramatically increasing
the number of animals in this endangered population (Holl et al., 2004). A large
natural fire on the eastern slopes of the Sierra Nevada mountains in California
improved the winter range of Sierra bighorn sheep (Ovis canadensis sierrae) by
increasing green forage availability, shifting diet composition to include more
forbs, and possibly decreasing predation risk from mountain lions by increasing
visibility (Greene et al., 2012). Overall, large, high-severity fire in bighorn
sheep shrubland/forest habitats increases forage quality and availability as well
as visual openness, which is critical because several populations are listed as
endangered.
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p0295 Studies investigating the impact of fire on mule deer (Odocoileus hemionus),
a common herbivore in the western United States, indicate that populations tend
to increase after severe fire, especially in chaparral communities. In a review of
the literature on ungulate responses to fire, Smith (2000) reported mule deer den-
sity in intensely burned chaparral was more than twice as high as that in mature
chaparral in California, and it increased 400% the first year after high-intensity
fire in chamise chaparral. Density then decreased each year afterward until pre-
burn levels were reached 5-12 years later. Chamise chaparral burned by a large
wildfire in California had more deer use per square mile than unburned chamise
chaparral (Bendell, 1974). In northern coastal California, mule deer densities in
chaparral burned by high-intensity wildfire the year before were four times
greater than in unburned chaparral (Taber and Dasmann, 1957). Because the fire
described in this study was relatively small, deer may have moved from one area
to another rather than actually increasing the population via higher birth rates.
Similarly, btaeletatted deer in central coastal California strongly preferred
burned habitat, with a 400% increase in the density of deer in prescribe-burned
chaparral near oak woodlands, relative to preburn density, by the second grow-
ing season (Klinger et al., 1989). Here the increase in the use of burned chaparral
was attributed to movements of deer from adjacent oak woodlands rather than an
intrinsic increase in population size. Heavy use of prescribe-burned chamise
chaparral by mule deer was reported in the San Jacinto Mountains of southern
California (Roberts and Tiller, 1985).

p0300 Other studies documented ice [ncre =1 the number of mule deer in
conifer forests. Vi bserva f 543 r@er indicated a preference for
burned over unbu ouglas fir/ninebark and burned ponderosa pine/blue-

bunch wheatgrass Mabitat types during winter and spring in the Selway-
Bitterroot Wilderness of Idaho, although the authors did not specifically define
the burn severity of sites used by deer (Keay and Peek, 1980). Two other studies
that documented increases in mule deer in burned forests hypothesized that post-
fire logging removes protective cover, a critical habitat element for mule deer.
Significantly more deer droppings were located in pinyon-juniper woodlands of
Arizona burned by high-intensity fire 13 years earlier than in adjacent unburned
areas (McCulloch, 1969). The author surmised that the standing forest of dead
trees and fallen trunks provided some cover for deer from predators. Both mule
deer and elk used intensely burned lodgepole pine (Pinuts-contorta) forests at two
sites in Wyomingm=mmticantly more than paired clearcut sites of the same ages
(9 and 5 years ol ed on fecal pellet counts (Davis, 1977). Davis (1977,
p. 787) stated: “[Dfeer and elk use was greater in burned areas with standing
dead timber than in clearcut areas without it. In the Sierra Madre study area,
the burned and clearcut plots both had the same number of plant species present,
and they both had standing dead timber. However, the burned plot with much
more standing dead timber had more deer and elk use. Fire opened up the canopy
allowing light to enter, stimulating growth of forage plants, while the dead trees
left standing provided good protective cover” (see Figure 4.4).
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f0025 FIGURE 4.4 Mule deer respond positively to high-severity fire in forests. In this photo, mule deer
forage on fresh vegetation growing in the first post-fire year following the Rim fire of 2013 on the
Stanislaus National Forest, central Sierra Nevada. (Photo by Chad Hanson (2014).)

p0305 Available studies generally report increases in the reproductive rates and
body condition of female mule deer in burned habitats. The reproductive rate
was 1.32 fawns per doe in the first year after wildfire in northern coastal Cal-
ifornia, compared with 0.77 fawns per doe in unburned chaparral (Taber and
Dasmann, 1957). After 3 years, the reproductive rate of deer at the burned site
declined to that of deer in the unburned site. Chamise chaparral burned by a
large wildfire produced heavier deer, and does had a higher frequency of ovu-
lation, gave birth to more fawns, and wintered in better condition than does in
dense, unburned chamise (Bendell, 1974). Another study, however, documen-
ted no difference in fawn-to-doe ratios between burned and unburned chaparral
interspersed with oak woodlands in central California (Klinger et al., 1989).

p0310 Foraging studies indicate that mule deer populations in chaparral habitats
burned by high-intensity fire often increase as a result of the increased availabil-
ity of browse. Ceanothus—a high-quality food for ungulates (Hobbs, 1996)—is
abundant after fire because it reproduces from seed that is scarified by burning
(Smith, 2000). Thimbleberry (Rubus parviflorus) also generally increases after
fire (Smith, 2000). Moreover, fire can increase the palatability of foliage for
deer as well as the crude protein content (Smith, 2000). The improved quantity
and quality of browse may be related to the fire-caused increase in available
nutrients in the soil. As such, deer populations often benefit from the increased
food production and nutritional value of their food in recently burned areas.
Length and surface enlargement factor of papillae (the surface area within
the intestine for absorbing nutrients) of necropsied mule deer were greater in
those from high-intensity burned than unburned ponderosa pine habitat in the
southern Black Hills of South Dakota (Zimmerman et al., 2006). These
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physiological factors indicate higher forage quality, such as greater concentra-
tion of volatile fatty acids. The authors concluded that fire was beneficial at the
mucosal level for mule deer: the increase in forage quality from burning caused
a rapid change in papillary morphology, allowing the deer to take up more
nutrients.

p0315 Lichens in boreal habitats are preferred winter forage for caribou (Rangifer
tarandus), yet large wildfires that depleted lichens had no effect on home-range
size, range fidelity, or the survival and fecundity of woodland caribou (Rangifer
tarandus caribou) in Alberta, Canada (Dalerum et al., 2007). Caribou avoided
foraging in burned compared with unburned areas (Dalerum et al., 2007; Joly
et al., 2010), although burn severity was not quantified, and some of the fires
occurred 50 years before study. Lichens are significantly reduced by wildfire
and take decades to recover to prefire abundance (Joly et al., 2010) (Box 4.5).

[A20b0030  BOX 4.5

00080 (1) Ungulates interact strongly with episodic disturbances. Many are attracted to
severely burned areas because of increased forage palatability and availability,
where in turn they influence vegetation regrowth.

00085  (2) Elk, bighorn sheep, and mule deer generally increase after intense fire in shrub-
lands and forests.

00090  (3) The larger the area of high-severity fire, the lower the adverse impact on
regrowth of aspen forests from ungulate herbivory.

00095  (4) Caribou may be adversely affected when intense fire reduces lichen used for
winter forage.

s0065 4.6 MANAGEMENT AND CONSERVATION RELEVANCE

p0345 The abundance of certain mammal species after fire has direct benefits to land
managers in the form of irreplaceable ecosystem and economic services. Bats
are voracious predators of insects—many of them consume crop and forest
pests—and as such are important regulators of insect populations, including
disease-carrying mosquitoes (Reiskind and Wund, 2009). Bats are also critical
pollinators of many plants (Molina-Freaner and Eguiarte, 2003). The loss of
bats in North America could cost the economy $3.7 billion per year in agricul-
tural losses alone (Boyles et al., 2011). Small mammals aerate the soil and,
along with many carnivores, are important dispersers of seeds and fungi
(Maser et al., 1978; Rost et al., 2012). Large carnivores are top-down regulators
of smaller carnivores and ungulates and are vital to the health and function of
natural ecosystems. Ungulates help to cycle nitrogen and provide big-game
hunting opportunities and food for humans. Indeed, in 2001 alone, hunting
of ungulates and large carnivores in the United States contributed to approxi-
mately $25 billion in retail sales and $17 billion in salaries and wages and
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employed of 575,000 people (IAFWA, 2002). These animals include mule deer,
bighorn sheep, moose, elk, and bear, all of which use or thrive within heavily
burned habitats.

p0350 As described here, a great many mammals benefit from mixed- and high-
severity fire and play essential roles in postfire ecosystem dynamics. Land man-
agers rarely weigh these benefits when evaluating the impacts of large fires of
mixed- and high-severity, however, thus undervaluing their ecological and eco-
nomic importance. The vital ecosystem services of mammals in postfire areas
should be quantified and carefully considered when planning potentially harm-
ful management activities such as postfire logging and common management
activities following postfire logging, such as the application of herbicides
and rodenticides.

s0070 4.7 CONCLUSIONS

p0355 The extraordinary abundance and diversity of mammals using (e.g., American
marten, Pacific fisher, grizzly bear) and even thriving (e.g., deer mice, kangaroo
rats, bats, mule deer, elk, bighorn sheep) in severely burned grassland, shrub-
land, and forested habitats is an important indicator of the high habitat suitabil-
ity of these areas. Prescribed burning does not provide the expected gains in
biological diversity for a range of mammal, reptile, bird, and plant taxa
(Pastro et al., 2014). Only large, severe wildfires create significant ecological
changes associated with i s in fire-loving species, and, as demonstrated
herein, only larger fires @wamp” the effects of ungulate herbivory on
postfire vegetation. Mixed-severity—and—severe—fires globally have unique
ecological value that must be weighed against the dominant paradigm that
such natural disturbance events are “catastrophic” (Zwolak and Foresman,
2008; also see Chapters 1, 2, and 13). Mammals and other wildlife using
intensely burned forests provide myriad ecological services that benefit people
and ecosystems alike.
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p0365 Studies cited include unburned areas compared with severely burned areas
with no postfire logging; they exclude prescribed burns. For small mammals,
only species with enough detections to determine directional response are
reported.
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Abstract

Effects of mixed and severe fire on mammals vary spatially and temporally, by habitat type, and by
species. Tree voles, masked shrews and some mice decrease, at least temporarily, after severe forest
fire, but most bats and ungulates and many small mammals—especially deer mice and kangaroo
rats—are strongly attracted to severely burned habitats due to novel foraging opportunities. In
heavily burned forests, more insect prey is available for bats, and seeds and sprouting plants feed
small mammals. Vegetation re-growth after intense fire produces highly palatable browse for
elk, mule deer, and bighorn sheep. Standing dead trees provide cover for deer in severely burned
forests, whereas bighorn sheep can more easily perceive predators in heavily burned chaparral.
Mesocarnivores, including foxes, martens, and fishers, often are detected in forests that burned
intensely. Unburned refugia within larger severe burns, and the time-since-fire, are especially
important factors for recolonization by small mammals.

Keywords: Severe fire; Mammal; Bat; Rodent; Lagomorph; Carnivore; Ungulate; Forage.
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Carbon emissions from decomposition of fire-killed trees
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Abstract A key uncertainty concerning the effect of wildfire on carbon dynamics is the rate at which fire-killed
biomass (e.g., dead trees) decays and emits carbon to the atmosphere. We used a ground-based approach to
compute decomposition of forest biomass killed, but not combusted, in the Biscuit Fire of 2002, an exceptionally
large wildfire that burned over 200,000 ha of mixed conifer forest in southwestern Oregon, USA. A combination of
federal inventory data and supplementary ground measurements afforded the estimation of fire-caused mortality
and subsequent 10 year decomposition for several functionally distinct carbon pools at 180 independent locations
in the burn area. Decomposition was highest for fire-killed leaves and fine roots and lowest for large-diameter
wood. Decomposition rates varied somewhat among tree species and were only 35% lower for trees still standing
than for trees fallen at the time of the fire. We estimate a total of 4.7 Tg C was killed but not combusted in the
Biscuit Fire, 85% of which remains 10 years after. Biogenic carbon emissions from fire-killed necromass were
estimated to be 1.0, 0.6, and 0.4 Mg C ha™' yr’1 at 1, 10, and 50 years after the fire, respectively; compared to the
one-time pyrogenic emission of nearly 177 MgCha™".

1. Introduction

Forest fires have long been recognized as an important component of the global carbon cycle. Among nat-
ural processes, combustion ranks second after metabolic respiration in mineralizing terrestrial biomass to the
atmosphere, fire mortality ranks second after litter production in transferring live aggrading biomass to
decomposing necromass, and the pyrolysis of biomass by forest fires feeds a global pool of black carbon
which is largely isolated from the biological cycle [Singh et al., 2012]. The role of forest fire in the carbon cycle
is especially important in today’s changing climate, not only because of its direct contribution to greenhouse
gas emissions but also because a warming climate is expected to increase frequency and intensity of wildfires
[Flannigan et al., 2000, 2009; Moritz et al., 2012], pushing the terrestrial biosphere toward a new equilibrium
wherein less carbon resides in forest biomass and more resides in the atmosphere. Furthermore, because forest
fire behavior is viewed by many as manageable, its control is regularly included as part of comprehensive
climate change mitigation strategies [Campbell et al., 2012; Bradstock et al., 2012].

Characterizing and quantifying the effects of fire on the flux of carbon from forests into the atmosphere requires
an understanding of both pyrogenic emissions due to immediate combustion and the prolonged biogenic
emissions due to the decomposition (heterotrophic mineralization of carbon) by fire-killed necromass. A recent
wealth of empirical studies aimed at quantifying combustion across a range of forest fires has allowed us to
both constrain estimates of pyrogenic emissions and predict how this flux may change under alternate fire
regimes (see reviews by Sommers et al. [2014] and Urbanski [20141). By comparison, less attention had been paid
to the protracted loss of terrestrial carbon to the atmosphere through the decomposition of fire-killed trees and
how this flux is expected vary in relation to fire behavior or change under alternate fire regimes [Harmon et al,
2011a, 2011b; Ghimire et al,, 2012].

Carbon emissions via the decomposition of fire-killed trees differ from pyrogenic emissions in several important
ways. First, we expect that pyrogenic emissions to be lower in magnitude and less tightly coupled to fire
behavior than subsequent carbon emissions via decomposition of fire-killed trees. Since combustion of
aboveground biomass in forest fires is typically confined to dead surface fuels and live foliage, pyrogenic
carbon emissions in any given fire tend not to exceed 15% of a forest’s live and dead biomass [Campbell
et al,, 2007; Urbanski, 2014]. Moreover, since the majority of surface fuels are consumed in nearly all fire
conditions, while standing biomass experiences little combustion even in a crown fire, it is difficult for a
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high-mortality fire to combust much more than twice the amount of carbon than does a low-mortality
fire. By contrast, subsequent carbon emissions through decomposition of biomass killed in the fire but
not consumed may range from none (e.g., low-severity fires when no trees are killed) to all of the prefire
biomass (e.g., high-severity fires when all trees are killed). For this simple reason, cumulative carbon
emissions through decomposition of fire-killed trees may exceed pyrogenic emissions and are more
dependent on fire behavior than are pyrogenic emissions.

Emissions through decomposition of fire-killed biomass also differ from pyrogenic emissions in their influ-
ence on Net Ecosystem Production (NEP). While pyrogenic emissions necessarily contribute to net ecosys-
tem carbon balance, the flux itself is concentrated in time. By contrast, the protracted decomposition of
fire-killed trees can contribute to disequilibrium in stand-level NEP for decades [Bond-Lamberty and
Gower, 2008; Harmon et al., 2011a; Ghimire et al., 2012]. Theoretically, fire-induced disequilibrium in NEP
will balance out to zero over sufficiently long time frames or spatial extents (after all, no tree ever escapes
death and mineralization, fire only aggregates this inevitable emission in time). However, like many nat-
ural disturbances, the majority of area subject to high-mortality forest fire is the result of relatively few,
very large events [Malamud et al., 1998; Reed and McKelvey, 2002]. As such, the extent required for spatial
neutrality in NEP to emerge may easily exceed any meaningful geographic boundary, and the time frame
required for neutrality in NEP to emerge may easily exceed the meaningful continuity of any fire regime.
Consequently, assessing the effects fire on the carbon exchange between forests and the atmosphere
demands not only a mechanistic understanding of combustion, mortality, and decomposition (which
we largely have) but also the ability to quantify these processes with enough context specificity to accu-
rately account for individual fire events.

In this study, we evaluate the current and future carbon emissions attributable to the decomposition of trees
killed but not combusted in the 2002 Biscuit Fire. This exceptionally large wildfire burned over 200,000 ha of
mixed-conifer forest in southwest Oregon. Due to its diversity of forest types, forest age-classes, and severity
of fire effects, the Biscuit Fire has served as a valuable case study for evaluating the effects of wildfire on
carbon dynamics, including the following: pyrogenic emissions [Campbell et al., 20071, export of soil carbon
through erosion [Bormann et al., 2008], and charcoal formation [Donato et al., 2009a; Heckman et al., 2013]. In
Campbell et al. [2007] we reported biomass combustion for 25 functionally distinct carbon pools. Then, using
measures of prefire biomass and fire effects on 180 one hectare inventory plots, we estimated fire-wide
pyrogenic emissions. In this current companion study, we report the 10 year decay status of various biomass
pools killed, but not combusted, by the Biscuit Fire. Then, using measures of fire mortality on the same
180 inventory plots as before, we estimate current and future fire-wide emissions resulting from the decom-
position of fire-killed trees. Our specific objectives are as follows:

1. Quantify mortality, dead tree fall rate, and decomposition rates specific to different species, parts (e.g., root,
bole, and branch), physical setting, prefire stand history, and fire effects.

2. Using these stratified parameters, calculate the current cumulative flux of carbon from fire-killed trees into
the atmosphere and model its attenuation into the future.

3. Evaluate the current and future carbon emissions from fire-killed trees in the context of commensurate
forest regrowth and other regional carbon fluxes, including the pyrogenic emissions from the same fire.

2. Methods
2.1. Study Site

The Biscuit Fire burned at a mix of severities across 200,000 ha of forest in the Siskiyou Mountains of south-
western Oregon and northern California in the summer of 2002, making it the largest contiguous forest fire
on record for Oregon (Figure 1). The Siskiyou Mountains are characterized by a wide variety of forest types,
from Douglas fir/western hemlock/bigleaf maple communities on mesic sites, to Douglas fir/tanoak on drier
sites, to Jeffrey pine on ultramafic substrates Whittaker [1960]. A general description of the Biscuit Fire and the
forests it affected can be found in Halofsky et al. [2011].

2.2. Decomposition of Fire-Killed Trees

As illustrated in Figure 2, decomposition of fire-killed trees was computed as the collective mass loss to the
atmosphere, over a specified period, from three primary pools representing different physical orientations:
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Figure 1. The 2002 Biscuit Fire showing (a) representative fire effects in 2004,
(b) the same location in 2012, (c) location of the fire in the U.S. Pacific states of
North America, and (d) remotely detected fire severity distribution.

High = >90% overstory mortality, unburned = no overstory mortality but
typically experiences surface fire.

standing necromass, fallen necromass,
and buried necromass (i.e., dead root
mass). Three separate rate constants
defined mass loss to the atmosphere
from standing, fallen, and buried
necromass pools, respectively. Two
additional rate constants defined
transfer of mass from the standing
to fallen pool by fragmentation
and whole-tree fall, respectively.
This three-pool, five-flux model was
further stratified by tree part, namely,
bole, branch, bark, and foliage (in the
standing and fallen pools), and
coarse root and fine root (in the
buried pool). Boles were further
stratified into three diameter classes,
and all pools were stratified into
three species groups (i.e., pines, non-
pine conifers, and hardwoods) and
three climatic zones (representing
potentially different decomposition
regimes) defined by aggregate plant
association group and nominally
corresponding to mesic, dry, and
higher-elevation regions within the
Biscuit Fire [Donato et al., 2009b].

To estimate flux rates, we fit empirical observations of mass loss over time to a single-exponential model

Olsen [1963] of the form:

D
Atmosphere
N
A k,
Standing
Necromass
k3a+ k3b
\ 4
B k,
Fallen
necromass
Cc k,
Buried
necromass

Figure 2. Approach to computing biogenic decomposition of fire-killed
necromass. Decomposition was calculated separately for each plant tissue
class according to five first-order exponential rate constants. The constant k1 is
the decomposition of necromass in its standing state; k is the decomposition
of necromass in its fallen state; k3, and ksy, are the transfers between standing
and fallen states, via whole-tree fall and fragmentation, respectively; and k4 is
the decomposition of buried roots.

Me = Mo (e™) (1)

where M; is the mass of a specified
necromass pool at time t, My is the
mass of the same pool immediately fol-
lowing its death by fire and any
assessed combustion, and t is the
elapsed time since the fire (~10years
in this study). In this way, the rate con-
stant k not only describes the cumula-
tive mass loss at year t but can also be
used to extrapolate mass loss into the
future. The accuracy of such extrapola-
tion does, however, depend on the
assumption that loss rates remain con-
stant over time, which may be violated
if either the environment in which
decay is occurring changes or if discri-
minating decay renders mixed sub-
strates more recalcitrant over time.
Extrapolation of our decay model does
not account for climate-driven changes
in the decay environment, but our
model does account for important
changes in decay that occur after wood
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Table 1. Methodology and Sampling Design for Determination of Rate Constants”

Aerial Decay: k; = In(Do/Dy)/t, where Dy = live tree part density, D; = density of standing fire-killed tree part circa 2012, and t = elapsed time since fire

Bole D¢ measured for 198 trees, stratified by species group (Douglas fir, pine species, and pacific madrone), diameter class (range 7 to 146 cm DBH),
and climatic zone (defined by aggregate plant association group, nominally corresponding to mesic, dry, and higher-elevation regions within
the Biscuit fire). Tree-average density was calculated as the average density of three transverse samples (cookies) collected from the lower,
middle, and upper third of each tree, weighted by a factor of 0.60, 0.36, and 0.04, respectively, to account for volume proportion by height
(derived from the taper equations of Arney [2009]). Dg assumed to be 0.39, 0.45, and 0.58g cm 3 for sugar pine, Douglas fir, and pacific
madrone, according to Maeglin and Wahlgren [1972], USFS [1965], and Wood Data Base, respectively.

Branch D, measured for 259 branches stratified by diameter (range 1 to 56 mm) collected from the 198 standing dead trees described above. Dy measured
for 55, similarly stratified live tree branches samples.

Bark Bark density loss was not directly measured in this study. Based on Allison and Murphy [1963], we crudely assumed bark to decompose at one
half the rate of bole wood of the same species. Anecdotally, bark from fire-killed trees in this study regularly showed evidence of charring and
fragmentation but not any apparent density loss.

Foliage Aerial decay rates of fire-killed foliage are computationally inconsequential, not only because fire mortality on the Biscuit most often entailed full
foliage combustion [Campbell et al., 2007] but also because fall rates of fire-killed foliage approach totality within the first year after mortality
such that nearly all decay occurs on the ground. As such, foliage aerial decay rates were arbitrarily set to 0.5 year_l.

Surface Decay: k; = In(Do/Dy)/t, where Dy = live tree part density, Dy = density of fire-killed tree part having fallen to ground shortly after fire, and t = elapsed time since fire

Bole D¢ measured on 60 fallen logs, deduced to have been killed in the Biscuit Fire (by presence of surface charring) and fell within the next year
(saw cuts datable to known salvage operations); stratified by species group (see above), diameter class (range 7 to 146 cm DBH), and
climatic zone (see above). Density was determined from a single transverse sample (cookie) taken from the center of each log. Dg as described
above for areal bole decay.

Branch D¢ measured for 86 branch samples, stratified by diameter (range 1 to 72 mm) collected from the 60 fallen logs described above. Dg as described
above for areal branch decay

Bark Crudely assumed to be one half the rate of fallen bole wood (see above for aerial bark decay).

Foliage Given the short residence times of leaf litter (relative to wood and bark), and the exceptionally small portion of fire-filled biomass represented by
uncombusted foliage [Campbell et al., 2007], we chose to avoid the hazard of false accuracy and simply assign foliage decomposition rates the
arbitrarily rapid rate of 0.5 year_1.

Whole-tree Fall Rate: k3, = In(Co/Ci)/t, where Co = count of standing dead trees circa 2004, Cy = count of standing dead trees ca 2013, and t = elapsed time between samples

Whole tree  Before-and-after stem surveys conducted at 44 independent and dispersed study plots, including a total sample size of >3000 fire-killed trees ranging
in size from 2 to 198 cm DBH.

Fragmented Fall Rate: k3, = In(Mo/My/t, where My = mass of standing tree parts circa 2004, My = mass of standing tree parts circa 2012, and t = elapsed time between samples
Bole Mg allometrically modeled from DBH with the assumption that each tree was live and entire. M; is the same value, corrected to account height loss

due to observed breakage. Assessed for each of the 3000 fire-killed trees described above.

Branch Mg allometrically modeled from DBH with the assumption that each tree was live and entire. Each fire-killed tree surveyed in 2014 was binned
into one of four fragmentation classes through ocular assessment, corresponding to an M; of 0.05 Mg, 0.15 Mg, 0.60 Mg, and 1.0 M, respectively.

Bark Mg allometrically modeled from DBH with the assumption that each tree was entire. Each fire-killed tree surveyed in 2014 was binned into one of
four fragmentation classes through ocular assessment, corresponding to an M; of 0.0, 0.25 My, 0.75 Mo, and 1.0 Mg, respectively.

Foliage Practically all uncombusted foliage retained on fire-killed trees fell to the ground within the first year after the fire. To account for this in our
decomposition model (constructed only of first-order exponential rate constants) we set the rate constant describing dead foliage fall to 5.0 yearq.

Buried Decay: k4 = first-order exponential decay constants according to named authors

Coarse root  k=0.02 yeaF1 according to Janisch et al. [2005] assessment of Douglas fir roots > 1.0 cm diameter.
fine root k=0.20 yeaf1 according to Chen et al. [2002] and Fogel and Hunt [1979] for various tree roots < 1.0 cm diameter.

@Dead wood density was determined after oven drying at 95°C to constant mass; an 8% downward correction was then applied to account for oven shrinkage
and afford direct comparison with published green tree densities [Glass and Zelinka, 2010].

transitions from the aerial to surface environment. Furthermore, by disaggregating our necromass pools (i.e., into
bole, branch, bark, foliage, root, species group, and size class) our model minimizes the changes in recalcitrance
that any one pool may experience over time [Freschet, 2012]. The specific sampling methods used to determine
M, and M, for each necromass category are detailed in Table 1. Note that while the form of equation (1) was used
in computing all flux rates, at times, density, volume, or count was operationally substituted for mass.

2.3. Initial Fire-Killed Biomass

Within the perimeter of the Biscuit Fire there are 180 regularly spaced permanent federal inventory plots, all of
which received postfire measurements in 2003 or 2004 [Azuma et al.,, 2004]. It is well established that injury
caused by fire can sometimes contribute to tree death several years after being burned [Filip et al, 2007].
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Our assessment operationally defines fire mortality as trees which died within 1-2 years after the fire. Any
subsequent mortality and ensuing decomposition, though perhaps related to fire, was not in this study
directly attributed to the Biscuit Fire.

For each tree identified in the inventory plots as having been killed in the Biscuit Fire, we estimated the mass of
its fine roots, coarse roots, bole, branch, bark, and foliage as if it were alive and whole. From each of these parts,
we then subtracted the proportion estimated to have been combusted in the fire according to Campbell et al.
[2007] to yield a tree-specific M, for each of its component parts. Bole mass was estimated using species- and
site-specific allometric equations relating stem diameter to volume and species-specific wood density values
[van Tuyl et al, 2005]; foliage and bark mass were estimated directly from species- and site-specific allometric
equations [Means et al, 1994]; coarse root mass was assumed to be 0.31 times the bole mass (an average of
regionally representative, plot-level ratios, allometrically estimated by Campbell et al. [2004a]); and fine root
mass was assumed to be 0.16 times the bole mass (an average of regionally representative, plot-level ratios
directly sampled by Campbell et al. [2004b]). Total biomass was converted to carbon mass assuming a carbon
concentration of 0.5 for all woody parts and 0.45 for foliage. These tree-level values for My were then summed
across each inventory plot as to be expressed in carbon mass per unit ground area.

2.4. Fire Severity and Scaling Across the Fire

For evaluating the direct effects of fire severity on subsequent carbon emissions, fire severity was calculated,
for each of the 180 inventory plots, as the fraction of initial live basal area (including all woody
stems > = 2.5 cm diameter breast high (DBH)) killed in the Biscuit Fire. For the purpose of scaling plot-level
measurements to the entire Biscuit Fire it was necessary to use a mapped assessment of fire severity.
Specifically, plot-level estimates of decomposition were scaled-up to the entire Biscuit Fire according to
mapped fire severity classification and whether or not a site had burned in the Silver Fire (a major fire which
burned 13 years prior to the Biscuit Fire). Such strata accounted only for variation in My (tree mass killed in the
Biscuit Fire), as the rate constants k were assumed to be the same among plots. We employed the same BAER
(Burned Area Emergency Response) severity classification map used earlier by Campbell et al. [2007]. Since
this time, improved maps of Biscuit Fire severity have been built [Thompson and Spies, 2009], but we felt it
was more important to maintain consistency between our pyrogenic and biogenic accounting. Moreover,
since the 180 inventory plots are distributed widely in space and randomly with respect to actual fire effects,
misclassification by BAER, or any other severity map, does not bias fire-wide estimates of carbon flux.

2.5. Uncertainty Propagation

For this study, we assumed the inventory-based estimates of fire-killed necromass to be largely accurate and
limited our uncertainty analysis to that associated with decomposition rates. To account for this uncertainty,
we computed alternate estimates of total carbon emissions using an upper and lower values for the rate
constants defining mass loss to the atmosphere. Uncertainty in mass loss from standing and fallen necromass
pools (k; and k; in Figure 2) were based on the upper and lower 95% confidence intervals in dead wood
density (among samples collected in 10 years after death). Since we relied on crude literature values for root
decay, uncertainty in mass loss from buried necromass pools (k4 in Figure 2) was generously set to plus and
minus 20% density loss at 10 years after death.

3. Results
3.1. Fire Mortality

Prefire live aboveground and belowground biomass among the 180 inventory plots ranged from 1 to 502
(median=161) Mg Cha~" depending somewhat on site quality but largely disturbance history (i.e., whether
sites had experienced late twentieth century fire). Fractional tree mortality, which was largely independent of
prefire biomass, ranged from zero to totality. As a result the necromass killed but not combusted among the
180 inventory plots ranged from 0 to 352 (median=24) Mg Cha~" . Despite smaller trees being more abun-
dant, more often killed, and only somewhat more combusted than larger trees, fire mortality in the form of
large-diameter (>30 cm DBH) boles and their associate coarse roots made up greater than 40% of all other
fire-killed biomass combined. The remaining uncombusted fire mortality is composed of smaller diameter
wood, bark, fine roots, and foliage in that order (Table 2). Overall the Biscuit Fire killed and left uncombusted
a total of 10.4Tg C (an average of 51MgCha™").
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Table 2. Biomass Killed But Not Combusted in Biscuit Fire (kg C ha_1)

Biscuit Fire Severitya

Not Burned 15 years Earlier in Silver Fire Also Burned 15 years Earlier in Silver Fire

Necromass Pool High Moderate Low Unburned Very Low High Moderate Low Unburned Very Low

Foliage
Small conifers 19 62 58 26 0 0 4 2
Small hardwoods 31 23 57 99 2 42 29 67
Medium conifers 135 367 232 131 0 1 32 29
Medium hardwoods 292 77 354 606 3 151 289 763
Large conifers 180 384 409 162 0 242 67 190
Large hardwoods 52 7 67 162 0 37 98 46

Branch
Small conifers 130 115 88 34 0 13 6 3
Small hardwoods 144 37 106 159 146 142 50 120
Medium conifers 1207 981 501 247 0 83 78 60
Medium hardwoods 1778 183 1026 1407 53 1130 806 2202
Large conifers 3279 1837 1438 523 0 2598 350 683
Large hardwoods 835 23 280 610 0 2540 387 211

Bark
Small conifers 11 109 86 34 0 12 6 3
Small hardwoods 76 22 65 100 75 83 31 76
Medium conifers 1284 1184 607 314 0 95 95 78
Medium hardwoods 1314 135 861 1207 44 955 701 1917
Large conifers 5019 3097 2641 962 0 4760 639 1281
Large hardwoods 877 23 318 748 0 2944 446 237
Bole

Small conifers 537 409 328 146 0 69 28 13
Small hardwoods 1220 250 876 1348 1333 1272 416 974
Medium conifers 7058 5254 2734 1425 0 555 462 401
Medium hardwoods 16733 1559 9027 12772 557 10730 7152 15988
Large conifers 31100 16967 13599 4950 0 28981 3632 6380
Large hardwoods 6885 186 2206 4947 0 21250 3576 1461

Roots
Small conifers 193 147 118 52 0 25 10 5
Small hardwoods 439 90 315 485 479 457 150 350
Medium conifers 2538 1890 983 512 0 199 166 144
Medium hardwoods 6017 561 3246 4593 200 3858 2572 5749
Large conifers 11184 6101 4890 1780 0 10422 1306 2294
Large hardwoods 2476 67 793 1779 0 7642 1286 525

@As determined by remotely sensed BAER severity classification. Values are the average of 24, 36, 42, and 34 inventory plots for high, moderate, low, and
unburned very low severity plots not burned prior in the Silver fire, respectively; and the average of 1, 2, 14, and 5 inventory plots for high, moderate, low, and
unburned very low severity plots burned prior in the Silver fire, respectively. Small trees are <10 cm DBH, medium trees are 10-20 cm DBH, and large trees are
>20 cm DBH. For our decomposition calculations, conifers were further partitioned into pine and nonpine species (data not shown here), and roots were parti-
tioned into coarse roots and fine roots, consistently computed as 0.66 and 0.34 total root mass, respectively.

3.2. Decomposition Rates

The measured densities of standing and fallen fire-killed wood, from which decomposition rates were calcu-
lated, are shown in Figure 3. An analysis of variance performed on the decomposition rates calculated for over
198 sampled tree boles revealed significant effects of species (with Douglas fir decomposing only slightly faster
than pine species and pacific madrone) and condition (fallen logs decomposing only slightly faster than stand-
ing snags), but nonsignificant effects of geographic zone (mesic, dry, or high elevation) or size (diameter class).
The single-exponent decomposition constants (fit to a single 10year data point and used to subsequently
model carbon emissions) are shown in Table 3.

3.3. Tree Fall Rates

As shown in Table 4, a greater fraction of fire-killed biomass fell from the canopy to the ground in 10 years
through whole-tree fall than through fragmentation. The proportion of whole trees having fallen after
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Figure 3. Wood density of green trees (live), fire-killed trees still standing
10 years after death (snags), and fire-killed trees 10 years after death and
near immediate falling (logs). Sample size (shown near each symbol) is
the number of independent trees sampled, with the density of each
being determined as the taper-weighted average density of three cross-
sectional subsamples taken along the length of each tree. Variability in
wood density among trees is shown as the standard deviation (upper and
lower error bars are the average positive and negative residuals of the
mean, respectively; except for green trees where only a single symmetrical
standard deviation was available from source literature, and green
madrone where no variance was reported). Live wood densities are from
Maeglin and Wahlgren [1972], US Forest Service [1965], and Wood Data Base,
for pine species, Douglas fir, and Pacific madrone, respectively. Dead wood
densities are those measured in the present study.

10years was 20 times greater for smaller
diameter trees (<20cm DBH) than for
larger diameter trees. Neither whole-tree
fall rate nor fragmentation rate varied
according to community type (used here
as a proxy for decomposition regime).
Across species, size class, and location,
57% of the trees killed in the Biscuit
Fire are still standing 10years after their
death and have on average lost only
26% of their postcombustion necromass
via fragmentation.

3.4. Biogenic Emissions

The amount of carbon released through the
decomposition of fire-killed trees in the
first 10 years following the Biscuit Fire is
estimated to be 1.3 to 1.6 TgC (or 6.5 to
7.8MgCha™"). As shown in Table 5, the
largest contributing pools were those
with the largest initial mass (i.e, bole
wood and coarse root), not those with
the highest decomposition rates (foliage
and fine roots). Extrapolating our 10year
estimates of fall rates and decomposition
rates back to the first year following fire
and forward to 100 years after fire reveals
several emergent patterns. Partitioning
emission rates among necromass pools
(Figure 4a) illustrates not only differential
decay rates (responsible for the inflection

point in collective emissions) but also an important 10 year lag in peak emissions from bole, branch, and bark,
which results from a particular combination of aerial decay rates, fall rates, and surface decay rates. Total emis-
sions from fire-killed necromass over time exhibit a distinct inflection point approximately five years following
the fire (Figure 4b). Such inflection points are indicative of mixed substrate decay and in this case occur when
the more labile foliage and fine root pools have become largely exhausted leaving the more recalcitrant wood
and coarse roots. Overall, half of the Biscuit-killed necromass will still remain 50 years after the fire, at which time
emissions from this single mortality cohort will be approximately 25 Mg Cha™" yr_1 (Figure 4c).

The total amount of fire-killed necromass explained 99% of the variation in post fire decomposition among the
180 study plots (Figure 5a), indicating that variation in prefire species composition and tree size class was of

Table 3. Decomposition Constants for Fire-Killed Necromass®
Decomposition Constant k (yearq)

Necromass Pool Aerial Decay(Standing Snags) Surface Decay(Fallen Logs and Debris)

Bole
Nonpine conifers 0.010 (0.008-0.012) 0.016 (0.013-0.019)
Pines 0.001 (0.001-0.004) 0.010 (0.005-0.014)
Hardwoods 0.010 (0.008-0.012) 0.016 (0.014-0.018)
Branch
All species 0.014 (0.013-0.015) 0.010 (0.008-0.012)

@Decomposition constant k= In(Densityjive/Density11 years dead)/11 years. Upper and lower estimates shown in par-
entheses were computed using standard error of the mean Density;1 years dead. See Table 1 for assumptions regarding
decomposition of other fire-killed necromass pools such as foliage, bark, and roots.
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Table 4. Fall Rate of Fire-Killed Necromass®

Necromass Pool

Number of Trees Sampled

Fraction Fallen After 10 years Fall Rate k (yearq)

Via Whole-Tree Fall Via Fragmented Fall Via Whole-Tree Fall Via Fragmented Fall

Conifers (small)

Conifers (medium)
Conifers (large)
Hardwoods (all sizes)
Nonpine conifers (all sizes)
Pines (all sizes)

Conifers (small)

Conifers (medium)
Conifers (large)
Hardwoods (all sizes)
Nonpine conifers (all sizes)
Pines (all sizes)

Conifers (small)

Conifers (medium)
Conifers (large)
Hardwoods (all sizes)
Nonpine conifers (all sizes)
Pines (all sizes)

Bole

156 0.86 0.177

407 0.36 0.041

805 0.03 0.003

229 0.03 0.35 0.003 0.043
1075 0.16 0.017
137 0.14 0.016

Branch

156 0.86 0.177

407 0.36 0.041

805 0.03 0.003

229 0.03 0.41 0.003 0.053
1075 0.42 0.054
137 0.50 0.070

Bark

156 0.86 0.177

407 0.36 0.041

805 0.03 0.003

229 0.03 0.51 0.003 0.070
1075 0.48 0.065
137 0.57 0.085

%Fall rate k = In(standing necromass,gg4/standing necromassg14)/10 years. Small trees are <10 cm DBH, medium trees are 10-20 cm DBH, and large trees are

>20cm DBH.

little importance in dictating postfire decomposition. Moreover, since low-biomass stands often experienced
high-fractional mortality and high biomass often experienced low-fractional mortality, fire severity (as assessed
by fractional basal area mortality) was, by itself, an imprecise predictor postfire carbon emissions (Figure 5b).

4. Discussion
4.1. Fire Mortality

The necromass generated in high-severity portions of the Biscuit Fire (about 103 Mg Cha™") corresponds well
to the 130-200 Mg Cha™' biomass held in mature and old-growth forests of the Klamath ecoregion accord-
ing to the regional assessment of Hudiburg et al. [2009]. Between the ages of 50 and 100, these particular for-
ests are estimated to experience tree mortality rates of just over one-half percent annually [Hudiburg et al.,
2009]. As such, when mature forests burned at high severity in the Biscuit, somewhere between 100 and
200 years of future mortality was compressed into a single event. When individual fires of this size and sever-
ity occur in high biomass forests, like those of western Oregon, the generation of decomposing necromass is

Table 5. Biogenic Emissions From Fire-Killed Necromass by Carbon Pool and Burn Severity Class

Carbon Released (kg C ha~' After 10 years) Fire-Wide Emmissionsb

Necromass Pool

High Severity®

(Tg C Across 202,642 ha,

Moderate Severity® Low Severity® Unburned Very Low Severity? After 10 years)

Foliage
Branch
Bark
Bole
Roots
Total

676

850

405
5450
6040
13421

887 949 1163 0.19
365 307 324 0.08
219 173 168 0.04
2125 2095 2362 0.54
2385 2164 2277 0.58
5982 5683 6294 1.44 (1.31-1.59)°

As determined by remotely sensed BAER severity classification.
Fire-wide emissions calculated by weighting the emissions from each burn class by the area of that burn class over the fire perimeter.
“Upper and lower estimates based on propagated uncertainty in woody decomposition rate constants.
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Figure 4. Temporal patterns of carbon emissions from fire-killed necromass,

(a) partitioned by pool; (b) total, illustrating inflection point around year 5 Due largely to the wide range of pre-
and propagated uncertainty in decomposition rates (shaded band = 95% fire biomass, fractional fire mortality
confidence interval); (c) approximate 50 year half-life; and (d) consequences

A ) . (whether inferred through remote ima-
of recognizing differential aerial and surface (fallen) decay rates.

gery, or direct ground measurement)
was a poor predictor of absolute mortality and subsequent carbon emissions. While both intuitive and
expected, this observation reminds us of the importance of accurately assessing preburn biomass in mapping
and modeling fire effects on carbon dynamics.

4.2. Decay Rates

The wood density decomposition rates reported here fall comfortably within the range reported by other
studies in the Pacific Northwest [Sollins, 1982; Harmon et al.,, 1986; Janisch et al, 2005; Harmon et al,, 2011b;
Dunn and Bailey, 2012], which both validates our assessment and brings into question the need for additional
field studies, at least those using single-exponent decay models fit to mass loss over a single time interval. In
reality, necromass decay over time is expected to exhibit some initial lag (as substrates await decomposer
colonization or fragmentation) and a decreasing proportional loss over time (as mixed substrates are reduced
to their more recalcitrant fractions). By measuring mass loss across a chronosequence of dead wood, Harmon et
al. [2000] demonstrated that dead wood decay can, in fact, exhibit such lags and tails in mass loss over time.
Still, provided necromass pools are appropriately disaggregated (i.e., relatively recalcitrant and labile substrates
assigned their own loss rate constants), single-exponent models like those used in this study fit empirical data
just as well as multiparameter models [Freschet, 2012].

Given the recognized effects of moisture and temperature on decomposition, our inability to detect site
effects on decomposition rate was likely a combination of measurement error (driven largely by our use of
a single-species-specific green tree wood density in assessing mass loss for all wood fragments) and a wide
variation in realized decay environments within the crude climate zones we recognized (Table 1). Given our
samples were so widely distributed across our study area, our mean decomposition rates remain good
estimates for our particular study. However, caution should be taken in applying these or any other
landscape-average decomposition rates to any particular site, as decay rates of common substrates may vary
across forest microenvironments by as much as 10 times, more so even than across large-scale climate
gradients [Vanderhoof, 2013; Bradford et al., 2014].

4.3. Fall Rates

The fall rates of standing necromass by fragmentation and whole-tree fall pertain to carbon emissions only to
the degree that decomposition rates are different between the aerial and surface environments. It is commonly
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O High ~Moderate Low VeryLow not as much as purported for other disturbed forests

(>90%) (50-90%)(10-50%) (<10%)
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where both fall rates and the disparity between aer-
ial and surface decay were determined to be higher
than we observed in the Biscuit Fire [Harmon et al,
Figure 5. Carbon emissions from fire-killed necromass as a 2011b]. Moreover, once combined with the consis-
function of (a) absolute mortality and (b) fire severity tently attenuating emission from fire-killed roots
among 180 inventory plots regularly stratified across the and foliage, the fall-mediated lag in emissions from

Biscuit Fire. Centerline, box, and whiskers, represent median, bole, branch, and bark did not produce a bimodal
25th percentiles, and range up to three-halves end quartiles or “double-humped” emission pattern as it might

(i.e., range excluding outliers), respectively. Fire severity

(fractional tree basal area mortality) was directly determined have [Harmon et al., 2011a].
for each plot (not remotely sensed). Some authors have reported a brief (2 to 3year)
delay between tree mortality and the onset of mea-
surable fall (see review by Cluck and Smith [2005]), suggesting that fall rates sometimes accelerate after pas-
sing some threshold in declining stability (e.g., root or basal decay). Since snag fall in this study is evaluated
using stem attrition measured only at one-time point (10years after death), we cannot resolve any early
changes in fall rate. However, as a general rule, snag attrition measured over decades in prior studies con-
forms well to a first-order decay function as we have done here [Everett, 1999; Cluck and Smith, 2005].
Necromass decay over time is expected to exhibit some initial lag (as substrates await decomposer coloniza-
tion or fragmentation) and a decreasing proportional loss over time (as mixed substrates are reduced to their
more recalcitrant fractions).

4.4. Emission Rates

It is expected that dead wood dynamics operate over longer time scales in the Pacific Northwest than they do
in other forests where environmental conditions or disturbance frequency prevent individual trees from
growing as large. The analysis by Spies and Franklin [1988] suggests it would take >1000 years for woody
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Figure 6. Forest carbon emissions from heterotrophic respiration
(Rp) of necromass killed in the Biscuit fire, compared to the one- . .
time pyrogenic emissions (PE) incurred during the fire and the sphere at any given time.
biological fluxes typical of unburned mature forests of the Klamath
region. Error bars on Ry, are propagated 95% confidence intervals in
decomposition rates. Pyrogenic emissions and uncertainty esti-
mated by Campbell et al. [2007]. Net Primary Production (NPP) trees into the atmosphere is estimated to be
modeled by Turner et al. [2007] and consistent with empirical 0.6Mgha~"yr™', which is only 10% the total
observations of Hudiburg et al. [2009]. Total Rp, which includes both  heterotrophic respiration rates to which these
the heterotrophic fraction of soil surface efflux and dead wood
decay, modeled by Turner et al. [2007] and consistent with
empirical observations of Campbell et al. [2004a, 2004b].

As shown in Figure 6, 10 years after the Biscuit
Fire the annual flux of carbon from fire-killed

forests hypothetically equilibrate once mature
[Turner et al,, 2007; Campbell et al., 2004a] and
only 3% the one-time pyrogenic emissions
released during the fire [Campbell et al., 2007]. Clearly, the capacity of this relatively modest carbon flux to
shape carbon exchange between forest and atmosphere has not to do with its magnitude, but rather its dura-
tion and the fact that other ecosystem carbon fluxes such as net primary production, and potentially soil sur-
face efflux, are greatly reduced in the initial period following wildfire.

Several studies suggest that high-severity wildfire, despite generating substantial additions to the dead wood
pool, actually reduces total heterotrophic respiration by about one half [Meigs et al., 2009; Dore et al., 2012].
This is because wildfire typically consumes the forest floor (the substrate from which up to 30% of total het-
erotrophic respiration arises; Campbell et al. [2004b]) and temporally cuts off the supply of fine root turnover
(a sizable contribution to belowground heterotrophic respiration). It was not the purpose of the paper
to compute postfire NEP which would depend largely on uncertain patterns of forest regrowth and mine-
ralization of soil carbon; however, NPP of regenerating and surviving vegetation need only reach
0.57 Mg ha™'yr~" by the 10 year following fire in order to compensate for the respiration from the remaining
fire-killed necromass. Preliminary measurements (unpublished data) suggest that shrub production alone
10years after the Biscuit Fire has already far exceeded this rate, consistent with other studies showing NPP
over 1.5MgCha ™' by 2 years postfire in dry forests [Irvine et al,, 2007].

4.5. Regional Carbon Disequilibrium

Single, large disturbances like the Biscuit Fire make for valuable examples because they provide a broad
range of conditions over which to stratify measurements. The specificity with which we evaluated mortality,
fall, and decay within the Biscuit Fire was limited only by resources, not by opportunity. But quantifying the
impacts of single events such as the Biscuit Fire also sheds light on the unique importance of rare events in
shaping regional carbon exchange and the need to accurately account for them when either upscaling
terrestrial measurements or downscaling atmospheric measurements.

It is reasonable to postulate, as Odum [1969], that over a sufficiently large landscape, disturbance-induced
disequilibrium in any one location will be balanced in other locations experiencing similar disturbances at
different times, and as long as the region-wide frequency of such disturbances remains constant, this shifting
mosaic will operate with mass neutrality (e.g., NEP). However, within many ecoregions forest fires may not
occur at fine-enough grain and high-enough frequencies for such equilibriums to arise. In fact, the self-
organizing behavior of fire across landscapes dictates that most of the area burned in any given fire regime
is the result of relatively few, very large events [Malamud et al., 1998; Reed and McKelvey, 2002]. This dispro-
portional impact of large infrequent disturbances thwarts landscape equilibriums in two dimensions. First, it
can extend the area required to balance disturbance effects at any given time beyond meaningful ecological
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boundaries. Second, it can extend the time horizon required for any bounded area to achieve equilibrium
beyond the period we expect disturbance regimes to be reasonable stable. This second constraint on
landscape equilibrium is especially relevant considering climate change may now be altering probabilistic
fire regimes faster than the return interval of the most important events [Zinck et al, 2011], rendering the
realized impacts of fire on processes such as carbon emission wildly stochastic in space and time.

As illustrated in Figure 6, the carbon emissions attributed to the decomposition of trees killed in the Biscuit
Fire documented in this study, as well as the pyrogenic emissions released by the Biscuit Fire documented in
Campbell et al. [2007], attest to the importance single-disturbance events can have in regional carbon
dynamics, especially in large biomass systems confined to relatively small ecological boundaries.
Predicting the frequency of these rare events will be increasingly difficult in a changing environment, but
our ability to accurately assess their impacts on regional carbon flux is slowly approaching sufficiency.
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COURTESY OF ERIN SAUNDERS

Researchers captured bats in mist nets over this pond in a severely

burned area of the Apache-Sitgreaves National Forests in Arizona
during their study of how bats respond to forest fires.

he Wallow Fire began with an abandoned

campfire on the Apache-Sitgreaves National

Forests in Arizona’s White Mountains on May
29, 2011. By the time it was controlled 40 days later, it had be-
come the largest wildfire in the state’s history. Flames blazed
across 538,000 acres that range from high-country grasslands
to the giant pine forests favored by bats. And bats, like most
other wildlife, will likely face more and more charred habitat in
the years to come. Thanks to decades of fire suppression and
livestock grazing, plus the stirrings of climate change, wildfires
are becoming bigger and more frequent throughout the Amer-
ican West.

Our field crew, a half-dozen biologists — plus 50 volunteers
from Virginia to California who stepped up to help for a week
— spent an intense and arduous summer within the boundaries
of that immense fire last summer as part of a study into how
bats adapt to a burned-over landscape. We captured bats in mist
nets over ponds, attached tiny radio transmitters to reproductive
females and tracked them back to often-surprising maternity
roosts. We call our research project, a collaboration of Northern
Arizona University and the National Forests, “Bats in the
Burns,” and we hope to expand into other wildfire-burned
forests in the Southwest.

Our preliminary evidence suggests that, not surprisingly,
bats prefer unburned areas for travel, foraging and drinking.

BATS @ WINTER 2013

Roost selection was a different story: bats of some species chose
roosts in completely charred tree trunks, including some sur-
rounded by burned-over forests.

The forests of the White Mountains range from short-
statured pifion pine and juniper woodlands around 5,000 feet
(1,500 meters) elevation to subalpine meadows above 9,000 feet
(2,750 meters). In between are forests of tall ponderosa pine,
quaking aspen, and Douglas-fir trees. During summers, the
White Mountains are green, cool and lush with scattered ponds,
lakes and streams. At least 10 bat species spend their summers
here, roosting in live trees and the dead trees known as snags.
Many of them gather by species into maternity colonies to give
birth and raise pups.

Previous research has found that bats typically use snags of
more than two feet (60 centimeters) in diameter. They roost in
vertical cracks in the snags, but will also wedge themselves under
patches of loose bark that can house anywhere from one bat to
hundreds, depending on the species of bat and the size of the
sheltering bark. More than 900 Arizona myotis (Myotis occultus)
were once counted as they emerged from a single snag.

Wildfires, meanwhile, have been part of forest ecosystems
of the southwestern United States for centuries. Until the mid-
1800s, lightning-caused fires burned through the ponderosa
pine forests every 2 to 20 years. The low flames of those fires
burned grasses and shrubs, but moved too fast to kill large pine
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trees with their thick, fire-resistant bark. That changed when
Euro-Americans arrived. Livestock grazing eliminated much of
the understory vegetation that had maintained low-intensity
fires in the past. Plus, these new settlers considered such fires
destructive and eventually began to extinguish them quickly.

Then, in the early twentieth century following a bumper
seed crop and a wet year, millions of pine seedlings germinated
and, without low-intensity fires to kill many of the tiny
seedlings, tree densities increased from tens to thousands per
acre. And these now-dense forests are facing yet another stressor
in the form of changing climate. The unusually dry summers
and winters that the Southwest is now experiencing have
changed the way fires burn in forests. Tall flames now reach for-
est canopies and incinerate whole trees and snags. The decades
of accumulated needles and forest litter smolder on the ground,
killing old pine trees that would usually survive the fast-moving,
pre-settlement fires. Today’s forest fires can be so hot they create
their own weather and wind patterns: a virtual firestorm. In ad-
dition, humans are now one of the leading causes of fires.

The Wallow Fire scorched or incinerated many existing bat-
friendly snags. Although new snags were created from trees
killed by fire, many were smaller than the size preferred by bats.
So the question becomes: would bats accept or reject these
blackened snags?

To find out, we captured bats at 20 livestock ponds. Not all
the area burned, so we split our efforts among ponds in areas of
high severity (at least 75 percent of surrounding landscape
burned) or low (25 percent or less). Despite some rainy nights,
between mid-June and the end of July, we captured more than
650 bats of 13 species, including the uncommon Allen’s big-
cared bat (dionycteris phyllotis). The long-legged myotis (Myotis
volans) was the most common capture, accounting for 25 per-
cent of the total. Arizona myotis, long-eared myotis (M. evotis),
silver-haired bats (Lasionycteris noctivagans) and big brown bats
(Eptesicus fuscus) rounded out the top five, which represented
83 percent of our captures for the summer.

With long days of driving over rough, rocky and muddy
roads, plus rugged hikes into forested ravines, we tracked our
radiotagged females back to their roosts. We also occasionally
resorted to telemetry flights to locate roosts from the air. In all,
we found 19 roosts, including one snag that was shared by an
Arizona myotis and a long-legged myotis colony, each of which
used a different part of the snag.

More than half the roosts (58 percent) were large ponderosa
pine snags, while 21 percent were Douglas-fir, 16 percent quak-
ing aspen and 5 percent white fir. The pine snags averaged 24
inches (62 centimeters) in diameter and the Douglas-fir snags
were 17 inches (43 centimeters). The average height of the roost
snags was 80 feet (24 meters).

Most of the bats roosted in unburned snags, and bats were
mostly captured while foraging and drinking at ponds in habitat
relatively untouched by fire. The Arizona myotis and long-
legged myotis roosted in unburned snags surrounded by un-
burned forest. However, four individuals of three species
(long-eared myotis, fringed myotis [M. thysanodes] and Allen’s
big-eared bat) used snags that were completely charred — picture
a huge, black toothpick. And big brown bats, long-eared myotis,
fringed myotis and the single Allen’s big-eared bat roosted in
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the midst of burned-out forest. What causes these species to
choose burned or unburned areas for roosting? Perhaps thermal
properties of roosts at these high elevations are important. We
hope to find out more next summer, when we will be back in
the White Mountains to hunt down still more roosts.

This project has been full of surprises, not the least of which
is that so many people are willing to volunteer to work at night
in remote and challenging terrain. And we were amazed at how
bats choose and use roosts in this wildfire-burned area. We were
astonished when 70 bats emerged from a completely charred
pine snag. We found species segregating the use of snags based
on the severity of fire damage in the surrounding landscape.
That bats can bear and raise pups at elevations above 8,000 feet
(2,400 meters) in such cold temperatures shows how unique
and tough these little animals can be.

We will continue our investigation next summer to expand
our initial results into how bats are using the Wallow Fire zone.
And we hope in the future to explore the remnants of large fires
in Arizona and New Mexico. Given the certainty of climate
change, it is imperative that we learn how this complex assem-
blage of bats in the Southwest responds to this transformed
habitat.

CAROL CHAMBERS is a Professor of Wildlife Ecology and ERIN
SAUNDERS is a Master of Science Candidate in the School of
Forestry at Northern Arizona University in Flagstaff.
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Field Assistant Steven Granroth removes a bat from a mist net in
a burned forest in Arizona.

WINTER 2013 @ BATS
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Home Ignitability in the Wildland-Urban Interface

Wildland-urban interface (W-UI) fires
are a significant concern for federal,
state, and local land management and
fire agencies. Research using
modeling, experiments, and W-UI
case studies indicates that home
ignitability during wildland fires
depends on the characteristics of the
home and its immediate surroundings.
These findings have implications for
hazard assessment and risk mapping,
effective mitigations, and iden-
tification of appropriate responsibility
for reducing the potential far home
lass caused by W-UI fires,

By Jack D. Cohen

nce largely considered a Cali-
fornia problem, residential fire
losses associated with wildland
fires gained national attention
in 1985 when 1,400 homes
were destroyed nationwide (Laughlin
and Page 1987). The wildland fire
threat to homes is increasing and is
commonly referred to as the wildland—
urban interface (W-UI) fire problem.
Since 1990, W-UI fires have threatened
and destroyed homes in Alaska,
Arizona, California, Colorado, Florida,
Michigan, New Mexico, New York,
and Washington. Extensive or severe
fires in Yellowstone in 1988, Oakland
in 1991, and Florida in 1998 attracted
much media coverage and focused
national attention on wildland fire
threats to people and property
Federal, state, and local land man-
agement and fire agencies must directly
and indirectly protect homes from
wildfire within and adjacent to
wildlands. Davis (1990) indicated that
since the mid-1940s, a major population
increase has occurred in or adjacent to
forests and woodland areas. Increasing
residential presence near fire-prone
wildlands has prompted agencies to
take actions to reduce W-UI fire losses.

When an apparently all-encompass-
ing, seemingly unstoppable W-UI fire
occurs, the rapid involvement of many
homes over a wide area produces a sur-
real impression; some homes survive
amid the complete destruction of sur-
rounding residences. After the 1993
Laguna Hills fire, some termed this
seemingly inexplicable juxtaposition a
“miracle.” Miracles aside, the charac-
teristics of the surviving home and its
immediate surroundings greatly influ-
enced its survival.

Wildland fire and home ignition re-
search indicates that a home’s exterior
and site characteristics significantly in-
fluence its ignitability and thus its
chances for survival. Considering home
and site characteristics when designing,
building, siting, and maintaining a
home can reduce W-UI fire losses.

W-UI Fire Loss Characteristics
W-UI residential fire losses differ
from typical residential fire losses.
Whereas residential fires usually
involve one structure with a partial loss,
W-UI fires can result in hundreds of
totally destroyed homes. Particularly
during severe W-UI fires, numerous
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Figure 1. The structure survival process
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Figure 2.The incident radiant heat flux is shown as a function of a wall’s distance

homes can ignite in a very short time. The
usual result is that a home either survives
or is totally destroyed; only a few
structures incur partial damage (Foote
1994).

The W-UI Fire commonly originates in
wildland fuels. During dry, windy
conditions in areas with continuous fine
fuels, a wildland fire can spread rapidly,
outpacing the initial attack of firefighters.
If residences arc nearby, a wildland fire
can expose numerous homes to flames
and lofted burning embers, or firebrands.

A rapidly spreading wildland fire
coupled with highly ignitable homes can
cause many homes to burn simul-
taneously. This multistructure
involvement can  overwhelm fire
protection Capabilities and, in effect,
result in unprotected residences. Severe
W-UI fires can destroy whole
neighborhoods in a few hours—much
faster than the response time and
suppression capabilities of even the
best—equipped and staffed firefighting
agencies. For example, 479 homes were
destroyed during the 1990 Painted Cave
fire in Santa Barbara, most of them within
two hours of the initial fire report. The
1993 Laguna Hills fire in southern
California ignited and burned nearly all of
the 366 homes destroyed in less than five
hours.

Whether a home survives depends
initially on whether it ignites; if ignitions
with continued burning occur, survival
then depends on effective fire
suppression. Figure 1 shows that home
survival begins with attention to the
factors that influence ignition. These
factors determine home ignitability and
include the structure’s exterior materials
and design combined with its exposure to
flames and firebrands. The lower the
home ignitability the lower the chance of
incurring an effective ignition.

Ignition: A local Process

Ignition and spread of fire, whether on
structures or in wildland vegetation, is a
combustion process. Fire spreads as a
continuing ignition process whether from
the propagation of flames or from the spot
ignitions of firebrands. Unlike a flash
flood or an avalanche, in which a mass

from a flame 20 meters high by 50 meters wide, uniform, constant, 1,200 K, black- engulfs objects in its path, fire spreads

body. The minimum time required for a piloted wood ignition is shown given the

corresponding heat flux at that distance.

because the requirements for
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combustion are satisfied at locations
along the path. The basic requirements
for combustion—the fire triangle—are
fuel, heat, and oxygen. An
insufficiency of any one of the three
components, which can occur over a
relatively short distance, will prevent a
specific location from burning. “Green
islands” that remain after the passage
of a severe, stand-replacement fire
demonstrate this phenomenon.
Commonly one can find a green,
living tree canopy very close to a
completely consumed canopy.

The requirements for combustion
equally apply to the W-UI fire situa-
tion. In the wildland fire context, fire
managers commonly refer to vegeta-
tion as fuel. However, for the specific
context of W-UI residential fire losses,
a house becomes the fuel. Heat is sup-
plied by the flames of adjacent
burning materials that could include
firewood piles, dead and live
vegetation, and neighboring structures.
Firebrands from upwind fires also
supply heat when they collect on a

house and adjacent flammable
materials. The atmosphere amply
supplies  the  third  necessary

component, oxygen.

A wildland fire cannot spread to
homes unless the homes and their ad-
jacent surroundings meet those com-
bustion requirements. The home ig-
nitability determines whether these re-
quirements are met, regardless of how
intensely or fast—spreading distant
fires are burning. To use an extreme
example, a concrete bunker would not
ignite during any wildland fire
situation. At the other extreme, some
highly ignitable homes have ignited
without flames having spread to them.
These homes directly ignited from
firebrands.

Firebrands are a significant ignition
source during W-UI fires, particularly
when flammable roofs are involved.
Foote (1994) found a significant
difference in home survival solely
based on roof flammability. Homes
with nonflammable roofs had a 70
percent survival rate compared with
19 percent for homes with flammable
roofs. Davis (1990) reported similar
results related to roof flammability.

Reducing W-UI fire losses in the

context of home ignitability involves
mitigating the fuel and heat compo-
nents sufficiently to prevent ignitions.

However, the question of sufficiency
(or efficiency) remains: How much, or
perhaps more appropriately, how little
fuel and heat reduction must be done
to effectively reduce home ignitions?
To answer this question, we must first
quantify the heat source in terms of
the fuel’s ignition requirements;
specifically, how close can flames be
to a home’s wood exterior before an
ignition occurs?

Research Insights

Diverse research approaches are
providing clues for assessing the fuel
and heat requirements for residential
ignitions. Structure ignition modeling,
fire experiments, and W-UI fire case
studies indicate that the fuel and heat
required for home ignitions only
involve the structure and its immediate
surroundings—the home ignitability
context.

Modeling. The Structure Ignition
Assessment Model (SIAM) (Cohen
1995) is currently being developed to
asses the potential for structure
ignitions from flame exposure and
firebrands during W-UI fires. One
function of SIAM is to calculate the
total heat transferred, both radiation
and convection, to a structure for
varying flame sizes and from varying
distances. From the calculated heat
transfer, SIAM calculates the amount
of heat over time that common

Piloted ignition When wood is
sufficiently heated, it decomposes
to release combustible volatiles. At
a sufficient volatile—air mixture, a
small flame or hot spark can ignite
it to produce flaming; thus, a
piloted ignition.

exterior wood products can sustain be-
fore the occurrence of a piloted
ignition (Tran et al. 1992).

Based on severe-case assumptions
of flame radiation and exposure time,
SIAM calculations indicate that wild-
land flame fronts comparable to
crowning and torching trees (flames
20 meters high and 50 meters wide)
will not ignite wood surfaces at
distances greater than 40 meters
(Cohen and Butler, in press). Figure 2
shows the radiant heat a wall would

receive from flames depending on its
distance from the fire. The incident
radiant heat flux, defined as the rate of
radiant energy per unit area received at
an exposed surface, decreases as the
distance increases.

Figure 2 also shows that the time
required for ignition depends on the
distance to a flame of a given size. At
40 meters the radiant heat transfer is
less than 20 kilowatts per square meter

1 kW/m?
10.4 KW/m?

Haximum for indefinite skin exposure.
Pain after three seconds of skin
exposure,

16.0 kWfm?  Second-degree burn after five seconds

of skin expasure.

Source: Drysdale 1985.

(kW/m?), which translates to a mini-
mum piloted ignition time of more
than 10 minutes.

Ten minutes, however, is signifi-
cantly longer than the burning time of
wildland flame fronts at a location.
Large flames of wildland fires
typically depend on fine dead and live
vegetation, which limits the intense
burning duration at a specific location
to less than a few minutes. Recent
crown fire  experiments  have
demonstrated a  location-specific
burning duration of 50 to 70 seconds.

Experiments. Field studies con-
ducted during the International Crown
Fire Modelling Experiment
(Alexander et al. 1998) provide data
for comparisons with SIAM model
estimates.  Total  heat  transfer
(radiation and convection) and ignition
data were obtained from heat flux
sensors placed in wooden wall
sections.

The instrumented walls were lo-
cated on flat, cleared terrain at 10, 20,
and 30 meters downwind from the
edge of the forested plots. The wall
section at 10 meters was 2.44 meters
wide and 2.44 meters high with a 1.22-
meter eave and roof section (fig. 3a).
Exterior plywood (T-1-11) covered the
wall with oriented-strand board
covering the roof section and the eave
soffit. Trim boards were solid wood
with wood fiber composition board on
the cave fascia. None of the materials
were treated with fire retardant.
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(a) 10-meter wood wall section before the crown fire.

Figure 3. International Crown Fire Modeliing Experiment.

(b) Experimental crown fire.

The forest was variably composed of an
overstory of jack pine (Pinus banksiana)
about 14 meters high with an understory of
black spruce (Picea mariana). The
spreading crown fire produced flames
approximately 20 meters high. Figures 3b
and 3c show examples of the experimental
crown fire.

Five burns were conducted where wall
sections were exposed to a spreading
crown fire. As the crown fires reached the
downwind edge of the plot, turbulent
flames extended into the clearing beyond
the forest edge. In two of the five burns,
flames extended beyond 10 meters to
make contact with the 10-meter wall
section. When flame contact occurred, the
10-meter walls ignited; however, without
flame contact, only scorch occurred, as
shown in figure 3d. The wooden panels at
20 meters experienced light scorch when
flames extended beyond 10 meters from
the experimental plot, and no scorch from
the other burns. The 30-meter wall section
had no scorch from any of the crown fires.

Figure 4 displays the average total in-
cident heat flux (radiation and convection
combined) corresponding to the wall at 10
meters (fig. 3d) and the crown fire shown
in figures 3b and 3c. The average total
incident heat flux is calculated from two

sensors placed 1 meter apart in the wall.
The amount of heat received by the wall
increased as the flame front approached
and decreased as the fine vegetation was
consumed. The initial heat flux “spike”
was caused by a nonuniform crowning
flame front.

The flux-time integral shown in
figure 4 indicates whether sufficient
heating has occurred to pilot-ignite wood
(Tran et al. 992). SIAM uses the flux-
time integral for calculating ignition
potential, a correlation of the incident
heat flux and the time required for pi-
loted wood ignition.

The flux-time correlation identifies
two principal ignition criteria: (1) A
minimum heat flux of 13 kW/m’ must
occur before a piloted ignition can occur
for any exposure time, and (2) piloted
ignition depends on attaining a critical
heating dosage level (heat transfer and
its duration). These criteria are graphed
in figure 4. The flux-time integral only
increases for incident heat fluxes greater
than the minimum of 13 kW/m?, and the
flux-time integral threshold value of
11,500 is shown as the ignition thresh-
old. As seen in the figure, the flux-time
integral does not reach the ignition
threshold, indicating an exposure insuf-

ficient for ignition and corresponding
to no actual occurrence of a wall
ignition. Therefore, a home at some
distance from a large flame front, such
as a crown fire, may not receive
sufficient energy to meet the minimu